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a b s t r a c t

We show how we used stable nitrogen and oxygen isotopes in ammonium and nitrate to identify and
quantify nitrogen transformation and nitrogen sources at the LKAB mining site in northern Sweden.
Stable nitrogen isotope analysis worked as an excellent tool for tracing nitrogen cycling in rapidly moving
process waters. The isotope analysis was performed on the mining process waters at seven different key
points along the water flow and we identified nitrification, ammonia volatilisation, and ammonium
adsorption as nitrogen transformation processes. The source of nitrogen is historically explained as
undetonated ammonium-nitrate based explosives. We used nitrate nitrogen and oxygen isotopes to
quantify four nitrogen sources in the accumulated water in the mine as well as three sources in an above
ground process water reservoir. The nitrate isotope data showed that most of the nitrate (70e80%) in the
accumulated water underground originated from a sampling point located close to the surface and only a
minor fraction (5e20%) originated directly from undetonated explosives (direct dissolution of NH4NO3

and nitrification of NH4). Nitrate from natural groundwater formed roughly 12% of mine water nitrate. In
the above ground process water reservoir isotope data indicated another source of nitrogen coming from
undetonated explosives.

© 2017 Elsevier Ltd. All rights reserved.

1. Introduction

High nitrogen discharges from mine sites have been known for
over a decade and has been the subject of several studies (Mattila
et al., 2007, Morin and Hutt, 2009; Chlot et al., 2013, Herbert
et al., 2014). The immediate environmental effects have been
studied in detail, for instance by Chlot et al. (2013), who showed
that nitrogen rich mining effluents caused eutrophication in
receiving waters. The source of nitrogen in mine waters has been
reported to be the ammonium nitrate based explosives used in
blasting operations. Ammonium nitrate is easily dissolved in infil-
trating groundwater and the major source is reported to be from
undetonated explosives (VTT, 2015). Although the molar ammo-
nium:nitrate ratio in the explosives is close to 1:1, the ammo-
nium:nitrate ratio in mine process waters is usually considerably
lower due to processes such as nitrification, ammonia volatiliza-
tion, and ammonium adsorption. The biogeochemical nitrogen

transforming processes that occur at mine sites are complex and
poorly known, although the basic processes are in principle similar
to those occurring in natural systems (Robertson and Groffman,
2007).

Isotope analysis has been used previously to trace nitrogen
cycling processes (Kendall, 1998), and Aravena et al. (1993) used
stable isotopes of nitrogen and oxygen in nitrate to identify nitro-
gen originating from septic systems in groundwater. Stable isotope
data has also been used in systems receiving mining affected wa-
ters. For example, Chlot et al. (2015) used stable nitrogen isotopes
to trace assimilation of nitrogen compounds in macrophytes, and
Widerlund et al. (2014) used stable carbon and nitrogen isotopes to
reconstruct historical changes in organic matter accumulation in
lakes receiving nutrient-rich mine waters. Although isotope anal-
ysis is a tool for tracing and identifying nitrogen sources and
transformation processes, the focus has seldom been onminewater
e process water systems. The main idea behind nitrogen isotope
analysis is that processes affecting nitrogen concentrations change
the isotopic composition of the residual nitrogen.

The hypothesis of this study is that stable isotope data can be* Corresponding author.
E-mail address: Lino.Nilsson@LTU.se (L. Nilsson).

Contents lists available at ScienceDirect

Applied Geochemistry

journal homepage: www.elsevier .com/locate/apgeochem

http://dx.doi.org/10.1016/j.apgeochem.2017.05.025
0883-2927/© 2017 Elsevier Ltd. All rights reserved.

Applied Geochemistry 84 (2017) 41e51



used to trace biogeochemical transformations and various sources
of nitrogen in mine waters also within mines and associated pro-
cessing plants. The study was carried out as a pilot-study at the
Kiruna iron mine in northern Sweden, with the objective to
investigate if stable nitrogen and oxygen isotope data can be used
to identify biogeochemical nitrogen transforming reactions and
various nitrogen sources, both in the mine as well as in the pro-
cessing plants. Water samples were collected in the Kiruna mine
and the associated processing plants for determination of ammo-
nium, nitrate and dissolved oxygen concentrations, nitrogen
isotope composition of ammonium and nitrate, oxygen isotope
composition of water and nitrate, as well as the tritium activity in
the mine water.

2. Study site

2.1. The Kiruna mine

The LKAB (Luossavaara Kiirunavaara AB) mine in Kiruna is
located in the sub-arctic northern part of Sweden (lat. 67� 50.9’;
long. 20� 11.7’, Fig. 1) with an annual average temperature of �2 �C
(SMHI, 2016). The landscape is dominated by mountains, Kir-
unavaara being the highest mountain in the local area (733 m a.s.l).
The vegetation in the catchment area is dominated by peatland and
deciduous forest (Fig. 1).

The LKAB Kiruna mine is the largest underground iron mine in
the world, with an annual ore production of 25.3 million tons
(LKAB, 2017). The ore is mined using sublevel caving, where the
crushed ore and waste rock is hoisted to the surface. Ammonium-
nitrate-based explosives with an NH4:NO3 ratio of ~1:1 used in
blasting operations are themajor source of nitrogen at themine site
(Chlot et al., 2013). The explosive used is an emulsion type explo-
sive with 60e70% ammonium-nitrate addition as oxidiser
(Klippmark, 2015). Approximately 20e30 tonnes of explosives are
used each day at the Kiruna mine.

The mined ore is transported from the underground mine to the
processing plants located on the surface. Water accumulated in the
mine is transported via a pumping system up to the processing
plants and then discharged to a tailings pond and a clarification

pond (Fig. 1). The water is close to fully oxygenated (91e107%
saturation) and the pH is weakly alkaline (pH 8e8.5).

2.2. Nitrogen input and pathways

With the sublevel caving method used in the mine, boreholes
are loaded with explosives months before the charges are deto-
nated. During this time some of the explosives can dissolve in
infiltrating groundwater, and subsequently enter the mine and
process water flow in the form of dissolved ammonium and nitrate.
In addition, ammonium and nitrate are most likely also leached
from waste rock stored on the surface (Fig. 2). This nitrogen is
transported to the surface either as adsorbed ammonium on waste
rock surfaces or as adsorbed ammonium-nitrate. At detonations
mostly nitrous oxides gases are produced, but only NO2(g) is sol-
uble in water. Forsberg and Åkerlund (1999) estimated the total
addition of nitrogen from successful detonations to around
0.3 mg l�1.

The Geological Survey of Sweden hasmeasured nitrogen species
in groundwater in northern Sweden since the mid-1970s. The
closest sampling point is located roughly 40 km south-east of Kir-
una and shows values between 1.5 and 2.1 mg l�1 NO3-N (n ¼ 74).
Another sampling station located 78.5 km north west of Kiruna in
the Abisko National Park has an average nitrate concentration of
1.51 mg/l (n ¼ 300). It's reasonable to believe that the natural
groundwater NO3-N average concentration at Kiruna is around
1.5e2 mg l�1.

The concentrations of ammonium and nitrate change with the
flow of process water from the mine, through the mineral pro-
cessing plants and into the tailings and clarification pond system
(Fig. 2). However, the nitrogen transforming processes in the
mineepond system are poorly known. Processes such as ammonia
volatilization, nitrification, and denitrification are likely to occur,
the latter in anoxic pond sediments. It is also likely that nitrogen
(mainly as dissolved nitrate) is leaching into the mine from waste
rock piles (Fig. 2). All these processes will affect the isotopic
composition of the nitrogen in the water.

Fig. 1. Location of the Kiruna mine in northern Sweden. Hatched green is peat land, and solid green is dominated by deciduous forest. (For interpretation of the references to colour
in this figure legend, the reader is referred to the web version of this article.)
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3. Methods

3.1. Sample collection and preparation

Water samples were collected in June and October 2012 from
different sampling points located at key points along thewater flow
from the mine, through the processing plants, and into the pond
system. Below follows a brief explanation of the seven sampling
points used in this study (location, water type, and sampling
strategy) (Fig. 2). All water samples were analysed for ammonium,
nitrate, dissolved oxygen and stable isotopes in ammonium (d15N),
nitrate (d15N and d18O), and water (d18O). At KVA33 and KEP21 in
the mine, tritium (3H) was also determined.

3.1.1. KEP21
This sampling point is located approximately 240 m below the

top of the Kirunavaaramountain, which is equivalent to about 60m
below the ground surface. It is located below awaste rock pile, thus
indicating if nitrate or ammonium is leaching from the waste rock
into the mine. This point also represents water that is unaffected by
direct dissolution of undetonated explosives.

3.1.2. KVA33
KVA33 represents water collected at a pumping station where

all the groundwater in the mine is pumped to the surface. This
water is pumped to KVA86, a high elevation reservoir from which
the water enters the mineral processing plants. It is important to
note that all water in the mine is essentially groundwater that is
pumped up via this station.

3.1.3. KVA86
This is the high elevation reservoir where water is briefly stored

before it enters the mineral processing plants. This water is a mix
between the mine water pumped directly to this reservoir, and
recycled water from KVA159, which is water from the clarification
pond. The water at KVA86 is dominated by water from KVA159,
which represents 86% of the total water volume at KVA86 (Fig. 2)
(Sweco, 2010).

3.1.4. KVA160
KVA160 is located in one of the processing plants. KVA160 re-

ceives water from the high elevation reservoir KVA86 and dis-
charges water to the tailings pond.

3.1.5. KVA88
The water in KVA88 is the discharge water from the mineral

processing plants. The water at KVA88 can be described as slurry,
with suspended solids in the range 20e30 g/l (data from LKAB).

3.1.6. KVA159
This sampling point is located at the clarification pond, and

represents water that is recycled back into the mineral processing
plants. This water is pumped back to KVA86, which is the high
elevation reservoir.

3.1.7. KVA01
This point is located downstream of the dam system, and rep-

resents water that is discharged to the receiving waters (Rakkur-
ijoki and the Kalix River).

The nitrate and the ammonium isotope analysis samples were

Fig. 2. Simplified illustration of the water transport at the Kiruna mine and the seven sampling points used in this study.

L. Nilsson, A. Widerlund / Applied Geochemistry 84 (2017) 41e51 43



filtered through 0.45 mm filters within 30 min of collection to
remove suspended matter in the sample. The ammonium sample
was also acidified to pH 4e5 with 0.1 M H2SO4 to minimize
ammonia volatilization. For determination of d18O and tritium (3H),
unfiltered samples were collected. All isotope samples were frozen
immediately after collection, and filtering/acidification, and ship-
ped frozen to University of WaterlooeEnvironmental Isotope Lab-
oratory in Canada for analysis.

3.2. Analytical methods

Dissolved oxygen was measured directly in the field using a
VWR DO200 instrument. The inorganic nitrogen species were
determined at the LKAB accredited laboratory in Kiruna. Nitrate
was determined using ion-chromatography and ammonium by the
idophenol method (precision ±15%).

For determination of d15NeNO3, nitrate was extracted using
anion exchange columns of Bio Rad AG 1eX8 100e200 mesh resin,
eluted with HCl and converted to silver nitrate by addition of silver
oxide (method modified from Silva et al., 2000). For determination
of d15NeNH4, NH4

þ was converted to NH3 in a sealed serum vial by
adjusting pH, and the NH3 formed was trapped on an acidified
quartz glass filter disc (Brooks et al., 1989). Both d15NeNO3 and
d15NeNH4 were determined on a Carlo Erba 1500 EAeThermo In-
struments DeltapluseIRMS instrument, with analytical precisions
of ±0.5‰ and ±0.2‰ for d15NeNO3 and d15NeNH4, respectively.
d18OeNO3 was determined on a VG PRISM instrument using the
PRISM CO2 Breakseal methodmodified from Chang et al. (1999) and
Silva et al. (2000) (precision ±0.5‰).

Tritium was determined using electrolysis followed by liquid
scintillation counting (Taylor, 1977). The isotopic composition of
oxygen (d18O) was determined using the continuous flow, isotope
ratio mass spectrometry method (Epstein and Maveda, 1953;
Drimmie and Heemskerk, 2001). For tritium, the precision was
0.5 TU (Tritium Units), and for d18O ±0.2‰.

3.3. Isotope calculations

In this study the isotope signals for nitrogen in nitrate and
ammonium, oxygen in nitrate and process water as well as tritium
in water were used. Tritium was used to estimate the age of the
water in the mine using the radioactive properties of Tritium (half-
life of 12.4 years). Sampling of tritium in rainwater is conducted by
the IAEA (International Atomic Energy Agency) project GNIP
(Global Network of Isotopes in Precipitation). The concentration of
tritium is expressed as Tritium Units (TU), with 1 TU being equiv-
alent to 1 tritium atom per 1018 hydrogen atoms.

Ammonium equilibrium with ammonia can cause some
ammonium to leave the system in the form of ammonia gas. This
ammonia volatilization is often recognized by the distinct smell of
ammonia and is known to occur at the Kiruna site due to ammonia
smell within the ore processing plants. Ammonia volatilization
increases the d15N value in the residual ammonium, which is
caused by the preferential transfer of the lighter 14N isotope to the
gaseous phase (Kendall, 1998). It is important to note that ammonia
volatilization and nitrification, which both increase the d15N value
of the residual ammonium nitrogen isotope, can be separated by
looking at the d18O signal in nitrate.

Ammonium has a tendency to adsorb to suspended particles, a
process which can be detected using N isotope data as the heavier
15N isotope tends to be preferentially adsorbed which decreases the
residual ammonium d15N signal (Kendall, 1998).

The general quoted isotopic composition of nitrate formed from
nitrification is that during the intermediate nitrite formation, one
oxygen atom is donated from O2 and one is donated from H2O, and

during the following oxidization of nitrite to nitrate only oxygen
from H2O is donated. The end result is that two oxygen atoms are
donated from H2O and one form O2 (Aravena et al., 1993, Kendall,
1998; Sigman et al., 2005).

Recent studies have shown that the oxygen isotope signal from
nitrification does not follow the standard formulation for nitrifi-
cation, which is presumably due to exchange of H2O during oxi-
dization of hydroxylamine or reaction with HNO2 (Andersson et al.,
1982). Casciotti et al. (2002) further demonstrated this theory
during a culture experiment, which showed that only 1/6 (on
average) of the oxygen atoms originate from O2 and the rest from
H2O (Sigman et al., 2005).

In most cases there are multiple isotope sources and fraction-
ation processes that control the isotope signal of a sample. For
instance, nitrification has a unique effect on the isotope signals of
both dissolved ammonium and nitrate. Philips and Gregg (2001)
showed a simple technique for handling multiple isotope signals
that derives from the conservation of isotopemass, and the fact that
the isotope signal in a sample is a linear combination of the signals
originating in two or more sources. Philips and Gregg (2003)
showed a number of different cases and identified six different
solutions/situations for multiple isotope signal problems. The so-
lutions are based in the linearity of isotope mixing and on their
relative contribution to the isotope signal. Equation (1) shows the
calculation for n isotope signals in a sample of nitrate

n
d15N; d18O

o
sample

¼ c1
n
d15N; d18O

o
s1

þ c2
n
d15N; d18O

o
s2

þ…cn
n
d15N; d18O

o
sn

(1)

where cx is the normalised contribution to the total nitrate con-
centration. Equation (1) utilises the stable nitrogen and oxygen
isotopes of nitrate, and the equation has to be satisfied for both.
Because of the linearity of Equation (1) it's possible to reach a
constrained solution even without knowing the isotope composi-
tion of signal n, given that the contribution (cn) is known.

3.3.1. Tritium
The activity of tritium (half-life of 12.4 years, Kazemi et al.,

2006) in groundwater can be calculated using the formula for
radioactive decay according to:

CðtÞ ¼ C0e
�lt (2)

where C(t) is the groundwater activity at time t, l is the decay
constant (0.06 year�1) and C0 is the tritium activity in precipitation
infiltrating to form groundwater.

3.3.2. Isotopic enrichment
The change in the residual isotope signal via processes that

prefer one of the isotopes can be calculated using the following
linear equation (using nitrogen as an example)

d15Nt ¼ d15N0 þ ε lnf (3)

f ¼ ct
c0

(4)

This is the Lord Rayleigh equation (Kendall, 1998) that describes
how the residual isotope composition (d15Nt) changes linearly with
the natural logarithm of how far the reaction has proceeded (f). The
slope of the function (Equation (3)) is the isotopic enrichment
factor (ε). A number of studies have been conducted to determine
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enrichment factors for different nitrogen transforming processes.
For nitrification ε is generally quoted to be around 15e25‰ (Dinçer
and Kargi, 2000; Sigman et al., 2005), and for ammonia volatiliza-
tion values > 20‰ have been suggested (Kreitler, 1979; Kendall,
1998). Adsorption of ammonium depends on a number of chem-
icalephysical parameters such as pH, particle size and surface
charge. Work by Delwiche and Stein (1970) indicated that NH4

þ

adsorption on clays favoured retention of the heavier 15N isotope,
with fractionations usually in the range 1e8‰. Using Equations (3)
and (4) the nitrate nitrogen isotope signal resulting from nitrifica-
tion can be calculated, given that the ammonium nitrogen isotope
signal is known at t¼0.

4. Results and discussion

4.1. Groundwater

Based on the tritium samples collected in themine at KEP21 and
KVA33 (Fig. 2), the time required for precipitation to infiltrate into
the mine can be estimated. This technique has been used to study
groundwater mixing dynamics also in other mines (Douglas et al.,
2000). Tritium data in precipitation for the period 1990 to 1995 is
known from IAEAs GNIP program (IAEA/WMO, 2016), in which
tritium in precipitation was sampled at Naimakka, located 70 km
north-east of Kiruna (Fig. 3).

The variation in the precipitation-tritium data is large
(average ± 1s¼ 18.15 ± 6.29 TU, Fig. 3). Using the radioactive decay
formula (Equation (2)), the age of the groundwater in the mine can
be estimated (Table 1).

Despite the fact that KVA33 receives water from the deep parts
of the mine (maximum depth at time of sampling: 1045 m), this
water is younger (~7 years) than that collected at KEP21 closer to
the surface (~13 years) (Table 1). This indicates a rapid transport in
certain parts of the mine, probably at the fractured hanging wall
created by the sublevel caving mining method, compared to the
solid foot wall where KEP21 is located beneath the waste rock piles
(Fig. 2).

Thewater in KVA33 is younger than the sample time interval for
precipitation shown in Fig. 3. Unfortunately, Sweden has not been
active in the GNIP program since 1995 and no more recent tritium
data are available. The average tritium value (18.15 TU) for the in-
terval was used to calculate the age of the water in KVA33 and
KEP21 reported in Table 1.

4.2. Nitrogen concentration data

The groundwater data collected by the Geological Survey of
Sweden (SGU, 2016) at Svappavaara (located approximately 40 km
south-east of Kiruna) are shown in Fig. 4. The nitrate concentration
in the ground water is relatively high, averaging 1.5e2 mg/l NO3-N
since 1975. Groundwater has been sampled in the County of
Norrbotten during the last decades, and shows a general trend of
higher nitrate concentrations at the more northerly sampling sta-
tions. A groundwater concentration in the range 1.5e2 mg/l NO3-N
is used in this study for the Kiruna area.

The concentrations of ammonium and nitrate at the Kiruna
mine are shown in Fig. 5, with sampling points ordered in thewater
flow direction from the mine to the pond system (Fig. 2). The
ammonium concentration is very low in the sampling point located
beneath the waste rock piles (KEP21, left sampling point e Fig. 5a)
with values at or slightly above the detection limit (0.015mg/l NH4-
N). The ammonium concentration shows a maximum in the un-
derground pumping station (KVA33, 2.13e4.2 mg/l -N), which re-
ceives all collected groundwater in the mine before it’s pumped to
the surface. The maximum most likely depends on the water
receiving ammonium from undetonated explosives, which has not
yet been oxidised to nitrate. The ammonium concentration declines
as the water flows from the pumping station (KVA33) towards the
pond system (KVA159 and KVA01), where it reaches concentrations
around the detection limit (0.015 mg/l NH4-N).

The nitrate concentration is always relatively high within the
mine system, with considerable variations within the range
16e34 mg/l NO3-N (Fig. 5b). The nitrate concentration is relatively
high (22e26 mg/l) in the sampling point located below the waste
rock piles (KEP21) which is expected, as the nitrogen leached from
the waste rock has had a very long time to oxidise (~13 years,
Table 1) as it infiltrates into the mine. The underground pumping

Fig. 3. Tritium concentration (TU) in precipitation collected at Station Naimakka in northern Sweden for the period 1990e1995. Sampled values in KVA33 and KEP21 are marked
with green diamond and red square, respectively. The calculated radioactive decay of tritium is shownwith green/red dashed lines. (For interpretation of the references to colour in
this figure legend, the reader is referred to the web version of this article.)

Table 1
Calculated average age (bold) of mine water from the two sampling points KEP21
and KVA33 in the Kiruna mine.

Sampling time 3H concentration (TU) Age (years)
{-1s, avr., þ1s }

KEP21 June 6.6 {7.6, 12.8, 16.4}
October 6.4 {8.0, 13.2, 16.8}

KVA33 June 10.8 {1.5, 6.7, 10.3}
October 10.4 {1.9, 7.1, 10.7}
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station (KVA33) shows a local minimum in nitrate concentration at
16e18 mg/l NO3-N. The water in KVA33 is mostly natural
groundwater which has a low nitrate concentration (1.5e2 mg/l)
compared to the actual concentration in KVA33. The concentration
increases sharply from KVA33 to 28e32 mg/l NO3eN at the high
elevation reservoir (KVA86) for both the October and June sam-
pling. The concentration increase is rather puzzling as the water in
KVA86 should be a mix of recirculated water from the clarification
pond (KVA159) and from KVA33, with a weighted average of 87%
recirculated water. A strictly chemical mix of two waters with
concentrations of around 18 mg/l NO3-N is impossible, even when
considering nitrification of ammonium in both sampling points.
This indicates the presence of another nitrogen source adding ni-
trogen to the high elevation reservoir, probably in combination
with nitrification (see Section 4.3).

Similar to ammonium, also the nitrate concentration decreases
along the water flow and reaches 16e18 mg/l NO3-N in the clari-
fication pond, most likely due to dilution. A small amount of nitrate
could also be denitrified in the clarification pond as indicated by the
slight increase in the nitrate nitrogen isotope signal (Table 3).

However, d18O values for nitrate do not increase (Table 3), which
does not support the presence of denitrification. This aspect will be
evaluated using the isotope data later.

As both nitrification and denitrification depend on oxygen
concentration the oxygen saturation was measured in all the

Fig. 4. Nitrate, ammonium and nitrite concentration in groundwater sampled at Svappavaara. Nitrate and ammonium/nitrite concentrations are plotted on the left and right axis,
respectively.

Fig. 5. Dissolved ammonium (A) and nitrate (B) concentrations along the water flow path in the Kiruna mine. The grey circles represents June sampling and the red squares
represents October sampling. (For interpretation of the references to colour in this figure legend, the reader is referred to the web version of this article.)

Table 2
Dissolved oxygen (DO) saturation in the various sampling stations at the Kiruna
mine showing close to 100% oxygen saturation for samples collected both in June
and October.

Sampling point June October

DO (%) DO (%)

KEP21 107 107
KVA33 96 104
KVA86 100 96
KVA160 93 91
KVA88 100 98
KVA159 115 116
KVA01 115 115

L. Nilsson, A. Widerlund / Applied Geochemistry 84 (2017) 41e5146



sampling points. The process waters show close to 100% oxygen
saturation in all sampling points for both October and June
(Table 2). These data thus indicate conditions permitting nitrifica-
tion but inhibiting denitrification in the mine water/process water
system. Denitrification in the pond sediment is however likely to
occur. The reason for oversaturated oxygen in the mine waters in
KVA01 and KVA159 is most likely due to photosynthesis-related
oxygen production in the clarification pond. Oversaturation in the
mine waters (KEP21 and KVA33 October) could be due to temper-
ature increase of the water during transport where the equilibrium
to the new temperature has not yet been reached. This temperature
increase was 2.9 �C in KEP21 and 1.9 �C in KVA33.

4.3. Isotope data

Table 3 shows isotope data from the sampling points and the
ammonium nitrate-based explosives used in the mine. At some of
the sampling points ammonium concentrations were too low
(<0.6 mg/l NH4-N) to permit determination of d15N. The nitrate
nitrogen isotope data shows no strong trends on its own and is
discussed and analysed togetherwith the nitrate oxygen isotopes in
section 4.4.

Fig. 6 shows d15N values for ammonium as well as the ammo-
nium concentration at the different sampling points, with the
decrease in ammonium concentration along the water flow path
clearly visible. d15N values for ammonium increase from KVA33
(þ7.1 to þ8.3‰) to KVA86 (þ12.3 to þ15.0‰), and then decrease
again to KVA88 (þ7.5 to þ10.2‰). The increase in the residual d15N
values for ammonium as well as the lowering concentration in-
dicates either nitrification and/or ammonia volatilization. As water
from KVA86 enters the processing plants (KVA160 and KVA88) the
ammonium concentration continues to decrease, together with a
simultaneous decrease in the residual ammonium d15N values from
~13‰ before the processing plants (KVA86) to ~8‰ in the discharge
water from the plants (KVA88). The water at KVA88 is very rich in
suspended solids (~20e30 g/l), and the observed decrease in the
d15N values may indicate ammonium adsorption onto these sus-
pended solids. There is also another source of nitrate being intro-
duced in the high altitude reservoir (KVA86) which is discussed in a
later section. There is a possibility that more undetonated explo-
sives are introduced in KVA86 and will as such have a drastic effect
on the ammonium concentration and isotope composition in

sampling points after KVA86 (including KVA88).

4.4. Quantification of nitrate sources

Using the d15N and d18O values of nitrate it's possible to trace the
sources contributing to the high nitrate concentration in the sam-
pling points that are suspected to receive nitrogen from undeto-
nated ammonium nitrate based explosives. Nitrogen processes and
sources could be quantified at two sampling locations, the under-
ground pumping station KVA33, where the nitrogen enters the
water transport system, and the high elevation reservoir KVA86.

4.4.1. KVA33
The major nitrate sources at KVA33 are suspected to be 1) ni-

trate released directly from undetonated explosives, 2) nitrate
formed from nitrification of ammonium in the explosives, 3) a
diffuse flux of nitrate from the waste rock piles originating from
ammonium adsorbed to waste rock and subsequently oxidized to
nitrate (represented by KEP21), and 4) nitrate in infiltrating natural
groundwater. Fig. 7 shows that sources 1) to 3) cannot explain the
isotopic composition of nitrate measured at KVA33, and a
groundwater source is therefore reasonable.

The contribution from each source can be calculated via the
assumption that the total nitrate concentration in a sample is a
linear combination of nitrogen from the sources contributing to the
sample. In the case of KVA33 (June) the sample {d15N,
d 18O} ¼ {þ3.06‰, þ10.58‰} (Table 3) can be calculated using
Equation (5):

n
d15N; d18O

o
KVA33

¼ c1
n
d15N; d18O

o
KEP21

þ c2
n
d15N; d18O

o
Expl:

þ c3
n
d15N; d18O

o
Nitri

þ c4
n
d15N; d18O

o
GW

(5)

where Expl represents the d15N and d18O nitrate isotope signals in
explosives, Nitri is the isotope signals in nitrate formed through
nitrification, and GW represents the signals from groundwater. Cn
are the normalised contributions to total nitrate in KVA33
expressed as:

Table 3
Isotopic composition in nitrate (d15N and d18O) and ammonium (d15N) in all sampling points as well as in the explosives used in the mine.

Sampling point NO3 NH4-N (mg/l) NH4 H2O H2O

NO3-N (mg/l) d15N d18O d15N d18O 3H (TU)

June KEP21 22 5.15 14.23 0.01 bd �13.4 6.6
KVA33 18 3.06 10.58 4.2 7.13 �13.6 10.8
KVA86 32 4.67 18.40 1.9 12.27 �12.8
KVA160 34 4.31 17.38 0.84 12.28 �12.8
KVA88 25 4.79 16.60 0.71 7.48 �13.5
KVA159 19 5.68 15.75 0.016 bd �13
KVA01 19 5.45 15.41 0.016 bd �13.2

October KEP21 26 4.78 12.88 1.03 3.53 �13.6 6.4
KVA33 16 4.90 11.29 2.13 8.28 �13.8 10.4
KVA86 28 4.63 16.41 1.58 14.95 �12.8
KVA160 19 5.27 16.73 0.04 bd �12.7
KVA88 19 4.93 14.94 0.91 10.18 �13
KVA159 17 6.99 15.78 0.117 bd �12.4
KVA01 17 6.43 15.31 0.139 bd �12

Explosives S1 3.69 22.08 �7.58
S2 3.18 23.41 �8.06
S3 3.36 23.56 �7.96

bd: below detection limit.
S1eS3: three replicates of explosives.
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1 ¼
X4

n¼1

cn (6)

The isotopic signal from nitrification is known from the Rayleigh
equation using an isotopic enrichment factor of 20‰ (Dinçer and
Kargi, 2000; Sigman et al., 2005), which gives a nitrate d15N
signal of �17‰. This was calculated using the assumption that the
increase in the ammonium d15N isotope signal from the explosives
to KVA33 was from nitrification (�8‰ to þ7 to þ8‰, Table 3).
Sigman et al. (2005) showed that, on average, 16.7% of the oxygen
atoms in nitrate formed from nitrification originate from atmo-
spheric oxygen, and the remaining 83.3% from water. As the water
oxygen isotope composition is known from sampling (Table 3) and
the oxygen isotope composition of air is known to be þ22‰
(Sigman et al., 2005), the isotope signal in nitrate formed from
nitrification can be calculated to be {d 15N, d 18O}¼ {-17‰,�7.66‰}.

The unknowns in Equation (5) are the contribution from the
three measured sources c1, c2 and c3, and the isotopic composition

of nitrate in groundwater. The nitrate concentration in the
groundwater is 1.5e2 mg/l NO3-N (Section 4.1). Assuming that the
water pumped up from the mine is groundwater, this represents
11e12.5% of the total nitrate in KVA33. Equation (5) can be solved in
an interval containing the isotope composition of groundwater. The
solution interval ranges from extremely low to extremely high
(unlikely) d15N values (Fig. 8). As the solution contains highly un-
likely values, a more realistic range in the total interval was studied
more closely. This constrained solution is based on a number of
groundwater nitrate measurements compiled in Kendall (1998),
which showed typical nitrate groundwater signals to be in the in-
terval of {d15N, d 18O} ¼ {þ5 to þ15‰, 0 to þ10‰}. Kreitler (1975)
reported similar values for groundwater nitrate isotope composi-
tion (d15N ¼ þ2 to þ8‰).

The constrained solution indicates that water infiltrating
beneath the waste rock piles could be the main nitrate source,
contributing 70e80% of the total nitrate concentration at KVA33,
with the other sources each contributing 4e12.5% (Fig. 9).

4.4.2. KVA86
The nitrate concentration in the high elevation reservoir

(KVA86), supposedly a mix betweenwater pumped up from KVA33
and the recirculated water from KVA159, does seem to have an
additional nitrate source. This is indicated by the high nitrate
concentration (33 mg/l), which is difficult to explain using a mixing
model with just the two components KVA33 and KVA159 (16.4e18
and 17.1e19 mg/l NO3-N, respectively). The water in KVA86 re-
ceives mostly recirculated water (86.4% of incoming water) and the
rest from water pumped up from KVA33.

As mentioned in the previous section, ammonium d15N data
suggest that nitrate reaching KVA86 partly has formed through
nitrification, with the nitrification signal being similar to that
calculated in the previous section {d15N, d 18O} ¼ {-17‰, �7‰}
(Fig. 7).

The isotope signal in KVA86 appears to be a combination of
nitrate from KVA159, KVA33 and the explosives signal (Fig. 10). The
explosives signal appearing at KVA86 is surprising as water pum-
ped back from the pond system (KVA159) follows a closed pipe
systemwith no connection to the explosives, and KVA33 is the last
pumping station in the underground system pumping this water to
KVA86.

The assumption that the nitrate in KVA86 partly originates
directly from explosives is further strengthened if we combine the
isotope signals with the concentration increase. Assuming a simple
case where all the nitrate in KVA86 originates from KVA159 and
explosives, which appears to be a near perfect mix between those

Fig. 6. Ammonium concentration (left axis) and d15N values (right axis) for A) June and B) October 2012.

Fig. 7. The sampling point KVA33 as well as three of the sources contributing to the
nitrate isotopic composition in KVA33. KVA33 plots outside the mixing triangle and
cannot be a linear combination of the three shown sources, KEP21, Explosives and
nitrification. Explosives and Nitrification are the same for both June and October, and
the calculated location of nitrification is shown in section 4.2. As currently there are
zero solutions to Equation (1), another source has to be introduced.
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signals in June (Fig. 10), this indicates that 59% of the nitrate in
KVA86 originates from KVA159 and the increase is represented by a
41% increase from explosives. Using this assumption, the resulting
isotope signal can be calculated and compared to that actually
measured in KVA86. This calculation shows good agreement be-
tween calculated and measured isotope signals (Table 4).

The calculation used above can be expanded to take into
consideration nitrate originating from KVA33 as well as from
nitrification (Table 5). Based on this calculation, recirculated water
from the pond system (KVA159) would be the main nitrate source
at KVA86 (56e66%), the direct contribution of nitrate from

explosives 28e39%, and the contribution from nitrification and
KVA33 would be only ~5% (Table 5). Note that we reached a con-
stricted solution (Philips and Gregg, 2003) due to all contribution
factors being unknown so we show the total contribution from
nitrification and flow from KVA33.

We suggest two possible explanations for the undetonated ex-
plosives entering the system in the high elevation reservoir instead
of the underground pumping station. 1) This could be due to
physical adsorption of the gel-based explosives to the mined ore
and waste rock. The material is transported to the surface for
processing via an elevator, where physically adsorbed explosives

Fig. 8. A) The entire d15N e d 18O interval where Equation (5) with added groundwater is satisfied. The interval was constrained in the red square in A) to “normal” ground water
nitrate isotope signals. B) To remove unreasonable solutions and limit the uncertainty in the results a range of ground water nitrate isotope signals were chosen. The interval is
between {d15N, d 18O} ¼ {þ5 to þ15‰, 0 to þ10‰}. Kendall (1998) showed a large data set with ground water nitrate isotope signals, which correlates well with our chosen interval.
(For interpretation of the references to colour in this figure legend, the reader is referred to the web version of this article.)

Fig. 9. The contribution to the nitrate isotope composition in KVA33 from the four sources Explosives, infiltration beneath waste rock piles (KEP21), Nitrification, and Groundwater.
The main source (70e80%) appears to be from infiltration of nitrate from KEP21 (located below the waste rock piles and containing “old” nitrogen originating from explosives). The
contribution from explosives is relatively low averaging about 4%, whereas nitrification is between 2 and 12%, and groundwater was set to 12.5% based on the groundwater nitrate
concentration.
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are dissolved in contact with water and enters the water transport
system and is detected in the high elevation reservoir. 2) A second
possible pathway for the explosives signal to reach KVA86 could be
the washing of trucks and equipment used in the loading of ex-
plosives, since this washing is performed close to the high elevation
reservoir.

5. Conclusions

This study shows that stable nitrogen isotopes can be used as a
tool both to track nitrogen transforming processes as well as
quantifying nitrogen sources at the Kiruna mine site. Variations in
ammonium d15N values indicated the occurrence of nitrification
and possibly also ammonium adsorption in the mine and pro-
cessing plants.

Our results suggest that the water pumped up from the mine
contains mostly nitrate that has infiltrated into the mine with
groundwater, with leaching of waste rock piles as a possible ni-
trogen source. Thus, although ammonium nitrate-based explosives
are the ultimate nitrogen source at the site, this study indicates that
the circulation of nitrogen is complicated, involving also other

pathways than that of direct dissolution of undetonated explosives
in the mine. The relatively high natural nitrate concentration of
1.5e2 mg/l in the local groundwater affects both the concentration
as well as the isotopic composition of nitrate in the mine waters.

A significant amount of nitrogen from ammonium nitrate-based
explosives appears to enter the above ground processing plant
system at a high elevation reservoir within the system. Based on
d15N and d18O data in nitrate, this source contributes 28e39% of the
nitrate concentration measured at the reservoir.
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A B S T R A C T

A nitrogen model was developed with the aim to trace nitrogen cycling in a cold climate-mining pond at the Aitik
copper mine in northern Sweden. The model contains 10 state variables and 19 nitrogen cycling reactions. The
model also includes sediment and physical properties of the pond, such as evaporation, freezing and thawing.
The model was written in Mathworks MATLAB and was calibrated and validated using environmental mon-
itoring data for the clarification pond at the Aitik mine. The data used comprised monthly values of nitrogen
speciation, phosphorous and water flow. The model accurately predicts ammonium (r2= 0.84) and nitrate
(r2= 0.82) concentrations in a time series from February 2012–August 2014. The model did not accurately
predict nitrate concentrations (r2= 0.11), presumably due to high oxygen concentration in the pond water that
prevented denitrification in the water column. The transport of organic material to the sediment was also
limiting denitrification in the sediment. When allowing denitrification in the water column as well as increasing
the rate of transport of organic material to the sediment the nitrate prediction capacity increased to a satisfactory
level (r2= 0.54). A sensitivity analysis for the system showed that the most sensitive reactions for the water
column were oxic mineralisation as well as the nitrification rate.

1. Introduction

Nitrogen discharge from mining sites causing local eutrophication
in natural receiving waters has been a known problem for over a decade
(Mattila et al., 2007, Chlot et al., 2013). The source of nitrogen is
predominantly from ammonium-nitrate based explosives used in
blasting operations (Mattila et al., 2007). Furthermore, recirculation of
mining pond water back to the ore refining process enhances the ni-
trogen concentration in the process waters, which in the long term
could affect the quality of the effluent waters. This paper presents a
model that can be used to predict nitrogen concentrations and effects of
biogeochemical reactions in cold-climate mining ponds. McLemore
et al. (2014) published guidelines for the design of sampling and
monitoring programmes at mine sites and pointed out the importance
of collecting data that are acceptable for environmental modelling and
prediction studies. Here we present a case study where ammonium,
nitrite, and nitrate concentrations in a mining pond in northern Sweden
are modelled based on regular environmental monitoring data collected
by the mining company.

There is an increasing demand from the mining industry on the
ability to investigate the complex biogeochemical cycle of nitrogen and
predict the behaviour of nitrogen and nitrogen related compounds

released from mine sites. Most geochemical models focus on speciation
modelling, groundwater flow or coupled groundwater flow with kinetic
reactions added (PhreeqC, Visual minteq, Geochemist’s Workbench),
which are considered inadequate for modelling a water column, sedi-
ments and their interaction in a dynamic system. During the last years a
few models have been presented that focus on modelling inorganic
nitrogen and it’s interaction with organic material, some of which have
focused on large-scale applications such as nitrogen, phosphorus and
oxygen fluxes in the Baltic Sea. Eilola et al. (2011) summarised three of
these models (BALTSEM, ERGOM and RCO-SCOBI). For detailed model
description of the three large-scale nitrogen models see Marmefelt et al.
(1999) or Eilola et al. (2009). We implemented the SCOBI model
(Swedish Coastal and Ocean Biogeochemical model) in Mathworks
Matlab and tested to predict nitrogen concentrations in a small scale
mining pond affected by high nitrogen mining discharge, but it showed
poor prediction capacity. The reason was not investigated in great
depth but it could be due to the large horizontal discretisation or
phytoplankton kinetics adapted to marine systems as the SCOBI model
was originally developed for large-scale marine systems.

Chlot et al. (2011) presented a model aiming to predict inorganic
nitrogen concentrations and growth of phytoplankton and macrophytes
in cold-climate lakes receiving nitrogen-rich mining effluents. The
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model presented in this study focuses on cold-climate mining pond
systems and the interaction between nitrogen, phosphorous, oxygen
and organic material in the water column and in the sediment. Com-
pared to the model of Chlot et al. (2011), the present model contains
more state variables and a refined discretisation of the sediment. The
sediment–water interface is particularly important in this context since
this is the sub-oxic environment where most denitrification occurs in
natural systems (Seitzinger 1988; Meyer et al., 2008). The aim of this
study is twofold: 1) to present a model that is useful in development and
testing of different treatment methods for nitrogen removal within
mining ponds, where proper modelling of the sediment and the inter-
action between water column and sediment are of vital importance, and
2) to demonstrate that regular environmental monitoring data can be
used as model input data although it was not primarily collected for
modelling purposes.

For the present model, an extension of a previously used redox-
model was developed in Mathworks Matlab with extensions pro-
grammed in JAVA (predominantly UI elements). The model is based on
Yakushev (2013) redox layer model (ROLM) and, with some mod-
ifications, biogeochemical reactions are parameterised according to
Yakushev (2013). The model was adapted to a mass balance concept for
the water column. The surface sediment is modelled using discrete
depth layers according to the implicit Euler Backwards finite difference
method (Butcher, 2003). Water concentration/dilution due to eva-
poration and precipitation as well as input and output water flow was
also added. Evaporation was modelled using the semi-empirical
Penman formula (Penman, 1948). The model was coupled with a snow
model to accurately model dilution during spring flood (Kokkonen
et al., 2006). The model was also coupled with a water temperature
model that estimates water temperature from air temperature
(Piccolroaz et al., 2013). The presented model is simple, fast and can be
applied to different systems to estimate nitrogen concentrations in
mining ponds with high accuracy.

The model was calibrated and validated using monitoring data from
the clarification pond at the Aitik copper mine in northern Sweden,
where it accurately predicts ammonium and nitrite concentrations. The
input data for the Aitik pond was obtained from the Boliden Mineral AB
mining company. The data was collected from 2012-02-01 to 2014-07-
31, and consists of dissolved ammonium, nitrite, nitrate, filtered-
(outflow) and unfiltered (inflow) phosphorous, as well as total nitrogen
concentrations. Chemical data was sampled monthly during late spring
to early autumn. Water inflow and outflow to/from the pond was
measured daily.

2. Methods

2.1. Study site

The developed model was calibrated using data from the clarifica-
tion pond at the Aitik copper mine (Wanhainen et al., 2006)), where
high concentrations of dissolved inorganic nitrogen have been ob-
served. The Aitik mine is located ∼15 km SE of the town of Gällivare in
northern Sweden (Fig. 1), which is located roughly 60 km north of the
Arctic Circle. The annual average air temperature at the Aitik mine is
−2 °C, the average precipitation is 700mm year−1, and snow coverage
is 200 days year−1 (SMHI, 2016).

The Aitik mine is an open pit copper mine with an annual produc-
tion of 36 Mtons of ore. The source of nitrogen in the process water and
clarification pond is the explosives used in blasting operations (Mattila
et al., 2007). The explosive used is an emulsion type explosive with
10–30% ammonium-nitrate addition as oxidiser (Forcit, 2016). Blasting
is generally performed weekly, where 200–300 holes drilled into the
ore body are filled with approximately 1 ton of explosives each. During
2014 a total amount of 32 Ktons were used (Forcit, 2016). A major part
of ammonium and nitrate in the mine water originates from un-
detonated explosives that dissolve when groundwater infiltrates into

boreholes charged with explosives. The water from the open pit mine is
pumped up and used in ore-refining processes and subsequently dis-
charged into the tailings and clarification pond system. The clarification
pond at the Aitik mine has an area of 1.54 * 106m2 and the volume is
on average 1.09 * 107m3.

For the clarification pond, water discharge data is collected daily
and chemical data at the inlet and outlet are collected on a monthly
basis by Boliden Mineral AB. For this model development, physical
parameters such as air temperature, wind speed and incoming solar
radiation were obtained from the Swedish Meteorological and
Hydrological Institute (SMHI, 2016).

The predominant inorganic nitrogen species in the clarification
pond, both in the inlet and outlet water is nitrate, which accounts for
approximately 78% and 84% of total inorganic N in the inlet and outlet
water, respectively (Table 1). The higher percentage in the outlet water
(84%) indicates nitrification during water transport through the pond.
The second most common species is nitrite (5–31% of total inorganic
nitrogen), while ammonium accounts for only around 5% of the total
inorganic nitrogen concentration (Table 1). The monitoring data only
contains total (unfiltered) phosphorous in the inlet water (average
0.186mg/l), and dissolved (filtered) phosphorous in the outlet water
(average 0.0009mg/l) (Table 1). The inlet phosphorous concentration
shows a large span ranging from 0.030 to 1.1mg/l. pH is generally
close to neutral both in inflowing and outflowing water.

2.1.1. Water flow
Water inflow and outflow to/from the clarification pond was mea-

sured daily during the period between 2012-02-01 and 2014-08-01
(Fig. 2).

There are two outlets where water is pumped from the clarification
pond, one is water pumped back into the ore refining process and the
other is overflow water that is discharged to Lina älv. After passing
through the ore concentrating plant, this water is discharged to the
tailings pond and is then gathered in a small stream which discharges
into the clarification pond. There is also a significant flow of ∼950m3/
h from the tailings pond originating from precipitation.

The average water retention time in the clarification pond is 88 days
but varies significantly during the year. The average for the summer
months (June–August) is 59 days, with the lowest measured water re-
tention time for the summer 2013, when the average residence time
was 50 days.

2.2. Analytical methods

The obtained chemical data for inlet and effluent water as well as
chemical composition of the clarification pond were obtained from
Boliden Mineral AB mining company. The analyses were performed by
an external accredited laboratory. All inorganic nitrogen species (NH4-
N, NO3-N, and NO2-N) were determined by flow analysis (CFA and FIA)
and spectrometric detection. The analytical precision for NH4-N was
±15%, and for NO3-N and NO2-N the precision was ±20%. Chlorophyll-
a samples were collected from the clarification pond during summer
2015 and filtered onto Whatman GF/C glass fibre filters (pore size
1.2 μm) and determined spectrophotometrically on a Shimadzu instru-
ment (detection limit 0.5 μg/L).

2.3. Model description and differential equation set up

The model utilises the following four different sub-models to cal-
culate the concentration of the different state variables:

• Biogeochemical reactions in water column

• Biogeochemical reactions and diffusion in discrete sediment layers

• Dilution and enrichment due to water inflow and outflow, pre-
cipitation and evaporation

• Sedimentation and diffusive flux to and from sediment
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The different calculation steps are carried out simultaneously in
standard differential equations form (see section Differential equation
set up). Only the first sub-model includes the original ROLM model
(Yakushev, 2013), with diffusion added between discrete layers in the

water column. The water column was modelled as a Continously Stirred
Tank Reactor (CSTR) system (Schmidt, 1998), since the clarification
pond is relatively shallow (average depth 8.2m) in relation to the
surface area (1.54×106m2).

2.3.1. Conceptual model
The model utilises 10 different state variables; phosphate (PO4),

particulate organic matter (POM), dissolved organic nitrogen (DON),
dissolved organic phosphorous (DOP), ammonium (NH4), nitrate
(NO3), nitrite (NO2), oxygen (O2), phytoplankton (PHY) and zoo-
plankton (ZOO). Biogeochemical reactions are calculated for several
cells, the water column is one cell where concentration changes are
controlled by biogeochemical reactions as well as other physical reac-
tions. Biogeochemical reactions are also calculated in each discrete
layer of the sediment (Fig. 3). Biogeochemical reactions and state
variable interactions are presented in Fig. 4. The sum of reactions
controlling the concentration of the state variables is set up in ordinary
differential equations, with details of the biogeochemical reactions and
their parameterisation presented in Tables 2–5.

PO4, POM, DON, DOP, NH4, NO3, NO2, and O2 are also used as
state variables in the sediment. The model does not involve gaseous

Fig. 1. Location of the Aitik mine in northern Sweden.

Table 1
Concentrations of nitrogen species, phosphorous and pH in inlet and oulet
water in the clarification pond.

Concentration range Nitrogen speciation
(mg/L) (%-range of total inorganic N

concentration)

Inlet water NH4–N 0.15–0.74 4 –9 %
NO2–N 0.24–2.12 5–31 %
NO3–N 1.34–9.61 62–90 %
Ptot 0.030–1.14
pH 6.7–8.7

Outlet water NH4–N 0.17–0.37 3–7.5 %
NO2–N 0.25–0.63 7–14 %
NO3–N 2.71–4.45 80–88 %
Pfiltered 0.0005–0.005
pH 6.4–8.5

Data obtained from the Aitik monitoring programme during 2012–2014.

Fig. 2. Water inflow and outflow in the Aitik clarification pond during the modelled period February 2012–October 2014.
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nitrogen compounds (N2, N2O, NO) as state variables since biological
fixation of N2 is considered insignificant in relation to the mining-re-
lated input of inorganic nitrogen compounds in the pond water. Thus,
nitrogen fixation is set to zero (See Parameterisation of biogeochemical
reactions), which implies that any produced nitrogen gas is considered
as lost from the system and cannot be assimilated again. The behaviour
of nitrogen fixating organisms in high nitrate water has been discussed
and modelled by Tyrrell (1999).

In addition to biogeochemical reactions the state variables of the
model are also affected by physical reactions. Sedimentation affects
suspended particulate material that settles through the water column
and is added to the top layer of the sediment. Settling rates used in the
model are similar in magnitude both to particulate organic carbon
(POC) settling rates measured at the LKAB mining site in Kiruna which
is located 85 km north of the Aitik site (unpublished data) and values
published by Burns and Rosa (1980) (∼0.1m day−1). Diffusive flux to
and from the sediment for dissolved species also controls concentrations
in the water column and the sediment. Freezing and thawing of the
water column enhances and dilutes the water column concentration,
respectively. Precipitation and evaporation from the water column also
dilutes and enriches the water column concentration. Water flow is also
included in the model, with water inflow and outflow affecting the
concentration in the pond according to a mass balance approach.

2.3.2. Water column differential equation set up
All the state variables are set up in differential equations according

to

= + +δx
δt

f f RD SD x (1)

where x is any of the state variables in the water column, fD and fSD are
the general functions for concentration change with regards to dis-
charge, precipitation and water freezing (fD) as well as sedimentation
and diffusive flux (fSD) from the sediment to the water column.

= ⎛
⎝

+ − ⎞
⎠

⎛
⎝

− − − ⎞
⎠

f x Qin
V

x Qout
V

x P E F
V

* 1D qin (2)

where x is the state variables, Qin and Qout is inlet and outlet discharge,
respectively, V is the volume, and P, E and F are precipitation, eva-
poration and freezing, respectively. The calculations for evaporation
and freezing are summarised.

Sedimentation was calculated only for particulate matter and dif-
fusion to and from the sediment was calculated via Fick’s first law of
diffusion for all the aqueous species. The only state variables not

included in either diffusion or sedimentation are phytoplankton and
zooplankton. The mathematical formulations for sedimentation and
diffusion are shown in Eqs. (3) and (4), respectively.

=−f POM v dt
hSD SED (3)

where POM is particulate organic matter, v is the average sedimenta-
tion velocity for POM, dt is the discrete time step and h is the current
average water column height.

= −
−

−f D
x x

z
( )

ΔSD Diff k
sed wc,0

(4)

where Dk is the diffusion coefficient for state variable x, xsed,0 is the
concentration of the state variable in the sediment layer at the sedi-
ment–water interface, xwc is the state variable concentration in the
water column, and Δz is the distance over which diffusion occurs. In the
model Δz was set to the thickness of the diffusive boundary layer,
which was assumed to be 1mm (Jørgensen and Revsbech, 1985).

2.3.3. Sediment differential equation set up
The sediment is affected by all the reactions in the biogeochemical

conceptual model (Fig. 4), except for reactions involving phytoplankton
and zooplankton. The sediment differential equations are set up in a
way similar to in the water column, except that the sediment is not
affected (directly) by ice formation, evaporation and precipitation, or
water flow. The top layer of the sediment is affected by diffusion to and
from the water column (Eqs. (3) and (4)). Diffusion between the dis-
crete sediment layers follows Fick’s second law of diffusion (Eq. (5)):

= −δc
δt

D δ c
δzk

2

2 (5)

The sediment reactions are set up in four fundamental equations
(Eqs. (6–9)):

= + ≤ ≤ ≥x D x R z z t0 0t k zz x max (6)

= ± ≥x t C f t(0, ) 0SD1 (7)

= − ≥x z t C burial t( , ) 0max 2 (8)

= ≤ ≤x z f z z z( , 0) ( ) 0 max (9)

where xt is the time and depth function for state variable x, Dk is the
diffusion coefficient, xzz is the second partial derivative with regards to
z, and Rx are the biogeochemical reactions listed in Table 2. x(0,t) re-
presents the topmost layer of the sediment which has a concentration c1

Fig. 3. Overview of the conceptual model showing the dif-
ferent calculation cells and modules included in the model.
Biogeochemical reactions are calculated in the bulk water
column as well as all the discrete sediment layers.
Precipitation, evaporation, ice formation and water flow are
treated as reactions causing dilution/enhancement of water
column concentrations. A simple degree-day model for snow
formation was added to accurately model spring flood.
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calculated from xt. It also has a flux depending on concentration of x in
the above water column, which is represented by fSD (Eq. (4)). x(zmax,
t) represents the deepest layer in the sediment, which is affected by
burial of particulate organic matter (burial Eq. (8)), but also burial via
diffusion. x(z,0) represents the depth curve for state variable x at
time=0.

The differential equations in the sediment are set up using a finite
difference method with the numbers of discrete layers= Zmax (Eq.
(10)).

= = … =z j z j Z z ZΔ 0,1, 2, , . Δ 1/j max max (10)

In the discrete time grid (Eq. (11))

= = …t n t n NΔ 0,1, 2, ,n (11)

The discretisation of standard first and second order differential
equations using the implicit Euler backwards method is listed in Eqs.
(12)–(15). Both Euler forward and Euler backwards methods were

tested and the sediment showed tendencies of numerical instability
which were related to both the flux boundary condition in the top layer
of the sediment as well as the variable reaction rates. The implicit Euler
backwards method does not, under normal circumstances, have nu-
merical instability. Due to the highly variable reaction rates in the se-
diment layers a definite stability condition was not implemented.

≈
−+

x z t
x x

t
( , )

Δt j
n j

n
j
n1

(12)

≈
− ++

+ +
−
+

x z t
x x x

z
( , )

2
Δzz j

n j
n

j
n

j
n

1
1 1

1
1

2 (13)

≈x t x(0, )n n
0 (14)

≈x z x( , 0)j j
0

(15)

Insertion of Eqs. (12)–(15) into Eqs. (6) and (7) gives Eq. (16),

Fig. 4. Biogeochemical reactions and state variable interactions in the model. The biogeochemistry is based upon the kinetic reactions published in Yakushev (2013).
Oxygen is not shown in the conceptual model but interacts in several reactions (Table 3).
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Table 2
The rate equations for all the state variables in the model.

RPO4 = − + +
+

Redfield R P P ZOO( ( 1) )P PhyGrowth PHYresp Zresp
PDPrat Rpdc Rddc

RedfieldN

( ) (20)

RDOP = + − + −Redfield R R P P( (1 )P excphy grazphy Zfabs ZexrR
Rpdc

RedfieldN

Rddc
RedfieldN

(21)

RDON = + − + −Redfield R R P P R R( (1 )N excphy grazphy Zfabs ZexrR pdc ddc (22)

RPOM = + + − − − − −Redfield R R R P P R R R( (1 )(1 ) )N mortphy mortzoo grazphy Zfabs ZexrR grazPOM pdc ddc (23)

RNH4 = − + + + −Redfield R P Lim P ZOO R R R( ( 1) )N PhyGrowth PHYresp NH Zresp ddc pdc nit4 1 (24)

RNO2 = − + − +

−

+ +

+

( )( )Redfield R P Lim R R R

R

( 1)N PhyGrowth PHYresp NO
NO

NO NO nit nit P D den

P D den

3
2

2 3 1 2 1

2

(25)

RNO3 = − + −
+ +( )( )Redfield R P Lim R R( 1)N PhyGrowth PHYresp NO

NO
NO NO nit P D den3

3
2 3 2 1

(26)

RO2 = +

+ − −

− + − −

+

+

( )
( )

Redfield Redfield R Redfield R Lim

Redfield R Lim R R

Redfield Redfield R P ZOOP R R

2

( )

C P PhyGrowth N PhyGrowth NO
NO

NO NO

N PhyGrowth NO
NO

NO NO pdc ddc

C P PhyGrowth PHYresp Zresp nit nit

3
3

2 3
1
2 3

2
2 3

3
2 1

1
2 2

.

(27)

RPHY = − − − −R P R R R(1 )PhyGrowth PHYresp mortphy excphy graz phy (28)

RZOO = − −R P R ZOOPgraz phy Zfabs mortzoo Zresp (29)

Table 3
Parameterisation of the biogeochemical reactions of the model.

Biogeochemical reaction Mathematical expression

Decomposition of POM = − −R e P POM P O{1 tanh( )}pdc
Ptempdc T

ddcN O dc
1
2 2 2

(30)

Oxic decomposition of DOMa
= − −R e P DOM P O{1 tanh( )}ddc

Ptempdc T
ddcN O dc

1
2 2 2

(31)

Denitrification NO3 POM = + − − −−R P θ P O P NO POM{1 tanh( )} {1 tanh( )}Pden den pdent O den NO den1 1 20 1
2 2 2

1
2 3 3

(32)

Denitrification NO2 POM = + − − −−R P θ P O P NO POM{1 tanh( )} {1 tanh( )}Pden den pdent O den NO den2 2 20 1
2 2 2

1
2 2 2

(33)

Denitrification NO3 DOM = + − − −−R P θ P O P NO DON{1 tanh( )} {1 tanh( )}Dden den pdent O den NO den1 1 20 1
2 2 2

1
2 3 3

(34)

Denitrification NO2 DOM = + − − −−R P θ P O P NO DON{1 tanh( )} {1 tanh( )}Dden den pdent O den NO den2 2 20 1
2 2 2

1
2 2 2

(35)

Ammonium Remineralisation = + + +R R R R RNH Rem Pden Pden Dden Dden4 1 2 1 2 (36)
Phosphorous Remineralisation =RPO Rem

RNH Rem
RedfN RedfP

4
4 (37)

Nitrification step 1 = −
+

R P θ NHnit nit nitt O
O PO nit

1 1 20 4
2

2 2
(38)

Nitrification step 2 = −
+

R P θ NOnit nit nitt O
O PO nit

2 2 20 2
2

2 2
(39)

Anammox = + −−R θ NO NH P P O{1 tanh( )}anammox anxt amx O amx20 2 4
1
2 2 2

(40)

Phytoplankton Growth
= ⎛
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LimitNO3
= + −

+ +
Limno

NO NO e Pninhib NH

NO NO Pnoxhsc
3

( 3 2) 4

3 2

(42)

LimitNH4 = −Lim Lim1NH no4 3 (43)

Excretion Phytoplankton =R P PHYexc phy PHYexcr (44)
Mortality Phytoplankton =R P PHYmort phy PHYmort (45)
Grazing Phytoplankton

=
+

R P ZOOgraz phy ZgrPhy
PHY

ZOO
PHY

ZOO PZgrhsc

(46)

Grazing Particulate organic material
=

+
R P ZOOgraz POM ZgrPop

POM
ZOO

POM
ZOO

PZgrphsc 0.001

(47)

Mortality Zooplankton =R P ZOOmort zoo Zmort 2 (49)

The parameters used are in the form Pxxx, and are listed in Table 5.
The variables POM, DON, PON, O2, NH4, NO2, NO3, PHY, ZOO and PO4 are all state variables.

a DON and DOP is using the same formula, the difference is the state variable used (shorted DOM in Eq. (31)).
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written in matrix form:
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where Xn+1 is the state variables for the depth curve at time = t + dt,
Xn is the state variables in the current time step, I is the identity matrix,
A is a tri-diagonal matrix containing diffusion coefficients, reaction
rates, length to next discrete layer, as well as the length of the time step
(Eqs. (17)–(19)).
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2.3.4. Parameterisation of biogeochemical reactions
The chemical interactions were modelled using kinetic reactions

published by Yakushev (2013), with some minor modifications. Here,
only phosphorous, nitrogen, oxygen and organic matter are im-
plemented, while the full redox layer model originally developed for
deep sea redox zones also includes iron, sulphur and manganese
(Yakushev, 2013).

Table 4
Arrhenius temperature correction factors used in the model.

Reaction Correction
factor θ

Literature
value

Reference

Nitrification 1.072 1.072 Hwang and
Oleszkiewicz (2007)

Denitrification 1.09 1.09 Annelies et al.
(2011)

Decomposition of
organic material

1.08 1.02–1.08 Chlot et al. (2011)

Anammox 1.02a – –

The Arrhenius correction factor θ is the fractional change in reaction rate per
degree change in temperature deviating from 20 °C.

a Estimated value.

Table 5
Model parameters used in the biogeochemical reactions for the water column and the sediment.

Parameter Unit Abbreviation Water Column Sediment

Specific rate of decomposition of POM to DOM d−1 Ppdc 0.004 0.0003
Specific rate of decomposition of DON d−1 PddcN 0.0012 0.00018
Temperature parameter for oxic mineralization oC−1 Ptempdc 0.0057 0.00001
Oxygen parameter for oxic mineralization μM PO dc2 11.37 15.94
Specific rate of 1 st stage of denitrification d−1 Pden1 0.0008 0.22
Specific rate of 2nd stage of denitrification d−1 Pden2 0.0011 0.24
Oxygen parameter for denitrification μM PO den2 12 17
NO3 parameter for denitrification μM PNO den3 0.0024 0.41
NO2 parameter for denitrification μM PNO den2 0.0006 0.36
Specific rate of the 1 st stage of nitrification d−1 Pnit1 0.011 0.013
Specific rate of the 2nd stage of nitrification d−1 Pnit2 0.0095 0.070
Oxygen parameter for nitrification μM PO nit2 7 17
Specific rate of nitrogen fixation d−1 PNfix 0 0
Anammox constant d−1 Pamx 0 0
Oxygen parameter for Anammox μM PO amx2 0 0
Maximum specific growth rate d−1 PPHYGrw 6.96 0
Specific respiration rate d−1 PPHYresp 0.15 0.83
Incident light – Pilight 733 0
Optimal light – Polight 733 0
Extinction coefficient – Ptheta 0.26 0.23
Half-saturation constant for uptake of PO4 μM Ppo hsc4 0.009 0.009
Strength of ammonium inhibition of nitrate uptake constant – Pninhib 16 2.8
Half-saturation constant for uptake of NH4 μM Pnh hsc4 0.086 0.004
Half saturation constant for uptake of NO3+NO2 μM Pnoxhsc 0.006 0.11
Specific rate of mortality d−1 PPHYmort 0.009 0.006
Specific rate of excretion d−1 PPHYexcr 0.006 0.005
Zoo specific respiration rate d−1 PZresp 0.13 0.59
Maximum specific rate of grazing of zoo on phy d−1 PZgrPhy 0.11 0.016
Half-saturation constant for the grazing of zoo on phy for phy/zoo ratio – PZgrhsc 2.75 8.50
Maximum specific rate of grazing of zoo on POP d−1 PZgrPop 0.14 0
Half-saturation constant for the grazing of zoo on POP in dependence to ratio POP/zoo – PZgrphsc 0.98 0.36
Maximum specific rate of mortality of Zoo μM PZmort 1.52 2.80
Food absorbency for zooplankton – PZfabs 1.10 1.1
Ratio between dissolved and particulate excretes of zooplankton – PZexrR 0.34 0.34

Table 6
Diffusion coefficients and phytoplankton settling velocity for the best parameter
fit.

Parameter Value Unit Reference/Comment

Ammonium 1.86·10−9 m2/s Picioreanu et al. (1997)
Nitrate 1.7·10−9 m2/s Picioreanu et al. (1997)
Nitrite 2·10−9 m2/s Picioreanu et al. (1997)
Oxygen 1.7·10−9 m2/s Picioreanu et al. (1997)
Phosphate 3.6·10−9 m2/s Krom and Berner (1980)
DON 5.6·10−10 m2/s Calibrated
DOP 5.6·10−10 m2/s Calibrated
Settling velocitya 0.16 m/d Calculated

a Settling velocity is interpreted as the average settling velocity of suspended
particles.
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The phytoplankton growth parameterisation was also slightly
modified (by combining the equations for limiting nutrient between
phosphorous and nitrogen) compared to that of Yakushev (2013). The
calculation of limiting nitrogen source (ammonium or nitrate) was
simplified (Table 2), as was the calculation of limiting nutrient (phos-
phate or nitrogen). The last modification was made by implementing a

simple way to alter the phytoplankton Redfield ratio, which is known to
be variable (Jørgensen, 1979).

The rate calculations for all state variables are shown in Table 2,
which lists the reactions (Rx) that are part of the differential equations
set up in the water column and sediment sections of the model. The
parameterisations of the individual biogeochemical reactions are listed

Fig. 5. Air temperature and precipitation (SMHI, 2016) and modelled snow formation, evaporation and snow corrected precipitation.
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in Table 3.
The calculations are based on molar concentrations, and biological

uptake into / mineralization of phytoplankton follows the Redfield
equation:

+ = +

+ +

CH O NH H PO Redf O Redf CO Redf NH

Redf H PO Redf H O

( ) ( ) ( )Redf Redf Redf O C N

P C

2 3 3 4 2 2 3

3 4 2

C N P

Note that instead of the commonly quoted C:N:P Redfield ratio of
106:16:1, the model allows for variable Redfield ratios in phyto-
plankton, which are known to vary from system to system (Jørgensen,
1979).

Most chemical reactions are more or less temperature dependent
(Atkins and de Paula et al., 2006), and temperature corrections based
on a simplified Arrhenius equation can be applied (Hwang and
Oleszkiewicz, 2007). The simplified Arrhenius equation is formulated:

= −R R θt
t

20
( 20) (50)

The equation describes the kinetic reaction rate R20 at temperature
20 °C compared to the reaction rate at temperature t, where the
Arrhenius correction factor θ is the fractional change in reaction rate
per degree change in temperature (Table 6).

Several studies have investigated this correction factor for various
biogeochemical reactions (e.g. Hwang and Oleszkiewicz, 2007). The
two important biogeochemical reactions that are not already para-
meterised to include temperature dependence are nitrification and de-
nitrification. For nitrification, Hwang and Oleszkiewicz (2007) esti-
mated the correction factor θ to 1.072, while Annelies et al. (2011)
estimated the denitrification correction factor to 1.09. The other bio-
geochemical reactions with known temperature dependences are
parameterised to account for this dependence (Table 2).

2.3.4.1. Biogeochemical parameters. The biogeochemical parameters
used to obtain optimal model results are presented in Table 5.
Significantly different parameter values can be noted for the water
column and sediment environments.

All diffusion coefficients in the model are corrected for water tem-
perature and dynamic viscosity, according to Eq. (51) (Miller, 1924):

=D D T
T

μ
μT T

T

T
1 2

1

2

2

1 (51)

where DT1 and DT2 are the diffusion coefficients in water at tempera-
tures T1 and T2, respectively, and μT1 and μT2 are the dynamic viscos-
ities at temperatures T1 and T2 respectively. The dynamic viscosities are
taken from (Crittenden et al., 2012).

Diffusion in the sediment is corrected for porosity according to Eq.
(52):

=D Dϕe
2 (52)

where De is the effective diffusion in the porous sediment, D is the

Fig. 6. Measured air temperature and modelled water temperature in the Aitik
clarification pond.

Table 7
Modelled biogeochemical reaction rates in the Aitik pond compared to litera-
ture values.

Biogeochemical reaction Modelled
annual average

Literature
value

Reference

Bulk water Nitrificationa 2.93 −μmol N
m h3

0 – 178.34
−μmol N

m h3

Chlot et al.
(2011)

Sediment Nitrificationa,b 87.7 −μmol N
m h2

18.8 – 55.2
−μmol N

m h2

Meyer et al.
(2008)

Bulk water
Denitrificationa

0 8.34 – 79.16
−μmol N

m h3

Seitzinger
(1988)

Sediment
Denitrificationa,b

411.38 −μmol N
m h2

0 - 1067
−μmol N

m h2

Seitzinger
(1988)

Phytoplankton growth 4.13 − −nM Nd 1 –
DOC flux to sediment 14.74 −μmol C

m h2 23-116 −μmol C
m h2

Kuwabara et al.
(2005)

a Step one for nitrification and denitrification.
b Sediment rates calculated as the integrated sum for all the sediment layers.

The sediment was modelled from 0 to 30 cm, with nitrification only active in
the very top layers (0-3 cm) with oxygen available, and denitrification active
only below approximately 5-10 cm depth.

Fig. 7. Dissolved ammonium modelled with
high accuracy (r2= 0.84) and capturing the
seasonal variations in the clarification pond.
The low RMSE shows that the errors for the
residuals are very low. The increase of the
NH4−N concentration during the spring flood
(June 2012–2014) is due to a large influx of
process waters (Fig. 2).
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diffusion coefficient in water and ϕ is porosity (Ullman and Aller,
1982).

2.4. Other sub-models included

A simple snow model was implemented (Kokkonen et al., 2006) for
calculation of water equivalents of snow as well as snow precipitation

and melting.
Ice formation on the pond was calculated as

=h k T d* (53)

where h is the thickness of the ice (m), T is the average daily tem-
perature (°C), d is number of days below freezing point and k is an
empirical factor set to 2.2.

Fig. 8. Dissolved nitrite modelled with high accuracy (r2= 0.82) and capturing the seasonal variations in the clarification pond. The increase of the NO2–N
concentration during the spring flood (June 2012–2014) is due to a large influx of process waters (Fig. 2).

Fig. 9. Dissolved nitrate shows a low r2 value
(0.11) and a high RMSE (0.75), indicating a
relatively poor fit between modelled and ob-
served nitrate concentrations. The reason for
the constant overestimation of nitrate during
2013–2014 could be that the model did not
include denitrification in the water column and
underestimated the transport of organic mate-
rial to the sediment (see discussion under
Denitrification potential).

Fig. 10. Sensitivity analysis showing % change in parameter value and the
corresponding change in r2 for dissolved ammonium. Ammonium concentration
shows high sensitivity to the specific rate of oxic decomposition of dissolved
organic matter (PddcN) as well as nitrification step 1 (Pnit1).

Fig. 11. Sensitivity analysis showing % change in parameter value and the
corresponding change in r2 for dissolved nitrite. Nitrite shows high sensitivity
towards the nitrification rates of both step 1(Pnit1) and step 2 (Pnit2) in the
nitrification reaction.

L. Nilsson, A. Widerlund Ecological Modelling 380 (2018) 40–52

49



The water equivalent and snow corrected precipitation is shown in
Fig. 5.

2.4.1. Temperature
Due to a limited number of in situ water temperature measure-

ments, water temperature was modelled according to Piccolroaz et al.
(2013), using air temperature and incoming solar radiation as input
data (Fig. 6). The model was calibrated using a large air and water
temperature dataset from the clarification pond at the Kiruna mine,
northern Sweden. Since the parameters in the water temperature model
are based on local physical parameters the model was considered being
applicable to the Aitik and Kiruna sites, which are located ∼85 km
from each other. Incoming solar radiation was obtained from SMHI
(2016).

2.4.2. Snow model
Effects of snow melting and freeze-out of salts are essential to model

in the Aitik pond due to the heavy spring flood in May and ice for-
mation on the pond during winter. The water added to the pond in
spring causes a dilution effect that lowers the overall concentrations in
spring. During winter the concentration of dissolved species is elevated
due to freeze-out when a 0.7–1m thick layer of ice forms on the pond
(Canfield et al. 1983).

3. Results & discussion

3.1. Calibration

A monitoring programme dataset from the Aitik mine obtained from
Boliden Mineral AB was used for model calibration. The calibration
dataset contained dissolved ammonium, nitrate, nitrite and total
phosphorous measured during the period 2012-02-01–2014-08-29. The
first half of the data set was used during a Monte Carlo calibration run
with white noise random numbers for the model parameters within
reasonable limits. In general, the calibration run indicated that low
biological activity (such as nitrification and phytoplankton growth,
Table 7) was required to correctly model dissolved ammonium (r2 0.84)
and nitrite (r2 0.82) concentrations. For dissolved nitrate the fit be-
tween modelled and observed data was unsatisfactory (r2 0.11). Po-
tential reasons for the initially poor model fit and ways to improve this
fit are discussed in the section on Denitrification potential.

3.2. Validation

Validation was performed on an independent data set, the second
half of the monitoring dataset that was not used during calibration of
the model. The validity of the model was determined using root mean
square error (RMSE), coefficient of determination (r2), and normalised
absolute error (NMAE). Figs. 7–9 show the fit between modelled and
measured dissolved ammonium, nitrite and nitrate concentrations for
the period February 2012–October 2014. The results shown from the
validation should be cautiously considered as the independent data set
is from the same location as the calibration. The modelled concentra-
tions do correlate well with the monitoring data at this site, so the
predicted nitrogen cycling reactions should be seen as valid for this site
and not necessarily all cold-climate mining ponds.

3.2.1. Validation by comparison to other systems
Many biogeochemical rates can be compared to other systems as a

form of validation. In this study nitrification, denitrification and to
some extent phytoplankton growth can be compared with corre-
sponding rates in other aquatic systems. Denitrification in lakes pre-
dominantly takes place in anoxic sediments (Seitzinger, 1988), nor-
mally ranging from 50 to 250 μmol-Nm−2 h−1, with extremes in the
range 0–1067 μmol-Nm−2 h−1 (Table 7). In hypolimnetic lakes with
low oxygen concentrations, Seitzinger (1988) reported denitrification
rates in bulk water to be in the range 0.2–1.9 μM-N d−1 (Table 7). The
clarification pond at Aitik is shallow (average water depth 8.2m) and is
likely to be aerated most of the year due to wind mixing and a low input
of reactive organic material. Model results show a small decrease in
oxygen saturation during the winter months when the primary pro-
duction is halted and decomposition of organic matter and nitrification
are consuming oxygen. Yakushev (2013) found that denitrification is
significantly halted at oxygen concentrations above 12 μM. Thus, the

Fig. 12. Sensitivity analysis for nitrate showing that the three most sensitive
parameters are the specific rate of decomposition of POM to DOM (Ppdc), in-
cident light for phytoplankton growth (Pilight) and light extinction coefficient
(Ptheta).

Table 8
Measures of model performance for the standard model and the three different scenarios used to investigate denitrification. RMSE is root mean square error, NMAE is
normalised absolute error and r2 is coefficient of determination.

NH4 NO2 NO3

Scenario RMSE NMAE r2 RMSE NMAE r2 RMSE NMAE r2

Original modela 0.027 0.0031 0.836 0.078 0.014 0.821 0.75 0.159 0.115
Settling DOCb 0.029 0.0036 0.824 0.075 0.013 0.828 0.65 0.121 0.201
Oxic denitrificationc 0.031 0.0041 0.839 0.085 0.016 0.815 0.49 0.068 0.430
Oxic denitrification+ settling DOCd 0.046 0.0090 0.839 0.006 0.008 0.814 0.42 0.050 0.541

a Model described in model description and differential equation set up.
b Model with settling DOC. DOC was partially bioavailable.
c Model allowing oxic denitrification in bulk water.
d Model with oxic denitrification in bulk water and settling DOC.
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modelled oxygen concentration (∼200–300 μM) never reaches values
low enough to justify denitrification in bulk water. However, deni-
trification in oxygenated systems has been reported in several studies,
including denitrification in oxygen saturated waters (Robertsson and
Kuenen, 1984, Lloyd, 1993) and in small micro-niches in the water
where the oxygen concentration is low enough to permit denitrification
(Robertsson and Kuenen, 1984).

Biogeochemical reaction rates are compiled in Table 7 where
modelled annual average values from the Aitik pond are compared to
those found in other studies. The phytoplankton uptake is reported as
an annual daily average, but is in reality restricted to the summer
months. The modelled sediment nitrification is somewhat higher than
literature values, which is not unreasonable in a high-nitrogen mining
system (Table 7).

3.2.2. Sensitivity analysis
Sensitivity analysis was conducted on all parameters listed in

Table 5, by Monte Carlo sweep of± 50% of optimal parameter setup.
As stated by Cariboni et al. (2007), Monte-Carlo parameter sweeps are
well suited for conducting sensitivity analysis of computing-intensive
models. The sweep interval for the parameters was divided into 10 bins
and a random number was sampled from a uniform distribution. The
sweep continued until each bin had at least 5 represented numbers
(minimum of 50 random numbers per parameter and average of 90).

The most sensitive parameters for ammonium, nitrite, and nitrate
are plotted in Figs. 10–12. The plots show the change in the coefficient
of determination (r2) in the interval of the parameter sweep. Since no
data was available for the sediment, the sediment parameters were
calibrated separately and consequently are not included in the sensi-
tivity analysis for the water column. The diffusive transport to and from
the sediment as well as sedimentation of POM are orders of magnitude
lower than the rate of biogeochemical reactions in the water column.
The specific rate of denitrification (Pden1) is the most sensitive parameter
with regards to sediment transport and biogeochemical reactions in the
sediment.

3.2.3. Denitrification potential
Denitrification in the pond can occur either in the water column

(Bulk water denitrification) or in the bottom sediment (Table 7). Two
important parameters controlling denitrification in these two environ-
ments are the oxygen concentration of the water column and the flux of
organic material to the sediment.

In the performed modelling the denitrification rate in the water
column was set to zero, assuming fully oxygenated conditions in the
shallow pond (Table 7). To investigate if denitrification in the water
column could explain the relatively poor fit between modelled and
measured dissolved nitrate concentrations (Fig. 9), the oxygen condi-
tion of the water column was set to allow for denitrification. The de-
nitrification rate was then adjusted to fit the rates reported in the lit-
erature (Table 7). After the adjustment allowing denitrification in the
water column, the fit between modelled and measured nitrate con-
centrations was improved, and the r2 value increased from 0.11 (Fig. 9)
to 0.42. When allowing denitrification in the water column the deni-
trification rate increased from 0 to 3.2 μmol-Nm−3 h−1,which is still
around an order of magnitude lower than the maximum value quoted in
the literature (79.16 μmol-Nm−3 h−1) (Seitzinger, 1988). This means
that a relatively small increase in denitrification rate in the water
column is enough to significantly improve the modelled nitrate con-
centrations.

The modelled flux of DOC to the sediment (14.74 μmol-Cm−2 h−1)
is considerably lower than the literature values (23–116 μmol-
Cm−2 h−1) (Table 7). The latter values of 23–116 − − −μmol Cm h2 1 are
impossible to achieve by diffusive flux alone. The DOC might adsorb to
settling particulate matter in the water (Burdige and Komada, 2015)
and the pathway to the sediment might be via sedimentation instead of
only diffusion. The diffusion coefficient is also very low for DOC

( ∙ −5.6 10 10 m2 s−1, calibrated value), which further increases the un-
likelihood of DOC transport to the sediment only via diffusion.

Two more tests for the model were run, one where 20% the DOC
was affected by sedimentation, and one where DOC was affected by
sedimentation and denitrification was allowed in the oxygen rich water
column. To test the effect of settling DOC, diffusive flux plus settling of
DOC were calibrated to fit the literature value “DOC flux to the sedi-
ment” in Table 7. Then it was assumed that only a fraction of the set-
tling DOC would be bioavailable for denitrification and oxic decom-
position, with the bioavailable fraction set to 50%. Leaving the
denitrification at zero in the water column and adding sedimentation of
DOC, the nitrate r2 value increased from 0.11 to 0.2. This was due to
lack of organic matter to drive denitrification in the sediment. By al-
lowing settling of DOC, the DOC flux to the sediment increased from
14.7 to 94.6 μmol-Cm−2 h−1 (where 54.7 μmol-Cm−2 h−1 were bioa-
vailable for denitrification and oxic mineralisation). This increased
denitrification in the sediment from 411.4 μmol-Nm−2 h−1 to
758.6 μmol-Nm−2 h−1.

Measures of model performance (RMSE, NMAE, r2) for the original
model as well as the three different scenarios used to investigate de-
nitrification effects on nitrate are shown in Table 8. The best fit for all
state variables are obtained with a denitrification in the water column
as well as a modified DOC transport to the sediment, triggering deni-
trification in the sediment.

4. Conclusions

The model was able to predict dissolved ammonium and nitrite
concentrations in the Aitik clarification pond to a satisfactory level
(r2= 0.82–0.84, Figs. 7 and 8), while the dissolved nitrate concentra-
tion reached a coefficient of determination (r2) of only 0.11 in the
original model (Fig. 9). With minor modifications of the model invol-
ving denitrification in the water column and an increased flux of
bioreactive DOC to the sediment, r2 for nitrate could be increased to
0.54 (Table 8), which is considered acceptable. The modifications re-
quired to achieve a better nitrate fit are not extreme and the biogeo-
chemical reaction rates are well within rates observed in other systems
(Table 7). Although at present there is no field or experimental evi-
dence of denitrification occurring in the presumably oxygenated water
column of the pond, denitrification has been demonstrated under such
conditions (Robertsson and Kuenen, 1984). The oxygen saturation was
however an assumption made because oxygen is not measured in the
environmental monitoring programme at the Aitik pond.

The model is highly optimized and generates a large data output for
a short execution time. The case study at the Aitik pond shows that
ordinary monitoring data can successfully be used as model input data,
although such data primarily may not have been collected for model-
ling purposes (McLemore et al., 2014). This study also shows that
modelling can be a useful tool for estimating nitrogen concentrations
and studying biogeochemical transformations of nitrogen in connection
with the opening of new mines, upscaling of mining activities, or the
design of clarification ponds. It could also potentially be useful for the
design and implementation of future regulating strategies regarding
nitrogen removal in mining ponds. The model is currently being de-
veloped with a more complex water flow model.
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