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ABSTRACT 

As both the toxicity and the mobility of trace elements are related to chemical forms present, robust methods for 
element speciation analysis are of great interest. During the last 15 years, hundreds of scientific articles have 
been published on the development and applications of the diffusive gradients in thin films (DGT) passive 
sampling technique. The aim of this thesis was to explore new application areas as well as carry out further 
characterisation of DGT-adsorbents already on the market. 
 The commercially available DGT containing ferrihydrite adsorbent, currently in use for the determination of 
phosphate and inorganic arsenic, was characterised with respect to anionic arsenate, molybdate, antimonate, 
vanadate and tungstate determination. Tests were performed in the laboratory as well as in the field. Diffusion 
coefficients were determined for the anions using two different methods with good agreement. Simultaneous 
measurements of arsenate were conducted as quality control to facilitate comparison of the performance with 
previous work. The ferrihydrite-backed DGT was concluded useful for application over the pH-range 4 to 10 for 
vanadate and tungstate, and 4 to <8 for molybdate and antimonate. At pH values ≥8, deteriorating adsorption 
was observed. Further investigations of the ferrihydrite-DGT device were done with respect to organic arsenic 
species. From previous research it is understood that the two most prevalent forms of organic arsenic in natural 
waters, monomethylarsinate (MMA) and dimethylarsonate (DMA), adsorb to ferrihydrite. It was concluded that 
MMA and under some conditions DMA are accumulated and might therefore be included in total arsenic 
measurements. A method for speciation of inorganic As, DMA and MMA was described. 
 DGT sampling was applied at three stations, with different salinities, in the brackish Baltic Sea. Time series 
as well as vertical profiles were taken and complementary membrane- (<0.22 μm) and ultrafiltrations (<1 kDa) 
were conducted on discrete samples collected at 5 m depth. A combination of a restricted pore (RP) version of 
DGT and the normal open pore (OP) DGT, both loaded with Chelex cation exchanger, was used for speciation of 
copper and nickel. Due to minimal differences in results between the OP- and RP-DGTs it was suggested that the 
complexes were smaller than the pore size of the RP gel (~1 nm) resulting in both DGTs accumulating 
essentially the same fraction. Furthermore, there seemed to be a trend in copper speciation indicating a higher 
degree of strong complexation with increasing salinity. The low salinity stations are more impacted by fluvial 
inputs which will likely affect the nature and composition of the organic ligands present. Assuming that copper 
forms more stable complexes with ligands of marine rather than terrestrial origin would be sufficient to explain 
the observed trend. Additionally, uranium results from the same sampling tours were used to evaluate OP-DGT 
for in situ uranium measurements. Previous research has focused on laboratory studies for characterisation of a 
range of suitable uranium adsorbents, including Chelex. From the Baltic Sea study, a strong correlation between 
DGT-labile uranium and pH was revealed. The correlation could not be associated to organic complexation, 
since the ultrafiltration results implicated that uranium was truly dissolved. Instead it must be attributed to the 
formation of stable inorganic anionic uranyl-carbonate complexes, the stability of which increases with 
increasing numbers of carbonates and pH.  
 Transplanted aquatic moss has commonly been used to monitor bioavailable trace metal contaminations in 
freshwater. Like the DGT technique the method has the advantage of generating time-weighted averaged 
concentrations. The DGT technique has in several previous studies been suggested to mimic biological uptake of 
trace metals. Four speciation/fractionation techniques – DGT, transplanted aquatic moss, ultrafiltration (1 kDa) 
and membrane filtration (0.22 μm) – were used in parallel for measurements of Al, Cd, Co, Cu, Fe, Mn, Ni and 
Zn in a contaminated freshwater stream in northern Sweden. Differences and similarities between the methods 
were investigated and how these depend on geochemical water quality. Strong correlations between DGT-results 
and the concentrations in the filtrate (<0.22 μm) and ultrafiltration permeate for Al, Cu, Cd, Co and Zn were 
detected and, generally, elevated trace metal concentrations were found in the transplanted moss, compared to 
moss from the non-polluted reference stream. However, no correlation between moss and DGT-labile 
concentrations could be discerned.  
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1 INTRODUCTION 

Since toxicity and mobility of trace elements are related to the elements’ speciation (1), robust 
methods for trace element speciation analysis are of great interest. There are several 
techniques available to perform chemical speciation and fractionation measurements of 
elements in aquatic environments, all having their own opportunities and limitations (2). One 
of these techniques is diffusive gradients in thin films (DGT; Figure 1; (3)). During the last 15 
years, hundreds1 of scientific articles have been published on the subject of DGT development 
and application. The DGT technique was developed for in situ measurements of labile trace 
metal species in aquatic environments and is therefore referred to as a dynamic speciation 
technique (4). DGT sampling has been applied to waters (e.g. 5), sediments (e.g. 6, 7) and 
soils (e.g. 8). The focus in this thesis will be on DGT performance and applications in water.  

1.1 Opportunities of DGT measurements 
Sampling with DGT offers a wide range of applications. It has been used for everything 
between bioavailability and toxicity studies (9–12), detailed studies to quantify labile organic 
and inorganic trace metal species (13) and to trace pollution sources in sewer systems (14). 
The diversity in applications implies that DGT is a useful tool for researchers from varying 
disciplines. In Figure 1 a DGT device is shown. 
 As an in situ separation technique, DGT has the advantage to minimise speciation changes 
during sampling and storage (2). Further benefits are that the sampling device is simple to use 
and relatively inexpensive since the user does not need any costly equipment, and it can be 
sent to commercial laboratories for analysis. The effective time taken for deployment and 
retrieval is short, perhaps not more than 10-15 minutes per device. This enables simultaneous 
speciation measurements at for example several locations or depths (see e.g. paper III and IV). 

                                                 
1 A Quick Search on www.scopus.com for “diffusive gradients in thin films” resulted in 269 hits, September 21, 
2011. 

 

 
FIGURE 1. A DGT device in action. © Fredrik Nordblad 
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1.2 What does DGT measure? 
The DGT contains a membrane filter, hydrogel and binding layer (adsorbent) mounted in a 
plastic sampling device with an opening exposed to the sampling medium (5). Analytes in the 
sampling medium diffuse through the membrane filter and hydrogel to finally accumulate in 
the binding layer. Only species that are small enough to pass through the hydrogel are 
accumulated. Accumulation continues as long as the sampling device is exposed, and after 
retrieval the analytes are eluted and determined at the laboratory. Knowing the accumulated 
mass and diffusion coefficient of the analyte, as well as the deployment time and temperature, 
enables calculation of the average concentration during the time of exposure. Diffusion 
coefficients are determined empirically in the laboratory and must be adjusted to the 
deployment temperature. DGT can be applied to any analyte for which a suitable adsorbent 
can be found and no adverse interactions between analyte and the diffusion layer is present. 
The DGT technique and theory is described in more detail in the coming chapters of this 
thesis.  
 DGT measurements generate time-weighted average concentrations during the deploy-
ment time. Longer deployment times will improve the detection limit since greater analyte 
amounts will be accumulated. It is important to note that the DGT concentrations may not be 
directly related to the total or dissolved analyte concentrations since species accumulated by 
the DGT are dependent on size and lability. The size is determined by the diffusive gel, and 
the normal DGT has a pore size of approximately 5 nm (15). This is not a definitive cut-off, 
but means that hydrated metal ions and complexes <5 nm diffuse relatively freely in the gel 
and larger complexes are retarded. Large complexes will therefore only contribute marginally 
to the total accumulated analyte mass. Analytes bound to ligands that are small enough to 
diffuse through the diffusive gel will be included if the time of diffusion is long enough for 
the complex to dissociate (5, 16). A more detailed review of the topic is presented in section 
4.2.  
 In principle the DGT technique is quite simple, but detailed interpretation of the results of 
DGT-based measurements is associated with a range of uncertainties and questions that need 
further investigation. For elements that show small tendencies to strong complexation in 
natural waters, for example Cd, Mn and Zn, the DGT concentrations are commonly in 
coherence with the results from analyses of total dissolved and truly dissolved concentrations 
(17–20), and the interpretation of results is rather straightforward. Ni and especially Cu 
generally show lower DGT concentrations than measurements of dissolved (membrane 
filtered) and truly dissolved (ultrafiltered) fractions, which has been attributed to an effect of 
organic complexation (18, 19). Complexed metal ions have slower diffusion than the 
corresponding free metal ion (16). Therefore, adapting the diffusion coefficients determined 
for inorganic species to calculate DGT obtained concentrations will result in underestimation.  
 DGT has been used in parallel with several other speciation and fractionation techniques 
for comparison, and to investigate the fractions and species measured. For example in 
combination with voltammetric methods (21–23), flow injection analysis (24), ultrafiltration 
(19, 25–27), dialysis (28, 29), and the Chemcatcher passive sampler (30), to mention but a 
few. 

1.3 Short history of DGT development 
The first scientific work concerning the DGT technique was presented in a letter to Nature in 
1994 by Prof. William Davison and Dr. Hao Zhang of Lancaster University, United Kingdom 
(3). The following year an extended characterisation of the technique, for measurements of 
some trace metals, was published (5). In 1998, DGT devices with ferrihydrite adsorbent were 
used for measurements of reactive phosphorus (31). Until today the technique has been 
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applied on almost every continent by researchers from all over the world (e.g Antarctica (32, 
33), Asia (34), Australia (35), Europe (19), North America (36), South America (37)). The 
research group of Applied Geology at Luleå University of Technology has used DGT since 
2002 (38). A brief summary of the DGT development through the years is presented in Figure 
2. 

1.4 Scope of the thesis 
Further development of the DGT has been, and still is, work in progress. The aim of this 
thesis was in general to explore new application areas as well as carry out further 
characterisation of DGT-adsorbents already on the market. Specific tasks follow below. 

1.4.1. Paper I 
By modification of the binding layer, normally containing the Chelex 100 chelating cation 
exchanger, new target analytes can be measured. Before a “new” DGT can be taken into use it 
has to be characterised with respect to, for example, the effects of pH, affinity, elution 
efficiency, detection limits, etc., and diffusion coefficients of the target analytes have to be 
determined. The first objective in this thesis was to identify and evaluate a suitable adsorbent 
to measure inorganic oxy-anions simultaneously (As(V), Mo(VI), Sb(V), V(V) and W(VI)), 
using the DGT technique (paper I). 

1.4.2 Paper II 
The ferrihydrite adsorbent has in several studies (39–41), including paper I, been used for 
inorganic arsenic measurements. However, in all these studies, organic arsenic species have 
been disregarded though it is known that the two most common in natural water, 
monomethylarsonate (MMA) and dimethylarsinate (DMA) may adsorb to ferric oxides (42). 
In paper II, extended studies were therefore carried out in order to investigate the potential 
accumulation of DMA and MMA to ferrihydrite-DGT devices. 
 

 

FIGURE 2. Summary of the ongoing DGT development project.  
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1.4.3 Paper III 
Measurements of Cu and Ni conducted in the Baltic Sea 2003 and 2004, combining DGT and 
ultrafiltration (<1 kDa) techniques, indicated that these metals were complexed but that a 
substantial fraction of the complexes probably were more or less labile (19). Recent 
measurements (15, 43) using a restricted pore (RP) DGT in combination with the normal open 
pore (OP) DGT showed promising results with respect to estimating labile organic and 
inorganic species. The third objective of the thesis was to apply this combination of DGT 
devices in the Baltic Sea to study Cu and Ni speciation. These results are presented in paper 
III. 

1.4.4 Paper IV 
Uranium is monitored in natural waters for several reasons. Besides the fact that uranium is 
toxic (44), analysis of the isotopic composition can be used in geochemical studies to, for 
example, trace and follow riverine inputs to the oceans (45, 46). Characterisation and 
comparison of several adsorbents suitable for DGT applications, including the normal Chelex 
cation exchanger, have previously been performed for uranium measurements (47–49). 
However, these studies focused on laboratory exercises and only a few field measurements in 
freshwater were carried out. In paper IV, data obtained from the extensive in situ DGT 
sampling campaigns in the Baltic Sea, reported with respect to Cu and Ni measurements in 
paper III, were evaluated regarding the uranium results. 

1.4.5 Paper V 
Transplanted aquatic moss has commonly been used to monitor bioavailable trace metal 
contamination in freshwater. Like the DGT technique the method has the advantage of 
generating time-weighted averaged concentrations. DGT-labile concentrations have in several 
previous studies been compared to biological uptake (10–12, 33). In paper V four speciation/ 
fractionation techniques; DGT and transplanted aquatic moss as well as membrane- and 
ultrafiltration, were used in parallel for measurements of Al, Cd, Co, Cu, Fe, Ni and Zn in a 
contaminated freshwater stream in northern Sweden. Differences and similarities between the 
methods were investigated and how these depend on the geochemical water quality. 



5 

2 DGT – PRINCIPLE AND CALCULATIONS 

A binding layer and a diffusive layer are installed in the DGT plastic sampling device. The 
diffusive layer has a well-defined thickness and typically consists of a polyacrylamide 
diffusive gel and a protective membrane filter that is exposed to the bulk solution through an 
opening/”window” in the sampling device (Figure 3). The binding layer is placed behind the 
diffusive gel and in the ordinary DGT consists of a Chelex 100 cation exchange resin 
embedded in polyacrylamide gel. Chelex has an affinity to di- and tri-valent metal cations 
(50), but other materials have been used in the development of the DGT sampling device to 
measure other analytes. The analytes diffuse from the bulk solution through the diffusion 
layer and adsorb to the binding layer. Thereby a concentration gradient is developed in the 
diffusion layer, where the concentration is equal to the bulk concentration at the 
membrane/water interface and effectively zero at the binding layer surface, as illustrated in 
Figure 4. The concentration gradient is maintained as long as the binding layer is not 
saturated. The flux, J, through the diffusive layer can be described by Fick’s first law of 
diffusion: 
 

 
dx
dCDJ                     Eq. 1 

 
where D is the diffusion coefficient, C is the concentration and x the distance (and dC/dx the 
concentration gradient).  
  

 

FIGURE 3. Illustration of the DGT device in A: 3D, B: cross section and C: close up of cross section 
showing the binding and diffusive layers. 



6 

 The diffusion coefficient is determined experimentally and differs between analytes, 
species as well as between different media, such as in water, in the diffusive gel and 
membrane filter. Since the diffusion coefficient is temperature dependent, D must also be 
corrected to the deployment temperature, T (5): 
 

 
298
273

log
109

251036.82537023.1log 25
24 TD

T
TTD     Eq. 2 

 
where D and D25 are the diffusion coefficients of the deployment temperature and at 25 °C, 
respectively.  
 If g is the thickness of the diffusion layer, the flux is given by the following: 
 

 
g

CDJ                    Eq. 3 

 
 The DGT device is exposed to the target solution for a known time, t. After retrieval the 
DGT is opened and the analytes are desorbed/eluted from the binding layer followed by 
determination using a suitable analytical technique. For the normal Chelex-DGT, nitric acid is 
recommended as eluent. Various concentrations and volumes have been tried resulting in 
different elution efficiencies, fe, which has to be taken into account in the coming calculations 
of the accumulated mass, M: 
 

 
e

eg
e f

VV
CM                   Eq. 4 

 
where Ce is the measured concentration of the analyte in the eluate, Vg is the volume of the 
binding layer gel and Ve the volume of the eluent. M can then be used to calculate the flux 
through the diffusion layer with the exposed area, A, during the exposure time: 
 

 
tA

MJ                     Eq. 5 

  

 

FIGURE 4. Schematic representation of the concentration in bulk solution, through the diffusion layer to 
the binding layer. Δg is typically 0.09 cm. 
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 Combining Equations 3 and 5 and rearranging gives the concentration, C, of the analyte in 
the bulk solution, available to the DGT: 
 

  
AtD
gMC                    Eq. 6 

 
 The thickness of the diffusion layer, g, can be divided into gel and f corresponding to 
the diffusive gel and membrane filter thicknesses, respectively. In OP-DGT measurements the 
difference in diffusion coefficient between the gel and the filter is small and ignoring this in 
the calculation of concentration will not contribute to an error larger than 5% (51). However, 
for RP-DGT measurements the difference is too large to ignore during calculations. Eq. 6 may 
therefore be extended to:  
 

 
f

f

g

gel

DDtA
MC                 Eq. 7 

 
where Df is the diffusion coefficient in the membrane filter. 
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3 DGT CONSIDERATIONS 

There are numerous factors affecting DGT performance and these are reviewed below. 
Knowledge of these factors provides a general view of what can be expected and achieved 
using the technique, and helps in making informed decisions before DGT sampling is applied. 

3.1 Binding layers 
In the early stages of DGT development the technique was first characterised for Ni, Zn, Mn, 
Fe, Cu and Cd measurements (5). Later, Garmo et al. (52) evaluated the Chelex DGT for 55 
elements and concluded it useful for measurements of the following 24: Pb, Zn, Co, Ni, Cu, 
Cd, Al, Mn, Ga, La, Ce, Pr, Nd, Sm, Eu, Gd, Tb, Dy, Ho, Er, Tm, Tb, Lu and Y. There were 
also opportunities for quantification of Fe, Cr, Ba, Sr, U, V, Mo and Ti. For shorter 
deployment times the Chelex-DGT can also be applied to Mg and Ca measurements (53). The 
latter are major cations present at high concentrations in natural waters and their affinity to the 
Chelex resin is relatively low. Therefore their exchange by trace metals with higher affinity 
will start within one day.  
 By modifications of the binding layer the DGT has been further developed for other 
elements. DGT can be applied to analytes for which there is a suitable binding agent, 
assuming that there are no adverse interactions between the analyte and the binding layer. For 
example by exchange of the Chelex cation-exchanger for synthetic ferrihydrite (an iron 
oxyhydroxide), the DGT was characterised for determination of labile anionic phosphate (31) 
and in later years to inorganic As (40). The ferrihydrite backed DGT (FH-DGT) device has 
also been applied to Se in soil (54), to P, As, V, W, Mo, Sb, and U to study microniches in 
sediments (55, 56). Recently, full characterisation was reported for the measurement of 
As(V), V(V), Se(VI) and Sb(V) (39) and in paper I for As(V), Mo(VI), Sb(V), V(V) and 
W(V). The FH-DGT is available in two versions, either with “slurry” or “precipitated” 
ferrihydrite. The distinction between them is the preparation procedure; for slurry, the 
ferrihydrite is prepared before the binding gel is polymerised, and is added to the gel solution. 
For the precipitated version, the ferrihydrite is precipitated directly in the discs of already 
casted gel by soaking the gel in Fe3+ solution and continuously increase the pH (39). This 
results in a more homogenously distributed adsorbent making the probes suitable for sediment 
profile applications when there is a demand of high spatial resolution (39, 55, 56). Further 
benefits are improved capacity, probably due to higher iron content as well as proportionally 
larger adsorbent surfaces exposed (39). However, the precipitated FH-DGT suffer from aging 
affects seen as decreased accumulation rates already within 46 days after manufacturing (39) 
which can be compared to slurry FH-DGT devices that can be stored for at least 9 months 
(31). 
 A mixed binding layer of Chelex and ferrihydrite was used for the measurement of both 
cations (Mn, Cu, Zn, Cd) and anions (phosphate and molybdate) simultaneously (57). An 
alternative adsorbent for anion measurements is the titanium dioxide based Metsorb resin 
(58–60). Characterisation and comparison to FH-DGT devices have been carried out for 
determination of phosphate (59, 60) as well as As and Se (58). The Metsorb-DGT probes 
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showed superior performance in seawater (59), compared to FH-DGT. In addition, the 
adsorption of phosphate to ferrihydrite was more affected by HCO3

- competition (59). 
 Furthermore, TEVA and Dowex 1x8 anion exchange resins have been used for 
determination of Tc (61) and U (48), respectively, and thiol resins to determine labile Hg (62) 
and methyl-Hg (63) concentrations. Due to strong binding of inorganic mercury to the amide 
groups in the polyacrylamide diffusive gel, agarose gels have been used instead (62). For 
methyl-Hg though, no such adverse effects were reported using polyacrylamide diffusive gel 
(63). Li et al. (64) examined Cd and Cu accumulation to five binding layers (four of them 
previously characterised in references (65–68)), including the normal Chelex gel. Though the 
differences between the DGTs were often rather small, there were significant differences in 
accumulated masses between the binding layers, and it was concluded that the estimated 
concentrations of DGT labile metals are dependent on the binding phase used. The Chelex-
DGT showed highest accumulation in a seawater matrix, but in a freshwater matrix other 
binding agents were stronger. There were similar results for both Cd and Cu.  

3.2 Factors affecting precision and accuracy 
Errors expected to effect DGT measurements arise from several factors including for example 
temperature variations during deployment, variations in the thickness of the diffusive gels, 
DGT blank variability, elution factor, diffusion coefficient and diffusive boundary layer. 
While precision approaching 5% relative standard deviation (RSD) has been estimated from 
controlled laboratory measurements, deteriorated precision must be expected from field 
sampling, since the field conditions are less controlled.  

3.2.1 Diffusive boundary layer 
The DGT should ideally be placed in flowing waters because at the interface between the 
protective membrane filter and surrounding water, a diffusive boundary layer (DBL) is 
developed. The DBL is stagnant and therefore works as an extension of the diffusion layer 
and is larger in low flowing waters. For improved accuracy, measurement of the DBL 
thickness might be performed and included in the concentration calculations in Equation 5. In 
high flowing waters the DBL thickness, , has been estimated to be 0.23 mm (69), which is 
approximately 25% of the diffusive layer thickness, g, in the ordinary DGT. In laboratory 
experiments, when no stirring was applied to the test solution, DGT concentrations 
corresponding to half of the theoretical value were observed (70), which implies a DBL 
thickness equal to g, i.e. ~0.9 mm. Above flow velocities corresponding to 2 cm s-1,  did 
not decrease further.  is estimated using at least two DGT units with different diffusive gel 
thicknesses, e.g. the ordinary 0.8 mm along with 1.2 mm. is then calculated according to 
(71): 
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The subscripts 1 and 2 refer to the thinner and thicker gels, respectively. The diffusion 
coefficient of an analyte in the DBL is assumed to be equal to the diffusion coefficient of the 
analyte in water, Dw. Extension of Eq. 7, including DBL thickness gives: 
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Ignoring the DBL in calculations will give the DGT concentration at the filter/water interface 
and the DGT concentration will be underestimated, which is evident from Figure 4.  

3.2.2 Effective sampling area 
A systematic error has been detected, working in the opposite direction to that of the DBL. 
The error resulted in approximately 20% overestimation of the DGT concentration. 
Measurements using laser ablation ICP-MS (69) on dried binding gels indicated that the 
effective adsorption area on the binding layer is 20% larger than the area of the DGT device 
window (see Figure 3) and the systematic error was suggested to originate from this fact. The 
DBL and effective adsorption area may be disregarded in regular use of DGT, since the 
magnitude of the effects are similar but work in opposite directions. Eq. 6 may then be used 
for concentration calculations.  
 Recently a new miniaturised DGT (μDGT) probe, developed for measurements in small 
sample volumes, was validated (72). This new probe was designed to let the areas of the 
sampling window and the adsorption layer have the same size and thereby fully eliminate the 
possibility of having a larger adsorption area. Applications of the μDGT probe should 
therefore always include estimation of the DBL thickness. 

3.2.3 Biofouling 
Deployment of DGT devices in natural waters can cause development of a biofilm on the 
device and the protective membrane filter, caused by colonisation by microorganisms. The 
biofilm may adsorb analytes or work as an extension of the diffusive layer, both leading to 
underestimation of the DGT-labile concentration (73, 74). FH-DGT probes for phosphate 
measurements were impregnated with three different anti-biofilm agents and deployed along 
with untreated ones in fishery farms, high in nutrient content. Both control and treated DGT 
units indicated variations in DGT-labile phosphate concentrations connected to differences in 
deployment times (4-21 days) and factors other than biofilm development seemed to have 
affected the phosphate accumulation, perhaps from the impregnators them selves. The 
approach of anti-biofilm impregnation is not widely used. 

3.2.4 Temperature 
Diffusion coefficients are normally determined at room temperature and thereafter adjusted to 
deployment temperature using Eq. 2 (5). Roughly this corresponds to a change of 3% per °C. 
Verification that the equation holds was conducted by Zhang and Davison (5) in the 
temperature range 5-35 °C. However, Larner et al. (32) showed that diffusion coefficients of 
Cd, Pb, Al, Mn, Co, Cu and Zn measured at –1 °C on average differed 12% from the 
recalculated values determined at 20 °C. Therefore, for accurate measurements in low 
temperature waters it may be necessary to redo diffusion coefficient measurements. 
 For simple applications or short exposure times the temperature is measured at 
deployment and retrieval of the DGT samplers. When high accuracy is necessary temperature 
loggers might be needed. The temperature logger is attached in situ close to the DGT devices 
and is programmed to register the temperature at specified time intervals. 

3.3 pH 
Reliable DGT measurements can be performed over a wide pH range. Limitations are 
associated to the characteristics of the binding agent and the diffusive gel. The Chelex resin 
consists of a styrene divinylbenzene copolymer chemically-bonded iminodiacetic acid (IDA). 
IDA forms bidentate chelates with polyvalent cations and has a high affinity for metal ions 
(50). At lower pH values IDA becomes protonated, and the chelating efficiency is impaired. 
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The pH at which decreased adsorption appears varies between analytes and is dependent on 
the selectivity of IDA. For example Cd measurements may be conducted down to pH 4-5 (5, 
70) while Cu uptake in synthetic solutions resulted in accurate results at least down to pH 2 
(70).  
 At pH < 1 the gel starts to swell (15). Swelling was also seen at pH ≥ 11. Anyhow, from 
measurements conducted at pH 12.9 it has been shown that even though the accumulation rate 
is decreased, there is still a linear uptake over time (70). Therefore DGT could probably be 
used at high pH after determination of the diffusion coefficients at the given pH.  
 Investigations of the FH-DGT for anionic determination has shown that accurate 
measurements of phosphate can be exerted in the pH range 2-10 (31), arsenic between pH 3-8 
(39, 40, 54) and molybdate between 3-8 (39, 57).  

3.4 Ionic strength 
During the early development of the DGT, investigations of the properties implicated that 
DGT could be used in low ionic strength waters, actually down to ionic strength, I = 10 nM 
(5). However, later works have indicated that I <1 mM results in deteriorated precision and 
accuracy (e.g. 15, 20, 75–77). Several reasons have been suggested and increased as well as 
decreased accumulation rates have been observed. To control the problem Warnken et al. (77) 
highlighted the importance of extensive and thorough washing of the diffusive gels after 
polymerisation in order to reduce unreacted polymerization products in the gels. Poorly 
washed gels will result in increased accumulation rates and deteriorated precision for 
measurements in low ionic strength waters (I <1 mM). Completely hydrated gels though 
resulted in decreased accumulation rates at I <1 mM, but when additional measurements of 
diffusion coefficients were performed, it was concluded that DGT can be used with preserved 
precision down to I = 0.1 mM (51, 77).  

3.5 Accumulation capacity 
Maximum accumulation is limited by the capacity of the adsorbent incorporated in the 
binding layer. Zhang and Davison (5) determined the maximum capacity of the normal 
Chelex-DGT to 0.65 mg Cd, which corresponds to approximately 6 μmol. In ocean water this 
has been estimated to correspond to 2.5 years deployment to collect Chelex-exchangeable 
metals, assuming saturation is the only limiting factor. In coastal water and many unpolluted 
freshwaters the concentrations are estimated to be ten times higher and therefore the 
maximum deployment time will be ten times shorter, i.e. 3 months. The high accumulation 
capacity assures that the deployment time is rarely the limiting factor.  
 FH-DGT capacity has been determined for several oxyanions and the measured values fall 
in the range 0.2-0.5 μmol/device, though decreased accumulation rates are evident before 
maximum capacity is reached (31, 39, 40, 78). It is not recommended to add more ferrihydrite 
slurry to the binding layer to increase the capacity since this will affect the properties of the 
binding gel negatively (31). However, two to three times higher capacity can be obtained 
using precipitated FH-DGT probes (39). 
 The later characterised adsorbents, such as Metsorb for phosphate and arsenic (58, 59), 
Whatman P81 for U (47), Cu and Cd (65) and arylamide-polyacrylic acid copolymer hydrogel 
(66) for Cu and Cd show higher capacity for the investigated analytes (among some other 
advantages), compared to Chelex- or FH-DGT probes, which could be beneficial for some 
applications. On the other hand the well documented multielemental capabilities associated 
with Chelex- (19, 52) and FH-DGT (paper I, 39, 56) might get lost. 
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4 SPECIATION MEASUREMENTS 

By using diffusive gels with different thicknesses and/or of different pore sizes in parallel, 
dissociation rates of complexes and degree of complexation can be appreciated. The theory 
behind this topic is reviewed in the following sections.  

4.1 Complex lability measurements 
Analyte accumulation in the binding layer is dependent on both the size and lability of 
eventual complexes. The size is limited by the diffusive gel pore diameter (~5 nm). This 
allows hydrated cations (5) and small complexes (16) to move freely, while larger complexes 
are more or less retarded.  
 Consider the equilibrium reaction of metal ions (analytes), Me, and ligands, L, and the 
complex, MeL: 
  
 Me + L ↔ MeL                  Eq. 10 
 
As Me is continually removed by adsorption to the binding layer, the equilibrium in the 
diffusive layer is perturbed which may promote dissociation of MeL. In Figure 5 a schematic 
representation of potential concentration gradients of MeL complexes and the metal ions is 
presented. Case A demonstrates the concentration profiles of the analyte and a completely 
labile complex (5). The MeL complex dissociates and not only free metal ions but all metal 
ions originally associated with the complex are adsorbed to the binding layer. In the second 
case, B, the complex is totally inert and does not dissociate at all within the time taken to 
diffuse through the layer, and so analytes from this complex will not be measured. Case C 
shows the example of a partially labile complex resulting in a decrease in MeL concentration 

               A                                                           B                                                            C 

FIGURE 5. Schematic representation of the concentration gradients in the diffusion layer of Me and MeL 
illustrating A: completely labile complex, B: completely inert complex and C: partially labile complex. 
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closer to the binding surface but not complete removal. This is due to slow dissociation of the 
complex in Eq. 10. Kinetics will then control the accumulation and the estimated 
concentration becomes dependent on the thickness of the diffusion layer. Thicker diffusion 
layers result in longer times for dissociation. The time taken for a complex to traverse the gel 
(td) can be estimated from Eq. 11 if the diffusion coefficient of MeL is known (71): 
 

 ML
d D

gt
2

2

                   Eq. 11 
 
 Lability of complexes can be estimated by simultaneous deployment of DGT devices with 
different diffusive gel thicknesses (e.g. (17, 79)). Since the same procedure is also used for 
DBL thickness measurements (section 3.2.1) it is recommended to quantify the DBL using 
ions that are fully labile and not kinetically limited. These are typically Zn and Cd (17).  
 Garmo et al. (80) found that partially labile complexes (Figure 5c) will penetrate the resin 
layer and the resin layer thickness might therefore affect which ligand-associated analytes that 
will be accumulated. This was demonstrated by laboratory measurements of the lanthanide 
series elements (Ln) complexed to the octadentate acyclic polyaminocarboxylate ligand 
quin2. Doubling the resin layer thickness increased the accumulated amounts of Ln. The 
relative increase was related to the stability of individual Ln-quin2 complexes. Ln-quin2 
dissociation rate constants have been reported to range from 5.7·10-3 s-1 (La3+) to 1.7·10-6 s-1 
(Lu3+) through the Ln series. In a pair of recent articles (81, 82) the importance of the resin 
layer thickness was further stressed and a model was developed, taking the resin layer 
thickness into account, for estimating the lability degree of any metal-ligand complex, using a 
standard DGT probe (82).  

4.2 Determination of labile organic and inorganic species 
Organic ligands present in natural waters are often smaller than 5 nm in size (83–85). 
Analytes complexed with these will, depending on lability, therefore contribute to the 
accumulated mass in the DGT. The diffusion coefficients of these complexes are lower than 
these of “free” ions, resulting in a risk of underestimating the DGT concentration when using 
diffusion coefficients of the free ions. To overcome this issue, DGT devices with a diffusive 
gel having a more restricted pore size have been used in combination with DGTs with larger 
pores (43, 51, 86). The RP-DGT has a pore size of ~1 nm (15) and will retard larger 
complexes to a higher extent than the most commonly used OP-DGT (often also referred to as 
APA2-DGT). Not only the diffusion of complexes, but also the diffusion of “free” ions is 
slower in the RP-DGT compared to the OP-DGT (51).  
 If the diffusion coefficients of the ligands present in the sampling solution is known or can 
be appreciated, speciation of organic and inorganic labile metal concentrations can be 
estimated (86). The mass of analyte accumulated in the DGT is the sum of labile inorganic 
(MMe) and organic species (MMeL): 
 
 MeLMeDGT MMM                  Eq. 12 
 
The contributions of MMe and MMeL are given by Eq. 13 and Eq. 14, respectively: 
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AtDCM MeLMeL
MeL                Eq. 14 

 
where CMe and CMeL are the concentrations of inorganic and organic species, respectively. 
Combining Eq. 12-14 gives: 
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which can be rearranged to: 
 

 MeL
Me

MeL
Me

Me

DGT C
D
DC

tAD
M

              Eq. 16 

 
Therefore, by plotting the ratio of the diffusion coefficients of the complex and the metal, 
DMeL/DMe, for each DGT type (e.g. OP and RP) against the corresponding value for 
MDGT/(A·t· g·DMe), the concentrations of inorganic and organic species can be estimated from 
the slope and intercept of the line. Measurements to determine diffusion coefficients of 
several natural and synthetic organic ligands have been conducted in diffusive gels with 
different pore sizes for this purpose (15, 51). The speciation procedure has been applied in 
synthetic solutions (27, 86) as well as natural waters (27, 43, 86, 87). 
 Recently it was indicated that a substantial part of organic complexed metals pass the RP 
diffusive gel. Balistrieri et al. (36) used the combination of OP- and RP-DGT devices in a 
river affected by acid mine drainage, and while calculations using the biotic ligand model 
predicted high degrees of complexation of Cu and Cd, OP- and RP-DGT gave the same 
concentrations. These observations could to some extent probably be explained from the 
examination of gel properties conducted by van der Veeken et al. (88). The latter found 
evidence implying that the gel pore sizes in both OP and RP gels partly are much larger than 
have previously been estimated. Solutions of Pb complexed to latex particles with radii of 40 
or 129 nm were equilibrated with OP and RP gels. The Pb-latex complex concentrations after 
equilibration were 30-50% in the OP gel and up to 65% in the RP gel, compared to the bulk 
concentration. These preliminary results still await confirmation or reassessment by the DGT 
community, but if true, the presumed effects from OP-and RP-DGT deployments must be 
reconsidered. 
 Due to the fact that the retardation of larger complexes is more pronounced in the RP gel 
compared to the OP gel, there will be more time available for dissociation of the complexes 
that are small enough to traverse the restricted pores. This issue was discussed by Warnken et 
al. (13) when using combinations of OP- and RP-DGT devices along with OP-DGT devices 
with different diffusive layer thicknesses. Using this set-up they could conclude that the 
diffusion coefficients of FA estimated from diffusion cell measurements underestimated the 
effective diffusion coefficient observed in natural waters. 
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5 FINDINGS 

In the sections below, paper I-V are summarised.  

5.1 Summary of Paper I 
The opportunities associated with the DGT technique make further development desirable in 
order to increase the number of elements amenable to DGT measurements. In paper I the 
commercially available FH-DGT, already characterised for measurements of  phosphate and 
arsenic, was evaluated for determination of labile anionic molybdate, Mo(VI), antimonate, 
Sb(V), vanadate, V(V), and tungstate, W(VI). Laboratory studies were conducted for the 
determination of adsorption efficiency, diffusion coefficients, elution efficiency, pH-
dependence as well as detection and quantification limits. Arsenate measurements were run 
simultaneously to provide quality control of the performance via comparison with literature 
data.  
 Adsorption tests indicated rapid adsorption of all analytes in the pH range 4-8. However, 
decreased efficiency was observed for antimonate at pH 8. Complete elution of analytes from 
the ferrihydrite gel discs was achieved using 10 mL 1.4 M HNO3 containing 0.1 M HF. 
 Diffusion coefficients were determined using two independent methods; by diffusion cell 
and by direct uptake to DGT devices in solutions with known concentrations. The latter 
method was applied at several pH values. All measurements showed similar results 
irrespective of method and pH with two exceptions, molybdate and antimonate at pH 8.  
 The limits of quantification (LOQs) were estimated from the standard deviations of 
measured concentrations during the analysis of 10 unexposed FH-DGT devices, and were 
calculated to be 5, 3, 0.3, 0.4, 0.2 ng/DGT device for arsenic, molybdenum, antimony, 
vanadium and tungsten, respectively. These figures were recalculated to required 
concentrations in bulk solutions, using Eq. 6, to obtain method LOQs assuming seven days 
exposure at 15 ºC. The estimated bulk concentrations, necessary to reach LOQ levels during 
the given time, were then determined to be 0.1, 0.05, 0.005, 0.005, 0.007 μg L-1 for the 
respective analytes.  
 As a final test, field measurements were conducted upstream and downstream of a lake in 
a stream affected by mine drainage. In parallel with DGT deployments, discrete sampling 
followed by subsequent filtration (<0.45 μm) on site was performed. Time series from several 
months’ measurements were analysed, starting at the spring flood peak. The measurements 
were therefore conducted under varying pH, conductivity and concentration conditions. DGT 
concentrations of the analytes followed the filtered concentrations but were generally lower, 
which was attributed to complexation with colloids. At high pH, decreased efficiency of the 
FH-DGT was observed for molybdate and antimonate. 
 The overall performance of the FH-DGT for measurements of arsenic, molybdate, 
antimonate, vanadate and tungstate was considered acceptable and the FH-DGT is therefore 
suitable for the simultaneous determination of these analytes in the pH range 4-8. Promising 
results were seen in a field sampling campaign, even at higher pH values with the exceptions 
of molybdate and antimonate. 
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5.2 Summary of Paper II 
Organic arsenic species are commonly found in natural waters (89) and sediments (90). The 
two most prevalent, dimethylarsonate (DMA) and monomethylarsinate (MMA) can 
potentially adsorb to the ferrihydrite binding agent (42) used for DGT measurements of 
inorganic arsenic (e.g. Paper I), and might thus contribute to total arsenic measurements. 
Therefore extended investigations of the FH-DGT were conducted to explore under which 
conditions this might be an issue. In addition, elution and analytical methods were developed 
to quantify inorganic and organic arsenic accumulated by FH-DGT devices. The work is 
presented in paper II where it is concluded that MMA is adsorbed in the pH range 4-8 and 
DMA to a large extent (90%) at pH 4, but the adsorption rates decrease with increasing pH. 
None of the analytes seems to be affected by changes of the ionic strength, which was varied 
between 1 and 100 mM NaNO3. If total arsenic is determined in DGT-eluates but only the 
concentration of inorganic arsenic is of interest, the results from paper II reveal the profound 
risk for making overestimations and suggest the need to perform speciation analysis on the 
sampled water to confirm that neither DMA nor MMA are present at significant levels. If 
either DMA or MMA is present, speciation analysis of the DGT eluates might be an 
alternative.  
 The arsenic speciation analyses were performed using high performance liquid 
chromatography (HPLC) coupled to ICP sector-field MS (SFMS). The analytes were 
introduced to the plasma as gaseous hydrides after an on-line hydride generation (HG) step 
using a NaBH4-solution. Despite good chromatographic separation of the measured species 
(As(III), As(V), DMA, MMA), the arsenic content accumulated to the ferrihydrite adsorbent 
could only be specified as total inorganic arsenic, DMA and MMA. This was due to 
conversion of As(III) to As(V) during the recovery of arsenic from the adsorbent. The 
recovery was carried out by soaking the ferrihydrite-gels in 1 mL 1 M NaOH for 24 h. 
Recovery rates were found to be between 87% and 108% for all four species and LOQs were 
determined to be 40, 10 and 20 ng/device for total inorganic arsenic (As(III) plus As(V)), 
DMA and MMA, respectively. The limiting factor for achieving lower LOQs is the 100 times 
dilution step of the 1 M NaOH eluate necessary to prevent matrix effects on the 
chromatographic separation. 

5.3 Summary of Paper III 
In paper III the OP-DGT with the Chelex binding layer was used in combination with the RP 
DGT, for sampling of copper and nickel at three stations in the Baltic Sea: Landsort Deep, 
Bothnian Sea and Gotland Deep, depicted in Figure 6. Time series and vertical profiles were 
taken and complementary samples for total concentration measurements were analysed. At 
Bothnian Sea and Gotland Deep additional membrane- and ultrafiltration procedures were 
conducted on samples collected from 5 m depth. Recently, measurements in the Baltic Sea 
(Landsort Deep and Ekhagen Bay) of cadmium, manganese, zinc, copper and nickel were 
performed by Forsberg et al. (19), comparing the OP-DGT and ultrafiltration (<1 kDa) 
techniques. The DGT and ultrafilter were considered to have approximately the same pore 
size. Cadmium, manganese and zinc showed excellent agreement between the methods, while 
nickel and especially copper DGT concentrations were generally lower than their ultrafiltered 
counterparts. The effect was attributed to organic complexation of these two elements and 
therefore further studies were suggested, applying RP- and OP-DGT devices in parallel to 
hopefully separate the organic and inorganic DGT-labile fractions. 
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 However, the results from the present study showed minimal differences between the two 
DGT types in terms of Cu and Ni concentrations, indicating that the labile complexes were 
smaller than the pore size of the RP gel, and therefore more or less the same fraction was 
accumulated by both devices. Compared to ultrafiltration, the nickel DGT-labile fraction was 
greater than that of copper. Assuming 100% complexation of nickel to fulvic acid ligand in 
the Bothnian Sea and Gotland Deep waters gave DGT concentrations similar to ultrafiltered 
nickel concentrations by virtue of the use of a lower diffusion coefficient representative of the 
bulkier complex in Eq. 6. Nickel complexes were therefore suggested to be completely labile. 
 From competitive ligand exchange-cathodic stripping voltammetry measurements it has 
been proposed that >99.8% copper was complexed with organic ligands in the brackish 
Gullmar Fjord on the Swedish west coast (91). This was assumed to be the situation at our 
sampling sites as well and the diffusion coefficient of the fulvic acid complex was applied to 
OP-DGT results from 5 m depth in order to calculate DGT-labile copper concentrations. A 

 

FIGURE 6. Sampling stations in the Baltic Sea from north to south: Bothnian Sea (C3), Landsort Deep, 
(BY31) and Gotland Deep (BY15). 
 

 

 
FIGURE 7. Estimated DGT-labile fraction of copper plotted against stations with increasing salinity in 
the Baltic Sea. Salinity, determined on the practical salinity scale, in parenthesis. 
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second assumption was that colloids >1 kDa did not have access to the diffusion gel. The non-
labile fraction of copper was then estimated to correspond to up to 75% of the ultra-filtered 
fraction. There were indications that the non-labile fraction may be correlated to salinity. 
Therefore the datasets from Landsort Deep and Ekhagen Bay, presented by Forsberg et al. 
(19), were subjected to the same numerical procedure. Mean values of the percentage DGT 
labile fractions from all sampling occasions are presented in Figure 7, and the salinity 
dependence is evident. The labile fraction of Cu decreased with increasing salinity, and 
therefore the non-labile Cu complexes are proposed to be produced at sea.  

5.4 Summary of Paper IV 
Uranium results from the sampling tours in the Baltic Sea, presented in paper III (Landsort 
Deep 2005, Bothnian Sea 2006 and Gotland Deep 2007; Figure 6), were investigated in paper 
IV. Furthermore, results from extensive DGT sampling during six months and corresponding 
ultrafiltrations (1 kDa; 5 m depth) performed at Landsort Deep 2004 were also included. 
 Though uranium is known to be present as soluble uranyl-carbonate complexes (92), 
which should be small enough to pass the diffusive gel, the DGT devices only registered a 
small fraction of the dissolved concentration in the surface water. Ultrafiltration results were 
in line with theory, i.e. similar concentrations were detected in the soluble fraction, <1 kDa, as 
in the dissolved fraction, <0.22 μm, and total concentration. The difference seen between 
DGT-labile and total uranium concentrations in the surface water decreased through the 
vertical profile at all sampling stations. From measurements conducted using samples 
collected at 80 and 120 meters depth, the discrepancy was no longer detected. Simultaneously 
with the increasing DGT-labile concentrations, a pH decrease was detected. Since the 
uranium speciation changes towards formation of more stable uranyl-carbonate complexes 
with increasing pH, it was suggested that these complexes are too strong to quantitatively 
dissociate within the time taken to traverse the diffusive and resin layers. Measurements of 
uranium with the DGT technique, using the Chelex adsorbent, will therefore reflect the 
reactivity of uranyl rather than the actual size fractionation, in contrast to what has been 
shown for other trace elements with low tendencies to form complexes with organic acids. For 
example, Cd, Zn and Mn measurements in the Baltic Sea, comparing the DGT and 
ultrafiltration techniques, resulted in almost identical results (19).  
  

 

FIGURE 8. Measured pH regressed against DGT labile uranium fraction in Landsort Deep 2004 and 
2005, Bothnian Sea 2006 and Gotland Deep 2007 down to 120 m depth. 
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5.5 Summary of Paper V 
DGT is often suggested to be a technique suitable for estimating the bioavailable fraction of 
trace metals (9, 10, 93, 94). In paper V, DGT sampling was applied in parallel with 
transplantation of shoots from aquatic moss (Fontinalis antipyretica L ex Hedw.) for 
measurement of Al, Cd, Co, Cu, Fe, Mn, Ni and Zn. Aquatic mosses have frequently been 
used as an indicator of metal pollution (95, 96) and have an uptake mechanism similar to that 
exploited by DGT.  
 The sampling location was a polluted freshwater stream, Gråbergsbäcken, in northern 
Sweden. The contamination source comprised the remains of an abandoned copper mine, 
Laver, and the sampling site was located downstream of the clarification pond and a mire. The 
sampling continued for just over one year, with a break during the winter season (November 
to April). Membrane- and ultrafiltration, with 0.22 μm and 1 kDa pore sizes, respectively, was 
carried out on discrete samples taken on every deployment/retrieval occasion for DGT units 
and moss. 
 Correlations between DGT, ultrafiltration and membrane filtration results were found for 
Al, Cd, Co, Cu and Zn. Generally, DGT-labile concentrations were higher than the values 
from the corresponding ultrafiltration which suggest the presence of colloid-bound DGT-
labile analytes larger than 1 kDa. From the DGT measurements it was evident that surface 
runoff from a rainfall event decreased the concentrations of labile Cd, Ni and Zn. 
 There were strong indications that particulate iron was retained on the moss, but no 
correlations were found between accumulated masses to the DGT devices and the 
transplanted moss. From membrane filtration and DGT measurements, Cu, Zn, Cd and Co 
concentrations were considered high to very high, following the classification scheme by the 
Swedish EPA (97) for dissolved concentrations, whereas moss levels only indicated high 
levels of Cu. However, the moss results clearly indicated higher concentration levels of all 
eight analytes in the polluted stream compared to the reference stream where the moss was 
collected. 
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6 CONCLUDING REMARKS AND FUTURE RESEARCH 

In paper I the ferrihydrite-DGT was characterised for measurements of the oxyanions of 
Mo(VI), Sb(V), V(V) and W(VI). Included was also simultaneous determination of AsV. 
Another article (39) was independently published in parallel to paper I, evaluating a DGT 
device containing precipitated ferrihydrite gels, and comparing to the normal (slurry) 
ferrihydrite-DGT (used in paper I), for the determination of As(V), Sb(V), Se(VI) and V(V). 
The results from that study showed excellent agreement with those in paper I regarding, for 
example, diffusion coefficients and adsorption characteristics of As(V), Sb(V), and V(V).  
 In paper II additional work was carried out to investigate the effect of DMA and MMA 
accumulation to the ferrihydrite binding layer. It was demonstrated that MMA, and under 
acidic conditions also DMA, adsorbed to the binding layer and might therefore contribute to 
the total mass of measured arsenic, often assumed to only be inorganic trivalent and 
pentavalent forms. It is therefore proposed to conduct similar tests using the Metsorb 
adsorbent, which was recently characterised for inorganic arsenic (58). Moreover, additional 
work might be needed to further investigate the effects of other species of the elements in 
paper I (Mo, Sb, V and W), that might be present in environmental samples. Most important 
is probably Sb. Sb speciation is commonly distributed between Sb(V), Sb(III) and to a small 
extent also methylated species (98). Under acidic conditions Sb(III) can be assumed to adsorb 
to the ferrihydrite (99). Low concentrations of pentavalent Mo (100) and tetravalent V (101) 
have been detected as dimeric Mo2O4

2+ and VO2+, respectively, in seawater, but due to their 
cationic character these latter Mo and V species can not be presumed to quantitatively 
accumulate to the ferrihydrite adsorbent. However, their absent adsorption will, of course, still 
influence the interpretation of DGT results, if present in high concentrations. Furthermore, at 
low pH and high concentrations, Mo(VI) (molybdate), V(V) (vanadate) and W(VI) (tungstate) 
might polymerise and form larger, potentially DGT-inaccessible, anionic complexes (102). 
 The pore sizes of the OP and RP gels, reported to be 5-10 nm (15, 87) and <1 nm, 
respectively (15), should be ideal for fractionation of metals associated with low molecular 
weight organic ligands found in this size range in fresh- (84, 103) as well as in seawater (104, 
105). Yet, the differences in the concentrations of Cu and Ni, obtained from sampling with 
OP- and RP-DGT devices in combination, were rather small (paper III), indicating that the 
two probes measured essentially the same fraction. Similar results have also been seen from 
sampling campaigns carried out in freshwater (36). This might be because the larger 
complexes, only having access to the OP gel, were not labile, as also was suggested in paper 
III. However, since recent research (88) implies that very large molecules, with up to 130 nm 
radii, to a substantial degree penetrate both the OP and RP gels, future research must include 
thorough characterisation and determination of the pore sizes of OP and RP diffusive gels to 
facilitate accurate interpretations of results, when using this combination.  
 Despite the fact that uranium is found in the truly dissolved fraction in the Baltic Sea, 
which was implied by ultrafiltration results from sampling at 5 m depth at several stations, the 
DGT method was unable to detect all that uranium (paper IV). Instead a correlation of DGT 
labile uranium and pH was seen. The difficulties of sampling uranium with DGT probably 
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stems from uranyl’s complexation with carbonate which increases with pH, and form 
complexes with increasing stability. From diffusion cell experiments other studies have 
indicated the inverse relation between pH and diffusion (47, 106), or no correlation at all (i.e. 
the same D for all pH values ranging from 3 to 8), when deploying whole DGT devices in 
synthetic uranyl solutions (106). Before DGT can be confidently used for uranium 
determination, factors affecting diffusion and accumulation should be further investigated. 
Alternative binding agents may be more suitable. If this can be achieved there are great 
opportunities for using DGT in e.g. uranium isotope fractionation studies, which would open 
new fields of application. The determination of uranium isotope ratios have been used to e.g. 
trace riverine input during estuarine mixing (45, 46). 
 Sampling or transplantation of aquatic moss can be used as an environmental monitoring 
tool to detect elevated concentrations of trace metals in watercourses and lakes. Classification 
guidelines have been provided by the Swedish EPA (97) and are based on the metal content in 
shoots after 2-3 weeks of exposure. Among the benefits associated with this sampling method 
are the obtained time-weighted averaged concentrations, including chronic metal 
contamination as well as sudden discharges during the deployment time. The same holds for 
DGT sampling as well. No correlation was however found between DGT accumulation and 
the uptake of trace metals (Al, Cd, Co, Cu, Fe, Mn, Ni, Zn) by transplanted aquatic moss 
deployed in the polluted stream Gråbergsbäcken (paper V). In fact, the only correlation to 
moss results that was seen at all was between particulate Fe and Fe content in the transplanted 
moss after deployment. Though higher metal contents were generally measured in the 
transplanted moss compared to moss from a non-polluted reference stream, Cu was the only 
analyte classified as present in either high, or a very high, concentration, following guidelines 
developed by the Swedish EPA. From dissolved concentrations and DGT measurements, Cu, 
Zn, Cd and Co were considered high to very high. This agreement suggests that the DGT 
technique has the potential to be an excellent tool in environmental monitoring programs. 
DGT sampling possess the major advantage associated with moss transplantation combined 
with the opportunities from discrete sampling: time-weighted average concentrations prevent 
missing temporal maxima and minima, reduced time preparation times as well as expedient 
and simple sample preparation. However, applying the classification limits developed for 
dissolved concentrations directly to DGT values confers risks for underestimating the severity 
of a contamination. This is because the DGT labile concentrations of several elements 
commonly are lower than the corresponding dissolved concentrations, due to complexation 
(18). Therefore suitable conversion factors of the classification limits for dissolved 
concentrations must be derived for application on DGT sampling. 
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a b s t r a c t

The ferrihydrite-backed DGT (diffusive gradients in thin films), recently developed for arsenic and phos-
phate measurements was, for the first time, characterized with respect to molybdate, antimonate,
vanadate and tungstate determination. Arsenate was included in the characterization to allow compari-
son with literature data and thus provide quality control of the measurements. In addition to laboratory
experiments, field measurements were carried out in a natural stream in northern Sweden affected by
mine drainage. It was shown that ferrihydrite-DGT is suitable for simultaneous determination of labile
arsenic, molybdate, antimonate, vanadate and tungstate over a wide pH range. Diffusion coefficients
were estimated using two different methods; diffusion cell and direct uptake to DGT devices in synthetic
solutions. Estimations of the coefficients using the direct uptake method were performed between pH 4
and 8. The results from the two methods agreed well irrespective of pH, except for molybdate and anti-
monate that showed decreased values at pH 8. Adsorption of the analytes to ferrihydrite gel-discs was
rapid at all pH values. However, there was a tendency toward lower adsorption affinity for antimonate
compared to the other anions. 100% recovery of accumulated analytes was achieved through complete
dissolution of the ferrihydrite adsorbent using 1.4 mol L−1 HNO3 with 0.1 mol L−1 HF. From field sampling
it was concluded that the opportunities for accurate antimonate and molybdate determination decrease
at pH ≥ 8.7. DGT-labile concentrations were generally lower than dissolved concentrations. Relatively
lower DGT concentrations, compared to dissolved (<0.45 �m), were observed under a period when ferric
oxide precipitations were detected on the DGT protective filter.

© 2010 Elsevier B.V. All rights reserved.

1. Introduction

The diffusive gradients in thin films (DGT) passive sampling
technique has been used for dynamic speciation measurements
in water, sediments and soils in more than 15 years [1,2]. Briefly,
the DGT sampling device contains a binding layer covered by a
polyacrylamide hydrogel and a protective membrane filter. The
membrane filter is exposed to the bulk solution through an opening
in the sampling device. The hydrogel and membrane filter allow
free diffusion of analyte species, smaller than the hydrogel pore
size, from the bulk solution to the binding layer, where adsorption
and accumulation occurs. The accumulated mass, M, is determined
in the laboratory. Knowing the diffusion coefficient, D, deployment
time, t, thickness of the diffusive layer, �g, and area of the exposure

∗ Corresponding author at: ALS Laboratory Group, ALS Scandinavia AB, Aurorum
10, 977 75 Luleå, Sweden. Tel.: +46 0 920 289985; fax: +46 0 920 289940.

E-mail address: helene.osterlund@alsglobal.com (H. Österlund).

opening, A, the concentration, C, can be computed [1]:

C = M · �g

D · A · t
(1)

The normal DGT incorporates Chelex 100 cation exchanger for
in situ accumulation of trace metals. Lately, reports of using the
ferrihydrite-backed (FH) DGT for anion measurements have been
published (e.g. [3–6]). The main uses have been phosphate [3]
and inorganic arsenic [5] determinations, for which the FH DGT
is now well-characterized. A mixed binding layer DGT, holding
both Chelex and ferrihydrite, has been used for molybdate and
phosphate determination in soil along with simultaneous measure-
ments of some cations [7]. Measurements have also been conducted
for oxyanions of vanadium, molybdenum, antimony, tungsten and
uranium in sediments [8,9] as well as selenium in soil [6].

As a result of the in situ sampling capabilities, DGT has the
benefit of eliminating the risk of speciation changes due to trans-
portation and storage of samples prior to preparation and analysis
[10]. In addition, time-weighted average concentration analyses
increase the chance of representative sampling that include tem-

0003-2670/$ – see front matter © 2010 Elsevier B.V. All rights reserved.
doi:10.1016/j.aca.2010.09.049
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poral changes in speciation and concentration. In oxygenated
waters arsenic, antimony, molybdenum, vanadium and tungsten
are predicted to be present in their anionic forms; arsenate,
As(V), antimonate, Sb(V), molybdate, Mo(VI), vanadate, V(V) and
tungstate, W(VI) [11], all showing tendencies to adsorb to ferric
oxides (e.g. As: [5]; Mo, W: [12]; V, Mo: [13]; Sb: [14]).

This work aims to further characterize the FH DGT for quan-
titative determinations of molybdate, antimonate, vanadate and
tungstate. Along with the measurements of these anions, arsenate
was included for validation of the laboratory experiments. In addi-
tion, field measurements were also performed in a natural stream
affected by runoff from a tailings impoundment.

2. Experimental

2.1. Reagents, materials and solutions

FH DGT devices, with 0.08 cm diffusive gels, and gel-discs were
purchased from DGT Research Inc. (Lancaster, UK). 1000 mg L−1 sin-
gle analyte stock solutions of anionic As(V), Mo(VI), Sb(V), V(V)
and W(VI) were prepared from AsHNa2O4·7 H2O (Sigma–Aldrich),
Na2MoO4·2 H2O, KSb(OH)6·2 H2O, NH4VO3 and Na2WO4·2 H2O
(Riedel-De Haën) and diluted in purified water (>18.2 M�; Milli-Q,
Millipore). pH was adjusted to >6 to decrease the risk of polymer-
ization of Mo, V and W [15].

2.2. Instrumentation and analysis

Chemical analyses were performed using inductively cou-
pled plasma sector-field mass spectrometry (ICP-SFMS; Element,
Thermo Scientific, Bremen, Germany) at the ALS Scandinavia lab-
oratory. All samples were handled under class 100 clean bench
conditions. Water samples were analyzed using validated and
accredited methods. External calibration was applied combined
with internal standardization (In and Lu added to all samples,
calibrators and instrumental blanks) to correct for instrumental
drift. Typical parameter settings and instrumental conditions can
be reviewed in reference [16] and in the Supplementary material.
Samples and standards were prepared in acid-washed 12 mL sam-
pling tubes (Sarstedt). Calibration standards were prepared from
single-element stock solutions (Ultra Scientific). For every 1 mL
solution, 1 �L of concentrated HF (supra-pure) was added to
samples and standards before acidification to prevent precipita-
tion of W. Quality control standards (QCS) were prepared from
single-element stock solutions (SpS, Spectra Pure) to 1/10th the
concentration of the calibration standard. The concentration deter-
mined in the QCS was not allowed to vary more than ±10% from
the theoretical value.

Temperature, pH and conductivity were measured in the field
using a calibrated HydroLab MS5 water sonde (Hach Environmen-
tal). A Seven Easy pH meter (Mettler Toledo) was used in the
laboratory experiments.

2.3. Recovery

Solutions of the analytes at 1, 10 and 100 �g L−1 were prepared
in 0.01 mol L−1 NaNO3. Ferrihydrite gel-discs were added to 10 mL
of the solutions and left on an orbital platform shaker (Heidolph
Rotamax 120) for 24 h to accumulate the analytes. Thereafter the
gel-discs were removed and soaked in 10 mL 1.4 mol L−1 HNO3
(supra-pure) and 0.1 mol L−1 HF (supra-pure) for 24 h. The solu-
tions were diluted 5–10 times prior to analysis. A blank ferrihydrite
gel-disc was treated in parallel. Analyte solutions after ferrihydrite
adsorption were also analyzed to assure complete uptake.

In addition, a river water certified reference material (CRM),
SLRS-4 (National Research Council, Canada), was analyzed to verify

adsorption and recovery of the analytes to and from the FH gel-
discs. SLRS-4 has certified concentrations of As, Mo, Sb and V. First,
the pH of the solution was increased to 5.6 using NaOH. 30 mL solu-
tion was prepared in duplicate in 50 mL tubes and a FH gel-disc was
placed in each tube and left on the shaker for 24 h. The subsequent
treatment of the gel-discs was as described above.

2.4. Diffusion cell experiments

The procedure for estimation of diffusion coefficients in poly-
acrylamide gels using a diffusion cell is thoroughly described
elsewhere [17]. The diffusion cell in this work consisted of two
70 mL compartments (referred to as compartment A and B) sepa-
rated by a rubber spacer and clamped together. The compartments
were connected through Ø 15 mm holes covered with a 0.82 mm
thick polyacrylamide diffusion gel-disc and the normally used
0.14 mm thick protective membrane filter, both Ø 25 mm. The fil-
ter was exposed to compartment A. 50 mL 0.01 mol L−1 NaNO3 was
added to each compartment and left to equilibrate for a couple of
hours before the measurements started.

The diffusion cell was placed on the shaking apparatus and
adjusted to 164 rpm. 50 �L spikes of 1000 mg L−1 anionic standard
solutions were added to compartment A. Corresponding volumes
of water and 0.1 mol L−1 NaOH were added to compartment B to
compensate for pH and volume changes. The compartments were
covered to avoid evaporation. At the start and every 15 min, 200 �L
samples were taken from each compartment and the temperature
was registered in compartment A using a calibrated thermometer
(Therma1 Thermometer, E.T.I. Ltd.). In total 12 sub-samples were
taken from each compartment.

The sub-samples from compartment B were diluted 10 times
prior to analysis. The dilution solution was spiked to yield
0.28 mol L−1 HNO3, 0.02 mol L−1 HF and 12.5 �g L−1 In and Lu
(internal standard) after dilution. Sub-samples from compartment
A were diluted 50 times with water. Thereafter aliquots of 200 �L
were pipetted into new sampling tubes and prepared as sub-
samples from compartment B.

After analysis, the measured concentrations were used to cal-
culate the mass of analyte that had diffused to compartment B
on every measurement occasion. The diffused mass was plotted
against time and the slope of the curve was used to calculate the
diffusion coefficient, DDC, at the prevailing temperature according
to [17]:

DDC = slope · �g

C · A
(2)

where �g is the combined gel and filter thickness, C the concen-
tration in the spiked cell and A the exposed area of the diffusive
gel.

2.5. Effective diffusion coefficient

A 5 L volume solution containing 10 �g L−1 of each analyte
and 0.01 mol L−1 NaNO3 was prepared. The solution was divided
between three bottles, 1.5 L in each, and the pH adjusted to 4, 6 or 8
using 1 mol L−1 NaOH or 1.4 mol L−1 HNO3. The solutions were left
on magnetic stirring devices to equilibrate. Thereafter the pH was
measured several times to assure complete equilibration. Buffers,
even dilute, were avoided due to the risk of interaction with the FH
binding medium or the analytes themselves, which might poten-
tially affect the uptake.

1.25 L of each solution was transferred to three new bottles, and
duplicate DGTs were mounted along with a temperature logger. The
temperature was logged every 15 min. All three bottles were placed
on the same shaking apparatus to assure similar stirring conditions.
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Fig. 1. Uptake of arsenate, molybdate, antimonate, tungstate and vanadate directly to FH gel-discs at pH 4, 6 and 8 after 5 min to 24 h. After 2 h >95% of As, Mo, V and W was
adsorbed.

After 24 h exposure, the DGT devices were opened and the ferri-
hydrite gels were transferred to tubes containing 10 mL 1.4 mol L−1

HNO3 and 0.1 mol L−1 HF for 24 h to desorb the analytes. Two blank
DGT devices were analyzed in parallel to estimate blank levels
of analytes. The solutions were diluted five-fold prior to analysis.
Water samples were taken several times during the exposure to
monitor the concentration in the test solutions. After the exper-
iment was completed the pH was measured again. Eq. (1) was
rearranged and the diffusion coefficient at the prevailing tempera-
ture was calculated according to:

Deff = M · �g

C · A · t
(3)

2.6. pH dependence of analyte adsorption

The effect of pH on adsorption of the anions to FH gels was exam-
ined. Solutions with 100 �g L−1 of all five analytes were adjusted
to pH 4, 6 or 8 using 0.1 mol L−1 NaOH or HNO3. 30 mL tubes
with caps were placed on the shaking apparatus and 10 mL of
each solution was transferred to the tubes and FH gel-discs were
added. 0.5 mL sub-samples were taken after 5, 10, 20, 30 and
60 min and 1 mL after 2, 6, 24 h. The samples were diluted to 10 mL
using a solution containing 0.28 mol L−1 HNO3 and 0.02 mol L−1

HF.

2.7. Field measurements

Sampling was conducted in Brubäcken Stream, located out-
side Boliden town in northern Sweden. The stream is natural
but affected by the nearby concentration plant where copper,

zinc, lead, silver and gold are concentrated from sulfide ores
(www.boliden.se). Concentration is performed through milling and
flotation and the waste product, tailings sand, is deposited in the
tailing pond and covered with water, to prevent sulfide oxidation.
The effluent water is pH adjusted to >8 and thereafter transferred
to Brubäcken Stream through a canal.

Two locations in Brubäcken Stream were continuously sampled
during 4–6 month periods two consecutive years (2008 and 2009).
The sampling points were located at the in- and out flow of Bruträs-
ket Lake (RT90 coordinates: upstream site x: 7198830, y: 1714710;
downstream site x: 7196690; y: 175580), and are depicted in the
map in Fig. S1 in the Supplementary material.

The first year, FH DGT devices were deployed and retrieved in
intervals of 1–3 weeks. Water samples were also taken on every
occasion. Syringe filtration (<0.45 �m) was carried out in the field
and the samples were analyzed for As, Mo, Sb, and V at the ALS Scan-
dinavia laboratory. DOC was determined in the <70 �m fraction,
after vacuum filtration. In addition, temperature, pH and conduc-
tivity were measured in situ using a calibrated water sonde. Water
flow rate was estimated using a mechanical flow meter (General
Oceanics).

The second year (2009), the sampling procedure was identical
but water samples were only taken on a few occasions, and only W
results are presented.

Blank DGT devices were analyzed along with the exposed sam-
plers, and the procedural blank results were subtracted from the
accumulated mass before concentration calculations. To calculate
DGT concentrations of As, Mo, Sb, V and W in exposed DGT devices,
Deff values estimated from the experiments described above were
used. Calculations were performed using Eq. (1).
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Table 1
Diffusion coefficients 10−6 cm2 s−1 measured using diffusion cell and DGT devices at different pH values. Valid at 25 ◦C. Uncertainties represent 95% confidence interval
of regression line from diffusion cell measurements, minimum/maximum values of duplicate DGT devices and 95% confidence interval calculated from all measurements
included in mean Deff.

DDC pH 6.4 Deff pH 4.1 Deff pH 6.2 Deff pH 7.9 Deff mean Literature

As(V) 5.21 ± 0.16 5.48 ± 0.06 5.54 ± 0.29 4.78 ± 0.07 5.26 ± 0.28 6.01 ± 0.15b, 4.4/4.2c, 4.98 ± 0.36/5.03 ± 0.05d

Mo(VI) 5.96 ± 0.19 5.14 ± 0.08 5.70 ± 0.13 3.27 ± 0.28 5.42 ± 0.20a 6.48e

Sb(V) 5.55 ± 0.20 5.50 ± 0.12 5.25 ± 0.11 3.27 ± 0.15 5.38 ± 0.09a

W(VI) 5.45 ± 0.20 5.32 ± 0.13 5.82 ± 0.10 5.53 ± 0.02 5.56 ± 0.56
V(V) 6.72 ± 0.27 6.50 ± 0.26 6.69 ± 0.32 6.78 ± 0.16 6.66 ± 0.67

a Deff at pH 7.9 was not included in the calculated mean value.
b Fitz et al. [4].
c Sogn et al. [6].
d Panther et al. [5].
e Mason et al. [7].

3. Results and discussion

3.1. pH dependence of adsorption

The effects of pH on the binding of the anions to FH were
examined in the pH range 4–8. From 10 mL solutions containing
100 �g L−1 per analyte, the uptake directly to a FH gel-disc was
monitored for 24 h. The experimental values were used to model
the adsorption for the analytes at the different pH values. The data
were fitted to a first order kinetic uptake model and the results are
presented along with the experimental values in Fig. 1. The numer-
ical procedure is described elsewhere [18]. After 2 h, more than 95%
of arsenate, molybdate, vanadate and tungstate was adsorbed at all
three pH values, and after 24 h the concentration left in solution was
negligible. There seems to be no, or only very small, differences in
the adsorption rate as a function of pH. Slower and weaker adsorp-
tion was observed for antimonate, and the effect was slightly larger
at higher pH, but still more than 93% was adsorbed in 24 h, and
this is tentatively assumed to be good enough for quantitative DGT
measurements. Quantification using DGT relies on rapid binding to
keep the analyte concentration effectively at zero at the binding
surface, and this generates the development and maintenance of a
concentration gradient from the bulk solution through the diffusive
layer [19]. The adsorption rate reflects the relative binding kinetics
of the anions to FH. Fastest adsorption was observed for vanadate
and slowest for antimonate at all tested pH values. The following
order was observed at pH 6 and 8: V > As ≈ W > Mo > Sb. At pH 4
there was a shift between arsenate and molybdate resulting in the
series: V ≈ Mo > W ≈ As > Sb.

3.2. Diffusion coefficient measurements

From Eq. (1) it can be seen that the derived DGT-labile concen-
tration is dependent on the diffusion coefficient, which is therefore
an important factor for the overall accuracy. The estimated dif-
fusion coefficients for arsenate, molybdate, antimonate, vanadate
and tungstate from the diffusion cell experiments (DDC), recalcu-
lated to 25 ◦C, are presented in Table 1. The pH of the solution was
6.4 and the temperature variation during the diffusion cell experi-
ment was less than ±0.5 ◦C. Visual Minteq 3.0 software (available at
www.lwr.kth.se/English/OurSoftware/vminteq/) was used to con-
firm that no complexation between the analytes could be expected
in the mixture. Along with our results, earlier measurements of
diffusion coefficients for molybdate and arsenate are shown for
comparison. Though DGT has been used previously for vanadate,
molybdate, antimonate and tungstate measurements in sediments
[8,9], no diffusion coefficients have been reported.

Diffusion coefficients were also measured through accumula-
tion of the analytes to DGT devices after 24 h exposure at known
concentrations. These effective diffusion coefficients, Deff, were
estimated at three different pH values. Deff, recalculated to be valid

at 25 ◦C, are also presented in Table 1. Deff corresponds well to DDC
estimated using the diffusion cell. For As, W and V there are only
small discrepancies in Deff at the different pH values, but for Mo and
Sb there is a 40% decrease at the highest pH. For Sb this could partly
be attributed to the decreased adsorption at high pH, discussed pre-
viously. Brinza et al. [13] reported decreased Mo adsorption even
at pH 7. Gustavsson [12] observed that little molybdate adsorption
occurred at pH values above 9 under given experimental conditions
and that tungstate adsorbed stronger than molybdate to FH, which
is in accordance with our results.

From Table 1 it can be seen that there are some discrepancies
between the coefficients for molybdate and arsenate estimated in
this work, compared to earlier measurements [4,5,7]. However, it
should also be noted that there is some divergence in previously
reported values. While Fitz et al. [4] estimated the diffusion coeffi-
cient of arsenate to 6.01·10−6 cm2 s−1at pH 8.2, Panther et al. [5]
obtained a value of 4.98·10−6 cm2 s−1 at pH 5 (both values are
recalculated to be valid at 25 ◦C). The differences might arise from
variations in matrix composition, pH or the precision and accuracy
associated with the diffusion cell method. There could, for example,
be small discrepancies in diffusive boundary layer thickness caused
by different stirring rates [19] and measurements of the diffusive
gel thickness or the area of the connecting hole between the cell
compartments, etc.

Diffusion coefficient measurements were conducted in a
0.01 mol L−1 NaNO3 matrix. The general consistency of Deff and
DDC indicates that the high NO3

− concentration had no adverse
effects on analyte adsorption, which would appear as decreased
Deff compared to DDC, as a result of competition between the anionic
analytes and nitrate for the adsorption sites. Earlier investigations
have shown that fulvic acids had no significant effect on arsenic
accumulation to the FH DGT [5]. Further, arsenic uptake in a syn-
thetic fresh water, containing high concentrations of major anions
and cations, was according to prediction, implying that these have
negligible effects on arsenic adsorption. Equivalent performance is
assumed to apply for the analytes in the present study.

3.3. Recovery

Analysis with ICP-MS requires the analytes to be transferred to
the dissolved phase. Using 1.4 mol L−1 HNO3 and 0.1 mol L−1 HF for
analyte recovery also dissolves the FH completely and therefore
100% efficiency can be assumed for the results seen here. The recov-
ery using 10 mL 1.4 mol L−1 HNO3 and 0.1 mol L−1 HF was between
94% and 104% for all five analytes and independent of the loaded
mass (10-1000 ng). Similar results were experienced for arsenate
elution by Panther et al. [5], using 2 mL concentrated HCl, and Fitz
et al. [4], using 4 mL concentrated HNO3 at 80 ◦C. The hot diges-
tion and the high acid concentration caused not only the FH to
dissolve, but also the polyacrylamide gel. Upon dilution prior to
analysis, parts of the polyacrylamide re-precipitated, making a fil-
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Table 2
Certified and measured concentrations of the SLRS-4 CRM presented along with adsorption and recovery of the CRM from ferrihydrite gel-discs.

SLRS-4 certified (�g L−1) SLRS-4 measured (�g L−1)a Adsorption (%)b Recovery (%)b

As 0.68 ± 0.06 0.72 ± 0.026 84.9 ± 0.3 93.7 ± 1.4
Mo 0.21 ± 0.02 0.22 ± 0.017 95.0 ± 0.4 100.6 ± 0.3
Sb 0.23 ± 0.04 0.26 ± 0.012 60.0 ± 2.1 92.7 ± 7.0
V 0.32 ± 0.03 0.33 ± 0.036 99.7 ± 0.3 99.1 ± 6.6

a Uncertainty represents the standard deviation from triplicate analyses performed under repeatability conditions.
b Uncertainty represents half the range for duplicate samples.

tration or centrifugation step necessary. The acid concentration and
temperature in our work were not high enough to dissolve the poly-
acrylamide gel within the 24 h recovery time, which is beneficial in
decreasing eventual matrix effects during analysis and simplifying
the sample preparation procedure. HCl could not be recommended
when using ICP-MS due to isobaric interference from 40Ar35Cl+ on
the only arsenic isotope, 75As. However, there are opportunities to
resolve such interferences using high resolution mode or adding
methane gas to ICP [20].

To further validate the adsorption and recovery efficiencies of
the oxyanions to and from the ferrihydrite adsorbent, the river
water SLRS-4 CRM was analyzed. This reference material has cer-
tified values of four of the analytes: As, Mo, Sb and V. The W
concentration was below the LOQ (see Section 3.4), and could there-
fore not be included at all. Results are presented in Table 2. There
is excellent agreement between measured and certified concentra-
tions, which confirms the robustness of the analytical procedure. FH
gel-discs were exposed directly to 30 mL reference river water and
after 24 h on the shaker, 60.0–99.7% of each analyte was taken up by
the adsorbent (Table 3). Weaker adsorption of Sb, compared to the
other investigated oxyanions, was also seen for the measurements
in the synthetic solutions discussed in Section 3.2, though not to
the same degree. The decreased adsorption observed in the river
water might be a result of the more complex matrix compared to
solutions prepared in the laboratory. The recovery efficiency was
calculated to be 92.7–101%, which is in the same range as seen for
the synthetic solutions, reported above.

3.4. LOD and LOQ

The LODs and LOQs of the method, expressed as ng/DGT, were
calculated from ten blank DGT devices and are presented in Table 3.
The solution LOQ/LOD can be expressed as the DGT-labile concen-
tration required in the bulk solution to obtain the accumulated
analyte mass equivalent to LOQ/LOD (in ng/DGT) under given time
and temperature conditions. Solution LOQs are also presented
in Table 3, calculated using Eq. (1). Mean diffusion coefficients
from Table 1 were applied and seven days exposure at 15 ◦C was
assumed.

The LOD has been estimated for Mo to be 4 ng/DGT for devices
containing both FH and Chelex adsorbents [7], and is in line with
our value of 3 ng/DGT. Batch variations can still not be excluded,
and it is recommended to include at least one blank DGT in each
sampling campaign, especially if the expected concentrations are
low or deployment times short. It must be realized that blank con-

Table 3
Method LOD and LOQ determined from 10 unexposed DGT devices. Solution LOQ
corresponds to required concentration in bulk solution to obtain method LOQ within
7 days exposure at 15 ◦C.

LOD (ng/DGT) LOQ (ng/DGT) Solution LOQ (�g L−1)

As 5 10 0.1
Mo 3 4 0.05
Sb 0.3 0.4 0.005
W 0.2 0.5 0.005
V 0.4 0.6 0.007

tributions not only originate from the DGT device itself, but also
from reagents and equipment used during recovery.

3.5. Field application

The spring flood in Brubäcken Stream was observed both years
(2008 and 2009) at the beginning of the sampling period, i.e. from
the end of April until the end of May. During these periods, the water
discharge was up to 10 times higher than the normal summer flow
in June–August. The pH decreased during the spring flood and when
the water flow stabilized, so did the pH. Similar water discharges
as well as pH values were measured at both sampling points, as
evident from Fig. 2.

Conductivity was negatively correlated to water discharge and
minimum values, down to 180 �S cm−1 were detected when the
water flow peaked. DOC concentrations fluctuated from down to
3.4 mg L−1 up to 12 mg L−1. Highest values were obtained in April
to May and in September. DOC and conductivity conditions are
summarized in Table 4. Detailed information from the first year
of sampling is illustrated in Fig. S2 of the Supplementary material.

Time series of dissolved (<0.45 �m) and DGT concentrations of
As, Mo, Sb and V from sampling season 2008 are presented along
with the pH and water discharge results in Fig. 2. There is clearly
a correlation between dissolved concentrations and DGT measure-
ments. During spring flood there was a release of all four elements,
and this was also reflected in DGT concentrations of As and V. For
Sb and especially Mo the DGT concentrations were very low. This is
most probably due to weaker binding of these anions to FH at high
pH, which was indicated for both molybdate and antimonate dur-
ing estimation of apparent diffusion coefficient, and for antimonate
in the adsorption tests as well.

When the pH decreased from 8.7 to 6.7, the DGT results became
more reliable. Decreased accumulation of Mo and Sb at high pH was
confirmed by measurements at the downstream location in 2009
during the spring flood (data not shown). When dissolved concen-
trations were 88 �g L−1 and 16 �g L−1 for Mo and Sb, respectively,
DGT concentrations were only 0.6 �g L−1 and 2.6 �g L−1, respec-
tively, with a pH of 9.7. It should though be noted that low Mo
accumulation could probably also be expected if Mo was present in
another oxidation state than the assumed Mo(VI). This possibility
does not hold for antimony since not only Sb(V) but also Sb(III) has
been shown to adsorb to iron oxides [14]. Further investigations of
antimonite (Sb(III)) accumulation to the FH DGT could therefore be
of interest.

During the second half of the sampling period the relative dif-
ferences between dissolved and DGT concentrations increased. The
effect was more pronounced at the upstream sampling point. At
the same time a reddish brown precipitate was observed on the
DGT devices and protective filters. The filters were eluted following
the DGT desorption protocol, described in the Section 2, and ana-
lyzed. The precipitate contained a lot of iron that was assumed to be
iron (III) oxide. This may, of course, have affected the diffusion due
to interaction between analytes and the precipitate. However, if
precipitation on the filter was the result of higher colloidal iron con-
centrations, this can, in turn, have increased colloid-bound anions
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Fig. 2. Dissolved (<0.45 �m) and DGT concentrations of As, Mo, Sb and V as well as pH and discharge upstream (left) and downstream (right) in Bruträsket Lake, 2008. Note
that sampling started later at the upstream location.

in solution, and the observed effect on accumulated mass would be
the same. Panther et al. [5] saw from laboratory experiments that
arsenic uptake to FH DGT was decreased in the presence of col-
loidal iron and it is reasonable to assume that other anions will be

affected similarly. Precipitation on the protective filter has not been
reported as an issue, but to avoid adverse effects when it is a prob-
lem, the DGT exposure time can be shortened, provided that the
analyte concentrations are high enough for quantification. Similar

Table 4
Maximum and miminum DOC and conductivity measured in the upstream and downstream sampling points both years of sampling.

Upstream Downstream

May–October 2008 April–October 2009 April–October 2008 February–October 2009

DOC (mg L−1) 4.2–8.7 7.0–12.4a 3.4–10.8 7.9–10.1b

Cond. (�S cm−1) 467–797 198–805 231–805 179–900

a April–May.
b February–May.
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Fig. 3. Dissolved (<0.45 �m) and DGT concentrations of W upstream (left) and downstream (right) in Bruträsket Lake, 2009.

effects have been seen to result from biofilm development due to
algal growth, and suspended materials adhered to the DGT and pro-
tective filter [21]. In nutrient-rich fishery farms, where phosphate
measurements were conducted, biofilms were detected for deploy-
ments lasting longer than seven days, and after 14 days, adhesion
of suspended materials became problematic. These interferences
are also decreased by shortening the deployment time.

DGT measurements of tungsten were carried out in 2009 and
the results are presented in Fig. 3. There was a release of tungsten
during the snow melt detected at both locations. The concentration
thereafter decreased continuously until the middle of June when it
stabilized. Approximately the same concentrations were measured
in upstream and downstream locations, which may indicate that no
transformation affecting the speciation occurred in the lake. DGT
concentrations were in the same range as dissolved concentrations,
implying a low degree of complexation.

4. Conclusions

It has been shown from laboratory experiments and field mea-
surements that the ferrihydrite-DGT is suitable for simultaneous
determination of labile arsenic, molybdate, antimonate, vanadate
and tungstate over a wide pH range. However, at pH ≥ 8, diminished
adsorption was observed for molybdate and antimonate. 100%
recovery was achieved using 1.4 mol L−1 HNO3 with 0.1 mol L−1 HF.
Diffusion coefficients in the protective membrane filter and dif-
fusive gel were estimated at several pH values using a diffusion
cell and direct uptake to DGT devices. There was good agreement
between the methods. Rapid and strong adsorption of the anions to
ferrihydrite gel-discs was observed, helping to develop and main-
tain the concentration gradient build up in the diffusion layer
during deployment.

Two locations in the same freshwater stream were sampled
under varying conditions. It was seen that DGT concentrations of
the analytes mirrored the dissolved concentrations. DGT results
were generally lower than the corresponding filtered (<0.45 �m)
concentrations, which is normal when complexation with colloids
could be expected.
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Table S1. ICP-SFMS operating conditions and instrument parameters used for diffusion cell 
measurements. 
RF Power (W) 1450 
Sample uptake rate (mL min-1) 
Gas flow rates (L min-1)  
 Coolant 15.5 
 Auxiliary 1.20 
 Nebulizer 1.70 
Torch  
Nebulizer MicroFlow PolyProST 
Spray chamber Cyclone 
Sample cone Nickel, 1.2 mm orifice diameter 
Skimmer Nickel, 0.8 mm orifice diameter 
  
Low resolution mode  

Isotopes 
7Li, 75As, 77Se, 98Mo, 115In, 123Sb, 175Lu, 184,186W, 238U, 
238U16O 

Acquisition mode E-scan 
No. of Scans 6 
Acquisition window  
(% of peak width) 

50 for all peaks 

Search window  
(% of peak width) 

50 for all peaks 

Integration window 
(% of peak width) 

50 for all peaks 

Sample time (ms) 2 for UO, 20 for W, 10 for other peaks 
No. of samples per peak 10 for Li, for UO, 30 for other peaks 
  
Medium Resolution mode  
Isotopes 23Na, 47Ti, 51V, 115In, 175Lu, 238U16O 
Acquisition mode E-scan 
No. of Scans 6 
Acquisition window 
(% of peak width) 

150 for Na, 200 for In, Lu, 120 for other peaks 

Search window 
(% of peak width) 

200 for In, Lu, 80 for other peaks 

Integration window 
(% of peak width) 

60 for all peaks 

Sample time (ms) 2 for Na, UO, 10 for In, Lu, 20 for other peaks 
No. of samples per peak 4 for Na and UO, 15 for Ti, 30 for other peaks 
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Table S2.Typical ICP-SFMS operating conditions and instrument parameters used for DGT 
eluates and water measurements. 
RF Power (W) 1450 
Sample uptake rate (mL min-1)  
Gas flow rates (L min-1)  
 Coolant 15.5 
 Auxillary 1.20 
 Nebulizer 1.70 
Torch  
Nebulizer MicroFlow PolyProST 
Spray chamber Cyclone 
Sample cone Nickel, 1.2 mm orifice diameter 
Skimmer Nickel, 0.8 mm orifice diameter 
  
Low resolution mode  
Isotopes 7Li, 9Be, 75As, 77Se, 98Mo, 111,114Cd, 115In, 120Sn, 123Sb, 

135,137Ba, 175Lu, 184,186W, 205Tl, 206,207,208Pb, 238U, 238U16O 
Acquisition mode E-scan 
No. of Scans 6 
Acquisition window  
(% of peak width) 

50 for all peaks 

Search window  
(% of peak width) 

50 for all peaks 

Integration window 
(% of peak width) 

50 for all peaks 

Sample time (ms) 2 for UO, 20 for Be, Cd, W, Tl, 10 for other peaks 
No. of samples per peak  
  
Medium Resolution mode  
Isotopes 23Na, 27Al, 31P, 47,49Ti, 51V, 52,53Cr, 55Mn, 56Fe, 59Co, 60Ni, 

63,65Cu, 64,66Zn, 88Sr, 115In, 175Lu, 238U16O 
Acquisition mode E-scan 
No. of Scans 6 
Acquisition window  
(% of peak width) 

100 for 52Cr, 56Fe, 125 for 53Cr, 150 for Na, 200 for In, 120 
for other peaks 

Search window  
(% of peak width) 

50 for 53Cr, 80 for other peaks 

Integration window  
(% of peak width) 

60 for all peaks 

Sample time (ms) 2 for UO, 30 for 52Cr, 10 for Al, 53Cr, Mn, Fe, 63Cu, 64Zn, 
Sr, In, Lu, 20 for other peaks   

No. of samples per peak 4 for Na, 15 for Ti, 4 for UO, 30 for other peaks 
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Figure S1. Two locations in Brubäcken Stream were sampled during the spring through fall 
season in 2008 and 2009. The sampling points are located at the in- and out flow of Bruträsket 
Lake. The stream is natural but affected by the nearby concentration plant and tailings 
impoundment. The effluent water from the tailings impoundment is transferred to Brubäcken 
Stream through a canal north of the upstream sampling point. 
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Figure S2. Conductivity and DOC measured the first year of sampling (2008) at the upstream 
(top) and downstream (bottom) sampling sites in Brubäcken Stream. 
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Contribution of organic arsenic species to total arsenic 
measurements using the ferrihydrite-DGT 
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Environmental context 
Both the mobility and toxicity of arsenic in natural waters are related to the aqueous 
species distribution. Passive sampling using ferrihydrite-DGT devices has in previous 
studies been characterized to measure labile inorganic arsenic, and the possible 
contribution of organic species has been disregarded. This study shows that the two most 
prevalent organic arsenic species might be included in DGT measurements, which should 
be taken into consideration when evaluating DGT-data in future studies. 

Abstract 
In previous publications discussing arsenic determination using ferrihydrite-backed 
diffusive gradients in thin films (DGT) devices, organic arsenic forms have been 
disregarded, even though it is known that the two most prevalent in natural waters, 
dimethylarsinate (DMA) and monomethylarsonate (MMA), may adsorb to ferrihydrite 
and thereby be included in the measurement. In this work the accumulation of DMA and 
MMA, as well as inorganic arsenite and arsenate, to ferrihydrite-backed DGT devices was 
investigated. It could be demonstrated that MMA, and under acidic conditions also DMA, 
adsorbed to the binding layer and might therefore contribute to the total mass of measured 
arsenic. Diffusion coefficients were measured for all four species to enable quantification 
of DGT-labile concentrations of organic and inorganic arsenic. Elution of the analytes 
from the ferrihydrite binding layer was performed using 1 mL1 M NaOH to facilitate 
arsenic speciation analysis using chromatographic separation. Average recovery rates 
were between 87% and 108%. This study shows that the contribution of DMA and MMA 
to the total accumulated mass must be taken into consideration when evaluating DGT-
data in future studies. 

1. Introduction 
Use of the diffusive gradients in thin films (DGT) technique is now a well-established 
approach to the in situ determination of dynamic trace element concentrations.[1] The 
DGT plastic sampling unit holds a binding layer covered by a diffusion gel and a 
membrane filter that is exposed to the target solution. Analytes diffuse through the 
diffusive layer (i.e. the diffusive gel and membrane filter) and accumulate in the binding 
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layer to an analyte specific adsorbent. After deployment the binding layer is extracted 
from the sampling unit and subjected to suitable analysis.  

Arsenic speciation in natural waters is commonly dominated by inorganic species,[2] 
arsenite (iAsIII) being thermodynamically stable in anoxic environments, e.g. 
groundwater, and arsenate (iAsV) in surface waters, though the speciation predicted to 
exist under equilibrium conditions is rarely observed.[3, 4] 

A DGT device with ferrihydrite adsorbent was developed for dissolved reactive 
phosphorous measurements[5] and has lately also been applied for the determination of 
labile oxyanions, including arsenic.[6, 7] Both arsenite and arsenate adsorb to the ferri-
hydrite binding layer, and methods to measure total inorganic arsenic[8] as well as the 
individual species have been developed.[9] The latter is achieved by deployment of two 
sets of ferrihydrite-backed DGT devices, one being covered with a perfluorosulfonated 
ionomer (nafion) membrane as diffusive layer and the other with a conventional. The 
nafion membrane retards the charged arsenate ion resulting in fractionation of arsenate 
and electrically neutral iAsIII.  

Methylated arsenic species are formed by microorganisms,[3] and therefore the speciation 
changes in response to biological activity, resulting in seasonal variation.[2, 10, 11] When 
Hasegawa et al.[2] sampled 18 lakes in Japan to examine the relation between 
eutrophication and arsenic speciation, on average more than 25% of total arsenic was 
detected as methylated species during summer time in mesotrophic lakes and during 
winter time in eutrophic lakes. On one occasion almost 50% of total arsenic was 
estimated to consist of methylated species. Analyses of landfill leachates have indicated 
even higher fractions of organic arsenic species[12] and DMA and/or MMA have been 
detected in e.g. groundwater[13] and sediment[14] as well. Though it is known that organic 
arsenic species also adsorb to ferric oxides,[15] the effects on DGT sampling have not yet 
been investigated. 

For the DGT method to be applicable in water environments with potentially significant 
concentrations of DMA and MMA, it is important for the interpretation of results to have 
knowledge of these species’ accumulation characteristics to the ferrihydrite binding 
agent. If DMA and MMA are not accumulated at all, then the DGT-technique can be 
claimed to estimate only the more toxic inorganic species, for which it is already proven 
to be well suited.[8] 

This work aims to investigate the potential adsorption and accumulation of the two 
organic arsenic species dimethylarsinate (DMA) and monomethylarsonate (MMA) by the 
ferrihydrite-backed DGT. Furthermore, limitations for using such DGT devices to retrieve 
arsenic speciation information from natural water bodies are identified.  

2. Experimental 

2.1 Standards and reagents 
Stock solutions containing 1000 mg As L-1 of iAsIII, iAsV, DMA, MMA and VV were 
prepared from NaAsO2, AsHNa2O4·7H2O (Sigma-Aldrich, Steinheim, Germany), 
C2H6NaO2·3H2O (Fluka, Steinheim, Germany), CH3AsNa2O2·7H2O (Supelco, Bellefonte, 
PA) and NH4VO3 (Riedel-de Haën, Hannover, Germany), respectively, and stored cold 
(4°C) and dark. Concentrated HNO3 (Fluka, analytical grade) was used for acidification 
after further purification by sub-boiling distillation in a quartz still. NaNO3 (Riedel-de 
Haën) was used to buffer the ionic strength in synthetic sample solutions. Milli-Q purified 
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water (>18.2 MΩ; Millipore, Bedford, MA, USA) was always used for dilution. 
Calibration standards for total As determinations were prepared from a single element 
certified reference solution (Ultra Scientific, North Kingston, U.K.). NaOH (Merck, 
Dramstadt, Germany), NaBH4 (Sigma-Aldrich) and K2HPO4·7H2O (Sigma-Aldrich) used 
in arsenic speciation analysis were all of analytical reagent grade. DGT devices and slurry 
ferrihydrite gels were purchased from DGT Research Ltd. (Lancaster, U.K.).  

2.2 Instrumentation and analysis 
Total element concentrations were determined using inductively coupled plasma-sector-
field mass spectrometry (ICP-SFMS; Element, Thermo Scientific, Bremen, Germany). 
All samples, instrumental blanks and calibration standards were acidified to 0.14 or 0.28 
M HNO3 (supra pure). External calibration was applied with internal standard correction 
using In. Typical parameter settings can be reviewed in Österlund et al.[6] 

Determination of inorganic (iAsIII, iAsV) and methylated (DMA, MMA) arsenic species 
was performed using high performance liquid chromatography (HPLC) hydride 
generation (HG) ICP-SFMS (Element 2, Thermo Scientific). Information on the 
chromatographic separation is presented in Table 1. Similar methods have been evaluated 
previously.[16] Arsenic speciation samples were acidified with HNO3 to 0.07 M 
immediately preceding analysis, with 50 μL sample volumes being injected onto the 
column. After chromatographic separation the eluent was mixed online with 1.4 M HNO3 
solution, containing 1 μg L-1 Sb as internal standard, followed by 0.25 M NaBH4 in 0.05 
M NaOH solution. The sample was introduced via a PEEK capillary directly onto the 
glass impact bead in a conical spray chamber,[17] where the hydride generation of As and 
Sb occurred. The volatile gaseous hydrides were then transported with the argon sample 
gas to the ICP-SFMS instrument for detection. The liquid waste was continuously drained 
from the spray chamber. Sb internal standard was used to monitor instrumental drift. 
Concentration calculations were done with Xcalibur software (Thermo Fisher Scientific). 
Under the applied conditions, DMA and MMA are the only organic arsenic compounds 
forming volatile hydrides.[18] Therefore information on no other arsenic species than 
iAsIII, iAsV, DMA and MMA can to be derived from the HPLC-HG-ICP-SFMS 

Table 1. Instrumental settings for arsenic speciation 

HPLC pump system Bischoff HPLC Compact Pump 2250 with analytical pump 
heads; Bishoff Central Processor Model 1152; Gasstorr 
degasser 

Analytical column Hamilton PRP-X100 (150 × 2.1 mm; 5 μm)  
Mobile phase A 20 mM K2HPO4, pH 8.0 ± 0.1 
Mobile phase B Milli-Q water 
Gradient program Time (s)  A (%) B (%) 

0-250 5 95 
270-420 85 15 
430-440 5 95 

Mobile phase flow rate (mL min-1) 0.50  
Sample loop volume (μL) 50 
Hydride generation 1.4 M HNO3 with 1 μg L-1 Sb 

1% (w/v) NaBH4 in 0.2% (w/v) NaOH 
ICP-SFMS Thermo Scientific Element2 
Argon plasma gas flow rate (L min -1) 16 
Argon auxiliary gas flow rate (L min -1) 1 
Argon carrier gas flow rate (L min -1) Optimized daily, typically 0.6-0.8 
Power (W) 1250 
Monitored signals (sample times in ms) 7Li (10), 75As (100),77Se (100), 78Se (100), 121Sb (100), 238U (10) 
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measurements. Advantages of applying hydride generation include the high analyte-
transport efficiency resulting in increased sensitivity and improved detection limits. A 
chromatogram from a 0.5 μg L-1 standard solution is shown in Figure 1 along with that 
for a Milli-Q water blank. Quality control of the analytical method is ascertained from 
recovery calculations made on analyzed samples spiked with all four arsenic species. The 
recovery rates have been determined to be 100±9%, 109±14%, 103±10% and 99 ±9% for 
iAsIII, iAsV, DMA and MMA, respectively, during the course of this work. 

2.3 Diffusion coefficient determination 
Diffusion coefficients of DMA and MMA in the diffusive gel were measured using a 
diffusion cell. The cell consists of two 70 ml compartments, clamped together but 
separated by a rubber spacer. The compartments were connected via a 15 mm hole 
covered by a diffusive gel (1.1 mm thickness). Both compartments were filled with 50 
mL 0.01 M NaNO3. One compartment was spiked with 50 μL of 1000 mg As L-1 as iAsIII, 
iAsV, DMA or MMA. In addition, a 25 μL aliquot of 100 mg L-1 Cd was added. The Cd 
diffusion coefficient in polyacrylamide gels has already been determined in a range of 
different matrices[19] and therefore simultaneous Cd measurements can provide quality 
control of the values obtained for the arsenic species. Cd was also chosen as a control due 
to its high solubility and low tendency for complexation and adsorption to container 
walls, as well as the low detection limit[20] allowing a relatively small spike. The Cd 
concentration was 20 times lower than the arsenic concentrations in order to minimize 
eventual interaction with arsenic species, affecting the diffusion coefficient. To adjust pH, 
0.1 M NaOH was used. To the other compartment, Milli-Q water was added to 
compensate for the volume changes. The diffusion cell was placed on an orbital shaking 
apparatus (164 rev min-1). At the start and every 15 minutes, 200 μL samples were taken 
from both compartments and the temperature in the spiked cell was registered. In total, 12 

 

Figure 1. Chromatogram of 0.5 μg L-1 standard and blank solutions indicating the baseline, 
sensitivity, separation and retention times (RT) of the measured arsenic species using HPLC-HG-
ICP-SFMS. 
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samples were taken from each compartment. All samples were diluted and acidified, and 
In internal standard was added prior to analysis by ICP-SFMS.  

From the measured concentrations of the sub-samples, the amount of analyte diffused 
from the spiked to the receiving compartment was calculated. The diffused mass was 
regressed against the sampling time and the slope of the line was used to calculate the 
diffusion coefficient, DDC, at the prevailing temperature.[21] 

DDC = (slope· g) / (C·A)    Eq. 1 

where g is the diffusive gel thickness (1.1 mm), C is the concentration in the spiked 
compartment and A the area of the connecting orifice. 

Furthermore, diffusion coefficients of DMA and MMA were verified by determination of 
the effective diffusion coefficient, Deff, under different conditions; varying ionic strength, 
I, between 0.001 and 0.1 M using NaNO3 (at pH 6), or varying pH between 4 and 8 
(I=0.01 M). The DMA and MMA were added to separate containers and analyses were 
performed for total As using ICP-SFMS. Solutions with the specified pH and I values 
were spiked with 10 μg L-1 DMA or MMA and 1 μg L-1 vanadate (VV). To facilitate pH 
adjustments 1 mM NaHCO3 was added, which increased the pH to ~8, and subsequently 
concentrated HNO3 (supra pure) was added to reach pH 4 or 6. Vanadate adsorption has 
already been characterized in previous work and was shown to have high efficiency to 
ferrihydrite and be applicable to the whole pH range of interest.[6] Vanadate will therefore 
serve as a control of the experimental performance, analogous to Cd for the diffusion cell 
experiments. Mounted ferrihydrite-DGT devices were deployed in duplicate for 24 h in 
polyethylene containers containing 2 L sample solution. Temperature loggers were 
deployed along with the sampling units to register the temperature every five minutes. 
The average temperature during the deployment time was afterwards used to adjust the 
measured Deff to 25°C. Samples for measurement of the analyte concentrations were 
taken two times in the beginning of the deployment and two times in the end. Magnetic 
stirring was applied to maintain a continuous flow. After completion of the deployment 
period, the DGT units were opened and the ferrihydrite gels were eluted using 10 mL 1.4 
M HNO3. Deff was calculated for DMA, MMA and vanadate at each applied experimental 
condition according to: 

Deff=(M· g)/(C·A·t)   Eq. 2 
where M is the accumulated mass, A is the area of the membrane filter facing the solution 
and t is the time. 

2.4 Measurements in environmental freshwater matrix 
Instead of in situ DGT sampling, freshwater samples were collected from three sites 
referred to as W1, W2 and W3, all located in northern Sweden. The W1 sample was 
stored in the freezer (-20ºC) until use and W2 and W3 in the refrigerator (4ºC) to the next 
day. Water chemistry data of W1-W3 is presented in Table 2. 

The W1 and W2 samples were filtered (<0.45 μm) and spiked with arsenic species, since 
the original total As concentrations were low. The water was used for the adsorption and 
recovery studies described in section 2.5. 

W3 was sampled due to its relatively high concentration of arsenic. Therefore the sample 
was not spiked, but analyzed with respect to its original arsenic speciation after filtration 
(<0.22 μm). Approximately 8 L was collected and filtered within 24 h. The W3 sample 
was used for DGT deployments in the laboratory. DGT devices were exposed to W3 
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sample solution for 72 h. The DGT units were placed in plastic holders attached to the 
walls of two containers containing 3.7 L filtered (<0.22 μm) water, two devices in each 
container. Continuous flow conditions were maintained using magnetic stirrers. Two 
devices were analyzed for total arsenic by ICP-SFMS and the remaining two for arsenic 
speciation by HPLC-HG-ICP-SFMS. Additionally, two blank devices were eluted and 
analyzed in parallel to the exposed ones. DGT-labile concentrations were calculated 
according to: 

C=(M· g)/(DDC·A·t)   Eq. 3 

2.5 Adsorption and recovery 
Adsorption efficiency tests were performed in synthetic solutions (0.01 M NaNO3) and 
natural waters from W1 and W2. All experiments were conducted in duplicate with a few 
exceptions that are noted in the results section. Samples were spiked with various 
concentrations of As-species ranging from 1-50 μg L-1. The lowest spike levels for each 
arsenic species were chosen to obtain concentrations in the ferrihydrite eluate equal to the 
quantification limits of the analytical method using HPLC-HG-ICP-SFMS. In order to 
detect possible conversion between iAsIII and iAsV, these were prepared in separate 
solutions. Sample volumes of 10 mL were used with each ferrihydrite gel. The spiked 
samples were analyzed before and after 24 h exposure to compute the adsorption 
efficiency, Ads., according to: 

Ads. = (mb-ma)/ mb·100%   Eq. 4 

where mb is the total mass of each species in the 10 mL sample (10-500 ng) before 
adsorption and ma is the mass measured after. The gels were then transferred to 1 mL 1 M 
NaOH for 24 h elution. The eluates were diluted 100 times prior to As speciation 
analysis. Thereafter recovery rates, Rec., were calculated: 

Rec. = mr/(mb-ma) ·100%   Eq. 5 

where mr is the recovered mass. 

Table 2. Water chemistry data of sampled waters W1-W3. Data obtained from environmental 
monitoring programs at or nearby the sampling sites. 

W1 W2 W3 
pH 7.2 7.2 6.6 
Conductivity (μS cm-1) 31 371 693 
Alkalinity (mg HCO3 L-1) 8.1 21 - A 
Cl (mg L-1) 6.3 -A - A 

(NO2+NO3)-N (μg L-1) 2 <100 160 

SO4 (mg L-1) 11 29 351 

Na (mg L-1) 1.7 - A 11.8 
Mg (mg L-1) 2.8 - A 2.9 
Ca (mg L-1) 13 - A 144 
K (mg L-1) 0.62 - A 6.4 
Fe tot/diss (mg L-1) 0.42 /  - A 0.42 / - A 0.34/0.17 

PO4-P (μg L-1) 3 < 5 50 

TOC/DOC (mg L-1) 8.5 / - A - A / - A - A / - A 
A No data available    
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Additionally, the adsorption rates of DMA and MMA to ferrihydrite gels were tested 
using the same solutions as prepared for the measurements of Deff, i.e. 10 μg L-1 DMA or 
MMA in 0.01 M NaNO3 at pH 4, 6 and 8 as well as in 0.001 and 0.1 M NaNO3 at pH 6. 
Volumes of 10 mL of each solution were added to ferrihydrite adsorption gels in 30 mL 
plastic tubes placed on the orbital shaker. Sample aliquots of 0.50 mL were taken after 5, 
10, 20, 30 and 60 min and 1.0 mL after 2, 6 and 24 h for subsequent analyses according to 
a procedure described previously.[6]  

3. Results and discussion 

3.1 Adsorption, recovery and LOQ  
As a first test, synthetic (0.01 M NaNO3) and environmental (W1 and W2) water matrices 
were spiked with iAsIII, iAsV, DMA and MMA of various masses, ranging between 10 
and 500 ng, to examine the arsenic species potential adsorption to ferrihydrite. Though 
the environmental matrices are complex, and to a large extent of unknown composition, 
the test will give an idea of what can be expected from DGT deployment in natural 
waters. Uptake data after 24 h exposure to 10 mL-solutions are shown in Figure 2. The 
inorganic arsenic species and MMA were almost completely adsorbed in all solutions. On 
the contrary, DMA behaved erratically between matrices showing relatively high uptake 
in the synthetic 0.01 M NaNO3 solutions and W2, but lower in W1. Diminished uptake of 
DMA on ferrihydrite is in agreement with results reported by Lafferty and Loeppert,[15] 
which indicated weaker adsorption of DMA, compared to iAsV and MMA. They 
concluded that at pH values <7 approximately 92% of total DMA in 0.044 M NaNO3 
matrix was adsorbed, but this figure decreased markedly as pH increased from 7 to 8. In 
addition, DMA was shown to be the arsenic species most affected by competition from 
other anions, such as sulfate and phosphate. The pH values of the test solutions used here, 
both natural matrices and synthetic, were between pH 6.7 and 7.2.  

A more systematic approach was applied to further evaluate the effect of pH and ionic 
strength on DMA and MMA adsorption. The adsorption of the analytes was monitored 
during 24 h in solutions with pH 4, 6 or 8 and ionic strengths, I, adjusted to 0.001, 
0.01and 0.1 M. The experimental values were fitted to a first order kinetic uptake model, 
 

 
Figure 2. Uptake (a) and recovery (b) results from iAsIII, iAsV, DMA and MMA adsorption test sand 
elution using 1 mL 1 M NaOH. Three different matrices; one synthetic and two natural freshwaters, 
were spiked with arsenic species at various levels (10-500 ng).Uncertainty bars represent maximum 
and minimum values of duplicate samples. The horizontal lines in (b) represent obtained mean 
recovery. Two iAsIII values, marked (*) were excluded from these calculations since they were below 
the LOQ. 
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and the results are presented along with experimental data in Figure 3. The model is 
described elsewhere[22] and has been used for characterization of oxy-anion (arsenate, 
molybdate, antimonite, vanadate and tungstate) adsorption to ferrihydrite gels.[6] From 
Figure 3 it is obvious that the adsorption efficiency of MMA is higher compared to DMA 
under all studied conditions. It can also be seen that pH has a larger effect on the 
adsorption than I. Regarding DMA, the adsorption is almost absent at pH 8, but increases 
with decreasing pH. Lafferty and Loeppert[15] suggested that the decreased adsorption of 
DMA to ferrihydrite they observed between pH 7 and 8, was due to the point of zero 
charge (pzc) of the two-line ferrihydrite at pH~8; the negatively charged surface at pH 
values above pzc prevented DMA adsorption. An alternative or additional explanation 
might be competition with carbonate, as the concentration of dissolved carbonate 
increases with increasing pH. Carbonate interference was recently shown to be an issue 
regarding phosphate accumulation to ferrihydrite-DGT for deployments lasting longer 
than 1-2 days.[23] Carbonate interference could also help to explain the inconsistency seen 
comparing the results from direct uptake of DMA in 0.01 M NaNO3 at pH 7.2 (Figure 2a) 
with the adsorption rate experiments conducted at pH 6 and 8 (Figure 3a). To facilitate 
pH adjustments 1 mM HCO3

- was added to the latter. While DMA show around ~90% 
adsorption at pH 7.2 without added HCO3

-, the accumulated amount is only ~50% and 
~10% at pH 6 and 8, respectively, when HCO3

- was added. 

3.2 Analyte recovery 
It has now been shown that MMA, and under some conditions also DMA, adsorbs to the 
ferrihydrite binding layer. For some field applications it might be of interest to separate 
the organic and inorganic arsenic species. However, the recovery procedure for As 
speciation is not as straight forward as for total As analysis, normally using strong 
acids.[6–8] Acids tend to dissolve the ferrihydrite as well,[6] which could well cause re-
precipitation in the HPLC-system when the buffered eluent increases the pH of the 
sample. Several recovery methods were tested, including varying concentrations of 
phosphate and citrate buffers and different immersion times as well as ultrasonic 
assistance (data not shown). Finally 1 mL 1 M NaOH was chosen although samples had 

 

 
Figure 3. Uptake of a) DMA with b) corresponding vanadate control, and c) MMA with d) 
corresponding vanadate control, directly to ferrihydrite gel-discs at pH 4, 6 and 8 and I=0.01 M 
NaNO3 as well as I at 0.001 and 0.1 M NaNO3 and pH=6 after 5 min to 24 h. Arsenic and vanadate 
concentrations were 10 and 1 μg L-1, respectively. 
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to be diluted 100-fold prior to analysis due to loss of chromatographic resolution caused 
by high salt concentrations. Unfortunately, conversion of iAsIII to iAsV could not be 
avoided using any of the tested recovery methods. Therefore, to determine recovery for 
iAsIII and iAsV, the species had to be tested individually in separate solutions. As a 
consequence iAsIII and iAsV can not be distinguished in environmental samples, but must 
be reported as the total inorganic arsenic concentration.  

The average recovery rates, marked as lines in Figure 2b and obtained from the elution 
procedure using 1 mL 1 M NaOH, were estimated to be 87.0 ± 16.4%, 100.7 ± 9.2%, 
100.6 ± 15.0% and 108.2 ± 10.7% for iAsIII, iAsV, DMA and MMA, respectively. Two 
values for iAsIII recovery, marked with stars in Figure 2b, were omitted from calculations 
since these were below LOQ. This is because iAsIII is oxidized to iAsV during the 
recovery procedure, and the latter has four times poorer LOQ. 

Arsenic species were not detected in the gel blank eluates. Therefore the LOQs of the 
HPLC-HG-ICP-SFMS method were converted to units of ng/DGT device by 
multiplication with the dilution factor, giving 40, 10 and 20 ng/DGT device for total 
inorganic arsenic (iAsIII plus iAsV), DMA and MMA, respectively. This can be compared 
to the LOQ for total arsenic estimated to be 10 ng/DGT device.[6] The main limitation for 
improving the LOQs of the arsenic speciation method is the dilution factor necessary to 
prevent matrix effects in the chromatographic separation, as discussed above. 

3.3 Diffusion coefficient determination 
In order to calculate DGT-labile concentrations of any analyte, the diffusion coefficient in 
the diffusive gel must be known. Diffusion coefficients for iAsIII, iAsV, DMA and MMA, 
determined from diffusion cell measurements, are presented along with Cd control results 
in Table 3. The control analyte was used to estimate reproducibility and accuracy of the 
diffusion cell method without having to perform repeated measurements for each arsenic 
species. Factors that affect all analytes equally, and are controlled through Cd monitoring, 
include stirring rate and errors in temperature and diffusive gel thickness measurements. 
Insufficient stirring results in the development of diffusive boundary layers between the 
gel surface and the surrounding solution,[24] and leads to underestimation of the diffusion 
layer thickness ( g), which ultimately affects the estimation of the diffusion coefficient 
(recall Eq. 2). The mean value of the Cd diffusion coefficient, DCd control, was calculated to 
be (6.22 ± 0.25) ·10-6 cm2 s-1 (α=0.05), which is not significantly different form the 
previously-measured reference value of (6.45 ± 0.16) ·10-6 cm2 s-1.[19] The good 
agreement between all reported Cd diffusion coefficients (Table 3) indicates reliability in 
the simultaneously performed As measurements. The differences in diffusion coefficients 

 

Table 3. Diffusion coefficients ·10-6 cm2 s-1 of arsenic species (DAs) and Cd control (DCd control) in 0.01 
M NaNO3 at 25ºC. Accuracy is calculated by comparison of DCd control to a previously reported result 

for Cd (6.45·10-6 cm2 s-1).[19] 

 DMA MMA iAsIII iAsV 

DAs 6.30 ± 0.52A 6.10 ± 0.21A 9.75 ± 0.53A 6.11 ± 0.22A 

DCd control 6.44 ± 1.00A 6.07 ± 0.50A 6.16 ± 0.50A 6.21 ± 0.27A 

Accuracy (%) 99.8 94.1 95.5 96.7 

pH 5.3 5.6 5.6 5.0 
A Uncertainty represent 95% confidence interval of regression line from diffusion cell measurements and in 
measured concentration in the spiked cell (denoted slope and C, respectively, in Eq. 2). 
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between the arsenic species might be an issue during total arsenic determination when the 
species distribution is unknown, as has also been discussed by others regarding iAsIII and 
iAsV.[8] Applying the diffusion coefficients found in this work would theoretically 
generate a maximum error of 23%, using the mean value of the highest (9.75 10-6 cm2 s-1, 
iAsIII) and lowest (6.10 10-6 cm2 s-1, MMA; 6.11 10-6 cm2 s-1, iAsV) diffusion coefficients 
and assuming all accumulated arsenic is in the form of iAsIII or MMA/iAsV. However, 
diffusion coefficient determinations for arsenite[8, 25] and arsenate[6–8, 25, 26] have been 
conducted in various matrices and the range of observed results is much wider compared 
to Cd. Values in the ranges (6.40-9.75)·10-6 cm2 s-1 and (4.98-6.11)·10-6 cm2 s-1 for 
arsenite and arsenate, respectively, have been reported, including the present study. This 
means that even for those cases when arsenite is known to be the only species present in 
any natural water, the wide range of estimated values for the diffusion coefficient of iAsIII 
results in a relative uncertainty error of up to 21%, unless the diffusion coefficient can be 
determined for the specific water. For iAsV the same figure is only 10%.  

The varying D values may indicate that the diffusion coefficients of anionic species are 
more affected by the matrix composition or pH. For example, the dissociation of 
(oxy)anionic species changes with pH because of protonation/deprotonation and the 
shifting charge may give rise to variations in the diffusion coefficient.[27] Furthermore, a 
general observation has been that diffusion coefficients of anions are more retarded in the 
gel than cations, compared to their diffusion coefficients in water.[7, 8, 25] This has been 
suggested to originate from weak interactions with positively charged sites in the 
diffusive gel, an effect that should be stronger for divalent than monovalent ions and 
might therefore also contribute to the observation. 

Effective diffusion coefficients, Deff, determined for DMA and MMA from DGT 
deployments in solutions with known DMA and MMA concentrations are presented in 
Table 4. These measurements were conducted at various pH values (4, 6 and 8) and ionic 
strengths (0.001, 0.01 and 0.1 M) using vanadate for quality control. The control values 
were in line with recently measured values of vanadate diffusion coefficients[6, 7] and 
allowed estimates of accuracy of 93.7-103.2% and 97.1-101.4%, for DMA and MMA, 
respectively, to be computed. From Table 4 it is seen that Deff for DMA decreases with 
increasing pH. When high adsorption efficiency exists, similar values for Deff and DDC are 
obtained. At pH 4, Deff for DMA is 74% of DDC and decreases to 9% at pH 8. It therefore 
seems obvious that the low Deff values originate from the poor adsorption efficiency 
illustrated in Figure 3a and discussed in section 3.1. Though ferrihydrite exhibits higher 
affinity for MMA than for DMA, reduced Deff, compared to the DDC value, was observed 

 

Table 4. Effective diffusion coefficients·10-6 cm2 s-1 of DMA (DDMA) and MMA (DMMA) and vanadine 
control (DV control) in solution with various pH and ionic strength values at 25ºC. Accuracy is 

calculated by comparison of DV control to a previously reported result for V (6.67·10-6 cm2 s-1).[6] 

pH 4 (0.01 M) pH 6 (0.01 M) pH 8 (0.01M) 1mM (pH 6) 0.1 M (pH 6) 

DDMA 4.67 ± 0.13 1.81 ± 0.05 0.58 ± 0.03 1.55 ± 0.02 1.83 ± 0.13 

DV control 6.48 ± 0.51 6.46 ± 0.20 6.27 ± 0.30 6.75 ± 0.26 6.73 ± 0.16 

Accuracy (%) 103.2 101.7 100.6 99.7 93.7 

DMMA 5.53 ± 0.46 4.49 ± 0.19 4.23 ± 0.12 4.53 ± 0.14 4.94 ± 0.10 

DV control 6.48 ± 0.51 6.46 ± 0.20 6.27 ± 0.30 6.75 ± 0.26 6.73 ± 0.16 

Accuracy (%) 97.3 97.0 94.1 101.4 101.1 
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for MMA as well. Deff corresponded to between 74-91% of DDC, with the highest value 
obtained at the lowest pH. The ionic strength, adjusted with NaNO3, seems to have 
minimal effect on Deff regarding both DMA and MMA.  

3.4 DGT deployment 
DGT sampling was carried out in the laboratory in water collected at site W3, which 
contained a relatively high arsenic concentration, compared to the levels commonly found 
in streams and rivers in northern Sweden (<0.5 μg L-1).[28] Therefore no arsenic species 
were added. Analyses were performed on the filtered (<0.22 μm) water sample as well as 
on DGT eluates after 72 h deployments. While HPLC-HG-ICP-SFMS measured 1.02 ± 
0.05 μg L-1 iAsIII ([iAsIII]HPLC) and 0.76 ± 0.03 μg L-1 DMA ([DMA]HPLC) directly in the 
water, only 0.45 ± 0.01 μg L-1 and 0.06 ± 0.004 μg L-1, respectively, were obtained from 
DGT sampling. This corresponds to 44% DGT-labile iAsIII and 8% DMA. Complete 
recovery of the NaOH-elution applied prior to HPLC-analyses was confirmed from 
simultaneously deployed DGT probes eluted using HNO3 and analyzed by ICP-SFMS. 
The lower concentration of DGT-measured iAsIII ([iAsIII]DGT) compared to [iAsIII]HPLC is 
likely to be due to adsorption to colloids, making iAsIII less labile, while the low 
[DMA]DGT is more likely to be a consequence of the low affinity of ferrihydrite for DMA. 
It has previously been shown that iAsIII can confidently be determined with DGT probes 
in waters with pH ranging between 3 and 7 and rather high concentrations of major 
anions and cations without any sensitivity losses.[8] In the same work colloidal iron was 
shown to interfere with the accumulation of iAsV. Colloidal iron might similarly affect 
iAsIII measurements as well, though this was never tested. Furthermore, iAsIII might also 
be adsorbed to dissolved organic matter through Fe bridging.[29]  

From investigations of seasonal variations of arsenic speciation in Davis Creek Reservoir, 
it was implied that DMA production contributed to increase the total As concentration, 
and upon decomposition of DMA to iAsV, the total arsenic concentration decreased due to 
adsorption of iAsV to sedimenting particles.[11] If only total arsenic measurements of DGT 
eluates are available, sampling in waters with high DMA concentrations might result in 
underestimation of arsenic solubility and mobility. Using W3 as an example, the 
measured labile concentration would be assumed to be 0.51 μg L-1 ([iAsIII]DGT+ 
[DMA]DGT) instead of 1.21 μg L-1 ([iAsIII]DGT+[DMA]HPLC), which probably is a better 
estimate. The difference is more than a factor of two. If inorganic arsenic is of main 
interest the presence of DMA will not be an issue in most waters. However, high DMA 
concentrations have been detected in acid mine drainage,[30] and in these kind of waters 
DMA must be assumed to be included in DGT measurements because of the low pH.   

This work provides further insight into the always current question of what the DGT 
actually measures. We have shown that MMA and, under some conditions, DMA can 
accumulate on the ferrihydrite adsorbent and will therefore contribute to the total As 
measured by DGT sampling. This should be taken into consideration when evaluating 
DGT-data in future studies. The absent or limited adsorption of DMA under 
environmental conditions is important to be aware of in studies where the mobility of 
arsenic is of major interest, since DMA might otherwise be mistaken as colloidal and 
non-labile (inorganic) arsenic. To facilitate accurate interpretation of DGT results under 
these conditions it is recommended to carry out arsenic speciation analysis on the water in 
question, as well. However, there are also opportunities to perform arsenic speciation 
analysis on the DGT eluate.  



 12 

Acknowledgement 
This work was carried out with financial support from the Swedish Research Council 
(#621-2005-3680). Sara Chlot and Fredrik Nordblad (Luleå University of Technology) 
are acknowledged for assistance with sample collection and Petra Berg (ALS 
Scandinavia) for suggestions regarding the design of the diffusion cell experiments.  

References 
[1]  K.W. Warnken, H. Zhang, W. Davison, In situ monitoring and dynamic speciation 

measurements in solution using DGT, in Passive Sampling Techniques in 
Environmental Monitoring (Ed. R. Greenwood, Q. Mills, B. Vrana) 2007, Chapter 
11 (Elsevier: Amsterdam, The Netherlands). 

[2]  Hasegawa, H.; Rahman, M. A.; Kitahara, K.; Itaya, Y.; Maki, T.; Ueda, K. 
Seasonal changes of arsenic speciation in lake waters in relation to eutrophication. 
Sci. Tot. Environ. 2010, 408, 1684. 

[3]  W.R. Cullen, K.J. Reimer. Arsenic speciation in the environment. Chem. Rev. 
1989, 89, 713. 

[4]  W. Baeyens, A. de Brauwere, N. Brion, M.D. Gieter, M. Leermakers. Arsenic 
speciation in the River Zenne, Belgium. Sci. Tot. Environ. 2007, 384, 409. 

[5]  H. Zhang, W. Davison, R. Gadi, T. Kobayashi. In situ measurement of dissolved 
phosphorus in natural waters using DGT. Anal. Chim. Acta 1998, 370, 29. 

[6]  H. Österlund, S. Chlot, M. Faarinen, A. Widerlund, I. Rodushkin, J. Ingri, D.C. 
Baxter. Simultaneous measurements of As, Mo, Sb, V and W using a ferrihydrite 
diffusive gradients in thin films (DGT) device. Anal. Chim. Acta 2010, 682, 59. 

[7]  J. Luo, H. Zhang, J. Santner, W. Davison. Performance characteristics of diffusive 
gradients in thin films equipped with a binding gel layer containing precipitated 
ferrihydrite for measuring arsenic(V), selenium(VI), vanadium(V), and 
antimony(V). Anal. Chem. 2010, 82, 8903. 

[8]  J.G. Panther, K.P. Stillwell, K.J. Powell, A.J. Downard. Development and 
application of the diffusive gradients in thin films technique for the measurement 
of total dissolved inorganic arsenic in waters. Anal. Chim. Acta 2008, 622, 133. 

[9]  J.G. Panther, K.P. Stillwell, K.J. Powell, A.J. Downard. Perfluorosulfonated 
ionomer-modified diffusive gradients in thin films: Tool for inorganic arsenic 
speciation analysis. Anal. Chem. 2008, 80, 9806. 

[10]  H. Hasegawa, M.A. Rahman, T. Matsuda, T. Kitahara, T. Maki, K. Ueda. Effect of 
eutrophication on the distribution of arsenic species in eutrophic and mesotrophic 
lakes. Sci. Tot. Environ. 2009, 407, 1418. 

[11]  L.C.D. Andersen, K.W. Bruland. Biogeochemistry of arsenic in natural waters: The 
importance of methylated species. Environ. Sci. Technol. 1991, 25, 420. 

[12]  P. Pinel-Raffaitin, I. Le Hecho, D. Amouroux, M. Potin-Gautier. Distribution and 
fate of inorganic and organic arsenic species in landfill leachates and biogases. 
Environ. Sci. Technol. 2007, 41, 4536. 

[13]  A. McKnight-Whitford, B. Chen, H. Naranmandura, C. Zhu,  X.C. Le. New 
method and detection of high concentrations of monomethylarsonous acid detected 
in contaminated groundwater. Environ. Sci. Technol. 2010, 44, 5875. 



 13 

[14]  L. Orero Iserte, A.F. Roig-Navarro, F.  Hernández. Simultaneous determination of 
arsenic and selenium species in phosphoric acid extracts of sediment samples by 
HPLC-ICP-MS. Anal. Chim. Acta 2004, 527, 97. 

[15]  B. J. Lafferty, R.H. Loeppert. Methyl arsenic adsorption and desorption behavior 
on iron oxides. Environ. Sci. Technol. 2005, 39, 2120. 

[16]  J. L. Gómez-Ariza, D. Sánchez-Rodas, I. Giráldez, E. Morales. A comparison 
between ICP-MS and AFS detection for arsenic speciation in environmental 
samples. Talanta 2000, 51, 257. 

[17]  L.S. Zhang, S.M. Combs. Using the installed spray chamber as a gas-liquid 
separator for the determination of germanium, arsenic, selenium, tin, antimony, 
tellurium and bismuth by hydride generation inductively coupled plasma mass 
spectrometry. J. Anal. At. Spectrom. 1996, 11, 1043. 

[18]  Y. Arslan, E. Yildirim, M. Gholami, S. Bakirdere. Lower limits of detection in 
speciation analysis by coupling high-performance liquid chromatography and 
chemical-vapor generation. Trends Anal. Chem. 2011, 30, 569. 

[19]  S. Scally, W. Davison, H. Zhang Diffusion coefficients of metals and metal 
complexes in hydrogels used in diffusive gradients in thin films. Anal. Chim. Acta 
2006, 558, 222. 

[20]  I. Rodushkin, E. Engström, D.C. Baxter. Sources of contamination and remedial 
strategies in the multi-elemental trace analysis laboratory. Anal. Bioanal. Chem. 
2010, 396, 365. 

[21]  H. Zhang, W. Davison. Diffusional characteristics of hydrogels used in DGT and 
DET techniques. Anal. Chim. Acta 1999, 398, 329. 

[22]  P.W. Atkins. Physical Chemistry, fourth ed., 1990, Chapter 26. (Oxford University 
Press, Suffolk). 

[23]  J.G. Panther, P.R. Teasdale, W.W. Bennett, D.T. Welsh, H. Zhao. Comparing 
dissolved reactive phosphorus measured by DGT with ferrihydrite and titanium 
dioxide adsorbents: Anionic interferences, adsorbent capacity and deployment 
time. Anal. Chim. Acta 2011, 698, 20. 

[24]  H. Zhang, W. Davison. Performance characteristics of diffusion gradients in thin 
films for the in situ measurement of trace metals in aqueous solution. Anal. Chem. 
1995, 67, 3391. 

[25]  W.W. Bennett, P.R. Teasdale, J.G. Panther, D.T. Welsh, D.F. Jolley. New diffusive 
gradients in a thin film technique for measuring inorganic arsenic and selenium(IV) 
using a titanium dioxide based adsorbent. Anal. Chem. 2010, 82, 7401. 

[26]  W.J. Fitz, W.W. Wenzel, H. Zhang, J. Nurmi, K. Štipek, Z. Fischerova, P. 
Schweiger, G. Köllensperger, L.Q. Ma, G. Stingeder. Rhizosphere Characteristics 
of the Arsenic Hyperaccumulator Pteris vittata L. and Monitoring of Phytoremoval 
Efficiency. Environ. Sci. Technol. 2003, 37, 5008. 

[27]  Y.-H. Li, S. Gregory. Diffusion of ions in sea water and in deep-sea sediments. 
Geochim. Cosmochim. Acta 1974, 38, 703. 

[28]  T. Wällstedt, L. Björkvald, J.P. Gustafsson. Increasing concentrations of arsenic 
and vanadium in (southern) Swedish streams. Appl. Geochem. 2010, 25, 1162. 



 14 

[29]  G. Liu, A. Fernandez, Y. Cai. Complexation of arsenite with humic acid in the 
presence of ferric iron. Environ. Sci. Technol. 2011, 45, 3210. 

[30]  D. Sánchez-Rodas, J.L. Gómez-Ariza, I. Giráldez, A. Velasco, E. Morales. Arsenic 
speciation in river and estuarine waters from southwest Spain. Sci. Tot. Environ. 
2005, 345, 207. 



III



 



 

1 

Copper and nickel in ultrafiltered brackish water; labile 
or non-labile? 

 

Heléne Österlund1,2*, Johan Gelting1, Fredrik Nordblad1, Douglas C. Baxter2 
and Johan Ingri1 

 

1Division of Geosciences, Luleå University of Technology, S-971 87 Luleå, Sweden 
2ALS Environmental, ALS Scandinavia AB, Aurorum 10, S-977 75 Luleå, Sweden 

 
* Corresponding author at: ALS Laboratory Group. ALS Scandinavia AB, Aurorum 10, 

977 75 Luleå, Sweden. Tel. +46 (0) 920 289985; fax +46 (0) 920 289940. E-mail address: 
helene.osterlund@ymail.com (H.Österlund) 

Abstract  
Copper and nickel were sampled at three stations in the Baltic Sea using diffusive 
gradients in thin films (DGT) passive samplers and ultrafiltration (<1 kDa). Two versions 
of DGT devices were used, the normal open pore (OP) and a restricted pore (RP). The OP 
DGT and RP DGT concentrations closely followed each other both in depth profiles and 
time series. The lack of significant difference between OP and RP DGT suggests that the 
labile complexes were smaller than the pore size of the RP gel (approximately 1 nm). 
These data, together with OP DGT measurements at the same location in two different 
years, clearly demonstrate that the DGT method is robust and indicates reproducible 
results during routine field conditions. Between 50 and 80% of the ultrafiltered fractions 
for Ni and Cu could not be detected by the DGT method, using standard procedures. This 
suggests the presence of complexing ligands for Cu and Ni. Assuming 100% 
complexation of Ni to fulvic acid ligand gave DGT concentrations similar to ultrafiltered 
Ni concentrations. The equivalent calculation for Cu indicates that up to 75% of the 
ultrafiltered Cu fraction is non-labile. The non-labile Cu complexes are proposed to be 
produced at sea since the fraction increases with decreasing terrestrial influence.  

Keywords: DGT, diffusive gradients in thin films, open pore, restricted pore, 
ultrafiltration, trace metal speciation, Cu, Ni, the Baltic Sea.  

1. Introduction 
Metals are distributed between three major fractions in natural water; particles, colloids 
and a soluble fraction (Buffle et al. 1992). It is generally assumed that only the soluble 
fraction, also called the truly dissolved fraction, is potentially bioavailable and prone to 
scavenging. It is therefore of vital importance to study this fraction in natural systems. 
However, measurements of the soluble fraction are difficult. A number of different filters 
have been used to operationally define these fractions. A 1 kDa ultrafilter is often used to 
define the soluble fraction (e.g. Ingri et al., 2004; Wells et al., 2000), whereas particles 
usually are defined by retention on a 0.2 μm membrane filter. Diffusive gradients in thin 
films (DGT) (Davison and Zhang, 1994) offer a relatively simple, in-situ method, for 
measurements of the soluble fraction. The method has been applied to e.g. brackish- 
(Forsberg et al., 2006) lake- (Alfaro-De la Torre et al., 2000; Odzak et al., 2002) river- 
(Dahlqvist et al., 2007; Aung et al., 2008) and wastewater (Buzier et al., 2006). The 
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principle is thoroughly described elsewhere (Zhang and Davison, 1995). Briefly, the DGT 
sampling device contains a binding layer, commonly containing Chelex 100 cation 
exchanger, covered by a polyacrylamide hydrogel and a protective membrane filter. The 
membrane filter is exposed to the bulk solution through an opening in the sampling 
device. The hydrogel and membrane filter allow free diffusion of analytes, smaller than 
the hydrogel pore size, from the bulk solution to the binding layer, where adsorption and 
accumulation occurs.  

Accumulated species in the DGT sampler are determined by their size and lability. The 
size is defined by the diffusion gel, which in the traditional open pore (OP) DGT (by 
others also denoted APA2) has a pore size of about 5 nm, and in the restricted pore (RP) 
version about 1 nm (Zhang and Davison, 1999). The retardation of larger complexes is 
more pronounced in the restricted gel, resulting in different fractions being accumulated 
in these two DGT versions (Zhang, 2004). Consequently, an OP/RP DGT speciation 
method has been developed and compared with speciation models (Zhang, 2004; Allan et 
al., 2007), anodic stripping voltammetry (Zhang, 2004; Scoullos et al., 2006) and 
ultrafiltration (5 kDa; Allan et al., 2007) in attempts to identify the species accumulated 
by the DGT samplers (Zhang, 2004). Tusseau-Vuillemin et al. (2004) investigated the use 
of OP and RP DGT to measure copper’s induced lethality on Daphnia magna in organic 
ligand-spiked natural water. Aung et al. (2008) performed in situ DGT sampling in the 
Tama River, Japan, to determine trace metal speciation over a period of time with varying 
flow conditions.  

The relationship between molecular sizes expressed as hydrodynamic diameter in nm and 
molecular weight in kDa is not straightforward, but depends on e.g. the shape and density 
of the molecules. Estimations however indicate that the use of 1 kDa cut-off would retain 
molecules larger than approximately 2 nm, and that 1 nm and 5 nm correspond to 
molecular weights in the range of 0.4-0.5 kDa and 10-13 kDa, respectively. These 
estimations are based on the relationship between molecular size and weight of dextrans 
(Granath and Kvist, 1967, Larsson et al. 2002) and polyethylene glycol (Lentsch et al. 
1993, Combe et al. 1999). Therefore DGT should more or less mimic ultrafiltration with a 
1 kDa filter. Forsberg et al. (2006) tested this hypothesis in the Baltic Sea, comparing the 
OP DGT technique with ultrafiltration (1 kDa). OP DGT concentrations for Zn, Cd and 
Mn showed excellent agreement with ultrafiltered values (1 kDa). However, Ni and 
especially Cu DGT-labile concentrations were consistently lower than ultrafiltered 
concentrations. The data by Forsberg et al. (2006) suggest that major fractions of soluble 
Cu and Ni in the Baltic Sea are in non-labile, non-reactive forms, possibly little involved 
in bio-uptake and scavenging processes.  

Carbon fractograms from the Baltic Sea indicated an organic fraction of small 
chromophoric macromolecules probably of terrestrial origin with a relative mass around 
0.5-3 kDa with maximum at 1 kDa (Hassellöv, 2005; Stolpe and Hassellöv, 2010). Hence, 
the OP DGT sampler should register this fraction, if labile, whereas the RP sampler will 
only to a lesser extent. We have therefore used both OP and RP DGT devices in this study 
to assess whether Ni and Cu are associated with this carbon fraction. Samples, from 
vertical profiles as well as time series, were taken at three stations in the Baltic Sea at 
different salinities. Thereby variations in dynamic speciation could be detected. 
Furthermore, the data presented by Forsberg et al. (2006) were validated and the 
robustness of the DGT-method, using both OP DGT and RP DGT, evaluated. 
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2. Materials and Methods  

2.1. Field sites 
Sampling was conducted at three brackish water locations in the Baltic Sea; the Bothnian 
Sea (at station C3), Landsort Deep (at station BY31) and Gotland Deep (at station BY15). 
Fig. 1 depicts the locations of the sampling sites. Total depths at the sites are 293, 180 and 
249 m for Bothnian Sea, Landsort Deep and Gotland Deep, respectively. The salinity in 
the Baltic Sea increases from north (Bothnian Sea) to south (Gotland Deep) and with 
depth, but was relatively constant through the sampling periods. The mean salinity of the 
surface water was 5.3, 6.4 and 7.5 on the practical salinity scale in the Bothnian Sea, 
Landsort Deep and Gotland Deep, respectively. 

2.2. Discrete Sampling 
Water samples for subsequent filtration were taken at 5 m depth (approximately the 
middle of the upper mixed layer). Samples from the Bothnian Sea were taken from April 
to September 2006 and at the Gotland Deep station during 2007, from May to August, at 
5 m depth for both stations. No filtration was performed on samples taken from Landsort 
Deep in 2005. To avoid metal contamination from the hull, a piece of tubing was attached 
to a flagpole protruding horizontally 10 m out from the bow of the ship. Water was 
pumped through the tubing by a peristaltic pump (Masterflex, Colepalmer) into 25 L 
poly-ethylene containers. Prior to use, all sampling tubings and containers used for metal 
analysis were acid-cleaned in 5% HCl with subsequent washing in Milli-Q purified water 
(Millipore, >18.2MΩ). Water samples were also taken from 0.5, 5, 10, 40 and 100 m 
depth at Landsort Deep, 0.5, 5, 10 and 40 m in the Bothnian Sea and at Gotland Deep 
from depths of 0.5, 5, 10, 40, 80 and 120 m using a Niskin-type water sampler 
(Hydrobios). These were later analyzed for elemental composition without filtration. 

 

 
 

Fig. 1. Sampling sites: Bothnian Sea (C3), Landsort Deep (BY31) and Gotland Deep (BY15) in the 
Baltic Sea. 
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2.3. Cross-flow ultrafiltration 
Cross-flow ultrafiltration is based on size separation, defined by the filter pore size, and 
carried out in the laboratory. The time elapsed between sample collection and filtration 
may change the speciation, and should therefore be as brief as possible (e.g. Lead et al., 
1997). Ultrafiltration commenced within 24 hours of collection and was performed on 
water samples taken at 5 m depth from the Bothnian Sea and Gotland Deep. Prior to 
ultrafiltration the water samples were filtered through a 0.22 m nitrocellulose membrane 
filter. Before use the membrane filters were washed in 0.9 M acetic acid and rinsed in 
Milli-Q water, as described previously (Ödman et al., 1999), and the filter holder was 
leached for several days in 0.5 M HCl and subsequently washed in Milli-Q water. 
Ultrafiltration was carried out on a Millipore Prep/Scale system (Prep/Scale Spiral 
Wound TFF-6 module) with cut-off of 1 kDa. Approximately 12 L of water sample were 
used for ultrafiltration after collecting and discarding 0.5 L permeate to prime the system. 
Before the ultrafiltration procedure began, sample water was circulated through the 
system. The concentration factor of the retentate was above 10 to achieve good recovery, 
as recommended by Larsson et al. (2002). The cross flow ratio (retentate flow/permeate 
flow) was between 60 and 80. After every ultrafiltration the system was washed with acid 
(0.01 M HNO3) and base (0.01 M NaOH) solutions before rinsing with Milli-Q water, as 
described by Ingri et al. (2000). The filter was then considered clean for the subsequent 
ultrafiltration procedure. 

2.4. Diffusive gradients in thin films 
OP and RP DGT samplers with Chelex 100 binding gels were purchased from DGT 
Research Inc. (Lancaster, UK). The thicknesses of the diffusive gels were specified by the 
manufacturer to be 0.080 and 0.076 cm for OP and RP, respectively. All DGT sampling 
was carried out in situ. DGT measurements were performed at several depths (the same as 
listed in section 2.2) and DGT devices were deployed in duplicates. The exposure time 
for DGT samplers varied between four and 10 weeks. Temperature loggers (StowAway 
TidbiT, Onset Computer Corporation) were attached to the DGT units, logging the 
temperature every fifth hour. The mean temperature of the deployment period was used to 
recalculate the diffusion coefficient in the gel. DGT concentrations ([Me]DGT) were 
calculated according to Eq. 1 (Warnken et al., 2007). 

[Me]DGT = ( M/At) (( gel /Dg)+( f /Df)+( /Dw)) Eq. 1 

where M is the accumulated mass, t the deployment time and A the accumulation area, 
assumed to be equal to 3.8 cm2 (Warnken et al., 2006). Δgel, Δf and δ are the thicknesses 
of the diffusive gel, protective membrane filter and diffusive boundary layer (DBL), 
respectively. δ was set to 0.23 mm, which is reasonable to expect in moderate to well 
mixed waters (Warnken et al., 2006). Dg, Df and Dw are the diffusion coefficients of the 
diffusive gel, protective membrane filter and DBL, respectively. Diffusion coefficients 
were according to Scally et al. (2006). Coefficients determined at 0.1 M ionic strength 
were applied in this work. Analytes were assumed to have the same diffusion coefficient 
in the membrane filter as in the OP gel, and slightly higher in the DBL.  

2.5. Analysis 
Cu and Ni in water samples and DGT eluates were determined using inductively coupled 
plasma-sector field mass spectrometry (ICP-SFMS; Element or Element 2, Thermo 
Finnigan). Two elution methods for the Chelex gels were applied. In 2005 the gels were 
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eluted in 5 ml 5 M HNO3. After 2005 the gels were eluted in 10 ml 1.4 M HNO3 in 12 ml 
test tubes (Sarstedt) on a planar shaking table for at least 24 h. Eluates were diluted five-
fold prior to analysis. The recovery was assumed to be 100% for both methods (Sangi et 
al., 2002). All handling was performed under class 100 clean bench conditions. Blank 
DGT samplers were eluted and analyzed in parallel with the exposed devices. Mean blank 
values were subtracted from exposed DGT values. Organic carbon content was 
determined at Umeå Marine Science Centre (Norrbyn, Sweden) using a high-temperature 
catalytic oxidation instrument (Shimadzu TOC 5000). Phosphate and chlorophyll-a (chl-
a) were measured as described in Gelting et al. (2010). Phosphate was quantified using 
flow injection analysis (QuickChem 8000, Lachat Instruments) according to Koroleff et 
al. (1983) with some modifications. For chl-a determinations, 2 L of seawater was filtered 
through a 47 mm Whatman GF/F filter, stored frozen at −20ºC and extracted by acetone 
before spectrophotometric measurement at 664 nm (SS 02 81 46). Quantification ranges 
are typically 4-300 nM for phosphate and 0.1-10 μg L-1 for chl-a. Estimated precision 
was 10% and 22% relative standard deviation for phosphate and chl-a analysis, 
respectively. Measurements of pH were conducted using a Metrohm 704 pH-meter, as 
described by Breitbarth et al. (2009). Corrections were done taking in situ temperature 
and alkalinity into account, and the uncertainty was estimated to be no more than 0.05 pH 
units. 

3. Results and discussion 

3.1. Robustness and precision of DGT measurements 
Concentrations of dissolved Cu and Ni at 5 m depths (Fig. 2 and 3) are in the same range 
as previously measured in the Baltic Sea (Brügmann et al., 1992) and the eastern Gotland 
Basin (Strady et al., 2008). Total concentrations of Cu and Ni greatly exceeded DGT 
concentrations at all depths, as illustrated in Fig. 4, 5 and 6. The concentrations of Ni 
were relatively constant over time and with depth, regarding both DGT and total 
concentrations. Cu concentrations showed the same trend as Ni down to 40 m depth. In 
measurements below 40 m, in Landsort Deep and Gotland Deep, a distinct decrease was 
observed in total concentrations and in most cases DGT concentrations. The same pattern 
was observed by Strady et al. (2008) from measurements of dissolved concentrations in 
the eastern Gotland Basin. Others (Pohl and Hennings, 2005; Pempowiak et al., 2000; 
Brügmann et al., 1998) have, at the same location, found a similar decrease in the 
intermediate zone between the halocline and redoxcline at 60-80 m depth resulting in five 
times lower concentrations in the anoxic zone (Pohl and Hennings, 2005). The redoxcline 
in Landsort Deep and Gotland Deep is illustrated in Fig. 4 and 6 for corresponding DGT 
deployments.  

The results of the present DGT measurements are consistent with previous data for 
Landsort Deep (Forsberg et al., 2006). Maximum, minimum and mean concentrations of 

Table 1. Minimum, mean and maximum OP DGT concentrations (μg L-1) of Cd, Ni, Zn and Cu 
measured in Landsort Deep in 2004 and 2005. 

Analyte Year Min Mean Max 

Ni 2004 3.3 4.2 5.2 

 2005 4.2 4.5 5.2 

Cu 2004 0.81 1.4 1.8 

 2005 0.94 1.2 1.7 
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OP DGT measurements of Cu and Ni in Landsort Deep in 2004 and 2005 are presented in 
Table 1. The consistency of the results between the two years affirms the robustness and 
reproducibility of the DGT technique. The differences in deployment times between the 
two years, i.e. 11-29 and 57-86 days in 2004 and 2005, respectively, therefore seem to 
have marginal effects on the accumulation efficiency. Deteriorating efficiency over time 
has, to our knowledge, not been reported for Chelex-DGT devices, though previous 
studies have shown declined accumulation rates of Cs to DGT probes with an ammonium 
molybdophosphate binding agent for deployment times of two months or longer 
(Murdock et al., 2001). The effect was mainly attributed to chemical degradation of the 
adsorbent used, and secondly to bio-fouling. However, the capacity of the Chelex binding 
layer is of course limited. For coastal seawater the maximum deployment time has been 
estimated to 3 months (Zhang and Davison, 1995), but might be even longer when only 
Ni and Cu are the analytes of interest due to their high affinity for the adsorbent.  

The precision of DGT measurement was estimated from several duplicates (35-40). The 
relative difference between accumulated for each duplicate was regarded as an 
independent measurement, and the relative differences of all duplicates were pooled to 
estimate the relative standard deviation (RSD). RSDs were determined to be 16% and 

 

  
Fig. 2. Time series of dissolved (<0.22 μm), ultrafiltered (<1 kDa) and DGT concentrations of 

Ni (upper left) and Cu (upper right) at 5 m depth in Bothnian Sea, 2006. DOC in dissolved and 
ultrafiltered fractions (middle left), phosphate concentration (middle right), chlorophyll a 
(lower left) concentration integrated from 0-10 meters depth and pH (lower right) at 5 m 

depth. Note that the two lowest values of the phosphate concentration are just below the LOQ, 
which corresponds to 4 nM. 
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15% for Cu and 9% and 8% for Ni, for OP and RP DGT, respectively. Details of the RSD 
calculation procedure are given elsewhere (Minkkinen, 1986).  

Repeatability better than 5% has been achieved for Cu and Cd measurements in 
laboratory tests (Warnken et al., 2005), but inferior precision must be expected in field 
studies. For example Cleven et al. (2005) have determined mean RSD values for OP DGT 
measurements to 28% and 17% for Cu and Ni, respectively (N=2-5). For 10 replicates, 
Aung et al. (2008) obtained RSDs for Ni in OP and RP DGT of 22% and 18%, 
respectively. These values are more in line with the results of our measurements, though 
the RSDs were estimated using other numerical procedures.  

Factors contributing to deteriorated precision and/or accuracy of DGT measurements 
include the uncertainty associated with diffusion coefficient, D, determinations, 
temperature fluctuations during the deployment, estimation of the diffusive layer 
thickness, including the DBL, as well as variation in DGT blank values. The relative 
uncertainty of D determined from diffusion cell measurements corresponds to 2.5% and 
1.2% for Cu and Ni, respectively (Scally et al., 2006). However, these figures are 
calculated from one single observation and repeated measurements would probably 
expand these values. From four independent measurements of the Cd diffusion 
coefficient, 4.0% RSD has been obtained (unpublished data). Diffusion coefficient 
considerations regarding complexes are discussed in section 3.3.  

 
Fig. 3. Time series of dissolved (<0.22 μm), ultrafiltered (<1 kDa) and DGT concentrations of Ni 

(upper left) and Cu (upper right) at 5 m depth in Gotland Deep, 2007. DOC in dissolved and 
ultrafiltered fractions (middle left), chlorophyll a (middle right) concentration integrated from 0-10 

meters depth and pH (lower left) at 5 m depth. 
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The temperature varied at most 15°C between maximum and minimum values during a 
single deployment. A 15°C change in the temperature from 20°C to 5°C decreases the 
diffusion coefficients by approximately 38%. This does not mean that the uncertainty 
increases by the same factor, since the temperature was registered every fifth hour, and D 
was adjusted to the average temperature during each deployment. Nevertheless, the 
relationship between D and temperature is not linear, but has been shown to follow 
Stokes-Einstein equation (Zhang and Davison, 1995). The average temperature used for 
the correction of D may therefore not exactly correspond to the average D during the 
deployment.  

Estimation of the diffusion layer thickness will affect the calculated DGT labile 
concentration to the same degree. The thickness of the diffusive gel is commonly 
measured using a travelling microscope (e.g. Zhang and Davison, 1995, Scally et al., 
2006), and the precision is claimed to be better than ±0.01 mm (Scally et al., 2006), 
which corresponds to ~1% of the total diffusive layer thickness. Therefore a larger 
contribution to uncertainty will probably originate from estimation of the DBL thickness. 
The latter depends on the flow velocity of the surrounding water (Warnken et al. 2006), 
and can be determined from deployments of multiple DGT devices with different 
diffusive gel thicknesses, via calculations using accumulated masses of analytes having 

 
Fig. 4. Vertical profiles of total and DGT concentrations of Ni (left) and Cu (right) in Landsort Deep, 
2005. Dissolved oxygen (O2) was measured on retrieval of the DGT devices.  Uncertainty bars of DGT 

concentrations represent maximum and minimum of duplicate measurements. Uncertainty bars of 
total concentrations represent maximum and minimum values obtained from several discrete 

sampling occasions during the corresponding DGT deployment times 
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rapid association rate constants, e.g. Cd, Pb or Zn (Warnken et al., 2007). Multiple gel 
layer thicknesses have been applied at some depths in the Baltic Sea (data not shown). 
Unfortunately the accumulated masses of Cd, Pb and Zn were too low compared to DGT 
blank values, which prevented calculation of the DBL. The DBL was therefore set to 0.23 
mm, as can be assumed under moderate flow conditions (Warnken et al., 2006). 

The DGT blank distribution will, of course, also contribute to inaccuracy and imprecision 
of DGT measurements. In this work the blank contribution from OP DGT devices was on 
average 6.2% and 1.5% of the accumulated masses of Cu and Ni, respectively. On a few 
occasions the measured mass of Cu was below the limit of quantification (LOQ), and 
these are noted in the figures. 

3.2. RP DGT measurements 
The OP DGT and RP DGT concentrations closely follow each other both in depth profiles 
and time series. This clearly underlines the robustness of the DGT-method, and is also an 
indication of the overall precision of the whole DGT-procedure.  

Expressing [Me]DGT RP as a percentage of [Me]DGT OP at the three locations gave mean 
values of 80, 89 and 84% for Cu and 82, 89 and 84% for Ni in the Landsort Deep, 

 

 
Fig. 5. Vertical profiles of total and DGT concentrations of Ni (left) and Cu (right) in Bothnian Sea, 

2006. Uncertainty bars of DGT concentrations represent maximum and minimum of duplicate 
measurements. Uncertainty bars of total concentrations represent maximum and minimum values 

obtained from several discrete sampling occasions during the corresponding DGT deployment times. 
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Bothnian Sea and Gotland Deep, respectively. The differences are statistically significant 
at all locations, applying a paired t-test at the 95% confidence level. (The four lowest 
values for Cu at 120 m depth in Gotland Deep were excluded from calculations. These 
concentrations were below LOQ, i.e. 10 SD, but above limit of detection, i.e. 3 SD.) 
Though there are systematic differences between the two DGT techniques these are too 
small, compared to the precision of the method, to facilitate accurate speciation 
calculations for each specific measurement. However, the small differences between 
[Me]DGT OP and [Me]DGT RP, suggest that the labile complexes were smaller than the pore 
size of the RP gel. The smaller the organic complexes, the less the difference between OP 
and RP DGT concentrations is to be expected, since the same fractions will, in principle, 
be accumulated. It should also be noted that laboratory studies have indicated that 
particles much larger than 5 nm had access to both OP and RP gels (van der Veeken et al. 
2008), which would imply that the pore size is larger than previously thought and that no 
differences between the OP and RP DGT results should be expected. Anyhow, the 
retardation of organic molecules is more pronounced in the RP gel and increases with 
molecular size (Scally et al., 2006), which suggests that size fractionation might be 
expected.  

3.3. Cu and Ni speciation at 5 meters depth  
Ultrafiltration was carried out using samples collected in the Bothnian Sea and Gotland 
Deep. Recovery data for Cu, Ni and DOC are presented in Table 2. The ultrafiltered 
concentrations of Cu and Ni were systematically higher than DGT concentrations at 5 m 
depth (Fig. 2 and 3), as also was seen in Landsort Deep in 2004 (Forsberg et al., 2006). 
OP DGT results expressed as percentages of corresponding ultrafiltered concentrations 
were calculated and are presented in Table 3. It can be seen that the [Cu]OP DGT / 
ultrafiltered ratio increased through the season from 25% to 44% in the Bothnian Sea and 

 
Fig. 6. Vertical profiles of total and DGT concentrations of Ni (left) and Cu (right) in Gotland Deep, 

2007. Dissolved oxygen (O2) was measured on retrieval of the DGT devices. Uncertainty bars of 
DGT concentrations represent maximum and minimum of duplicate measurements. Uncertainty 

bars of total concentrations represent maximum and minimum values obtained from several discrete 
sampling occasions during the corresponding DGT deployment times. 
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was generally lower in Gotland Deep. The relative Ni concentration was higher, and 
varied between 46% and 59% at both stations. There is one obvious reason for the lower 
DGT concentrations: all calculations were based on the diffusion coefficients of free Cu 
and Ni, though Cu and Ni are known to be complexed. Complexes diffuse more slowly 
than free ions and using the higher diffusion coefficient of the latter results in 
underestimation of concentrations. Twiss and Moffet (2002) conducted DGT 
measurements in combination with competitive ligand exchange (CLE) voltammetry for 
determination of labile and inorganic Cu in relatively pristine as well as polluted coastal 
seawater. Calculations of effective diffusion coefficients of organic Cu complexes were 
made by subtraction of the contribution of inorganic Cu (obtained from voltammetric 
measurements) from the total DGT accumulated mass, and by assuming all dissolved Cu 
was DGT labile. These effective diffusion coefficients (D) were in the range (0.77-
2.16)·10-6 cm2 s-1. There were some indications that only 10-30% of the dissolved Cu was 
DGT labile. Since it has previously been shown that up to half of the Cu in seawater is 
found in the colloidal fraction >1 kDa, it was further hypothesized that organic Cu 
complexes larger than 1 kDa are excluded from DGT measurements either because of 
size discrimination of hydrogel pore size or alternatively due to too slow diffusion and 
thereby negligible contribution to the total accumulated mass. The presence of small 
organic molecules in the Baltic Sea was verified by DOC measurements on the 
ultrafiltered fraction <1 kDa (Fig. 2 and 3). If we assume that all Cu and Ni accumulated 
in the OP DGT is complexed and that these complexes are of the same size as fulvic acids 
(FA), we can estimate their concentrations. D values for organic complexes in DGT gels 
have been determined by Scally et al. (2006) using the diffusion cell method. For Pb-FA 
complexes in OP gels D was 1.7·10-6 cm2s-1 at 25 °C. There are though indications that 
the apparent D of FA is 1.5-2 times higher when using DGT devices, than D determined 
using the diffusion cell method (Warnken et al., 2008; Downard et al., 2003). This 

Table 2. Mean recovery rates (%) of Cu, Ni and DOC from ultrafiltration. Uncertainty represents the 
standard deviation of all measurements. 

 2006 2007 

Cu 1.00 ± 0.26 0.90 ± 0.21 

Ni 0.93 ± 0.24 0.87 ± 0.13 

DOC 1.07 ± 0.05 1.16 ± 0.11 
   

 

Table 3. DGT concentration in percentage of ultrafiltered fraction (<1 kDa) at 5 m depth in Bothnian 
Sea and Gotland Deep. Estimations assume 100% inorganic analytes or 100% complexed analytes 

(FA).  Corresponding D values at 25 °C used for calculations were 6.42·10-6 and 5.77·10-6 cm2 s-1 for 
inorganic Cu and Ni, respectively, and (2.6-3.4)·10-6 cm2 s-1 for Cu-/Ni-FA complexes. The interval 

represents the range of apparent D obtained in by Warnken et al. (2008) and Downard et al. (2003). 

Analyte Bothnian Sea Gotland Deep 

 25 April- 

23 May 2006 

29 June- 

1 Aug 2006 

1 Aug- 

1 Sept 2006 

24 May- 

20 June 2007 

20 July- 

14 Aug 2007 

Cu 25 37 44 20 13 

Ni 52 46 57 59 46 

Cu-FA 48-63 70-93 84-110 30-38 25-32 

Ni-FA 88-120 78-106 97-131 100-135 78-106 
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corresponds to 1.9-2.5 times lower D for Cu and 1.7-2.3 times lower for Ni, compared to 
D determined for the free Cu and Ni ions ((6.42±0.09)·10-6 and (5.77±0.07)·10-6 cm2 s-1, 
respectively) and used in the present calculations. Extended calculations of percentage OP 
DGT concentration of ultrafiltered values were performed assuming 100% complexation. 
Data are presented along with the original values in Table 2. For Cu there is still a large 
fraction of the ultrafiltered concentration that is not DGT-labile. For Ni the difference 
between DGT concentrations and ultrafiltered concentrations can be fully explained by 
slower diffusion of a FA complex. 

Analogies can be drawn to an investigation by Brügmann et al. (1998) at Gotland Deep. 
Filtration and a three step chromatographic column separation were performed to 
determine particulate, colloidal and dissolved anionic and cationic species in the water 
column. For Cu there was a large inert fraction not retained on any column. This was 
attributed to charge neutralization of small organic complexes by major elements present 
in seawater. Similar results were previously seen for Black Sea samples, using the same 
chromatographic separation (Lewis and Landing, 1992). Ni analyses showed that 
dissolved cationic species dominated Ni speciation (Brügmann et al., 1998). 

Other works, using voltammetric measurements, have indicated that a considerable 
fraction (>30%) of dissolved Ni in coastal seawater (van den Berg and Nimmo, 1987; 
Nimmo et al. 1989) as well as in freshwater (Lam et al. 1999, Xue et al. 2001) occurs as 
organic complexes. This is also evident from our results, since the colloidal fraction, >1 
kDa, constitutes ~30% of the total dissolved Ni.  

A pair of recent articles (Uribe et al. 2011; Mongin et al. 2011) point out the importance 
of the resin layer thickness as a factor affecting which ligand-associated analytes will be 
included in DGT measurements. This can be estimated from Eq. 14 in Uribe et al. (2011): 

ξ = 1-(1/(1+(g/λML)tanh(r/ λML)))  Eq. 2 

where ξ is the lability degree, g is the diffusive layer thickness corresponding to 1.13 mm 
in a normal DGT (including the diffusive boundary layer), r is the resin layer thickness 
equal to 0.4 mm in a normal DGT device, and λML is called the “penetration parameter”, 
calculated as follows: 

   Eq. 3 

where DML is the diffusion coefficient of the metal-ligand complex, ML, and kd is the 
dissociation rate constant of the dissociation reaction of the ML complex. For the normal 
OP DGT devices the ML complexes of Ni and Cu will start loosing lability (ξ<0.95) for 
kd <10-1.3 s-1assuming DML for a Pb-FA complex (1.7 10-6 cm2 s-1; Scally et al. 2006) and 
kd <10-1.7 s-1 assuming the DML for a Pb-humic acid (HA) complex (0.66 10-6 cm2 s-1; 
Scally et al. 2006). ξ ≥ 0.5 includes FA and HA complexes with kd values corresponding 
to ≥10-3.4 s-1 and ≥10-3.8 s-1, respectively; for ξ ≥ 0.05 the corresponding values are ≥10-4.7 
s-1 and ≥10-5.1 s-1, respectively. Mandal et al. (1999) found two distinguishable classes of 
Cu and Ni adsorption sites on the Armadale FA when examining the effect of Cu and Co 
competition on the lability of Ni-FA complexes by the CLE method. The two kinetic 
components were characterized by kd values corresponding to ~5·10-2 and ~2·10-6 s-1. The 
more Cu that was added to compete with Ni, the larger the fraction of Ni that became 
associated with the faster kinetics component since Cu occupied the stronger sites. Inert 
Ni-complexes have also been found (Lam et al., 1999). Furthermore, the kd value for 
organic acid found in a natural freshwater sample (Rideau river) have been found to be  
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10-4 s-1. The obtained values are, to some extent, dependent on the applied experimental 
conditions, and may not be directly comparable with our calculated values. It is though 
reasonable to believe that while ML complexes with higher kd values might be DGT- 
labile, those exhibiting more sluggish kinetics are not. 

In the Bothnian Sea pH, chlorophyll a, and phosphate concentrations in the surface water 
decreased during the sampling period, implying declining primary production (Fig. 2). 
Simultaneously, the relative DGT concentration (compared to the ultrafiltered 
concentration, Table 3) increased, indicating a higher degree of labile Cu at lower 
primary production. This is in agreement with expectations, since strong complexing 
ligands are produced by, for example, some cyanobacteria (Moffet et al., 1990; Croot, 
2003). The increased DGT labile Cu might also be a consequence of decreasing stability 
constants for Cu-ligand complexes associated with the sinking pH, as has previously been 
seen in freshwater (Averyt et al., 2004). The decreased pH and stability leads to more 
labile Cu complexes. At Gotland Deep, sampling commenced after the spring bloom and 
possible correlation between primary production and the Cu-FA complexed fraction 
therefore could not be to detected. However, the non-labile complexed Cu fraction is 
larger than in the Bothnian Sea. The Bothnian Sea is more affected by fluvial input, 
which is reflected in the lower salinity. This will also affect the nature and composition of 
the organic ligands present, which may be inferred from the higher concentrations of 
humic substances measured in the Bothnian Sea (9.70-14.50 μg L-1 quinine sulfate 
equivalents (QSE)) than in Landsort Deep (4.46-5.93 μg L-1 QSE; Gelting et al., 2010).  

Assuming that Cu complexes with ligands of marine origin rather than terrestrial would 
be sufficient to explain the generally higher DGT results sampled in the Bothnian Sea. 
The DGT labile fraction was calculated for these stations and the results are presented in 
Fig. 7. Mean values of ultrafiltered and DGT labile concentrations from five meters depth 
were used, and the diffusion coefficient was assumed to be 1.9 times lower than D for 
free Cu due to complexation (recall discussion above). To confirm the proposed theory 
the same calculations were performed on the datasets from Landsort Deep (in 2004) and 
Ekhagen Bay (in 2003), evaluated in Forsberg et al. (2006) where ultrafiltration and DGT 
measurements were conducted. Ekhagen Bay is a low salinity (3.3 on the practical 
salinity scale) coastal bay located in the vicinity of Stockholm and having the highest 
terrestrial impact. It seems clear from Fig. 7 that the DGT labile fraction decreases with 
increasing salinity. 

 

 
Fig. 7. Estimated DGT labile fraction of Cu, at 5 m depth, plotted against stations with increasing 

salinity in the Baltic Sea. Uncertainty bars represent ±SD. 
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Kogut and Voelker (2001) determined conditional stability constants of Cu-ligand 
complexes of Suwannee River freshwater-FA and -HA in a seawater matrix and found 
that, compared to freshwater, the stability of Cu-FA complexes was weaker. This was 
attributed to increased competition by Ca and Mg for the strong adsorption sites, since Ca 
and Mg concentrations are higher in seawater. Despite the Ca and Mg competition, we 
observed decreased Cu-lability at higher salinity in this study. Copper binding ligands 
produced at sea are therefore proposed to give rise to non-labile Cu species detected from 
the DGT and ultrafiltration measurements. However, Fe has been shown to compete with 
Cu when binding to FA and HA in a seawater matrix (Yang et al. 2009). In the Baltic Sea 
there is a trend towards decreasing Fe concentrations from north to south, as the salinity 
increases and the terrestrial influence decreases (Gelting et al. 2010). This trend is evident 
in the particulate and colloidal fractions, and to a lesser extent also in the soluble. 
Dissolved Fe concentrations are higher than those of Cu in the Bothnian Sea, but are in 
the same range or even lower in Landsort Deep and Gotland Deep. Fe competition might 
therefore enhance the effect of decreasing Cu complex stability with increasing terrestrial 
influence. There are examples that illustrate that stronger binding complexants can be 
produced further from the coast (e.g. Seritti et al. 1986), and strong Cu complexing 
ligands are known to be formed in seawater as well as in freshwater (Town and Filella, 
2000).  

4. Conclusions 
DGT sampling in the Baltic Sea indicated that the Ni DGT-labile fraction is larger than 
that of Cu. Actually up to 75% Cu in the ultrafiltered fraction from Baltic Sea samples is 
in a non-labile form, whereas Ni-complexes are suggested to be completely labile. The 
non-labile Cu complexes are proposed to be produced at sea since the fraction increases 
with increasing salinity and decreasing terrestrial influence. The labile complexes are 
probably smaller than the pore size of the RP diffusive gel (~1 nm) since the OP and RP 
DGT samplers gave similar results for Cu and Ni measurements. Although the results 
from this study indicate the limited benefit of using OP and RP DGT probes in 
combination, there are other studies in both freshwater (Zhang and Davison, 2000) and 
seawater (Baeyens et al., 2011) settings where larger differences have been obtained. 
However, if only one DGT version is to be used, the OP variant is to be preferred, mainly 
because the data collected will be directly comparable with the majority of other studies, 
thus facilitating the interpretation.  
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Abstract 
The diffusive gradients in thin films (DGT) passive sampling technique has been used for 
trace element speciation measurements for more than 15 years. DGT devices accumulate 
analyte species small enough to traverse a gel film and labile enough to be adsorbed to a 
binding layer. A few studies have reported on DGT performance for uranium 
determination, but no extensive in situ sampling has been presented. In this study uranium 
was measured at three stations in the brackish Baltic Sea. DGT sampling devices were 
deployed and total concentrations were determined in vertical profiles (down to 120 m 
depth) and time series (up to 6 months continuously). In addition, ultrafiltration (1 kDa) 
and membrane filtration (0.22 μm) were conducted at 5 m depth. The ultrafiltration 
measurements indicated that uranium was present in the truly dissolved fraction <1 kDa 
as expected. However, DGT-labile concentrations were much lower in the euphotic zone 
but increased with depth. At 80 and 120 m depth all uranium was detected by the DGT 
device. The fluctuating DGT-labile concentration was negatively correlated to pH 
variations. This effect is proposed to originate from the uranium speciation changes 
towards formation of more stable uranyl-carbonate complexes with increasing pH, 
complexes too strong to dissociate within the time taken to traverse the diffusive layer. 

1. Introduction 
Uranium is the most abundant element in the actinide series and occurs in the tetra-, 
penta- and hexavalent oxidation states in aquatic environments.1 U(IV) is most prevalent 
in anoxic waters, e.g. groundwater, though the concentrations are low due to low 
solubility. At intermediate oxidation potential in combination with low pH, U(V) might 
be found as UO2

+. U(VI) is present in oxygenated waters as uranyl (UO2
2+). Its strong 

complexation with carbonate at pH values above 6-7 increases the solubility of uranium 
minerals and the mobility due to decreased tendency to adsorb to colloids and particles. 
Measurements of uranium isotope ratios is a useful geochemical tool for e.g. tracing 
riverine input during estuarine mixing2,3 or study groundwater paths. Monitoring of the 
element in natural waters may also be important due to its chemical (and radiological) 
toxicity4. 
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The diffusive gradients in thin films (DGT) technique has been applied for uranium 
determination in several previous studies5–11, and various adsorbents have been used 
including Chelex5–9,11 and Spheron-Oxin11 cation exchangers, ferrihydrite10 as well as 
Dowex7 and DE816,7 anion exchangers. Uranyl cation has a high affinity for imino 
diacetic acid (IDA),12,13 which is the active group in the Chelex cation exchanger resin 
used in normal DGT devices.14 Due to the formation of anionic carbonate complexes, 
anion exchangers and ferrihydrite may also be suitable.  

The normal Chelex-backed DGT devices have shown indications to be applicable to at 
least 24 elements.5 DGT sampling for uranium with these devices have been done in situ 
in freshwater in a few studies and have been concluded to perform well in alkaline waters, 
pH>7.6 Though alternative binding agents have been applied for uranium measurements, 
the Chelex adsorbent is attractive due to its well documented multielement capabilities.  

In this work we present uranium results from four years of in situ DGT sampling at three 
locations in the brackish Baltic Sea. The sampling was conducted during the summer 
seasons and time series as well as vertical profiles were taken. In addition to DGT 
applications, water samples were collected on deployment and retrieval occasions. 
Samples taken at 5 m depth were also ultrafiltered (<1 kDa) for comparison with the DGT 
technique. 

2. Materials and methods 
2.1 Field sites 
Sampling was conducted at three brackish water locations in the Baltic Sea; the Bothnian 
Sea (2006; station C3), Landsort Deep (2004 and 2005; station BY31) and Gotland Deep 
(2007; station BY15). Fig. 1 depicts the locations of the sampling sites. Total depths at 
the sampling locations are 293, 180 and 249 m for the Bothnian Sea, Landsort Deep and 
Gotland Deep, respectively. Results from these cruises have also been presented in 
previous papers.15–17  

 

Figure 1. Sampling sites: Bothnian Sea (C3), Landsort Deep (BY31) and Gotland Deep (BY15) in the 
Baltic Sea. 
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The Baltic Sea is a mixture of ocean water, entering from the south west, and fresh water 
from a great number of rivers. The river input in the northern parts has drained lime stone 
poor areas and is low in salt and high in humic content. The rivers in eastern and southern 
parts have drained lime stone rich areas and have high total dissolved salt contents.18 A 
longitudinal salinity and carbonate gradient is therefore formed from north to south and 
large parts of the Baltic Sea are permanently stratified.19,20 

2.2 Diffusive gradients in thin films 
For sampling conducted in 2005-2007, DGT devices were purchased from DGT Research 
Inc. (Lancaster, UK). In 2004 gels (polyacrylamide diffusive gels and Chelex binding 
gels) were made in-house as described previously.21 All DGT sampling was carried out in 
situ. Duplicate DGT probes were deployed at 0.5, 5, 10, 20 and 40, m depth at Landsort 
Deep 2004; 0.5, 5, 10, 40 and 100 m depth at Landsort Deep 2005; 0.5, 5, 10 and 40 m in 
the Bothnian Sea and in Gotland Deep from depths of 0.5, 5, 10, 40, 80 and 120 m. The 
exposure time for DGT samplers varied between 10 days and 3 months. Shortest 
deployment times were applied in Landsort Deep, 2004. Temperature loggers (StowAway 
TidbiT, Onset Computer Corporation) were attached to the DGT units, logging the 
temperature every fifth hour. The mean temperature of the deployment period was used to 
recalculate the diffusion coefficient in the gel. DGT-labile concentrations of uranium 
([U]DGT) were calculated according to:14 

[U]DGT = (M· g)/(D·A·t)   Eq. 1 

where M is the accumulated mass, t the deployment time, A the area of the exposure 
window, equal to 3.14 cm2, Δg is the thickness of the diffusive layer, i.e. the diffusive gel 
and protecting membrane filter and D the uranium diffusion coefficient from Gregusova 
et al.11.  

2.3 Discrete Sampling 
Water samples for subsequent filtration were taken at 5 m depth (approximately the 
middle of the upper mixed layer) in Landsort Deep, March to September in 2004. To 
avoid metal contamination from the hull, a piece of tubing was attached to a flagpole 
protruding horizontally 10 m out from the bow of the ship. Water was pumped through 
the tubing by a peristaltic pump (Masterflex, Colepalmer) into 25 L poly-ethylene 
containers. Prior to use, all sampling tubings and containers used were acid-cleaned in 5% 
HCl with subsequent washing in Milli-Q purified water (Millipore, >18.2 MΩ). Water 
samples were also collected using a Niskin-type water sampler (Hydrobios) from the 
same depths as the DGT sampling was conducted. These were later analyzed for 
elemental composition without filtration. 

2.4 Cross-flow ultrafiltration 
Cross-flow ultrafiltration is based on size separation, defined by the filter pore size, and 
carried out in the laboratory. The time elapsed between sample collection and filtration 
may change the speciation, and should therefore be as brief as possible.22 Ultrafiltration 
commenced within 24 hours of collection and was performed on water samples taken at 5 
m depth from the Landsort Deep in 2004. Prior to ultrafiltration the water samples were 
filtered through a 0.22 m nitrocellulose membrane filters. Ultrafiltration was carried out 
on a Millipore Prep/Scale system (Prep/Scale Spiral Wound TFF-6 module) with cut-off 
of 1 kDa. Approximately 12 L of water sample was used for ultrafiltration after collecting 
and discarding 0.5 L permeate to prime the system. Before the ultrafiltration procedure 
began, sample water was circulated through the system. The concentration factor of the 
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retentate was above 10 to achieve good recovery.23 The cross flow ratio (retentate 
flow/permeate flow) was between 60 and 80. After each ultrafiltration the system was 
washed with acidic (0.01 M HNO3) and basic (0.01 M NaOH) solutions before rinsing 
with Milli-Q water, as described previously.24  

2.5 Analysis 
Uranium in water samples and DGT eluates was determined using inductively coupled 
plasma-sector field mass spectrometry (ICP-SFMS; Element or Element2, Thermo 
Finnigan) according to, for example, Österlund et al.25 or Rodushkin and Ruth26, with 
some modifications. Two elution methods for the Chelex gels were applied. In 2004 and 
2005 the gels were eluted in 5 ml 5 M HNO3. After 2005 the gels were eluted in 10 ml 1.4 
M HNO3. Eluates were diluted five-fold prior to analysis. All handling was performed 
under class 100 clean bench conditions. Blank DGT devices were eluted and analyzed in 
parallel with the exposed ones. Organic carbon content was determined at Umeå Marine 
Science Centre (Norrbyn, Sweden) using a high-temperature catalytic oxidation 
instrument (Shimadzu TOC 5000).27 Nitrogen, phosphate, silicate, chlorophyll a (chl a), 
and pH were determined following HELCOM guidelines; nitrogen, phosphate and silicate 
according to Koroleff28 and chl a from spectrofluorometric measurements at 680 nm as 
described previously.15 Measurements of pH were carried out following a standard 
method (SS 028122). Precision was estimated to be better than ±0.05 pH units.  

3. Results and discussion 
The DGT devices were deployed above the redoxcline at all sampling stations, and 
therefore uranium was assumed to be present in the oxidized hexavalent form as uranyl 
cations. Conservative behavior, that is increasing uranium concentration with increasing 
salinity, was expected29–31 and is evident from vertical profiles of total uranium 
determination exemplified in Figure 2, showing increasing uranium concentration with 
depth, as was observed in a previous study.31  

 

Figure 2. Vertical profiles of uranium in unfiltered fraction and DGT-labile concentrations in 
Landsort Deep 2004 and 2005, Bothnian Sea 2006 and Gotland Deep 2007. Uncertainty bars 

represent maximum and minimum values obtained from duplicate DGT measurements or repeated 
discrete sampling during the DGT deployment time for total concentration. 



5 

Measurements of pH in Landsort Deep 2004 at 0-20 m depth showed values between 7.7 
and 8.3. In this range, uranyl is mainly present as carbonate complexes and not associated 
to organic matter.32 This is also evident from the membrane- and ultrafiltration 
measurements at Landsort Deep 2004, presented in Figure 3. Results from unfiltered, 
dissolved (<0.22 μm) and ultrafiltered (<1 kDa) fractions at 5 m depth are similar 
indicating that both particulate and colloidal fractions are small, which is in accordance 
with previous measurements in the Baltic Sea.29 These results were also confirmed from 
the sampling in the Bothnian Sea and Gotland Deep in 2006 and 2007, respectively (data 
not shown). For trace metals with low tendencies to form organic complexes (Mn, Cd, 
Zn), the DGT technique has shown excellent agreement with ultrafiltration measurements 
(<1 kDa) in brackish water.16 Unexpectedly, the DGT-labile uranium concentrations in 
Landsort Deep (2004) at 5 m depth are 3 to 20 times lower than the corresponding values 
obtained from ultrafiltered and unfiltered samples. However, the DOC fraction <1 kDa is 
rather large; 82% of the dissolved concentration on average (data not shown). Mann and 
Wong33 examined the occurrence of strongly bound uranium in sea and estuarine waters 
with shifting salinity and DOC content. They concluded that the strongly bound fraction 
of uranium was larger in coastal water with lower salinity (5.19-18.87) and higher DOC 
levels (3.37-5.01 mg L-1). To verify that the degree of DGT-labile uranium really is 
independent of the DOC concentration, the DGT-labile concentration as percentage of 
total concentration versus DOC <1 kDa is plotted in Figure 4. It can be seen from the 
graph that while the DOC level is relatively constant over the sampling period, the DGT-
labile fraction varies more than six-fold. Thus, no correlation could be detected.  

There is a tendency for decreasing differences between unfiltered and DGT-labile 
uranium concentrations with depth. This is illustrated in Figure 2 with some examples 
from sampling in Landsort Deep 2004 and 2005, the Bothnian Sea 2006 and Gotland 
Deep 2007. Measurements were carried out down to 120 m depth. Many of the 
parameters that change with depth are associated with the primary production taking 
place in the euphotic zone, such as for example  phosphate, total nitrogen, silicate and chl 
a concentrations. The correlations with these parameters are shown in Figure 5 from 
sampling in Landsort Deep 2004 at 0.5-40 m depth. Phosphate is known to form strong 
complexes with uranyl,32 but if this was the reason for the observed correlation, the U 
concentration would decrease with increasing phosphate. Furthermore, the phosphate 
concentration is too low to promote the complex formation in question, and all together it 
is therefore more likely that the correlation is caused by some other factor. 

 

Figure 3. Concentrations of uranium in Landsort Deep, March-September 2004, in the 
unfiltered, dissolved (<0.22 μm) and ultrafiltered (<1 kDa) fractions as well as DGT-labile 

concentrations, at 5 m depth. 
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Variations in pH are also strongly affected by the primary production. Consumption of 
CO2 in the surface layer promotes pH increases. Deeper in the water column, degradation 
of sinking organic matter generates CO2 and pH decreases. In Figure 6, time series for pH 
and DGT-labile uranium are presented. At all four sampled depths (0.5, 5, 10 and 20 m, 
no pH measurements were conducted at 40 m depth) a pH decrease is accompanied by an 
increase of DGT-labile uranium. In Figure 7a pH is regressed against the DGT-labile 
uranium concentration as percentage of total concentration, measured at 0.5, 5, 10 and 20 
m depth in Landsort Deep 2004. Though the pH does not vary more than 0.6 pH units, the 
results indicate a pH correlation (R2=0.539). To further confirm the observed trend, the 
results from all measurements at all sampling stations, which include sampling at 120 m 
depth and pH 7.1 in Gotland Deep 2007, are shown Figure 7b (R2=0.697).  

Li et al.6 have reported decreasing diffusion coefficients of uranyl with increasing pH 
values, measured using the diffusion cell method. When the pH went from 3.3 to 8.8, the 
diffusion coefficient continuously decreased from 5.8 ·10-6 to 1.7·10-6 cm2 s-1. Applying  

 

Figure 4. The DGT labile uranium concentration as percentage of total uranium concentration 
is independent of the DOC concentration in the ultrafiltered fraction at 5 m depth in the 

Landsort Deep (2004). 

Figure 5. DGT concentration of uranium as percentage of total uranium concentration versus 
phosphate (upper left), chl a (upper right), silicate (lower left) and total nitrogent (lower right) in 

Landsort Deep 0-40 m depth 
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these diffusion coefficients to our DGT results would indeed attenuate the pH dependence 
of the DGT-labile uranium fraction to some degree, though the difference between 
highest and lowest values of the diffusion coefficients determined for the pH range 
observed in the Baltic Sea is no more than 30%. However, DGT-labile uranium at 80 and 
120 m depths (Gotland Deep) would be estimated as approximately twice the total 
uranium concentration. Gregusova and Docekal11 measured the effective diffusive 
coefficient of uranium at pH 6.4 from uptake to DGT devices deployed in laboratory 
solutions for various times up to 48 h. The diffusion coefficient, estimated as 
4.39±0.08·10-6 cm2s-1 at 25ºC, was verified from measurements at pH 7.8.  

The Chelex cation exchanger has been used in resin titrations on river, estuarine and sea 
water.34,35 The resin titrations were conducted through addition of various amounts of 
resin ranging from 0.02 to 0.4 g per 100 mL sample. These showed that though almost all 
uranium was adsorbed within 24 h using the higher amounts of resin, a large fraction was 
detected as complexes which compete with the Chelex resin. For Chelex to adsorb uranyl, 
the uranyl carbonate complexes must be able to dissociate within the time taken to 

 

Figure 6. Measured pH and DGT-labile uranium in Landsort Deep at 0.5, 5, 10 and 20 m depth. 
Uncertainty bars represent maximum and minimum values from duplicate DGT measruements. 

 

 

 

Figure 7 (a) Measured pH regressed against DGT labile uranium as percentage of total uranium 
concentration in Landsort Deep (down to 20 m depth), (b) Measured pH regressed against DGT 

labile uranium concentration in Landsort Deep 2004 and 2005, Bothnian Sea 2006 and Gotland Deep 
2007 down to 120 m depth. 
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traverse the diffusive layer, as has already been noted by others.7 The time taken is 
approximately 10 minutes, assuming 0.09 cm diffusive layer and D=4·10-6 cm2 s-1. Thus, 
the timescale working on DGT sampling is much shorter compared to the resin titration 
and might not be sufficient for the most stable uranyl-carbonate complexes to dissociate. 

Equilibrium modelling of the uranium speciation in marine waters indicates the formation 
of uranyl carbonate complexes (UO2(CO3)x

2-2x).36,37 The coordination number of CO3
2- 

increases with increasing pH, and by this also the stability and negative valence of the 
complexes. We believe that this is what is primarily causing the observed pH dependence 
of DGT-labile uranium, seen in the Baltic Sea data (Figure 7b). The dissociation of 
UO2(CO3)3

4- is too slow to quantitatively contribute to the accumulated uranium mass in 
the DGT device, and in addition it may also be repelled by the negatively charged IDA 
cation exchanger. Furthermore, even more stable mixed complexes are formed between 
uranyl carbonates and hydrogen peroxide.37,38 Calculations have indicated that up to 
almost 20% of the uranyl in seawater may be constituted by these complexes.37 Due to the 
formation of hydrogen peroxide in the euphotic zone, the mixed carbonate-hydrogen 
peroxide complexes are only present here. They may therefore contribute to the 
differences seen between DGT-labile uranium at the surface and in deeper water, but can 
not explain the differences found within the euphotic zone, illustrated in Figures 1, 5 and 
6. The hydrogen peroxide concentration was determined on a few occasions in the 
Gotland Deep and ranged from up to 230 nM in the euphotic zone down to 0.4 nM and 
lower at 120 m depth.17 

Chelex-DGT does not reflect the enhanced uranyl mobility expected with increasing pH, 
but it is possible that the DGT measurements of uranium in the Baltic Sea are a good 
estimate of the bioavailable fraction. Analogous effects to the DGT results have been seen 
in uranium uptake by Chlorella regularis algae. It was concluded that the biouptake was 
independent of the metabolic processes and based on physicochemical adsorption to the 
cell walls.39 The uptake decreased continuously with increasing pH (from pH 5 to 9) and 
degree of uranyl-carbonate complex formation.40 Bioavailability studies of uranium in 
soils using the DGT technique have been made previously.8,9 In one of the studies 
significant correlations were found between DGT-labile uranium concentration in the 
soils and the ryegrass shoot concentration.8 In another study hardly any correlations at all 
were found with DGT derived concentrations.9 In both studies wide pH ranges of soil 
solutions were applied, but not as high as was detected in the Baltic Sea and therefore no 
parallels can be drawn about the DGT performance. One must, of course, be aware that 
bioavailability is highly variable between different species of plants, organisms, animals, 
etc. No speciation/fractionation method can be expected to be an accurate substitute for 
all these situations.  

Uranium speciation is not only dependent on pH, but also on carbonate concentration in 
the solution, due to the formation of uranyl-carbonate complexes. Unfortunately, no 
measurements of CT were conducted during any of the sampling tours, but expected 
ranges can be appreciated from previous research. Measured ranges in the relevant 
vertical profiles at the Bothnian Sea station were 1200-1400 μmol kg-1, at Landsort Deep 
1500-2000 μmol kg-1 and at Gotland Deep 1400-2000 μmol kg-1.20 The vertical gradient 
is generated from primary production (consuming CO2 in the euphotic zone) and 
degradation of organic matter (forming CO2 deeper in the water column). From these 
facts it is implied that uranyl-carbonate complexation increases with depth, which 
therefore means that it works in the opposite direction to the pH gradient. Obviously the 
pH effects on the uranyl speciation dominate. IDA is zwitterionic and positively charged 
at pH values of 7.4 and lower.9 It can not be excluded that this site may participate in the 
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uranyl adsorption, “bridging” the anionic uranyl-carbonate complexes, and enhance the 
pH dependence of the uranium accumulation. By the resin manufacturer it is reported that 
Chelex acts as an anion-exchanger below pH 2.2.13  

4. Summary 
Comparison of the DGT and ultrafiltration methods for measurements of uranium in the 
Baltic Sea shows that ultrafiltration better reflects the expected speciation of uranium, as 
small truly dissolved (inorganic) complexes. These complexes should be small enough to 
traverse the diffusive gel of a DGT device. However, the uranium accumulation seems to 
gradually be limited with increasing pH. This effect was attributed to the speciation 
changes towards formation of more stable uranyl-carbonate complexes with increasing 
pH, complexes too strong to quantitatively dissociate within the time taken to traverse the 
diffusive layer, which is approximately 10 min. In deeper water layers, where the pH 
reaches values below 7.4, DGT results become reliable.  

This study also highlights the opportunities with applying several speciation and 
fractionation techniques in parallel. Without the ultrafiltration conducted at 5 m depth, the 
DGT results might have been interpreted differently, such as indicating the existence of 
strong organic complexes.  

Future research will include the application of DGT probes loaded with other adsorbents, 
in parallel to the Chelex ones, for further measurements in vertical profiles in the Baltic 
Sea. Potential candidates are for example the Whatman DE81 anion exchanger 
membrane6,7 and Spheron-Oxin resin11, already tested for uranium in freshwater, as well 
as the titanium dioxide based Metsorb resin, previously applied for measurements of 
inorganic arsenic41, selenium41 and phosphate42. 
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Abstract  
Four metal speciation and fractionation techniques; DGT, 1 kDa ultrafiltration, 0.22 μm 
membrane filtration and aquatic moss, were simultaneously applied in a small, 
contaminated freshwater stream in northern Sweden to investigate differences and 
similarities between the methods regarding trace metal speciation and how they depend 
on geochemical water properties. The investigated metals were Al, Cd, Co, Cu, Fe, Mn, 
Ni, and Zn. Therefore the normal DGT devices with Chelex cation exchanger were used. 
Ultrafiltration was performed with a Millipore Prep/Scale Spiral Wound TFF-6 module 
with a manufacturer-specified cutoff of 1 kDa. The membrane filters used were Millipore 
nitrocellulose filters with a diameter of 142 mm and a pore size of 0.22 μm. Shoots from 
the aquatic moss Fontinalis antipyretica L ex Hedw. were collected in a non-polluted 
brook with a native moss population, and transported to the sampling site for exposure. It 
was shown that 0.22 μm membrane filtration, 1 kDa ultrafiltration and DGT generally 
measured different metal fractions where <1 kDa ultrafiltered concentrations were lower 
than DGT labile concentrations which in turn were lower than <0.22 μm concentrations. 
The concentration differences found between DGT and <1 kDa permeate indicates the 
occurrence of labile colloids discriminated by ultrafiltration. Despite rigorous sample 
cleaning, retention of particulate matter on the moss samples was revealed by a 
significant correlation between metal concentrations in moss and particulate Fe. 
Generally, elevated trace metal concentrations were found in moss exposed at the 
sampling site compared to reference moss from the non-polluted brook. No significant 
correlations were found between DGT-labile concentrations and moss concentrations.  

1. Introduction  
Knowledge of aqueous metal speciation is essential in studies of metal toxicity and 
mobility. The bioavailability of metals depends not simply on total concentrations but on 
the activities of the metal ions and their complexes, and on the concentration of labile 
metal species in solution (Morel and Hering, 1993; Hudson and Morel, 1990). Therefore, 
there is a need for robust methods that enable measurements of specific fractions of 
metals in aqueous environments. 
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Ultrafiltration has frequently been used to study speciation of metals in natural waters 
(e.g., Guo et al., 2000, Dahlqvist et al., 2004; Forsberg et al., 2006), and various 
evaluations of ultrafiltration techniques have been performed (Larsson et al., 2002; 
Wilding et al., 2004). Some disadvantages are, however, associated with ultrafiltration. 
The procedure is complicated and demands a rigorous handling protocol for reliable 
results. The laboratory-based filtration process implies sampling and storage of water, 
which may trigger aggregation and oxidation of metals and result in a change in metal 
speciation (Laxen et al., 1982; Buffle et al., 1995a; Buffle et al., 1995b). Since 
ultrafiltration is based on discrete samples, extensive sampling is necessary if correct 
temporal variations are to be detected (Dunn et al., 2003). A very time-consuming 
procedure and relatively expensive materials are additional drawbacks. 

The diffusive gradients in thin films (DGT) technique (Davison and Zhang, 1994) has 
been used for trace metal speciation in natural waters (e.g., Denney et al., 1999; 
Munksgaard and Parry, 2003) and provides in situ measurement of labile metal species 
(Zhang and Davison, 1995). DGT has been proposed as a possible method to estimate the 
bioavailable fraction of several trace metals in aquatic systems (Dunn et al., 2003; Røyset 
et al. 2005; Divis et al., 2007). Since the DGT device accumulates metals as long as it is 
exposed, time-averaged concentrations during the deployment time are obtained. The 
DGT technique has been used in parallel with several other speciation and fractionation 
techniques for comparison and to investigate the fractions and species measured, for 
example in combination with flow injection analysis (Downard et al., 2003) and dialysis 
(Gimpel et al., 2003). It has been used together with membrane filtration in estuarine (e.g. 
Dunn et al., 2003) and fresh (e.g. Warnken et al. 2009) waters and compared to 
membrane filtration together with competitive ligand exchange followed by voltametric 
measurements (Twiss and Moffet, 2002; Odzak et al., 2002; Meylan et al., 2004). The 
DGT method has emerged as an interesting alternative or complement to ultrafiltration 
(Forsberg et al., 2006; Dahlqvist et al., 2004; Tonello et al., 2007). The in situ 
measurement prevents issues with speciation changes associated with sampling and 
storage. In addition, DGT sampling is time saving, the devices are easy to use and 
relatively inexpensive.  

Metal content in aquatic bryophytes (e.g. Fontinalis spp.) is a frequently used indicator of 
metal pollution in a wide range of river types (Say and Whitton, 1983; Vanderpoorten 
1999; Vuori et al. 2003). Aquatic mosses are widely distributed and longlived. Moreover, 
the accumulation capacity and relative tolerance to metal pollution is considerably high 
(Lopez and Carballeira, 1993). This makes aquatic mosses suitable for studies in 
environmental monitoring. In bryophytes there is no internal transfer of pollutants (Cenci, 
2000; Nimis et al., 2002). Metal uptake in bryophytes occurs primarily straight from the 
water, by adsorption and absorption through the cell surfaces (Welsh and Danny, 1980; 
Empain, 1985; Cenci, 2000). Accumulated ambient metal concentrations in bryophytes 
are retained for several days or even weeks after concentrations in the water have 
decreased. This enables the monitoring of both chronic metal contamination and sudden 
discharges (Say and Whitton, 1983; Wehr and Whitton, 1983; Mouvet, et al., 1993). In a 
study of the Kola River, northwestern Russia, Pekka et al. (2008) found that bryophyte 
analysis was a more sensitive tool for metal pollution assessment than metal 
concentrations in water. In water where no native species can be used as bioindicator, 
transplant techniques have been developed (Mouvet, 1984). The aquatic moss Fontinalis 
antipyretica Hedw. (Hallingbäck et al. 2006) is one of the most commonly used species 
for transplant purposes, and has been widely used in monitoring of metals in fresh waters 
(Bruns et al., 1997). Transplantation techniques are more elaborative than standard field 
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sampling. They allow for standardized estimations of metal accumulation per time unit. A 
comparison of metal uptake in moss and the metal speciation in the ambient water is 
interesting for evaluating the relation between metal concentrations in moss and water.  

The aim of this study was to investigate differences and similarities between four trace 
metal speciation and fractionation techniques; DGT, 1 kDa ultrafiltration, 0.22 μm 
membrane filtration and transplanted aquatic moss, and to examine their dependence on 
water geochemistry. The ability to characterize the distribution of metal species by a 
simultaneous deployment of the methods was investigated, and the possible capability of 
DGT to measure the bioavailable fraction of metals was explored. DGT as a possible 
alternative to ultrafiltration was also evaluated. The techniques were simultaneously 
applied in a small freshwater stream in northern Sweden with relatively high trace metal 
concentrations. The sampling was conducted 10 times over a whole ice-free period. The 
investigated metals were Al, Cd, Co, Cu, Fe, Mn, Ni and Zn. 

2. Methods and materials  

2.1. Study area  
The study was performed in the small stream Gråbergsbäcken, draining the tailings area 
of the abandoned Cu mine Laver in northern Sweden (Fig. 1). This mine was in operation 
(mined by Boliden AB) between 1936 and 1946, producing approximately 1.2 Mt. of 
tailings deposited in a valley adjacent to the mining area. Vegetation in the drainage area 
is dominated by coniferous forest with smaller areas of deciduous wood. Podzol 
weathered till is the major soil type (Fromm, 1965). Bedrock exposure is low at less than 
5%. There is no farmland in the drainage area. Mean annual precipitation is ~600 mm and 
mean annual evapotranspiration is ~300 mm (Alexandersson and Andersson, 1995). 
Mean annual temperature in the area is 0.5°C. The small brook Gråbergsbäcken has its 
source within the mine area and flows through the tailings, and the sampling station was 
situated downstream a clarification pond and a mire. Trace metal geochemistry in the 
water is mainly characterized by elevated concentrations of Cu and Zn (Alakangas et al., 
2010; Ljungberg and Öhlander, 2001). 
 

 
Fig. 1. Location of the sampling point in Laver. 
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The aquatic moss used in Gråbergsbäcken was collected in the small brook Riskölbäcken, 
situated approximately 60 km east of the Laver mine site. This is a non-polluted water 
running through a forest area. Metal concentrations in the moss from Riskölbäcken were 
low during the sampling period.  

2.2. DGT  
Normal DGT units were obtained from DGT Research Ltd (Lancaster, UK). The units 
comprised Chelex 100 cation exchanger resin (Na-form) as the binding agent and open 
pore polyacrylamide diffusive gels (APA 2). The diffusive gel is covered by a protective 
cellulose nitrate membrane filter (0.22 μm) which works as an extension of the diffusive 
layer. The total diffusive layer thickness was 0.9 mm. 

The concentrations of metals in the bulk water can be calculated from the mass of metal 
accumulated in the resin according to Equation 1:  

C = ( M · g)/(D·A·t)       (Eq.1) 

where C is the concentration of metal in solution, M the mass of metal accumulated in the 
resin, g the thickness of hydrogel and membrane filter, D the diffusion coefficient of the 
metal ion within the gel, A the exposure area (3.14 cm2) and t the deployment time. 
Calculations were performed as explained in detail elsewhere (Zhang and Davison, 1995). 
Diffusion coefficients provided by DGT Research were used for the average water 
temperatures calculated from in situ temperature measurements every second hour during 
the deployment periods. The elution factor was assumed to be 0.8 for all metals in this 
study (Zhang and Davison, 1995). Considering a minimum flow velocity of 0.2 m s-1 in 
the stream, the diffusive boundary layer (DBL) was assumed to be negligible (Gimpel et 
al. 2001). Blank, non-exposed, DGT devices were eluted and analysed in parallel to 
deployed. 

2.3. Ultrafiltration  
The ultrafiltration system used in this study was a Millipore Prep/Scale system. A 
Prep/Scale Spiral Wound TFF-6 module was used with manufacturer-specified cutoff of 1 
kDa. The filter membrane area was 0.54 m2 and the filter material was regenerated 
cellulose. A peristaltic base-plate pump was connected to the system.  

The water sampled for ultrafiltration was prefiltered in the field through a 70 μm filter. 
During ultrafiltration, the permeate (<1 kDa) was collected in an acid-cleaned 
polyethylene (PE) container. Fractions >1 kDa were retained in the retentate. Samples 
were collected for analysis from 70 μm and 1 kDa permeate and from 1 kDa retentate. 
Concentration factors (CF) were around 7 and a cross-flow ratio (CFR) (retentate flow: 
permeate flow) of 15 was used throughout the study. A detailed description of the 
ultrafiltration procedure is presented by Dahlqvist et al. (2004). CF and CFR were 
calculated as described previously (Ingri et al., 2000). Mean recoveries were (%) 69, 79, 
78, 88, 66, 93, 83 and 86 for Fe, Al, Cd, Co, Cu, Mn, Ni and Zn, respectively. After each 
filtration the filter was rinsed with MilliQ water and solutions of NaOH and HCl 
according to a procedure described by Ingri et al. (2000).  

2.4. Membrane filtration  
Water was filtered in the field through a 0.22 μm pore-size membrane filter (nitro-
cellulose, Millipore) mounted in a 142 mm Geotech polycarbonate filter holder. Water 



5 

was brought to the filter holder using plastic polyamide tubing connected to a peristaltic 
pump. Approximately 0.5 L of water was passed through the filter and discarded before 
the filtrate was collected, on line, in an acid-washed 125 mL PE bottles and stored at 4°C 
until analysis. The filters were folded, placed in acid-washed Petri dishes and frozen until 
analysis. Prior to use, filters were acid-cleaned in 5% acetic acid for at least 3 days and 
thereafter thoroughly rinsed in MilliQ water. Blanks were collected for analysis. The 
filter holder and tubing were acid-cleaned before every sampling in 0.7 M HNO3 for 
approximately 48 h and then rinsed in MilliQ water.  

2.5. Aquatic moss 
Shoots from the moss Fontinalis antipyretica L. ex Hedw were collected from 
Riskölbäcken and transported to Gråbergsbäcken for exposure. Approximately 20 g was 
collected on every sampling occasion. The moss was thoroughly washed in the stream 
water and placed in two nylon bags with a mesh size of 1 mm. Stream water was 
collected in an acid-washed container in which the moss bags were immersed and 
transported to the Gråbergsbäcken stream. The time elapsing between collection and 
deployment in Gråbergsbäcken stream was 2-3 h.  

After 14-22 days in Gråbergsbäcken the moss bags were retrieved, rinsed in stream water 
and sealed in clean plastic bags. The bags were transported to the laboratory in an ice-box 
and the preparation of the moss for analysis commenced within 5 h after retrieval. A 
preparation procedure similar to the one presented by Say et al. (1981) was applied in this 
study. The shoots of moss were removed from the mesh bags and washed thoroughly in 
MilliQ purified water. Thereafter, the moss samples were placed on absorbent paper to 
remove any excess of water before 2-cm tips of the shoots were cut off and placed in 100 
mL PE containers. Approximately 5 g of moss was placed in each container and frozen 
until analysis.  

2.6. Fieldwork  
Sampling in Gråbergsbäcken was performed 7 times between June 16 and November 3 
2004 and 3 times between May 18 and June 29 2005. Membrane filtration (0.22 μm) was 
conducted on every sampling occasion. Approximately 20 L of water was collected in an 
acid-cleaned PE container for subsequent ultrafiltration in the laboratory, which 
commenced within 4 h after sampling.  

Two DGT devices and two moss bags were deployed every sampling occasion and left in 
the water until the next time of sampling. The deployment periods were between 14 and 
22 days. The DGT units and moss bags were attached to a plastic rope anchored to the 
bottom and stretched to the surface by a buoy (Fig. 2). A StowAway TidbiT temperature 
logger was attached to the rope to record temperatures every second hour during the 
deployment. The water depth varied between 0.5 m and 1.5 m. After retrieval the DGT 
units were thoroughly rinsed with MilliQ water at the site and placed in clean and airtight 
plastic bags. The moss bags were rinsed in the stream water and sealed in clean plastic 
bags. In addition, reference moss material from Riskölbäcken was analysed without 
deployment in Gråbergsbäcken.  

Water for dissolved organic carbon (DOC) analysis was filtered through a 0.8 μm 
Whatman glass microfibre filter mounted in a steel filter holder. 14 ml of filtrate was 
collected in a plastic tube and acidified with 0.2 ml of 2 M HCl and stored at 4°C until 
analysis. DOC samples were only taken during 2005.  
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In-stream measurements of conductivity and pH were performed with a Hydrolab 
MiniSonde. The sonde was calibrated before each sampling occasion. The water flow was 
measured by timing a small bottle, filled with water, floating with the stream a known 
distance (10 m) in a part of the stream with known cross-section area. The procedure was 
repeated 3 times in succession.  

2.7. Analysis 
DGT devices were disassembled in a clean laboratory environment and the resin gels 
were eluted in 5 mL of 5 M HNO3 (suprapur). DGT eluates, 0.22 μm filtrate as well as 
permeate and retentate from the ultrafiltration were analysed using inductively coupled 
plasma sector-field mass spectrometry (ICP-SFMS; Element, ThermoFisher Scientific, 
Bremen, Germany) or ICP optical emission spectrometry (OES; Optima 5300, Perkin 
Elmer, Shelton, CT, USA). Per 100 mL water sample, 1 mL HNO3 (suprapur) was added 
prior analysis. Blank DGT units were eluted and analysed in parallel with the exposed 
once. 

For analysis of particulate Cd, Co, Cu, Mn, Ni and Zn, the 0.22 μm membrane filters 
were digested in a microwave oven with HNO3 and H2O2 in closed Teflon containers and 
analysed with ICP-SFMS. For particulate Fe and Al, the filters were placed in Pt 
crucibles, digested in a regular oven at 1000°C and analysed with ICP-OES.  

Moss samples were dried at 105°C and digested in a microwave oven with HNO3 and 
H2O2 in closed Teflon vessels. The digests were analysed with ICP-OES or ICP-SFMS. 
The DOC samples were analysed by high-temperature combustion using a Shimadzu 
TOC-5000.  

3. Results  
Conductivity, pH, DOC and discharge in Gråbergsbäcken are presented in Fig. 3. The 
first two sonde values (pH and conductivity) and the first three discharge values are from 
spring 2005, and the remaining from summer and autumn 2004. Previous research has 
indicated that low pH and low ionic strength could adversely affect DGT measurements. 
Below pH 4.5, the trace metal accumulation to the Chelex binding layer decreases (Zhang 

 
Figure 2. DGT and moss sampling set-up in the stream. 
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and Davison, 1995), and in solutions with ionic strengths below 1 mM, decreased 
diffusion coefficients have been observed (Warnken et al. 2005, Scally et al., 2006). The 
ionic strength in Gråbergsbäcken was approximated from the conductivity results to be 
1.1-1.4 mM (Langmuir, 1997) and pH was constantly above 5.7. Therefore none of the 
above-mentioned effects could be expected in the present study.  

Concentrations of trace metals in <0.22 μm filtrate, >0.22 μm substrate, <1 kDa permeate 
and DGT-labile fractions are presented in Fig. 4 and 5 together with the concentrations in 
aquatic moss. The concentrations in aquatic moss are presented as points at the end of the 
deployment period, and DGT results as lines reflecting the deployment period. 
Uncertainty bars represent the concentration range between duplicate DGT devices or 
moss bags. Results from ultrafiltration and membrane filtration are presented as points at 
the time of sampling. No uncertainty bars are shown, since the points represent single 
samples. The first three values in the diagrams are results from spring 2005, and the 
following from summer and autumn 2004. 

Membrane filtered (<0.22 μm) concentrations exceeded concentrations measured in 1 
kDa permeate for all metals. The 1 kDa permeate concentration as a part (in percent) of 
the <0.22 μm fraction, for all measurements, was 4 ± 4% for Fe, 9 ± 2% for Al, 9 ± 3% 
for Cu, 68 ± 4% for Mn, 48 ± 5% for Cd, 59 ± 4% for Co, 54 ± 5% for Zn and 44 ± 6% 
for Ni. Concentrations in <0.22 μm filtrate demonstrated significant correlations 
( =0.005) with measurements in 1 kDa permeate for all metals except Fe, as indicated by 
the relation between the two methods seen in Fig. 4 and 5.  

DGT-labile concentrations for all metals except Mn exceeded concentrations measured in 
1 kDa permeate. Expressing the mean concentration from all measurements in the <1 kDa 
fraction as a percentage of corresponding DGT-labile concentration gave values of 16 ± 
10% for Fe, 44 ± 16% for Al, 27 ± 10% for Cu, 56 ± 12% for Cd, 92 ± 23% for Co, 61 ± 
11% for Zn, 51 ± 13% for Ni and 35 ± 18% for Mn. Between 1 kDa permeate and DGT, 
significant correlations ( =0.005) were found for Al, Cu, Cd, Co and Zn. 

 
Fig. 3. DOC, pH, conductivity and discharge in Gråbergsbäcken. 
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Concentrations in 0.22 μm filtrate were higher than the concentrations measured with 
DGT for Fe, Al, Cu, Mn and Co throughout the study, but the concentration levels were 
similar in spring and late autumn for Zn, Cd and Ni (Fig. 4 and 5). Expressing the DGT-
labile concentrations as a percentage of dissolved (<0.22 μm) concentration gave mean 
values of 22 ± 11%, 23 ± 8%, 36 ± 8%, 24 ± 13% and 69 ± 16%, for Fe, Al, Cu, Mn and 
Co, respectively.  
Mean metal concentrations in reference moss and moss exposed in Gråbergsbäcken are 
presented in Table 1. Significant correlations were not found between metal 
concentrations in moss or any of the results from water samples except for the correlation 
between Fe in the particulate fraction and Fe in moss (r = 0.78, p <0.005) (Fig. 6).  

 

 
Fig. 4. Concentrations of Fe, Mn, Al and Cu in Gråbergsbäcken, in <0.22 μm filtrate, >0.22 μm 

substrate, <1 kDa permeate, DGT-labile fractions and aquatic moss. The first three values are from 
spring 2005 and the rest from summer and autumn 2004. 
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The precision of DGT as well as moss measurements were estimated from several 
duplicates (n=9-10) following a calculation procedure described by Minkkinen (1986). 
The relative difference between accumulated mass for each duplicate was regarded as an 
independent measurement, and the relative difference of all duplicates were pooled to 
estimate the relative standard deviation (RSD). These were for DGT measurements as 
follows: 18% for Al, 8% for Cd, 9% for Co, 5% for Cu and Ni, 14% for Fe, 30% for Mn 
and 6% for Zn. Corresponding results from transplanted moss were: 9% for Al, 15% for 
Cd, 21% for Co, 8% for Cu and Ni, 15% for Fe, 24% for Mn and 11% for Zn. For all 
elements except Al and Mn, the precision was better using the DGT technique compared 
to aquatic moss. It is also evident from the comparison of reference/blank moss and 
transplanted moss (Table 1), that for some of the metals on some occasions the 
concentration in the exposed moss is barely higher than the concentration in the reference 
sample.  

 
Fig. 5. Concentrations of Zn, Cd, Co and Ni in Gråbergsbäcken, in <0.22 μm fi ltrate, >0.22 μm 

substrate, <1 kDa permeate, DGT-labile fractions and aquatic moss. The first three values are from 
spring 2005 and the rest from summer and autumn 2004. 
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4. Discussion  
It is important to emphasize the basic differences between the measurement techniques 
and the fractions of metals they are expected to measure. DGT measures a flux, which is 
calculated into an average concentration over the deployment period. The discrimination 
of metal species in the gel is based on size and lability. A gel pore size of approximately 5 
nm permits free metal ions, inorganic metal complexes and small organic metal 
complexes to diffuse into the sampler, while particles and large colloids are excluded 
(Zhang and Davison, 1995; 1999). Since the complexes must dissociate in the hydrogel to 
be measured, only complexes with sufficient dissociation rate will be retained in the resin 
(Zhang and Davison, 1995). Kinetically inert species are excluded.  

Ultrafiltration is performed in the laboratory and is based on a grab sampling approach. 
The discrimination of metal species by ultrafiltration is based on size. A pore size of 1 
kDa equals approximately 2 nm. It should be noted that the pores of a filter with 
manufacturer-specified cutoff of 1 kDa range between ~0.7 and ~1.3 kDa (Wilding et al., 
2004), and also that the cutoff, in daltons, is a nominal value and that the real cutoff 
depends on the structure and chemical composition of the present metal species (Larsson 
et al., 2002). Studies of ultrafilters have shown that a manufacturer-defined cutoff of 1 
kDa corresponds to a real cutoff of 2.1-2.5 kDa (Larsson et al., 2002; Wilding et al., 
2004). The ultrafiltration will, unlike DGT, not discriminate inert and immobile 
complexes. 

 
Fig. 6. Concentrations of Fe in particulate fraction and in aquatic moss in Gråbergsbäcken. 

 

Table 1. Mean and standard deviation for concentrations (mg/kg dw) in reference moss from 
Riskölbäcken (n=5) and moss exposed in Gråbergsbäcken (n=10). 

 Riskölbäcken Gråbergsbäcken 

Fe 8820 ± 4160 16300 ±7580 

Al 393 ± 95 887 ± 222 

Mn 284 ± 147 523 ± 533 

Cu 7.6 ± 1.24 460 ± 293 

Cd 0.111 ± 0.014 1.48 ± 1.35 

Co 1.22 ± 0.53 3.6 ± 20.8 

Ni 0.9 ± 0.29 3.34 ± 2.86 

Zn 31.3 ± 5.7 212 ± 41.4 
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The DGT technique has been used in parallel to ultrafiltration (<1 kDa) in two previous 
studies, and these include applications in brackish- (Forsberg et al., 2006) as well as 
freshwater (Tonello et al. 2007). In the brackish water study, DGT concentrations were 
commonly below (Cu, Ni) or in accordance (Cd, Mn, Zn) with ultrafiltration results. The 
relatively lower DGT concentrations of Cu and Ni were attributed to these metals’ strong 
complexation to organic ligands, complexes small enough to pass the ultrafilter but not 
labile enough to be retained in the adsorption layer in the DGT device. The freshwater 
study showed that both Al and Cu DGT-labile concentrations were higher than in 
ultrafiltration permeate, but lower than dissolved concentrations. According to the 
authors, this indicated that the small inorganic species of the analytes were minor species 
as compared with organic complexes. Sampling was carried out in two organic-rich 
rivers. This is plausible since though the pores in the diffusive gel are rather small (~5 
nm), both fulvic and humic acids have access to the gel (Zhang and Davison, 2000; Scally 
et al., 2006; van der Veeken and van Leeuwen, 2010). A recent study indicates that even 
larger particles, with radii up to 130 nm, may pass (van der Veeken et al., 2008), which is 
in the same size range as the pores of the protective filter (0.22 μm). 

Membrane filtration is, like ultrafiltration, based on a grab sampling approach and 
measures instantaneous metal concentrations discriminated only by size. The <0.22 μm 
filtration procedure used in this study were performed directly in the field. A 0.22 μm 
filtrate contains all metal species except the particulate fraction. Large colloids 
discriminated by DGT and 1 kDa will therefore be included in the <0.22 μm filtrate.  

Aquatic mosses accumulate metals in a time-integrated way and reach an equilibrium 
related to the metal concentration in the surrounding water (Bengtssson and Lithner, 
1981). The uptake of metals can be divided into two main phases based on the cellular 
compartment in which the metal accumulates; extracellular followed by intracellular 
uptake (Brown and Beckett, 1985). Extracellular uptake is dominated by exchange 
adsorption to the cell walls. This is a rapid uptake (minutes to a few hours) and the metals 
are readily exchangeable if the concentration levels in the water change. The intracellular 
uptake is a slow accumulation (hours to several weeks) within the cells and the metal 
concentrations in this compartment are not as greatly affected by a change in the 
surrounding water concentrations. Retention of particulate metals or precipitation of 
metal oxides to the surface of the plant may also contribute to the measured concentration 
(Figueira and Ribeiro, 2005). If metal concentrations in the water decrease, the moss re-
equilibrates to the new levels. This release rate is slower than the uptake rate (Bengtsson 
and Lithner, 1981). The accumulation in the moss is affected by several factors including 
temperature, light intensity and physicochemical water parameters (Bengtsson and 
Lithner, 1981; Gstoettner and Fisher, 1997; Cenci, 2000).  

The snowmelt in May and two rain periods, especially in July but also in September, are 
reflected by the discharge in Fig. 3. If the specific conductivity and DOC levels are 
compared, two types of waters are indicated in the stream. One water type has high 
conductivity and low DOC, likely dominated by a groundwater source, and the second 
water type has low conductivity and high DOC, which suggests surface runoff as major 
source. During dry periods with low discharge, the groundwater source seems to 
dominate, while increased discharge, after rainfall, results in surface runoff. A delay is, 
however, seen where the increased discharge in the beginning of July and in September 
seems to contain groundwater with low DOC and high conductivity, especially in 
September. The initial groundwater is followed by a high DOC and low conductivity 
surface water. This pattern was also found by Ljungberg and Öhlander (2001) during a 
sampling campaign in Gråbergsbäcken. If the topsoil is unsaturated with water, 
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precipitation will infiltrate the soil and force out deeper groundwater into the stream. 
When the topsoil is saturated a surface runoff will start to dilute the stream water. If the 
topsoil is substantially unsaturated, as during a dry summer period, the delay is likely 
more pronounced. The discharge increase in September, after a dry period in August, 
clearly shows a groundwater dominated discharge peak followed by surface water 
dilution with increased DOC and decreasing conductivity. The substantial dilution of the 
stream water by surface runoff in July seems to decline gradually during August and 
groundwater becomes the main source.  

Highly significant correlations were found for all metals except Fe between 
concentrations in <0.22 μm filtrate and <1 kDa permeate. Low recoveries for the 
ultrafiltration regarding Fe must be noted (on average 69%). Within the pool of colloids, 
substantial changes during the sampling periods can be seen regarding size distribution 
and lability. The DGT-labile concentrations of Fe, Al, Cu, Mn and Co were lower than 
corresponding dissolved concentrations (<0.22 μm), suggesting that a fraction of these 
metals is associated to non-labile or large colloids not measured by DGT. These are most 
likely Fe- and Al-oxyhydroxides precipitating when acid drainage from the Laver mine is 
diluted and pH increases (Alakangas et al. 2010; Ljungberg and Öhlander, 2001). For Zn, 
Cd and Ni similar concentrations were measured with the two methods in spring and late 
autumn, while the <0.22 μm concentrations were higher than DGT during the summer. 
This suggests that the great discharge increase in July, caused by surface runoff, 
generated a fraction of non-labile or large colloids not measured by the DGT. This 
colloidal fraction may have been transferred to the stream from the topsoil by the surface 
runoff. It may also originate from sediment material, stirred up from the streambed. The 
discharge increase in September was not as great as in July, which probably prevented the 
above-mentioned colloidal fraction from reaching the free waters of the stream. This 
resulted in similar DGT and <0.22 μm concentrations for Zn, Cd and Ni in the autumn, 
although, surface water was dominating in the stream. Comparison with results from a 
large study, investigating DGT and dissolved concentrations of Al, Cd, Cu, Fe, Mn, Ni, 
Pb and Zn along with equilibrium modeling in 34 headwater streams with varying pH, 
DOC-levels and trace metal concentrations (Warnken et al., 2009), indicates coherence 
with the results seen in the present study. Cd and Zn and partly Ni DGT-concentrations 
were at the same level as corresponding filtered concentrations. For Cu and Al larger 
discrepancies between the methods were reported due to their tendency to form 
complexes with organic ligands and possible colloidal Al(OH)3 precipitation, 
respectively. 

A systematic difference was found between DGT concentrations and <1 kDa permeate, 
though DGT values exceeded those in the permeate. This could be explained by a fraction 
of metals too large to pass the ultrafilter but labile enough to be measured by the DGT. 
Retention of dissolved major cations by the ultrafilter, resulting in underestimation of the 
permeate concentration, has previously been reported (Eyrolle et al., 1996; Guo et al., 
2001). This may be a possible scenario for trace metals as well, and must be considered 
when <1 kDa concentrations are interpreted. The significant correlations presented in this 
study between DGT and <1 kDa concentrations, which has previously also been indicated 
in brackish water measurements (Forsberg et al., 2006), make the DGT technique highly 
interesting as an alternative for 1 kDa ultrafiltration for determination of dissolved metal 
concentrations.  

For Mn, DGT-labile concentrations were substantially lower than corresponding 
membrane- as well as ultrafiltered concentrations, suggesting the occurrence of Mn 
species small enough to pass the ultrafilter but not labile enough to be measured by DGT. 
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This pattern is, however, seen for Mn only and cannot be explained to a satisfying extent 
and is not in line with previous observations (Warnken et al., 2009). Among the analytes 
measured, Mn has the lowest affinity for the Chelex adsorbent (Bio-Rad, 2000). This 
means that Mn may be replaced by ions with higher affinity if there are no other sites 
available.  

The DGT technique has been proposed as a possible method for the estimation of the 
bioavailable fraction in aquatic systems (Dunn et al., 2003; Munksgaard and Perry, 2003; 
Slaveykova et al., 2009), and measures, like aquatic moss, a time-integrated concentration 
representing an average concentration level over the deployment period. No significant 
correlations were, however, found between moss and any of the other methods used, 
except for the relationship found between Fe in moss and particulate Fe, which suggests a 
substantial retention of Fe-rich particles on the surface of the plants. Bruns et al. (2001) 
found inorganic precipitates of Fe, Al, Mn, Zn and Cu on leaf surfaces of Fontinalis 
antipyretica. A particle coating will likely have an effect on cellular uptake and on the 
retention of other particle-bound metals and may render erroneous results when total 
concentrations in the moss are considered. Additional contribution of particulate metal, 
retained in Riskölbäcken, cannot be ruled out. Isolation of the intracellular metals using a 
sequential elution procedure (Vazquez, 1999) could provide more accurate and 
comparable results. Even though no significant correlations were found between moss 
and water concentrations for other metals than Fe, some patterns are worth mentioning. 
High concentrations of Mn and Co in spring and high concentrations of Cd, Ni and Co in 
late autumn in water samples are reflected in the moss. Moss samples also reflect high 
concentrations of Al and Cu in water samples in July during high discharge. Al 
concentrations in moss seem to follow the DOC levels. This implies that the dominating 
Al species reflected in moss samples are organically bound Al.  

Calculations of the DGT-labile concentrations include, in contrast to the determination of 
the moss concentration, adjustments to deployment time and temperature. Therefore the 
moss values were compared to DGT-labile concentrations and to the total accumulated 
mass. In addition, both calculations were conducted using total as well as blank 
subtracted moss values. For all metals, except Fe and Mn, co-variation was observed 
from filtration (ultrafiltration and membrane filtration) and DGT measurements, i.e. an 
increase in for example Cu DGT-labile concentration was accompanied by an increase in 
the DGT-labile concentration of the other metals. This was not evident for the metals 
accumulated in the transplanted moss samples. Altogether, from these results it seems 
likely that the aquatic moss and DGT devices accumulate the analysed metals based on 
different factors.  

Previously, at least two studies have been published, comparing the DGT technique to 
aquatic moss sampling (Divis et al., 2007; Ferreira et al., 2008). Divis et al. (2007) 
conducted measurements and calculations to estimate the bioavailable concentrations of 
Cd, Cu, Cr, Pb, Ni and Zn to aquatic moss (Fontinalis antipyretica) in the Svitava River, 
Czech Republic. To obtain their results, uptake and release constants were empirically 
determined for the moss in the specific water. Some correlations for Cd, Cr, Pb and Zn 
were found but the examined concentration range was rather small and the comparison 
was performed on no more than six deployment occasions. Ferreira et al. (2008) 
investigated in a laboratory study how various dissolved organic matter affect Cu 
bioavailability to aquatic moss and compared the results to DGT measurements. It was 
concluded that DGT may underestimate the bioavailable fraction, but the authors called 
for future field studies for further validation. 
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Though no significant correlations were found for the moss results, a comparison of the 
overall concentration level is relevant, since both metal concentrations in water and total 
concentrations in moss are measured by organizations such as the Swedish Environmental 
Protection Agency (SEPA) for monitoring potentially toxic metal concentrations in 
aquatic systems. Five threshold levels are used for metal concentrations: very low, low, 
moderately high, high and very high. The levels are based on either biological effects on 
biota or on statistics from extensive measurements throughout the country (SEPA, 1999). 
Metals considered here are Cu, Zn, Cd, Co and Ni. Of 10 measurements carried out in the 
Gråbergsbäcken stream, seven Cu values of the dissolved fraction were considered high 
and three very high. This was reflected in two high and eight very high Cu concentrations 
in the moss. Eight DGT-labile Cu concentrations were considered high. Nine Zn values, 
eight Cd values and all 10 Co values in <0.22 μm samples were high. No water sample 
had concentrations of Zn, Cd and Co exceeding the very high threshold level. For moss 
samples no concentration of Zn and Co, and only one Cd concentration was considered 
high. All Zn values, five Cd values and nine Co values measured with DGT were 
addressed as high. Low concentrations of Ni in water samples were reflected in the low 
concentrations in moss. The results clearly show the complexity in evaluating toxicity of 
metals in water. Although the moss samples do not indicate high concentrations for Zn, 
Co and Cd following the classification by SEPA (1999), Gråbergsbäcken exhibit higher 
concentrations of these metals, as well as for Al, Fe, Mn, Cu and Ni, than the reference 
site Riskölbäcken, which illustrates that the difference between the two sites are well 
detected by the moss sampling.  

5. Conclusions  
In this study, it was shown that 0.22 μm membrane filtration, 1 kDa ultrafiltration and 
DGT generally measure different metal fractions, where <1 kDa ultrafiltered 
concentrations were lower than DGT-labile concentrations, which in turn were lower than 
<0.22 μm concentrations. This is according to theory, where 1 kDa ultrafiltration is 
expected to measure free metal ions and very small colloids, whereas DGT is expected to 
measure free metal ions and small inorganic and organic labile colloids.  

The complexity in interpretation of metal uptake in aquatic moss was experienced in this 
study. A thorough cleaning process of the moss did not prevent an influence of Fe-rich 
particles bound to the surface of the plant. Very high concentration levels of Cu found in 
water samples in Gråbergsbäcken were reflected in samples of moss, but the high 
concentrations of Zn, Cd and Co in water samples were not. However, elevated concen-
trations were found in moss exposed in Gråbergsbäcken compared to reference moss 
from Riskölbäcken.  

No significant correlations were found between DGT-labile concentrations and moss 
concentrations. From this comparison, no conclusions can be drawn regarding the 
capability of DGT to measure the bioavailable metal fraction in water.  
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