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ABSTRACT 
Phosphorus (P) is an important plant nutrient and essential for life. However, the 
phosphate rock used for fertilizer production is a non-renewable resource and its 
production is expected to peak. At the same time, the discharge of P into natural 
waters is causing eutrophication, a severe problem in areas such as the Baltic Sea. On-
site wastewater treatment facilities in Sweden contribute substantially to this discharge 
because of their inadequate retention of P. Filter beds are a potentially useful 
technique to capture P in on-site facilities. However, many variables need to be 
considered when the P retention of potential filter materials is estimated in laboratory 
tests prior to designing full-scale filters. The overall aim of this thesis was therefore to 
increase the reliability of forecasting P retention in full-scale filters by increasing the 
understanding of P retention in P filters under varying conditions and by identifying 
measures that could lead to more reliable methods of testing filter materials at 
laboratory scale. 

The effects of influent type, influent P concentration, loading rate and ambient 
temperature on the filter materials Filtra P, Filtralite P, Top16 and Polonite were 
investigated in filter column experiments using 22 factorial designs. Furthermore, the P 
binding mechanism was studied using mineral phase investigations and by determining 
the reaction time of the P in the filter. In addition, filter performance was estimated by 
means of hydro-geochemical transport modelling. 

The investigated factors significantly (  = 0.05) affected the retention of P in the filter 
materials showing that it is important to consider those factors when designing 
laboratory filter experiments and full-scale filters. Using secondary wastewater as an 
influent instead of P solution decreased the P binding capacity of Filtralite P, probably 
due to organic compounds contained in the wastewater. Increasing influent P 
concentration decreased the number of bed volumes treated before breakthrough in 
Filtra P by 82%. The loading rate was shown to be an important design parameter. 
Increasing the loading rate, something commonly done in the laboratory to accelerate 
the testing, significantly increased the amount of washed-out particulate P in Filtra P 
and Filtralite P. However, the residence time was also shown to be important; it should 
be maximised in filter tests as far as practical constraints allow. 

Increasing the temperature from 4.3 to 16.5°C increased the P binding capacity in 
both Top16 and Polonite which was attributed to an enhanced precipitation of calcium 
phosphates. This indicates that results obtained from experimental filters at room 
temperature might overestimate filter performance in the field where the temperature 
can be lower. In addition, full-scale filters might function better in warm rather than 
cool climates. The results further showed that it is crucial to measure both the 
concentration of dissolved P and particulate P in the filter effluent, as P-containing 
particles were observed to escape from the experimental filters in this study. 

Hydroxylapatite was detected in the outflow hose of the Filtra P columns indicating 
that this mineral phase may form in the filters under certain conditions. The 
geochemical models, however, indicated that the only precipitated calcium phosphate 
compound was amorphous tricalcium phosphate. 

Two hydro-geochemical transport models were developed that satisfactorily described 
the experimentally derived P breakthrough curves and effluent pH of the filter 
columns with Filtralite P. The simulations suggested that calcium oxide, calcite and the 
calcium-silicate phase wollastonite supplied the Ca2+ and OH- ions required for the 
precipitation of phosphate.  



 
 

 



 
 

SAMMANFATTNING 
Fosfor är ett viktigt växtnäringsämne och fosfatmineral som bryts for att producera 
konstgödsel är en ändlig resurs. Därför bör fosfor från avlopp återföras till åkermark. 
Många av dem små avloppsanläggningar som finns i Sverige idag har undermålig 
rening och släpper ut fosfor till sjöar och vattendrag vilket leder till övergödning. Deras 
utsläpp är totalt ungefär lika stort som utsläppet från alla svenska reningsverk 
tillsammans. Reaktiva filter är en passiv och robust teknik som lämpar sig för nya 
anläggningar såväl som för befintliga som behöver uppgraderas. Hur väl dessa filter tar 
upp fosfor beror på ett antal variabler och deras påverkan har till stor del inte 
undersökts än. Därför är det svårt att förutsäga hur ett filtermaterial kommer att 
fungera i fält. Målet med denna avhandling är att säkrare kunna förutsäga hur ett 
potentiellt filtermaterial fungerar i fält genom att undersöka hur fosforretentionen i 
olika filtermaterial påverkas av olika förutsättningar samt att utveckla bättre metoder 
för undersökning av filtermaterial i laboratorieskala. 

Med hjälp av kolonnförsök undersöktes på vilket sätt typ av inkommande vattnet 
(fosfatlösning eller avloppsvatten), dess fosforkoncentration, filtrets hydrauliska 
belastning och omgivande temperatur påverkade fosforretentionen i filtermaterialen 
Filtra P, Filtralite P, Top16 och Polonite. Dessutom studerades retentions-mekanismerna 
genom att bestämma mineralfaser och tiden som fosforn behövde för att reagera med 
materialen. Vidare uppskattades fosforretentionen i Filtralite P med hjälp av hydro-
geokemisk transportmodellering. 

De undersökta faktorerna påverkade P retentionen signifikant (  = 0.05) vilket betyder 
att det är viktigt att ta hänsyn till dem när ett filter utformas, både i laboratoriet och i 
fält. Användning av biologiskt förbehandlat avloppsvatten istället för P lösning ledde 
till att P retentionen minskade i Filtralite P. Detta berodde troligtvis på de organiska 
föreningarna i avloppsvattnet. Därför är en välfungerande biologisk förbehandling av 
avloppsvattnet viktig. När P koncentrationen ökade från 12 till 50 mg L-1 i lösningen 
kunde 82% färre bäddvolymer behandlas innan utgående P koncentration översteg 
1 mg L-1. Filtrets hydrauliska belastning visades vara en viktig parameter. En högre 
belastning ökade mängden partikulärt P i utloppet från Filtra P och Filtralite P filtren. 
Dock var uppehållstiden också viktig och borde maximeras så mycket som praktiskt 
möjligt i laboratorieförsök. 

Vid en temperatur av 16.5°C var fosforretentionskapaciteten i både Top16 och Polonite 
högre än vid 4.3°C vilket troligtvis berodde på att kalciumfosfat-utfällningen fungerade 
bättre. Därför kan resultat från laboratorieförsök utförda i rumstemperatur överskatta 
filtrets fosforretentionsförmåga i fält. Fullskalefilter fungerar möjligtvis bättre i varmare 
klimat. Resultaten av denna studie tyder på att partikulärt fosfor kan sköljas ur filtret. 
Därför är det är viktigt att mäta både löst och totalt fosfor i filtrets utgående vattnet. 

I utgående slangen från Filtra P kolonnerna hittades hydroxylapatit vilket visar att detta 
mineral kan bildas i filtret under vissa förutsättningar. De geokemiska modellerna tydde 
dock på att den enda mineralfasen som fällde ut var amorft trikalciumfosfat.  

Två hydro-geokemiska transportmodeller utvecklades som väl beskrev 
fosforkoncentrationen samt pH i utgående vattnet av Filtralite P kolonnerna. I 
modellen inkluderades kalciumoxid, kalciumkarbonat och kalciumsilikatfasen 
wollastonit vilket indikerar att de kalciumioner som behövs för reaktionen med fosfor 
löses ut ur dessa faser.  



 
 

 



 
 

ZUSAMMENFASSUNG 
Phosphor ist ein wichtiger Pflanzennährstoff. Da die Phosphatgesteinsvorkommen, die für 
die Düngemittelherstellung benötigt werden, begrenzt sind, gewinnt das Recycling von 
Phosphor aus Abwasser an Bedeutung. Ein anderes Problem ist die Eutrophierung 
natürlicher Gewässer, wobei in Schweden Kleinkläranlagen für einen Großteil des 
Phosphoreintrags verantwortlich sind. Filteranlagen mit partikulärem, phosphorbindendem 
Filtermaterial können als Komplementärtechnik sowohl in bestehende als auch in neue 
dezentrale Abwasserbehandlungsanlagen integriert werden und ermöglichen ein Recycling 
des Phosphors, da das Filtermaterial nach Benutzung als Dünger verwendet werden kann. 
Diese Art der Phosphorreinigung ist vorteilhaft, weil sie wenig Unterhalt durch den 
Betreiber erfordert und im Prinzip keine laufenden Kosten anfallen. Die 
Phosphorretention im Filter steht jedoch unter dem Einfluss mehrerer Variablen und kann 
derzeit noch nicht genau genug vorhergesagt werden. Das Ziel dieser Arbeit ist es deshalb, 
ein besseres Verständnis für den Phosphorrückhalt unter verschiedenen Bedingungen im 
Filter zu erzielen und Maßnahmen zu identifizieren, die die Labormethoden zur 
Untersuchung potentieller Filtermaterialien verlässlicher machen können, um so die 
Verlässlichkeit der Vorhersagen der Phosphorretention zu erhöhen. 

In drei Faktorexperimenten wurde der Einfluss der zu filtrierenden Flüssigkeit 
(Phosphatlösung und Abwasser), der Phosphorkonzentration der zu filtrierenden 
Flüssigkeit, der hydraulischen Belastung und der Umgebungstemperatur auf den 
Phosphorrückhalt in vier Materialien (Filtra P, Filtralite P, Top16 und Polonite) untersucht. 
Die Untersuchung der chemischen Vorgänge im Filter (vorwiegend 
Calciumphosphatfällung) erfolgte durch die Bestimmung von Mineralphasen und der 
notwendigen Reaktionszeit des Phosphors im Filter. Außerdem wurde der 
Phosphorrückhalt mithilfe von hydrogeochemischen Transportmodellen simuliert. 

Die untersuchten Faktoren hatten einen signifikanten (  = 0.05) Einfluss auf die 
Phosphorretentionskapazität der Filtermaterialien. Daher sollten sie bei der Bemessung 
eines Filters sowohl im Labor als auch im Feld beachtet werden. Die mit Abwasser 
betriebenen Filtralite P-Filter wiesen eine geringere Retentionskapazität auf als die mit 
Phosphatlösung betriebenen, was wahrscheinlich auf den Gehalt organischer Substanzen 
im Abwasser zurückzuführen ist. Ein Anstieg der Phosphorkonzentration im Zulauf des 
Filtra P-Filters von 12 auf 50 mg L-1 führte zu einem früheren Anstieg der 
Phosphorkonzentrationen im Ablauf (die Anzahl der behandelten Filtervolumen sank um 
82%). Des Weiteren wurde eine Auswaschung von partikulärem Phosphor aus den Filtern 
beobachtet, die durch eine erhöhte hydraulische Belastung des Filters, wie sie oft in 
Laboruntersuchungen der Fall ist, verstärkt wurde. Daher ist die hydraulische Belastung 
eine wichtige Bemessungsgröße. Jedoch war auch die Retentionszeit von Bedeutung, die, 
soweit praktisch möglich, in Laboruntersuchen maximiert werden sollte. Die 
Auswaschung von partikulärem Phosphor zeigt außerdem, dass es wichtig ist, die 
Konzentration von sowohl gelöstem als auch partikulärem Phosphor im Ablauf zu messen. 

Die Filter, die bei einer höheren Temperatur (16.5°C) betrieben wurden, wiesen eine 
höhere Phosphorretentionskapazität auf als die Filter bei niedrigerer Temperatur (4.3°C), 
vermutlich weil die Ausfällung von Calciumphosphaten begünstigt war. Daher kann die 
Funktion des Originalfilters je nach Umgebungstemperatur deutlich unter der bei 
Raumtemperatur gemessenen Funktion liegen.  

Ausfällungen, die sich im Ablaufschlauch der Filtra P-Filter abgesetzt hatten, konnten als 
Hydroxylapatit identifiziert werden, was darauf hinweist, dass sich dieses Mineral im Filter 
bilden kann. Die geochemischen Modelle deuteten allerdings an, das amorphes 
Tricalciumphosphat das einzige Calciumphosphat war, das ausgefällt wurde. Es wurden 
zwei hydrogeochemische Transportmodelle entwickelt, die die kinetische Auflösung von 
CaO, CaCO3 und Wollastonit simulierten und die Phosphorkonzentrationen und den pH 
im Ablauf der Filtralite P-Filter zufriedenstellend darstellten. 
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1 INTRODUCTION 

Phosphorus (P) is currently receiving increasing attention because the phosphate rock 
used for fertiliser production is a non-renewable resource and P, being an important 
plant nutrient, is essential for life. At the same time, the discharge of P into natural waters 
is causing eutrophication, a severe problem in areas such as the Baltic Sea (HELCOM, 
2005). Cordell et al. (2012) pointed out that the wastewater sector is, along with mining 
inefficiencies and diffuse discharges from agriculture, the largest source of P losses from 
the global P cycle. Therefore, enhanced P recovery from wastewater is essential. About 
11 % of the P contained in Swedish wastewater arrives at on-site treatment facilities, 
potentially generating 730 tons per year of recoverable P (Linderholm et al., 2012). As 
on-site P treatment is poor, 620 tons of this P are released to soil or water each year, 
more than twice the emissions from all Swedish municipal wastewater treatment plants 
put together (Linderholm et al., 2012). Thus, there is a substantial quantity of potentially 
recoverable P in on-site wastewater currently discharged to receiving waters, aggravating 
the problem of eutrophication. 
 
Filtration in a bed of granular material which can both mechanically and chemically 
retain P is a potentially useful technique for capturing P in on-site wastewater treatment 
because it is a robust, low-maintenance option that can also facilitate the recovery of P. P 
filter beds could be retro-fitted downstream of existing non-infiltration on-site treatment 
facilities such as constructed wetlands (e.g. sand filtration beds), or could be integrated as 
a final treatment step in small-scale wastewater treatment units. However, the function of 
the filters over time and under varying conditions is uncertain and difficult to predict.  
 
The process of P retention in filter beds is influenced by many variables, both in the 
laboratory and under field conditions: the properties of the filter material, the surface 
loading rate and the residence time of the water in the filter, as well as the properties of 
the influent and the ambient temperature. These variables vary considerably across the 
many laboratory studies that have been conducted on different filter materials (Johansson 
Westholm, 2006; Cucarella and Renman, 2009; Vohla et al., 2011), making meaningful 
comparison of their results impossible. Deviations in P retention have been found 
between laboratory test filter units and full-scale filters (Renman and Renman, 2010). To 
be able to estimate and forecast P retention in the filters, the variables’ influences need to 
be understood. A better understanding of P retention under varying conditions can also 
facilitate the conversion of short-term laboratory results into reliable estimations of full-
scale filter performance. 
 
This study investigates the effects of a range of factors possibly influencing P retention, 
identifies mineral phases in filter materials and discusses the underlying processes of P 
retention. In addition, it takes a first step towards estimating filter performance using 
hydro-geochemical transport modelling. 
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1.1 Aims and objectives 

The overall aim of this thesis was to increase the reliability of forecasting P retention in 
full-scale filters by increasing the understanding of P retention in P filters under varying 
conditions and by identifying measures that could lead to more reliable methods of 
testing filter materials at laboratory scale. 
 
Thus, the thesis has three objectives: 
 
The first objective was to investigate – under controlled laboratory conditions – the 
effect of several variables on P retention and estimations of P retention by 

⋅ studying the effect of influent properties (type of influent, P 
concentration) on P retention,  

⋅ studying the effect of filter characteristics such as flow regime and 
material properties on P retention, 

⋅ studying the effect of temperature on P retention, 
⋅ assessing how the effluent parameters should be selected and 

interpreted, and 
⋅ determining the required number of experimental replicates. 

 
The second objective was to achieve a better understanding of the mechanisms of P 
retention in the filter  

⋅ by identifying mineral phases in the filter materials that contribute 
to P retention, 

⋅ by identifying P-containing phases formed in the filter materials, 
and 

⋅ by determining the time needed for the P to react in the filters. 
 
The third objective was to take some first steps towards estimating P retention in filters 
by means of hydro-geochemical transport modelling. 
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1.2 Structure of the thesis 

This is a compilation thesis and synthesises the results of the six appended papers that will 
hereafter be referred to as Papers I to VI. The studies presented in these papers cover the 
aspects shown in Fig. 1. In papers I – IV, several factors potentially influencing the 
performance of the filters were investigated. These factors included properties of the 
influent and the filter as well as the ambient temperature. The time the P needed to react 
in the material was determined in Papers I and III, whereas mineral phase investigations 
were undertaken in Paper II, IV and V (Fig. 1). Furthermore, the way of selecting and 
interpreting effluent parameters was assessed (Paper II).  
 
In the thesis, the design of laboratory filter experiments is discussed and measures that 
could lead to more reliable investigations of filter materials in the laboratory are 
suggested. In addition, hydro-geochemical transport models were developed and 
discussed as a tool for estimating filter longevity. 
 
 

 
Figure 1 Outline of the papers that this thesis is based on. 
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2 BACKGROUND 

2.1 Filter materials 

A large number of different filter materials used for P removal in on-site wastewater 
treatment systems have been investigated to date. The results of these studies have been 
summarised in two literature reviews (Johansson Westholm, 2006; Vohla et al., 2011). In 
both reviews, the investigated materials were divided into natural materials, industrial by-
products and man-made materials. Natural products include e.g. sand, gravel, shell sand, 
peat and limestone. Industrial by-products from the steel industry such as blast furnace 
slag, electric arc furnace slag and basic oxygen furnace slag have been investigated to a 
large extent e.g. in the USA (Drizo et al., 2006; Lee et al., 2010), Australia (Sakadevan 
and Bavor, 1998; Shilton et al., 2006; Pratt et al., 2007), New Zealand (Shilton et al., 
2006; Pratt and Shilton, 2010; Shilton et al., 2013), France (Barca et al., 2012; Barca et 
al., 2013) and Sweden (Johansson, 1999; Hedström and Rastas, 2006). Man-made 
products include Filtra P (Gustafsson et al., 2008), Polonite (Renman and Renman, 
2010), and lightweight aggregates such as LECA (light expanded clay aggregates 
(Johansson, 1997)) and Filtralite P (Ádám et al., 2005; Heistad et al., 2006). These 
products have mainly been studied in Scandinavian countries. 

2.2 Mechanisms of phosphorus retention in the filter 

The main P retention mechanisms in filter materials have been observed to be 
precipitation with calcium (Ca) and sorption to metal oxides. Examples include P 
adsorption onto metal oxides/oxyhydroxides, observed in New Zealand melter slag 
(Pratt et al., 2007). In Filtralite P, P has been found to be bound to aluminium but also 
to Ca and magnesium (Ádám et al., 2006). Vohla et al. (2011) reviewed over 80 subtypes 
of both natural and man-made materials plus industrial by-products and reported that the 
majority of them had a high pH value >7 and high Ca and/or CaO content, suggesting 
precipitation to be the main process of P retention (Vohla et al., 2011). Precipitation 
with Ca has been shown to be important in e.g. Polonite and its parent material opoka 
(Johansson and Gustafsson, 2000; Eveborn et al., 2009), in Filtra P, Filtralite P, 
wollastonite, and Absol (Eveborn et al., 2009), in natural palygorskite (Gan et al., 2009), 
in coal ash (Yan et al., 2007), and in steel slags produced in Europe (Barca et al., 2012) 
such as blast furnace slag (Johansson and Gustafsson, 2000; Eveborn et al., 2009), electric 
arc furnace slag and basic oxygen furnace slag (Barca et al., 2013). Dissolved P is retained 
due to its reaction with Ca ions that are released from the filter material into the water 
phase, where they form Ca-phosphates and precipitate. The occurrence of P phases in 
the wastewater and the Ca ions supplied by the filter material are important for these 
reactions. Furthermore, it is important to understand Ca-phosphate formation and the 
conditions that promote it. Thus, this section focuses on the P phases occurring in 
wastewater, the mineral phases in the filter materials that supply Ca ions and the Ca-
phosphates formed.  
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2.2.1 Phosphorus in wastewater 

P occurs in wastewater almost solely as phosphates which occur in solution, in particles 
or detritus, or in the bodies of aquatic organisms (Clesceri et al., 1989). The phosphates 
are present in three forms: orthophosphate, polyphosphate and organically-bound 
phosphate (Tchobanoglous and Burton, 1991). The biggest part of the total dissolved P is 
present as orthophosphate (Houhou et al., 2009). Polyphosphates are present in fresh 
wastewaters but are converted into orthophosphates in sewers and by biological 
treatment processes (Droste, 1997). With the pH of wastewater being around 7, the 
dominant forms of orthophosphate are H2PO4

- and HPO4
2- (Droste, 1997) as PO4

3- ions 
occur only above pH 9.5 (Scheffer and Schachtschabel, 1998). 
 
The total P content of a wastewater sample can be divided into two operationally-
defined fractions, the particulate and the total dissolved fraction. The latter is obtained by 
0.45 m filtration and is composed of dissolved inorganic and organic P and colloidal-
sized phosphorus species (McKelvie et al., 1995). The particulate P fraction in the 
wastewater, as retained by a 0.45 m filter, might be removed from the wastewater by 
mechanical retention in the filter. However, the main part of the P in the influent to a 
filter unit can be assumed to be dissolved, especially if preceded by a well-functioning 
mechanical and biological pre-treatment. 

2.2.2 Dissolving mineral phases 

Different mineral phases that may be responsible for the supply of Ca2+ and OH- ions 
required for the precipitation of Ca-phosphates have been detected in a number of filter 
materials. Lime (CaO) has been observed as being contained in the majority of available 
filter materials (Vohla et al., 2005). Many materials also contain calcite e.g. limestone, 
shell-sand and Filtralite P (Lyngsie et al., 2014), natural sepiolite (Yin et al., 2011), and 
oil shale ash (Liira et al., 2009). Dolomite (CaMgCO3) was detected in natural sepiolites 
(Yin et al., 2011) and shell-sand (Lyngsie et al., 2014). Amorphous CaO-Al2O3-SiO2 
(CAS) was observed to be the mineral responsible for P removal in paper sludge that had 
been calcined at 800°C (Wajima and Rakovan, 2013). Dissolution of the minerals 
bredigite (Ca14Mg2(SiO4)8) and gehlenite (Ca2Al2SiO7) was suggested for blast furnace 
slag (Kostura et al., 2005). Filtralite P was reported to consist of calcite, mixtures of 
poorly ordered Al, Ca, Fe and Mg silicates, Ca and Mg oxides and clay silicates (Lyngsie 
et al., 2014). The presence of wollastonite in Polonite was indicated using Fourier 
transform infrared (FTIR) spectroscopy (Gustafsson et al., 2008). 
 
A sufficient and uniform dissolution of Ca from the material is desirable for maintaining a 
concentration of Ca ions in the solution that is favorable for the precipitation of Ca-
phosphates. Therefore, it is important to understand what the dissolution of the mineral 
phases is dependent on. Claveau-Mallet et al. (2012) suggested some factors influencing 
the dissolution rate of Ca in electric arc furnace slag i.e. the size of the slag particles, 
accumulation of precipitates and CaO and FeO content. 
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2.2.3 Calcium phosphate formation 

Precipitation of Ca-phosphates occurs as crystalline minerals or their amorphous 
precursors. Ca-phosphates that form in aqueous solution are dicalcium phosphate 
dihydrate (DCPD or brushite, CaHPO4·2H2O), dicalcium phosphate anhydrous 
(monetite, Ca(HPO4)), tricalcium phosphate (TCP, Ca3(PO4)2), octacalcium phosphate 
(OCP, Ca8H2(PO4)6·5H2O), defect apatite (DA, Ca9.4(HPO4)0.6(PO4)5.4(OH)1.4), and 
hydroxylapatite (HAP, Ca10(PO4)6(OH)2) (Koutsoukos and Valsami-Jones, 2004). In 
addition, amorphous Ca-phosphate (ACP), being an unstable precursor phase, is formed 
in supersaturated solutions at pH >7.0. In the experiments of Freeman and Rowell 
(1981), dicalcium phosphate (DCP) formed on calcite, with OCP sometimes occurring 
as a thin surface coating on the DCP. All three different species of calcium phosphate 
(DCPD, dicalcium phosphate anhydrous and OCP) can precipitate if the total P 
concentration is higher than 4 mg L-1 and the Ca2+ activity is at least 200 mg L-1 (Stuanes, 
1984). Ca concentrations observed in the effluent of electric arc furnace filter columns 
were 200 mg L-1 when the pH was 11 (Claveau-Mallet et al., 2012). Ca-phosphate 
precipitation is generally encouraged by alkaline conditions (Feenstra and De Bruyn, 
1979; Mann, 1997; Baker et al., 1998; Cheung and Venkitachalam, 2000). HAP 
precipitation may require a pH>10.5 (Claveau-Mallet et al., 2012).  
 
HAP, the most thermodynamically stable Ca-phosphate phase (Koutsoukos and Valsami-
Jones, 2004), has been found to be the precipitating compound in many materials e.g. 
opoka (Johansson and Gustafsson, 2000), Filtralite P, Filtra P, Polonite, wollastonite and 
Absol (Eveborn et al., 2009) and a variety of slags (Johansson and Gustafsson, 2000; Kim 
et al., 2006; Bowden et al., 2009; Claveau-Mallet et al., 2012). OCP was found in basic 
oxygen furnace slag (Bowden et al., 2009) and DCPD was the main mineral formed in 
calcined paper sludge (Wajima and Rakovan, 2013). 
 
In used samples of Filtra P, no crystalline HAP, DCP or OCP were found in a study by 
Gustafsson et al. (2008); the phosphate phase that had formed during their experiment 
seemed to be poorly crystalline in nature. In their FTIR analyses, they found a peak that 
could be attributed to amorphous tricalcium phosphate (ATCP), but also to the presence 
of other poorly crystalline phosphate minerals (e.g. Al and Fe phosphates) or to adsorbed 
phosphate (Gustafsson et al., 2008). However, in a later study on used filter materials by 
Eveborn et al. (2009), in addition to ACP (>25%), crystalline Ca-phosphates (OCP or 
HAP) were also observed in Filtra P using X-ray absorption near edge structure 
(XANES) spectroscopy. In the same study, HAP was detected in Filtralite P and 
Polonite. In Filtralite P, a substantial part of the bound phosphorus (>35%) was also 
associated with Al and Fe phases (Eveborn et al., 2009). The authors found no systematic 
differences between P phases in samples loaded with real wastewater versus synthetic 
wastewater.  
 
The above describes how HAP formation is important for P retention in filters. The 
growth of HAP crystals is affected by several parameters such as the pH (Kim et al., 
2006; Claveau-Mallet et al., 2012; Mañas et al., 2012), residence time / flow velocity 
and composition of the water (Claveau-Mallet et al., 2012), and alkalinity (Johansson and 
Gustafsson, 2000). The optimum pH range for HAP crystallisation in powdered 
converter slag was 6.6 - 7.0 and 8.0 - 9.5 at P concentrations of 73 mg L-1 and <5mg L-1, 
respectively (Kim et al., 2006). Flow velocity was not observed to affect the growth rate 
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of HAP crystal in electric arc furnace slag but a high velocity prevented settling and thus 
the organisation of crystals in a dense network; instead, it led to a loose accumulation of 
crystals in a dispersed space in the filter creating more confined voids (Claveau-Mallet et 
al., 2012). Alkalinity may also be important in limiting the extent of HAP precipitation; 
Ca-containing materials may be less efficient P retainers if the alkalinity is high because 
CO3

2- ions may remove Ca ions through calcite precipitation (Johansson & Gustafsson 
2000). However, Kostura et al. (2005) found a strong positive correlation between acid 
neutralization capacity and P binding capacity in blast furnace slag where higher P 
binding capacity was observed in samples with high alkalinity. 

2.2.4 Reaction time 

In experimental and full-scale filters, the residence time of the wastewater in the filter is 
an important design parameter. The residence time should be long enough to allow for 
the P to react with Ca. For some materials, P sorption kinetics have been studied in 
batch experiments e.g. for blast furnace slags (Kostura et al., 2005) and boehmite (Li et 
al., 2012). In a batch test by Kostura et al. (2005), equilibrium began to establish after 8 
hours. A more rapid reaction of Ca and P is reported by Li et al. (2012) who showed 
that HAP can form within minutes at pH 9 in the presence of boehmite. 
 
The P-Ca-reaction time in different filter materials under conditions prevailing in P 
treatment filters has not been comprehensively investigated. Two studies suggested that 
this time might be relatively long. Drizo et al. (2002) reported that a residence time of at 
least 12 hours was needed for deposits of Ca-phosphate precipitates to occur on the 
surface of electric arc furnace slags. Amorphous Ca-phosphate, the precursor phase of 
HAP, needed <7 days to transform into HAP in granular sludge (Mañas et al., 2012). 

2.3 Methods to investigate the phosphorus retention capacity of filter 
materials 

Several methods have been used to determine the amount of P that can be retained by a 
potential filter material. Laboratory batch and filter (column or box) experiments have 
frequently been used (Johansson Westholm, 2006; Vohla et al., 2011), but also pilot and 
field studies of Polonite (Renman and Renman, 2010) and Filtralite P (Browne and 
Jenssen, 2005; Heistad et al., 2006; Ádám et al., 2006; Jenssen et al., 2010) exist. 

2.3.1 Batch experiments 

In batch tests that aim to determine the P binding capacity of a material, the reactive 
filter material is brought into contact with the solution until equilibrium is reached; the 
P binding capacity of the material is then determined from the difference between the 
initial and final P concentrations. It is also common practice to fit adsorption isotherms, 
such as Langmuir or Freundlich isotherms, to the laboratory data and to calculate the 
binding capacity from their slope. Batch tests are widely used to make an initial 
assessment of a material, as they are comparatively easy and cost-effective to carry out. 
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Among the commercial materials, Filtralite P and Polonite have been studied in batch 
tests. The P binding capacity of Filtralite P was determined to be 3.3 g P kg-1 (Ádám et 
al., 2005) and as high as 8 and 12 g P kg-1, at initial concentrations of 320 and 480ppm, 
respectively (Jenssen and Krogstad, 2003). The P binding capacity of Polonite has been 
determined to be 119.6 g P kg-1 (Brogowski and Renman, 2004). Filtra P and Top16 
have not been investigated using batch experiments. 
 
The disadvantage of batch experiments is that they are carried out under conditions that 
differ substantively from those relevant to real-scale filters e.g. extensive contact between 
P and the material under aerobic conditions, excess P availability, and at room 
temperature. In addition, the amount of material tested is very small, jeopardising 
representativeness, and equilibrium is often only assumed but not actually reached (Ádám 
et al., 2005). Furthermore, the determined P binding capacity strongly depends on the 
experimental settings (Cucarella and Renman, 2009). For example, depending on the 
initial P concentrations used, the binding capacity determined in electric arc furnace slag 
varied by a factor of 13 (Drizo et al., 2002). The initial P concentrations vary 
substantially across the different studies. For these reasons, the P binding capacity 
determined for the material is not accurate and can be both higher and lower than that 
determined in filter experiments. An overestimation of the P binding capacity using 
batch experiments was observed for e.g. steel slag (Drizo et al., 2002) and Filtralite P 
(Jenssen et al., 2005). Underestimations were observed in sands (Arias et al., 2001), steel 
slags (Pratt and Shilton, 2009) and Filtralite P (Ádám et al., 2005).  

2.3.2 Filter experiments on a laboratory and pilot scale 

Due to the disadvantages of batch experiments discussed above, the use of long-term 
filter tests, in which the material is saturated, has been recommended (Drizo et al., 2002) 
and is more appropriate because the conditions better resemble those found in the field. 
Filter experiments have been carried out in laboratory filter columns on a variety of 
materials (Johansson Westholm, 2006; Vohla et al., 2011), among them Polonite and 
Filtra P (Gustafsson et al., 2008). Filtralite P has been studied in laboratory-scale boxes 
(Ádám et al., 2005). Similar to batch experiments but less pronounced, the conditions 
prevailing in filter experiments also differ from those relevant to the field and have 
differed considerably across the studies conducted to date. Therefore, the P binding 
capacities determined in filter experiments also vary. The P binding capacities of Filtra P, 
Filtralite P and Polonite determined at different scales and under varying conditions in 
previous studies are discussed further in section 2.4. 

2.3.3 Field trials 

Full-scale field experiments are the most reliable method to estimate the performance of 
a filter material. However, they are cost-intensive and time-consuming and, apart from 
Filtralite P, only a few studies on commercial alkaline filter materials exist. Filtra P and 
Top16 have not yet been studied at full-scale. Polonite was tested in a compact filter 
treating the primary wastewater of one household (Renman and Renman, 2010). 
Filtralite P was tested extensively in full-scale treatment of secondary wastewater viz. in a 
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filter treating wastewater from a school (Ádám et al., 2006), in a compact filter treating 
wastewater from three households (Heistad et al., 2006), in a Scandinavian study where 
three full-scale plants were tested in Norway, and two plants each in Denmark, Sweden 
and Finland (Jenssen et al., 2010), as well as in several other studies (Browne and Jenssen, 
2005; Mateus and Pinho, 2010; Karabelnik et al., 2012). Results from the full-scale trials 
show that facilities using Filtralite P filters effectively remove P from wastewater over 
several years (Table 2). 

2.4 Phosphorus retention in filter materials under varying conditions 

The amount of P that can be bound to a material has been termed ‘adsorption capacity’ 
or ‘sorption capacity’ in previous studies (Ádám et al., 2005; Cucarella and Renman, 
2009) (Ádám et al., 2007). The more neutral terms ‘binding capacity’ and ‘retention 
capacity’ have also been used (Brix et al., 2001; Arias, 2005; Drizo et al., 2008; Liira et 
al., 2009; Pratt and Shilton, 2009; Kõiv et al., 2010). The term ‘sorption’ comprises both 
adsorption and absorption. Adsorption is the process in which molecules adhere to the 
surface of a solid by London forces (physical adsorption), or by new chemical bonds 
(chemisorption) (Mortimer, 1986). Adsorptive processes have been observed in some 
filter materials such as steel slags (Pratt et al., 2007). However, in alkaline materials, the 
main retention mechanism is not adsorption but precipitation of Ca-phosphates as 
discussed in section 2.2. Therefore, the terms ‘binding capacity’ and ‘retention capacity’ 
appear to be more justified because they do not reference the retention mechanism. 

2.4.1 Phosphorus retention in the filter materials determined in filter 
experiments at different scales 

The retention of P in Filtra P, Filtralite P and Polonite has been studied in laboratory 
filter experiments, and Filtralite P and Polonite have also been studied at full-scale and in 
pilot scale studies. As results from batch tests have been shown to be inappropriate to be 
used for lifetime estimations (see section 2.3), this section focuses on the P retention 
behavior of the materials investigated in filter experiments. The operational conditions 
used and the P removal rates and / or P binding capacities determined from these 
investigations are shown for laboratory filters (Table 1) as well as for pilot-scale and full-
scale filters (Table 2). The conditions during the tests varied and the results differ 
considerably across the studies. Generally, the loading rates applied were lower and the 
residence times higher in the field than in the laboratory (Tables 1 and 2). Across the 
laboratory studies, the filter bed sizes used range from 0.42 to 653 L and the residence 
times from 0.54 to 86 hours (Table 1). The bed sizes of the full-scale filters also varied; 
they ranged from 6 to 180 m3 with associated residence times of 4 to 33 days (Table 2). 
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2.4.2 Parameters influencing phosphorus retention in the filters 

Several parameters, such as the filter design parameters and the operational conditions, 
influence P retention in the filters and the determined P binding capacity. These include 
the influent type, the influent P concentration, the hydraulic loading rate, the residence 
time, the scale of the filter and the ambient temperature. Some of these parameters have 
previously been studied to some extent.  
 
Influent properties. In laboratory experiments, the type of influent used is important. 
Depending on whether wastewater or synthetic P solution is used, the P binding capacity 
determined can vary. It has been observed in batch experiments with blast furnace slag 
(Hedström and Rastas, 2006) and a column experiment with Filtralite P (Ádám et al., 
2007) that the use of wastewater, rather than P solution, decreases P binding. However, 
the conditions in which the batch experiments by Hedström and Rastas (2006) were 
carried out did not resemble field conditions at all and the experiment by Ádám et al. 
(2007) was conducted with only two filter columns, fed with different influent P 
concentrations which may have confounded the effect of the influent source. Therefore, 
the effect of influent source on P binding capacity still needs to be evidenced. 
Additionally, the effect has not yet been quantified. 
 
Properties of the influent that possibly influence P retention include the organic content 
and the P concentration. Recently, the effect of organic load on P removal of Polonite 
was studied (Nilsson et al., 2013b). In their on-site column experiment, the authors used 
primary (132 mg TOC L-1) and secondary (43 mg TOC L-1) wastewater and observed 
that an increased organic load decreased the P removal capacity of the material. The 
effect of varying the influent P concentration was studied by Ádám et al. (2005). The 
authors increased the P concentration of the P solution from 2 to 15 mg L-1 and found 
an increase in P retention in a box experiment using Filtralite P. 
 
Loading rate and residence time. The effect of residence time has been discussed in 
several studies (Brooks et al., 2000; Shilton et al., 2005; Barca et al., 2013) whereas the 
effects of loading rate on P retention and wash-out of particulate P have not been 
extensively studied. Generally, longer retention times were observed to promote P 
retention. Shilton et al. (2005) observed that increasing the residence time (3, 12, 48 and 
96 hours) increased (ca. 10-fold) the P removal by an iron slag filter. The authors pointed 
out that the relationship was non-linear; at low residence times, the increase in P 
removal rate was bigger. Also, in electric arc and basic oxygen furnace slag, the P 
removal efficiencies improved with increasing residence time, probably due to a higher 
pH regime (Barca et al., 2013). The authors observed a pH of >9 at residence times >3 
days whereas at shorter residence times (1  2 days), pH values were elevated only during 
the first five weeks and then stabilized below a pH of 9. Brooks et al. (2000) decreased 
the retention time in a filter column (filled with wollastonite powder and tailings at a 
ratio of 1:3) from 26 to 15 hours and observed a decrease of 11% in the percentage of P 
removed. In another column (with a ratio powder to tailings of 1:1), an increase in 
residence time from 54 to 143 hours did not affect the P removal (Brooks et al., 2000). 
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The loading rate governs the velocity of the solution in the pores of the filter material 
and can therefore be expected to affect the retention or wash-out of particulate P from 
the filter. Particulate P comprises P-containing (organic) particles in the wastewater and 
newly formed small Ca-phosphate particles. These aspects were discussed in a recent 
study by Claveau-Mallet et al. (2012) who observed particle leaching from their 
experimental columns, with residence times of 1.5 and 3.8 h, due to a high pore water 
velocity of 49 and 152 mm h-1. In their column with a residence time of 16.3 h (pore 
water velocity 14 mm h-1), they observed the water velocity to be low enough to allow 
particle settlement. At the higher velocities, the authors also observed that more new 
HAP seeds were formed and distributed over a wider area, creating confined voids and 
thus short-circuits, which was given as a reason for the lower retention capacity observed 
at higher velocities. 
 
Temperature. The effect of temperature has not yet been comprehensively 
investigated. However, Barca et al. (2013) observed increased removal efficiencies when 
the temperature increased during their field experiment with steel slags, and Agyei et al. 
(2002) found that increases in temperature enhanced P binding to fly ash, slag and 
Portland cement. Furthermore, dissolved P is precipitated by Ca ions released by 
dissolving minerals e.g. wollastonite, which has temperature-dependent dissolution rates 
(Sverdrup, 1990). The precipitation of Ca-phosphates such as hydroxylapatite (HAP) is 
also affected by temperature because their solubility products (K) are temperature-
dependent (Appelo and Postma, 1993). In addition, temperature controls crystal growth 
(Wang and Nancollas, 2008) and is thus important for the formation of HAP and other 
types of Ca-phosphate crystals. Temperature could also affect the performance of P filters 
indirectly by influencing growth rates of microbes in them. 

2.5 Longevity estimations 

One approach to estimate the approximate longevity of a filter unit is to extrapolate 
results from laboratory filters to the field. For example, the P binding capacity of a filter 
material determined from long-term laboratory column experiments (run until the 
material is saturated) can be used to calculate the time until the filter material would be 
saturated at full-scale (Drizo et al., 2002). Making predictions on the basis of adsorption 
isotherms derived from batch experiments has been shown to be inappropriate (Pratt and 
Shilton, 2009). Another suggested approach is the estimation of the expected P binding 
capacity of a material from its acid neutralisation capacity (Kostura et al., 2005; Yan et 
al., 2007), which might be used to predict the amount of available Ca in a material. 
Then, based on the Ca/PO4 molar ratio for a given Ca-phosphate mineral, P retention 
capacity can be predicted (Yan et al., 2007).  
 
Modelling has been suggested as another approach to estimate P retention (Claveau-
Mallet et al., 2012; Barca et al., 2013). Barca et al. (2012) employed a reaction rate 
model derived by Kadlec and Wallace (2009) from the first-order kinetic removal rate 
equation to calculate the necessary filter volume as a function of the expected effluent 
total P concentration. The authors used a removal rate constant in the equation that 
equalled the P removal rate calculated from cold-season data of their full-scale filter. 
Claveau-Mallet et al. (2012) developed a conceptual model that they expressed for the 
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effluent pH over time as a function of three variables: the kinetic constant of dissolution 
of slag, the theoretical initial void volume and the crystal accumulation factor 
(introduced in the mathematical expression to consider the volume occupied by crystals 
and confined voids). The authors stated that knowing the expressions for these variables 
would allow a determination of how long the effluent pH would remain above a critical 
value such as 10.5 and thus allow an estimation of the longevity of the filter (Claveau-
Mallet et al., 2012). 
 
These reviewed approaches for estimating P retention neglect several important aspects, 
such as the influences of varying conditions. The model proposed by Claveau-Mallet et 
al. (2012) is just a conceptual one and contains variables that are difficult to estimate 
because they are dependent on several other (partly unknown) variables. Furthermore, it 
presumes a correlation of the P removal rate and the pH, which is uncertain; as well as 
the formation of HAP as the only retention mechanism (Claveau-Mallet et al., 2012) 
which is probably not the case in many filter materials. A more comprehensive approach 
to model P retention is most likely necessary, being one that takes into account the 
chemical reactions of the P in the filter and their dependence on varying conditions.  
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3 MATERIALS AND METHODS 

3.1 Materials 

3.1.1 Filter materials 

The filter materials used in the experiments (Fig. 2) were Filtra P, Filtralite P, Top16 and 
Polonite, all being commercial products. The properties of the materials are given in 
Table 3. 
 

 
Figure 2 Filter materials used in the experiments: clockwise from upper left, Filtra P, 

Filtralite P, Polonite and Top16. 
 
Filtra P was manufactured from iron-containing gypsum and lime and was supplied by 
Nordkalk, Finland. The material is no longer available as the company stopped the 
production of the material ca. 2010. Filtralite P is derived from Norwegian lightweight 
aggregate and supplied by Weber Sain-Gobain Byggevarer, Norway. The Top16 
material is manufactured by Envitop Ltd in Finland. Polonite is manufactured from 
Opoka rock in Poland that is heated to 900°C (Gustafsson et al., 2008) and is distributed 
by Bioptech AB, Sweden. 
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Table 3  Total element content in g kg-1 total solids (TS) and physical properties of 
the investigated filter materials. 

Parameter Material
 Filtra P Filtralite P Top16 Polonite 
Si 11.3 269 4.4 272 
Ca 355 35.7 203 167 
Al 4.57 86.1 4.82 31.2 
Fe 3.24 56.5 78.6 17.5 
K 1.44 29.2 0.992 7.84 
Mg 2.22 28.3 12.5 4.46 
Mn 0.1 n.d. 3.7 0.103 
S n.d. 0.24 118 0.424 
Ti 0.26 n.d. 3.09 2.14 
Na 0.69 n.d. 4.23 1.07 
P 0.25 n.d. 0.046 0.28 
TS [%] 87.7 n.d. 82.6 ± 0.3 96.1 ± 0.7 
LOI [%TS] 9.9 n.d. 8.1 9.8 
Bulk density 
[g cm-3] 

1.079 ± 0.022 0.370a 0.745 ± 0.023 0.781 ± 0.006 

Porosity [ ] 0.446 ± 0.005 ca. 0.6a 0.573 ± 0.008 0.560 ± 0.022 
aaccording to the product data sheet 

3.1.2 Influent solutions 

Two influent solutions were used in the experiments (Fig. 3): P solution prepared in the 
laboratory and secondary wastewater collected from two wastewater treatment plants in 
Luleå.  
 

 
Figure 3 Wastewater with stirring device (left) and P solution (right) used for the 

experiments. 
 
The P solution was prepared by dissolving KH2PO4 in distilled water. The secondary 
wastewater was collected from the municipal wastewater treatment plants in Sundom 
(downstream of a tower trickling filter, Paper III) and Ängesbyn (from the surface of the 
activated sludge basin, Paper IV). To obtain the target P concentrations, human urine 
was added to the wastewater from Sundom and a P solution based on KH2PO4 added to 
the wastewater from Ängesbyn. 
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3.2 Methods 

3.2.1 Batch experiments 

The time needed for the P to react (reaction time) was determined in two sets (A and B) 
of batch experiments (Fig. 4). Set A (Paper I) was a high liquid-to-solid ratio (LS = 20 L 
kg-1) batch shaking experiment with Filtra P. Set B (Paper III) was a non-shaking 
experiment with Filtralite P at a low LS ratio of 1.77 L kg-1 resembling that of full-scale 
filters. 
 

 
Figure 4 Set A (left) and set B (right) of batch experiments to determine the time 

needed for the P to react. 
 
Reaction time, set A. For set A (Paper I), six series of batch experiments were carried 
out at initial concentrations of ci = 3, 12, 25, 50, 100 and 1000 mg P L-1. Samples of 
Filtra P were placed into Erlenmeyer flasks and equilibrated with P solutions at LS 20. 
The flasks were shaken on a shaking plate at 100 rpm for 0.5, 1, 2, 4 and 48 hours and 
additionally for the concentrations ci = 100 and 1000 mg P L 1, for 8 and 24 hours. The 
liquid phase was then filtered through a 0.45 mm filter and analysed with respect to 
dissolved P. The pH of the unfiltered samples was measured. 
 
Reaction time, set B. For set B (Paper III), two series of batch experiments were 
carried out in duplicate (n = 2): one was conducted using P solution and the other one 
using wastewater. The concentration of dissolved P was 12 mg L-1 in the P solution and 
11 mg L-1 in the wastewater (collected from Sundom’s treatment plant). Samples of 
201.9 g of Filtralite P (corresponding to ca. 200 g of dry material) were weighed into 
1L- glass beakers. Then, 353.5 ± 9.0 g of phosphate solution was added to one set of 
beakers and 356.7 ± 7.9 g of wastewater was added to the other set of beakers until the 
material was almost covered but did not start floating upwards. The beakers were 
covered with plastic sheets and left standing at room temperature for 5 min, 15 min, 30 
min, 1 h, 2 h, 4 h, 8 h and 16 h. The liquid phase was then filtered through a 0.45 mm 
filter and analysed with respect to dissolved P. The pH of the unfiltered samples was 
measured. 
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3.2.2 Filter column experiments 

Experimental design. To investigate the effects of influent P concentration, influent 
type, loading rate and temperature on P retention in filters, three filter column 
experiments (experiment A (Paper II), B (Paper III) and C (Paper IV)) were carried out 
using 22 full factorial designs (Montgomery, 2009) with replicates (n = 2). In experiment 
B, three centre points were added while in experiments A and C, no centre points were 
included. The investigated factors and their settings are shown in Table 4. The low level 
of P concentration (12 mg L-1) reflected the typical concentrations in untreated on-site 
wastewater (Swedish EPA, 2006) and also resembled the P concentrations of secondary 
effluent in on-site facilities that have been found to be between ca. 5 and 14 mg L-1 
(Arias et al., 2003). The low level for loading rate (varying between 96 and 419 L m-2 d-1 
across the three experiments) resembled the loading rates commonly present in compact 
full-scale filters i.e. in small filter units, typically filter wells. The high levels of P 
concentration (50 mg L-1) and loading rate (1023 (experiment A) and 1122 L m-2 d-1 
(experiment B) reflected extreme conditions aimed at accelerating the laboratory testing. 
The low level for temperature (4.3°C) resembled the operational conditions that are 
likely to prevail in full-scale filters for a substantial part of the year, particularly in areas 
with cool climates, while the high level for temperature (16.5°C) reflected conditions 
that are usually present during laboratory testing. 
 
Table 4  Investigated factors and experimental settings in the three filter column 

experiments 
Variable Experiment 

 
A 

(Paper II) 
B 

(Paper III) 
C 

(Paper IV) 
Investigated 
factors 

influent P concentration 
loading rate 

type of influent 
loading rate 

temperature 
material 

   
Influent  
solution 

P solution 12 mg P L-1 
P solution 50 mg P L-1 

P solution 13 mg P L-1 
wastewatera 13 mg P L-1 

wastewaterb 
12 mg P L-1 

   
Loading rate 
[Lm-2d-1] 

419; 1023 96; 632; 1122 342 

   

Temperature room temperature room temperature 
4.3°C 
16.5°C 

   

Materials Filtra P Filtralite P 
Top16 

Polonite 
aspiked with urine  bspiked with K2HPO4 
 
Experimental set-up. Using peristaltic pumps, the influent solution was passed in up-
flow mode through the filter columns and the effluent was collected in 20L- plastic 
containers (Fig. 5). The columns were made of acrylic glass and had an inner diameter of 
74 mm. A layer of glass beads was placed on the bottom of the columns to ensure an 
even flow distribution. The outlet of the columns was funnel-shaped and also filled with 
glass beads to ensure a smooth outflow (Fig. 5). 
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Figure 5 Experimental set-up used for the three filter column experiments. 
 
 
Effluent sampling. Twice weekly, the weight of the effluent was recorded and samples 
were taken for the analyses of total and dissolved P, total and dissolved organic carbon 
(TOC and DOC, only in experiments B and C), total suspended solids (TSS), and for 
measuring the turbidity (only in experiment A). The pH and redox potential were 
measured from grab samples taken at the same time as the effluent samples. During 
sampling, the flow through the filters was interrupted for some hours. 
 
Data evaluation. To determine the points of breakthrough and filter saturation, 
threshold values were defined for the ratio of effluent dissolved P to influent dissolved P 
(Table 5). The point of breakthrough was defined based on an effluent P concentration 
of 1 mg L-1, a figure normally used as the discharge limit for small-scale wastewater 
facilities in Norway (Heistad et al., 2006) and also given as a guidance value by the 
Swedish Environmental Protection Agency (Swedish EPA, 2006). Breakthrough and 
saturation points were identified using simple moving averages. P binding capacities were 
calculated according to eq. 1. 
 

 P binding capacity [g kg-1] = i

n

i

outin V
m
cc ⋅−

=1

)(  (1) 

 
where: 
n number of samples taken until saturation, 
cin,out concentration of total, dissolved or particulate P in the influent and effluent 

[mg L-1], 
Vi volume of P solution or wastewater that has passed through the filter between 

sample i-1 and i [L], and 
m mass of the filter material [g]. 
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Data were further evaluated using analysis of variance (ANOVA) and multiple linear 
regression and the MODDE software package (Umetrics AB, 2006). The significance 
level was set to α = 0.05.  
 
Table 5  Threshold values for the ratio of effluent to influent dissolved P 

concentration used to determine the points of breakthrough and saturation 
 Experiment
 A B C 
breakthrough  0.08;  0.02  0.08  0.08a 
saturation  0.85 0.92 > 0.8 

aratio of effluent total P concentration to the influent total P concentration was used 
 
Power analysis. Statistical power (the probability of rejecting a false statistical null 
hypothesis, eq. 2) was calculated retrospectively for the three column experiments to 
evaluate whether the effects of the factors on the total P binding capacities (calculated 
considering data from the entire breakthrough curves) of the investigated materials were 
reliably determined. The total P binding capacity comprises both the retained dissolved P 
and the retained or washed out particulate P i.e. the whole quantity of retained P for the 
wastewater columns and the whole quantity of reacted P for the P solution columns. 
The null hypotheses in the factorial experiments were that there was no effect caused by 
the investigated factors and their interactions on P binding capacity. 
 
  (2) 
 
where: 
power probability of rejecting a false null hypothesis, 
F probability of the F distribution, 
fα critical value (upper point of the F distribution with 1 and v degrees of 

freedom) with α = 0.05, 
v degrees of freedom for error, and 
 noncentrality parameter, λ = n * r * δ 2 / (4σ2), where n is the number of 

replicates, r the number of corner points, δ the effect and σ the estimated 
standard deviation. 

 
For the calculations, the number of factors (two), the number of corner points (four) and 
the number of replicates (two) were predetermined by the experimental designs and 
were the same for all three experiments. The number of centre points was zero in 
experiments A and C, and three in experiment B. The significance level was set to 
α = 0.05. The standard deviation (σ) was the square root of the mean square error (MS 
error) which was estimated based on the collected data. MS error equals the error sum of 
squares divided by the error degrees of freedom (MS error = SSerror/dferror). MS error was 
calculated using non-transformed data and omitting insignificant model terms. The 
minimum detected effect that was of interest was specified as 25% of the average total P 
binding capacity of the respective experiment. This effect is the difference between the 
low and high factor level means of total P binding capacity. The Minitab software 
package (Minitab Inc., 2010) was used for the calculations. 
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3.2.3 Phase identification with X-ray diffraction and infrared spectroscopy 

To identify the mineral phases present in the filter material both before and after use, X-
ray powder diffraction (XRPD, Papers II, IV, V) and Fourier transform infrared (FTIR) 
spectroscopy (Paper V) were used. XRPD gives information about the crystalline phases 
while the presence of specific molecular configurations can be obtained from FTIR 
(Hillier et al., 2003).  
 
In the outflow hose of the Filtra P columns (experiment A), a white precipitate had 
formed which was analysed using XRPD. Both fresh and used samples of Filtralite P 
(used sample from a filter loaded with P solution), Top16 and Polonite were analysed 
using XRPD. Fresh and used samples (from columns fed with P solution) of Filtralite P 
(Paper V) were also analysed using FTIR. 
 
XRPD. The precipitate that had formed in the outflow hose of the Filtra P columns 
(experiment A) was sampled and dried with XRPD analyses being carried out using a 
SIEMENS D5000 X-ray diffractometer with a KRISTALLOFLEX 760 X-ray generator. 
Used and fresh samples of Filtralite P, Top16 and Polonite for XRPD analyses (Papers 
IV, V) were wet ground and spray-dried to produce random powders, then their XRPD 
patterns were recorded from 2 to 75° 2  using Cobalt K  radiation. The obtained 
XRPD patterns were compared to reference patterns from the International Centre for 
Diffraction Database. 
 
FTIR. Filtralite P samples were ground in a mortar, mixed with potassium bromide and 
pressed into pellets that were analysed using a Bruker IFS66v/S FTIR spectrometer. 

3.2.4 Hydro-geochemical transport modelling 

The hydro-geochemical transport code PHREEQC (Parkhurst and Appelo, 2012) was 
used to model the transport and reaction of P observed in experimental filter columns 
filled with Filtralite P that were fed with P solution (experiment B, described in detail in 
section 3.2.2 and in Paper III). PHREEQC uses the one-dimensional advection-
reaction-dispersion equation (eq. 3): 

 

    (3) 

 
where: 
t is time (s), 
C is the concentration in water (mol/kgw), 
v is flow velocity (m s-1), 
x is distance in the main flow direction (m), 
DL is the longitudinal dispersion coefficient (m2 s-1), and 
q is the concentration in the solid phase (mol/kgw). 
 
Two models were developed (model 1 and model 2, Paper V). Effluent data from 
replicated (n = 2) filters run at a loading rate of 97 ± 3 L m-2 d-1 were used to calibrate 
the models.  
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Hydro-geochemical model parameters. The influent properties used in the models 
resembled those in the experiment: the influent temperature was set to 20°C, pH was 5, 
redox potential (pe) was 5.1, and the concentrations of PO4

3- and K were 39.9 and 
16.136 mg L-1, respectively. The influent solution was brought to equilibrium with 
atmospheric CO2. The dissolving minerals in both models were wollastonite and Ca 
oxide (both kinetically dissolved, see Paper V for details) and, additionally in model 2, 
calcite which was assumed to be at equilibrium and was allowed to precipitate and 
dissolve. To fit the models to the experimentally-derived breakthrough curves (model 
calibration), three parameters were adjusted for wollastonite and Ca oxide: the initial 
molar concentration of the mineral, the specific dissolution rate and the initial surface 
area of the solid. For calcite in model 2, only the initial molar concentration was varied.  
 
Transport model parameters. The transport parameters used were the molecular 
diffusion coefficient (Dm) and the dispersivity. Dm was determined as 1.295 × 10-9 m2 s-1 
using the Wilke and Chang equation (Wilke and Chang, 1955). The longitudinal 
dispersion (DL), and thus the dispersivity, was studied by simulating a tracer column 
experiment using packed-bed models of spherical particles with a ratio of maximum to 
minimum particle diameter in the range of 1 - 4 (Paper VI). Based on the simulations, a 
DL/Dm versus Péclet number plot was produced. 

3.2.5 Analyses 

To determine the concentrations of dissolved P and DOC, samples were filtered 
immediately through 0.45μm filters, and subsequently analysed for total P and TOC. 
Total P and TOC were determined for unfiltered samples. Samples (both filtered and 
unfiltered) used for determining the concentrations of P and organic carbon were 
acidified and stored at 5°C until analysis. Samples for BOD7 analysis were stored frozen 
at -18°C. 
 
For set A of the reaction time experiment (Paper I), concentrations of dissolved P were 
analysed using an inductively coupled plasma (ICP) technique, without prior digestion, 
as the sample was assumed to be totally dissolved during the procedure. In all other 
experiments (Papers II – IV), concentrations of total P in unfiltered and filtered samples 
were determined using the ammonium molybdate spectrometric method, also known as 
the ascorbic acid method (Swedish Standards Institute, 2005b). 
 
Concentrations of TOC in unfiltered and filtered samples (Papers III, IV) were 
determined using Hach Lange cuvette tests as defined by the method EN 1484. BOD7 
(Paper IV) was determined according to the standard methods SS-EN 1899-1 and SS-
EN 25814. TSS (Papers II - IV) was determined following the European standard EN 
872: 2005 (Swedish Standards Institute, 2005a). The pH (Papers I - IV) was measured 
using a WTW pH330 pH meter with a WTW SenTix41 pH electrode. The redox 
potential (Papers II-IV) was measured using a pHM95 pH/ion meter (Radiometer, 
Copenhagen). 
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4 RESULTS 

4.1  Properties of the materials used in the experiments 

4.1.1 Phase identifications 

XRPD (Papers II, IV, V). The phases detected in fresh and used samples of Filtralite 
P, Top16 and Polonite using XRPD are shown in Table 6. Calcite and quartz were 
detected in all three materials. The fresh samples of Top16 contained gypsum 
(CaSO4·2(H2O)) and bassanite (CaSO4·0.5(H2O)) and those of Polonite contained 
wollastonite (CaSiO3) and portlandite (the naturally occurring form of Ca(OH)2, Table 
6). For Filtralite P, there was a large proportion of amorphous material in both fresh and 
used samples, but no obvious Ca-bearing silicates were identified. Some minerals 
disappeared from the materials during the experiments as they were present in the fresh 
samples but were not detected in the used ones: gypsum and bassanite disappeared from 
Top16 and portlandite from Polonite. No crystalline Ca-phosphate phases were found in 
the used samples of Filtralite P, Top16 and Polonite; however, the white precipitate that 
had formed in the outflow hose of the Filtra P columns was found to be hydroxylapatite 
(HAP, Table 6). 
 
Table 6  Phases detected in the materials before and after use in the filter 

experiments using XRPD (n.d.: not determined). 
Material Phases identified
 fresh samples used samples 
Filtra P n.d.a HAPa 
  
Filtralite P amorphous phases, 

quartz, feldspars, calcite, 
periclase,  

possibly spinel phases

amorphous phases,  
quartz, feldspars, calcite,  

periclase,  
possibly spinel phases 

   
Top16 quartz, gypsum, 

bassanite 
quartz, calcite,  

no gypsum, no bassanite, 
no crystalline calcium phosphates 

  
Polonite quartz, calcite, 

wollastonite, portlandite 
quartz, calcite,  

wollastonite, no portlandite,  
no crystalline calcium phosphates 

ahydroxylapatite, detected in the white precipitate that had formed in the outflow hose of the 
Filtra P columns 
 
FTIR (Paper V). The FTIR spectra of both fresh and used Filtralite P indicated the 
presence of calcite, silicate and possibly clay minerals. Other peaks (only in the spectrum 
of the fresh sample) were possibly due to the presence of Mg-rich biotite and Ca(OH)2. 
A further peak at 446 cm-1 is indicative of the presence of hematite in Filtralite P. The 
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spectrum of the used sample indicated the presence of a phosphate mineral. The peak 
was not sufficiently well resolved to allow identification, but its general position was 
consistent with expectations of amorphous tricalcium phosphate (ATCP) (Gustafsson et 
al., 2008). 

4.1.2 Phosphorus retention 

The P binding capacities of the studied materials that were determined under similar 
conditions (Papers II - IV) are overlaid in Fig. 6 for comparison. The prevailing 
conditions during these filter experiments were as follows: 

⋅ The experiments were carried out at room temperature (not monitored). 
⋅ The influent P concentration reflected the typical concentrations in untreated 

wastewater at full-scale on-site facilities, ca. 12 mg L-1 (Swedish EPA, 2006). 
⋅ The loading rates (varying between 96 and 419 L m-2 d-1 across the three 

experiments) complied with the loading rates commonly present in compact full-
scale filter units. These loading rates range from 177 to 943 L m-2 d-1 in filter 
wells with a diameter of 900 to 1200 mm used by two to four people with a daily 
water consumption of 100 to 150 L d-1. Loading rates ranging from 90 to 173 L 
m-2 d-1 have been reported in a filter tank filled with Filtralite P (Heistad et al., 
2006). 

 

 
Figure 6 P binding capacities of the four materials (n = 2), calculated considering 

data from the entire breakthrough curves, investigated at room 
temperature. The figure shows the amounts of retained dissolved P, as well 
as the amount of washed-out particulate P from the P solution-fed filters, 
and the amount of retained particulate P in the wastewater-fed filters. 
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Figure 7 (a) Ratio of total P concentrations in the effluent and influent with level of 

breakthrough shown as dashed line, (b) ratio of dissolved P concentrations 
in the effluent and influent, and (c) pH of the effluent of the filter columns 
filled with the four investigated materials.  
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Fig. 6 shows that the P binding capacities determined differed substantially between the 
investigated materials. The amount of washed-out particulate P from the filter columns 
loaded with P solution differs considerably between Filtra P and Filtralite P, while the 
amount of retained particulate P in the filters loaded with wastewater (Filtralite P, Top16 
and Polonite) is rather constant. 
 
The P binding capacities were calculated according to eq. 1 using the effluent data that 
are visualized in the breakthrough curves (Fig. 7). Both the total (Fig. 7a) and dissolved P 
(Fig. 7b) concentrations of the effluents, proportional to the influent total and dissolved P 
concentrations, are shown. The shape of the determined breakthrough curves differed 
between the materials (Fig. 7a, b) e.g. the breakthrough of dissolved P occurred much 
earlier in Filtralite P and Top16 compared to Polonite and Filtra P (Fig. 7b). Also, the 
pH of the effluents varied across the materials studied (Fig. 7c). The pH in the effluent of 
the Top16 columns was consistently around 8, whereas the pH of the other materials 
was initially high and decreased during the experimental runtime. 
 
 
 
 
 
 
 
 
 
 
 

 
Figure 8 Filtra P (left), Top16 (centre) and Polonite (right) in the experimental 

columns after saturation. 
 
Filtra P and Top16 disintegrated during the filter column experiments while Polonite 
and Filtralite P did not show any signs of disintegration (Fig. 8). Despite the 
disintegrative behaviour of Filtra P and Top16, clogging was not observed. 

4.1.3 Time needed for the phosphorus to react 

Set A (Paper I). In the experiments with Filtra P, the shortest chosen contact time (0.5 
hours) was sufficient to completely remove dissolved P from the solution, when an initial 
P concentration of 12 mg L-1 was used (Fig. 9a). The same was valid for the initial 
concentrations of 3 and 25 mg L-1 (Paper I). At an initial P concentration of 100 mg L-1, 
the concentration of dissolved P decreased by only 20% within 0.5 hours and it took 8 
hours for the entire amount of dissolved P to react. A complete removal of dissolved P 
coincided with a high pH (Fig. 9b): at the initial concentration of 12 mg L-1 the pH was 
already high (11.9) after 0.5 hours, whereas at the initial concentration of 100 mg L-1, the 
high pH (11.7) was reached after 8 hours (Fig. 9b). 
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Figure 9 Ratio of dissolved P concentration and initial dissolved P concentration 

(C/C0) and pH of the supernatant of experimental set A with Filtra P (a, b) 
and experimental set B with Filtralite P (c, d). 

 
Set B (Paper III). In the experiments with Filtralite P, the concentration of dissolved P 
could be reduced to below the detection limit within 5 minutes reaction time when P 
solution was used (Fig. 9c). The pH after 5 minutes was measured at 11.8 (Fig. 9d). 
Using wastewater, more time (15 minutes) was required to decrease the concentration of 
dissolved P and it did not decrease as much (it had decreased by 99%, Fig. 9c). The pH 
established after 15 minutes was 11.4 (Fig. 9d). 

4.2 Phosphorus binding capacity under varying conditions 

4.2.1 Effect of influent properties 

The effect of two influent characteristics on the P binding capacity was investigated. 
First, the P concentration was varied using P solution (experiment A, Paper II). Second, 
two influent types were tested in experiment B; P solution and secondary wastewater 
(Paper III). Both parameters affected the P binding capacity (Fig. 10) as discussed in the 
following. 
 
Influent P concentration (Paper II). The total P binding capacity of Filtra P 
calculated using data from the entire breakthrough curve (until saturation) decreased 
when the influent P concentration was increased from 12 to 50 mg L-1 (Fig. 10); 
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however, this difference in P binding capacity was not significant (α = 0.05). When the 
higher influent concentration was used, breakthrough occurred at a significantly lower 
number of treated bed volumes (56 compared to 327 average bed volumes for low-
concentration filters). Also, the average pH in the effluent was significantly decreased in 
the high concentration filters and the pH drop occurred earlier. Furthermore, when P 
binding capacities were calculated considering only pre-breakthrough data, there was a 
significant effect of influent P concentration: the total P binding capacity was, on 
average, twice as low in filters treated with the high concentration than in low 
concentration filters, which can be explained by the early breakthrough and lower pH 
regime in the high concentration filters. 
 
Influent type (Paper III). Using secondary wastewater as an influent instead of P 
solution significantly decreased the P binding in Filtralite P (Fig. 10). Both the total P 
binding capacity and the amount of dissolved P retained in the filters were affected. The 
total P binding capacity comprises the retained dissolved P and the washed-out (P 
solution filters) or retained (wastewater filters) particulate P. Using secondary wastewater 
as an influent instead of P solution also significantly decreased the start pH and mean pH 
in the filters. The start pH was, on average, 9.2 in the wastewater filters as opposed to 
10.5 in the P solution filters. 

 
Figure 10 P binding capacities of Filtra P determined at different influent P 

concentrations using P solution and an average loading rate of 419 L m-2 d-1 
and P binding capacities of Filtralite P determined using P solution and 
wastewater and an average loading rate of 96 L m-2 d-1, n = 2. P binding 
capacities were calculated using data from the entire breakthrough curves. 
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Table 7 Properties of the influent wastewater used in experiment B and C (as 
measured at the higher temperature) shown as mean ± standard deviation 
(n.d.: not determined). 

Parameter Unit Experiment 
 B C 
Total P mg L-1 13 ± 3.6 12.1 ± 1.17 
Dissolved P mg L-1 11 ± 1.7 11.0 ± 1.32 
TOC mg L-1 126 ± 34 22.2 ± 5.26 
DOC mg L-1 108 ± 8 13.2 ± 1.18 
BOD7 mg L-1 n.d. 10.8 ± 4.3 
pH 7.1 ± 0.1 7.2 ± 0.15 
Redox potential mV 127 ± 31 191 ± 37 
TSS mg L-1 87 ± 104 20.4 ± 14.4 

 
The properties of the wastewater used in experiment B are shown in Table 7. This 
wastewater was collected from the activated sludge basin and was spiked with urine. Its 
properties were compared to the properties of the wastewater collected after the trickling 
tower and spiked with KH2PO4, which was used in experiment C. The concentrations 
of DOC, TOC and TSS differed considerably between the two wastewaters (Table 7). 

4.2.2 Effect of loading rate 

The effect of increasing the loading rate on the total P binding capacity and the amount 
of P retained in Filtra P (Paper II) and Filtralite P (Paper III) was investigated. Here, the 
total P binding capacity comprises both the amount of P retained in the filters and the  
 

 
Figure 11 P binding capacities of Filtra P and Filtralite P determined at the different 

loading rates using P solution as an influent with total P concentrations of 
12 mg L–1 (Filtra P) and 13 mg L-1 (Filtralite P). 
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amount of particulate washed-out P i.e. it is the sum of the amount of dissolved P that 
reacted with the filter material. The amount of P retained is the part of the reacted 
dissolved P that was retained in the filter columns. The total P binding capacities and 
amounts of retained P determined at the different loading rates but under similar 
conditions (using P solution as an influent source with concentrations of total P 
comparable to those at full-scale, and the P binding capacities calculated using data from 
the entire breakthrough curves) are shown in Fig. 11. 
 
In experiment A with Filtra P, the total P binding capacity was higher at the higher 
loading rate (Fig. 11) but this increase was not statistically significant. Increasing the 
loading rate did not affect the amount of retained P in Filtra P but it significantly 
increased the amount of washed-out particulate P. In experiment B with Filtralite P, 
increasing the loading rate significantly decreased both the total P binding capacity and 
the amount of retained P (Fig. 11). The amount of washed-out particulate P from 
Filtralite P was very low at the low loading rate and increased at the higher loading rates 
(Fig. 11). 

4.2.3 Effect of ambient temperature 

Increasing the temperature from 4.3 to 16.5°C significantly increased the total and 
dissolved P binding capacity of Top16 and Polonite (Fig. 12). It also increased the 
average redox potential and the reduction of TSS, TOC and particulate organic carbon 
determined for both materials (Paper IV). The pH was not affected by temperature in 
either material. 
 

 
Figure 12 Total P binding capacities of Top16 and Polonite determined at 4.3 and 

16.5°C. 
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4.3 Power analysis 

Statistical power (the probability of rejecting a false statistical null hypothesis, eq. 2) was 
calculated retrospectively for the three column experiments (Table 8) to evaluate 
whether the effects of the factors on the total P binding capacities of the investigated 
materials were reliably determined. A high value of power (1) was determined for 
experiment C (Table 8) which means that there was a 100% probability of rejecting a 
false null hypothesis and thus detecting an effect if it really existed. Power was lower in 
experiment A (22%) and B (43%, Table 8). The number of replicates that would have 
been necessary to obtain a power of 80% was 9 and 5 for experiment A and B, 
respectively.  
 
Table 8 Statistical power of the filter column experiments A - C and the parameters 

used for its calculation. The factors that significantly affected the total P 
binding capacity in the respective experiment are also shown. 

Parameter 
Experiment 

(investigated filter material) 

 
A 

(Filtra P)
B 

(Filtralite P)
C 

(Top16, Polonite)
power 0.22 0.43 1 
  
factors with significant 
effect 

none loading rate, 
influent type

temperature, 
material 

  
terms omitted from the 
regression model in the 
power calculation

concentration, 
loading rate 

interaction: loading 
rate×influent type 

none 

    
1.60 0.15 0.11 

  
minimum effect [g P kg-1] 1.6 0.2 1.1 
  
number of replicates 
needed to obtain a power 
of 0.8a 

9 
(actual power 

= 0.82)

5 
(actual power  

= 0.87)

2 
(actual power  

= 1) 
ano terms omitted from model 

4.4 Models describing phosphorus retention 

Two hydro-geochemical transport models were developed using the PHREEQC 
software, model 1 and model 2 (Paper V). Model 1 satisfactorily described the 
experimentally observed concentrations of dissolved P in the effluent (Fig. 13a) but did 
not match the observed pH well. The modelled pH matched the observed pH up to ca. 
40 bed volumes, but deviated from it at > 40 bed volumes (Fig. 13b). Therefore, a 
second model was developed which described the measured pH well (Fig. 13b) but 
strongly underestimated the concentrations of dissolved P in the effluent (Fig. 13a). 
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In both models, the phases that were subject to kinetically constrained dissolution were 
wollastonite and calcium oxide (CaO). The possible precipitating Ca-P phases chosen for 
inclusion in both models were amorphous tricalcium phosphate (ATCP), dibasic calcium 
phosphate dehydrate (DCPD), octacalcium phosphate (OCP), calcite (CaCO3) and 
amorphous silica (SiO2(a)). Model 2 additionally included an initial amount of calcite so 
that both dissolution and precipitation of calcite were possible.  
 
The developed DL/Dm versus Péclet number plot (Paper VI) was used to estimate the 
dispersivity. First, the DL present in the experimental columns was estimated from the 
plot. Assuming a tortuosity of ca. 0.7, the dispersivity was calculated to be 0.00033 m. 
 

 
Figure 13 Modelled and measured (n = 2) concentrations of dissolved P with 

modelled Ca concentrations (a) and modelled and measured pH (b) in the 
effluent of the Filtralite P columns. 
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5 DISCUSSION 

5.1 Phosphorus retention mechanisms in the materials 

The dissolution of Ca ions from the filter material to the water phase, their reaction with 
dissolved P and subsequent precipitation of Ca-phosphates can be assumed to be the 
major P retention mechanism in alkaline filter materials (Gustafsson et al., 2008; Eveborn 
et al., 2009). Thus, this retention mechanism was important in the filter materials 
investigated in this study, as they were characterised by a high Ca content (Table 3) and 
were alkaline, as reflected in the high pH in the effluents of the column experiments 
(Fig. 7) and supernatants of the batch experiments (Fig. 9 b, d). The P-containing 
precipitates formed showed a tendency to be washed out of the filter columns (e.g. Fig. 
11) which decreased P retention. In the following, both the mineral phases responsible 
for the release of Ca ions and the Ca-phosphate phases forming in the filters are discussed 
based on the results from the XRPD and FTIR investigations and the geochemical 
simulations. In addition, the retention / wash-out of the formed precipitates are 
discussed. 

5.1.1 Dissolving phases 

The mineral phases releasing the Ca ions required for the reaction with the dissolved P 
differed between the investigated materials. Filtra P was manufactured from iron-
containing gypsum and limestone and thus these phases, or their conversion products 
formed during manufacture, were probably the main dissolving phases. The dissolution 
of lime (calcium oxide, CaO, and/or calcium hydroxide, Ca(OH)2) in Filtra P was 
confirmed by the initially very high pH of above 12 (Fig. 7c). The Ca-releasing phases in 
Filtralite P could not be detected using XRPD, possibly because they were amorphous 
(there were large proportions of amorphous material in both fresh and used Filtralite P, 
Table 6). Filtralite P was derived from Norwegian lightweight aggregate which is based 
on clay (Jenssen and Krogstad, 2003). Probably, lime (CaO) and a Ca-silicate were the 
phases supplying Ca ions, which was shown by the hydro-geochemical transport models 
developed. However, lime was not detected using XRPD (Table 6), probably due to its 
low concentration. In Top16, gypsum (CaSO4·2(H2O)) and bassanite (CaSO4·0.5(H2O)) 
appeared to be responsible for the supply of Ca ions, as these phases disappeared from the 
materials during the column experiments (Table 6). Both Top16 and Filtra P 
disintegrated during the experiments while Filtralite P and Polonite were stable (Fig. 8). 
The gypsum content was a characteristic that Top16 and Filtra P had in common and 
that probably caused the disintegration, something observed in a previous study on Filtra 
P (Gustafsson et al., 2008). In Polonite, the phases, detected using XRPD (Table 6), that 
probably dissolved and released Ca ions to the solution were wollastonite and portlandite 
(the naturally occurring form of Ca(OH)2), the latter having disappeared from the 
material during the column experiments. Polonite was manufactured from siliceous 
sedimentary opoka rock which consists mainly of SiO2 and CaCO3 (Brogowski and 
Renman, 2004) and was found to contain wollastonite in a previous study (Kietlinska 
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and Renman, 2005). Calcite may have also dissolved; it was detected in the fresh 
Polonite samples but not in the used ones. However, in Filtralite P, calcite was detected 
in both fresh and used samples and the geochemical simulations suggested that calcite did 
not dissolve but precipitated. 
 
If lime (CaO or Ca(OH)2) is present in the filter material, both the concentration of 
available Ca ions in the solution and the pH are increased in the solution, and thus the 
reaction of Ca and dissolved P is promoted. Readily dissolving lime in Polonite (Table 6) 
and Filtra P associated with the initially high pH (Fig. 7c) caused the dissolved P to 
initially react completely and rapidly as reflected by the low concentrations of dissolved P 
in the effluents (low values of Cdissolved P/C0 in the breakthrough curves, Fig. 7b). 
However, these readily formed Ca-phosphates tended to escape from the filters as 
reflected by the large amount of washed-out particulate P from the Filtra P columns (Fig. 
10), the difference between dissolved P and total P concentrations in the effluents of the 
Polonite columns (first few samplings) and also Filtralite P columns (first sampling only, 
Fig. 7a, b). In addition, lime was rapidly dissolved and then depleted as reflected in the 
initially very high and then decreasing pH (Fig. 7c). The depletion of lime was also 
observed in the hydro-geochemical transport models. Hence, high lime content supports 
P retention only initially and also appears to cause a wash-out of particulate P.  
 

5.1.2 Precipitating phases 

There was evidence for the formation of hydroxylapatite (HAP) in Filtra P which was 
detected in the white precipitate that was sampled from the outflow hose of one of the 
filter columns (Table 6). This finding is consistent with other studies. Crystalline Ca-
phosphates (HAP and OCP) were detected in Filtralite P, Filtra P, Polonite, Absol, 
water-cooled blast furnace slag and wollastonite using X-ray absorption near edge 
structure (XANES) spectroscopy (Eveborn et al., 2009) and in basic oxygen steel slag 
(Bowden et al., 2009). HAP was also detected in electric arc furnace slag (Drizo et al., 
2006) and on the surface of a porous Ca-based sorbent (Khadhraoui et al., 2002). 
However, in the used samples of Filtralite P, Top16 and Polonite evaluated in this thesis, 
crystalline Ca-phosphate phases were not detected using XRPD, possibly because the 
concentrations were too low. The same was observed by Eveborn et al. (2009) who 
studied used Filtralite P, Filtra P, Polonite, Absol, water-cooled blast furnace slag and 
wollastonite and stated that P species were undetectable in most XRPD patterns except 
for the Polonite sample, in which the authors detected poorly crystallized HAP. 
However, the Polonite sample studied (Eveborn et al., 2009) originated from a column 
experiment where P solution was used as an influent and not wastewater as in this study. 
It can be assumed that a higher pH regime prevailed in their experiment, enhancing 
precipitation and thus the concentration of Ca-phosphates in the used material.  
 
The FTIR spectrum of the used Filtralite P sample indicated the presence of amorphous 
tricalcium phosphate (ATCP). The precipitation of ATCP was also suggested by the 
hydro-geochemical transport models developed in this thesis. This is consistent with the 
findings of Eveborn et al. (2009) who identified ATCP in used Filtralite P and Polonite 
samples. As ATCP is an amorphous phase, it cannot be detected using XRPD. 
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Amorphous Ca-phosphate has been found to be a precursor phase of HAP (Mañas et al., 
2012), therefore it is possible that the ATCP formed in the filters converts to HAP over 
time. 

5.1.3 Retention and wash-out of particulate phosphorus 

The P retention mechanism in the filters comprises not only the formation of Ca-
phosphates but also their retention in the filter. In the column experiments with Filtra P, 
Filtralite P and Polonite, some of the Ca-phosphates precipitates formed were not 
retained but washed out of the filters which is reflected in the difference between the 
concentrations of total and dissolved P in the effluents of the filter columns (Figs. 7a, b) 
and the amount of washed-out particulate P shown in Figs. 10, 11. In the experiment 
with Filtra P, this occurred to a large extent; the amount of washed-out particulate P was 
about the same as the retained dissolved P (e.g. Fig. 11). As discussed above, the wash-
out of particulate P appeared to happen in materials that contained lime. In order to be 
mechanically retained, the P-particles formed need to be given time to grow big enough 
and / or the filter material particles need to be shaped in order to support mechanical 
retention. It is also possible that P-containing crystals grow on the surface of the filter 
particles e.g. on calcite: Ca-phosphate crystals precipitate from solution and grow on 
relatively few spots on the surface of calcite, those spots possibly holding adsorbed P 
(Freeman and Rowell, 1981). Ca-phosphate coatings on the surface of filter particles 
have been observed in previous studies e.g. on the surface of basic oxygen steel slag 
(Bowden et al., 2009). P accumulating on the surface of basic oxygen furnace (BOF) 
iron oxide was found to be concentrated in regions where calcite grains were coated 
with a fine-grained iron oxide material but not on non-coated calcite (Baker et al., 
1998). The growth of P-containing crystals on calcite might be a process that occurred in 
the investigated materials; calcite was detected in Filtralite P and Polonite and was shown 
to precipitate in the developed hydro-geochemical transport models. 

5.2 Phosphorus retention by different materials 

The differences in P binding capacity determined for the investigated materials (Fig. 6) 
can be attributed to their different properties. These properties include the materials’ 
chemical composition, their particle size distribution, their particle porosity and shape, 
and surface area. Of particular importance is the material composition because it governs 
the P retention mechanism in terms of the dissolving phases, establishing pH and thus 
precipitating mineral phases.  
 
Among the investigated materials, the largest amount of P was retained in Polonite, 
followed by Top16, Filtra P and Filtralite P (Fig. 6). The materials are distinguished by 
the mineral phases supplying the Ca ions for the reaction with dissolved P and governing 
the pH, as discussed in section 5.1. These differences in mineral composition are one 
reason for the different P binding capacities observed. Lime and wollastonite dissolving 
from Polonite seem to supply sufficient Ca ions and also maintain an adequate pH for the 
precipitation of Ca-phosphates which is reflected in the high P binding capacity of 
Polonite (ca. 5.4 g kg-1, Fig. 6). High levels of P removal by Polonite were also observed 
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in previous studies (Gustafsson et al., 2008; Renman and Renman, 2010; Nilsson et al., 
2013b). Also, in Top16 (with gypsum as the dissolving phase), a high P binding capacity 
was determined, although the pH was comparatively low (ca. 8, Fig. 7c). The binding 
capacity determined for Filtralite P (1.35 and 1.18 g P kg-1 for P solution and wastewater 
filters, respectively) was lower than for the other materials (Fig. 6) and it was saturated at 
a considerably lower number of bed volumes (Fig. 7a, b). One reason for this could be 
the lower pH in Filtralite P compared to the other materials (Fig. 7c) which might have 
caused the Ca and phosphate ions to react less readily. However, this cannot be the only 
explanation because the pH in Top16 was even lower while the material exhibited a 
higher P binding capacity (Fig. 6). Maybe the kinetically constrained dissolution of Ca 
ions from the Ca-silicate contained in the material was slow in relation to the given 
residence time of the solution in the columns, so that the concentration of Ca ions 
remained low, impeding the formation of Ca-phosphates. It is also possible that the high 
influent concentrations of organic matter caused the low determined P binding capacities 
(discussed in section 5.3.2). However, the P binding capacities determined for Filtralite P 
are consistent with previous studies on the material (Table 1): binding capacities between 
1.1 and 10.14 g kg-1 (at different loading rates and influent P concentrations) have been 
determined in a box experiment with Filtralite P (Ádám et al., 2005), where the boxes 
that were run in similar conditions to those of experiment B (a loading rate of 255 L m-2 
d-1 and an influent P concentration of 10 mg L-1) reached a capacity of 5.62 g kg-1. A 
binding capacity of 0.497 g kg-1 was determined in a big (20 L) column with Filtralite P 
that was loaded with P solution (10 mg L-1) at a loading rate of 357 L m-2 d-1 (Ádám et 
al., 2007). 

5.3 Improving the design and interpretation of laboratory filter 
experiments 

5.3.1 Design of filter column experiments 

In this section, the design of the laboratory filter columns used to investigate P retention 
in the materials is discussed with regard to the method of collecting and sampling the 
effluent, the columns’ size and form and the flow mode. 
 
Method of collecting and sampling the effluent. During filter column experiments, 
either the entire volume of effluent can be collected and sampled or grab samples of the 
effluent can be taken. These two options have considerable influence on the 
experimental set-up. In the filter column studies presented (experiments A to C, Papers 
II - IV) the entire volume of effluent was collected, weighed and sampled to ensure 
accuracy, control and reliability of the experiments. Collecting the entire volume of 
effluent ensured the accurate monitoring of the P mass flow through the filters and 
facilitated the creation of a mass balance. However, the practical restrictions on both the 
volume of effluent that could be handled and the number of samples that could be taken 
limited the size of the filter columns and thus the residence time (discussed in 5.3.3). 
Grab sampling, on the other hand, would allow for bigger columns and thus longer 
residence time, because the effluent does not need to be collected. As grab sampling is 
less work and time-intensive, it would also allow for longer experiments. Although 
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accuracy would decrease, grab sampling might be advantageous when testing filter 
materials because the flow regime in the filter columns could be designed to be more 
similar to that found in the field. This would certainly be important for the obtained 
results as the loading rate and / or residence time affected the P binding capacities of 
Filtra P and Filtralite P (Fig. 11). 
 
Size, diameter and length of the experimental filter. The design of laboratory 
filter columns used in this thesis was a balancing act between an attempt to simulate full-
scale conditions and the necessity of down-scaling for practical reasons. The size of the 
filter columns used in the experiments was rather small. The benefits of a small filter size 
are a shorter testing time, because the filter material becomes saturated faster, and a high 
controllability of the experiments because the entire volume of influent and effluent can 
be captured and sampled instead of taking grab samples (see above). Better controllability 
leads to more accurate results. However, the properties of small columns differ 
considerably from full-scale conditions, especially in terms of their shorter residence 
time, also implying that the performance of small laboratory filters differ from their 
performance in the field, making laboratory results less reliable.  
 
The width (diameter) of the filter column is also important with regard to wall effects 
and preferential flow (channelling). Along the walls of a filter column, there may be 
reduced friction leading to water traveling faster along the walls (wall effect). A 
maldistribution of porosity in the column causes channelling. Both wall and channelling 
effects increase with decreasing column-to-particle diameter ratios (Winterberg and 
Tsotsas, 2000). Thus, the diameter of the filter column should be chosen to be large 
enough to minimise these effects. Filter beds with a column-to-particle diameter ratio of 
>40 can be regarded as infinitely extended and pressure drops can be satisfactorily 
calculated by simple models such as the Ergun equation (Winterberg and Tsotsas, 2000). 
At column-to-particle diameter ratios between 4 and 10, deviations up to 20% from the 
pressure drop calculated with the Ergun equation are possible due to maldistribution and 
wall friction (Winterberg and Tsotsas, 2000). The diameter of the filter columns used for 
the experiments presented in this thesis was 74 mm. The column-to-particle diameter 
ratios of the filter columns with the four tested materials (calculated with the diameter of 
the biggest particle (second biggest sieve size) of the respective material) were ca. 5.9 
(Top16), 6.5 (Filtra P), 14.8 (Polonite) and 18.5 (Filtralite P). As the column-to-particle 
diameter ratio of some columns was <10, the flow in them might have been adversely 
affected by maldistribution and wall friction. 
 
Dispersion is the irreversible spreading process of a volume of a solute in a fluid flowing 
through a porous medium and is caused by several mechanisms such as variations in local 
fluid velocity, molecular diffusion, chemical reactions and fluid properties variations 
(Jourak, 2013). A good spread of P in the filter columns is important to achieve 
optimum conditions for the reaction and thus retention of P. There are two kinds of 
dispersion in filter columns: lateral and longitudinal dispersion. While lateral dispersivities 
have been found to be independent of the location in the filter bed, longitudinal 
dispersivities need a certain bed length to reach constant values (Han et al., 1985). In 
addition, the bed length required to reach constant longitudinal dispersivities is longer for 
filter material with a wider particle size distribution compared to uniform particles and 
also increases with increasing Péclet number (increasing ratio of advective to diffusive 
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transport) (Han et al., 1985). If the filter column is not long enough to comply with 
specific criteria (which include the bed length-to-particle diameter ratio and the Péclet 
number), dispersion coefficients can be low and depend on the location in the filter bed 
(Han et al., 1985). To achieve a dispersion in experimental columns that is similar to that 
found in the field, the bed length-to-particle diameter ratio should be chosen to be high 
enough. Dispersivities of Filtralite P have been determined using tracer tests and ranged 
from 0.02 to 0.3 m depending on the flow rate and the solute concentration (Suliman et 
al., 2005).  
 
The effects of wall friction, maldistribution of porosity and unstable dispersion 
coefficients can generally be assumed to be of minor concern because they can be 
minimised if the column diameter and length are large enough in relation to the 
diameter of the particles of the packed bed. The effect of a short residence time, 
however, is very important to carefully factor in when designing laboratory filters, as 
residence time directly affects the formation of Ca-phosphates in the filter and thus 
directly contributes to P retention (see section 5.3.3). Therefore, the residence time in 
the filters should be as similar as possible to that of a full-scale filter, as far as practical 
restrictions allow. 
 
Flow mode. Up-flow mode was used in the column experiments because the water 
flow against gravity was assumed to distribute small Ca-phosphate particles more evenly 
in the filter material by carrying them upwards. Further, the filter columns were 
continuously loaded to decrease the time needed for saturation of the materials. In full-
scale applications, intermittent loading is applied which increases the residence time of 
the wastewater in the filter during loading breaks. An increased residence time might 
favour the precipitation of Ca-phosphates e.g. HAP. HAP needs time to form; Drizo et 
al. (2002) detected HAP on the surface of electric arc furnace slag used in a column 
experiment with a residence time of 0.5 days as opposed to an experiment with a 
residence time of 0.34 days, where no HAP was found. Thus, with continuous loading 
as applied this study, lower P binding capacities might be determined compared to 
intermittent loading. 
 
Number of replicates. The number of replicates in experiment C was sufficient which 
is reflected in the high value of statistical power calculated (100%, Table 8). A high 
power is desirable because it is coupled with a low probability of a type II error. A type 
II error is the probability for the failure to reject a false null hypothesis. The null 
hypotheses in the factorial experiments were that there was no effect of the investigated 
factors and their interaction on P binding capacity. The high power in experiment C was 
a result of the low standard variation σ compared to the minimum effect (1.1 g P kg-1, 
Table 8). In addition, all investigated factors were included in the regression model of 
experiment C. Omitting terms from the regression model, however, decreases power. 
 
The powers calculated for experiments A and B were only 22 and 43% respectively, due 
to the high standard deviation of these experiments in comparison to the minimum 
effect (Table 8). The probability of detecting an effect if it really existed was, therefore, 
rather low. In experiment B, both loading rate and influent type were found to be 
significant factors i.e. the null hypothesis was rejected. Therefore, a type II error (failure 
to reject a false null hypothesis) did not occur and the number of replicates was sufficient 
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despite the rather low power. However, in experiment A, the null hypothesis could not 
be rejected on the basis of the collected data as none of the investigated factors 
significantly affected the total P binding capacity (determined by considering data of the 
entire breakthrough curve). The probability for a type two error (1 minus power) was 
very high (78%, Table 8) which means that there was a 78% probability that there 
actually was an effect but it was not detected. Thus, the result of experiment A (no effect 
of influent P concentration and loading rate on the total P binding capacity) cannot be 
regarded as reliable. The number of replicates necessary to increase the power of this 
specific experiment to 80% was 9 (Table 8). It should be noted that this number of 
replicates applies to a 22 factorial experiment i.e. the number of experimental runs would 
be 36. An experiment with this many replicates would therefore be almost impossible to 
undertake practically. 

5.3.2 Influent properties 

P concentration. Increasing influent P concentrations is a way of accelerating 
laboratory filter tests which has been practiced by several researchers (Drizo et al., 1999; 
Johansson, 1999; Drizo et al., 2002; Drizo et al., 2006). However, in this study, an 
increased influent P concentration had a negative impact on the performance of the 
filters. It changed the shape of the breakthrough curve towards earlier breakthrough and 
lowered the pH regime in the filters, thus establishing conditions in the filter that 
differed from field conditions. The pH is crucial for the precipitation of Ca-phosphates 
which is favoured at high pH (Feenstra and De Bruyn, 1979) and thus for the P 
retention in the filter. The pH measured in the influent solutions with a P concentration 
of 12 and 50 mg L-1 was 6.0 ± 0.3 and 5.4 ± 0.1, respectively. Decreasing the acid 
behaviour of the phosphate salt used in the solutions (KH2PO4) by adding a buffer to the 
influent might be a way of avoiding a low pH regime despite high P concentrations. 
Furthermore, increasing the influent P concentration from 12 to 50 mg L-1 significantly 
affected the P binding capacity determined with pre-breakthrough data which, on 
average, decreased twofold. In tracer experiments with Filtralite P, Suliman et al. (2005) 
observed that the average retention time of a solute in the filters decreased when the 
concentration increased at constant hydraulic loading. This might be an explanation for 
the deterioration in performance of the filters at higher influent P concentrations. 
 
Influent source. The influent sources used for the filter experiments in this thesis were 
P solution and secondary wastewater. Using different influent sources affected the P 
binding capacity of Filtralite P (Fig. 10) which was significantly lower when wastewater 
was used as an influent. Three possible explanations for this were discussed in Paper III: a 
different pH regime, inhibition of Ca-phosphate formation by humic substances and 
clogging of the filter by accumulation of particles with the formation of a biofilm. The 
pH was significantly lower in the wastewater filters, possibly due to the soluble organics 
in wastewater, a great part of them being acetic acids (Narkis et al., 1980). However, low 
pH is detrimental for the precipitation of Ca-phosphates (Feenstra and De Bruyn, 1979). 
Furthermore, the humic substances contained in the wastewater may have inhibited the 
precipitation of Ca-phosphates, the inhibitory effect being pronounced at pH 8, small at 
pH 9 and non-existent at pH 10 (Song et al., 2006). In addition, a TOC reduction of 
71% (Paper III) indicated an accumulation of organic matter in the filters which may 
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have hampered the dissolution of Ca from the filter material. It is also possible that Ca 
was consumed by organic matter (other than humic substances) and not precipitated but 
washed out of the filter as suggested by Song et al. (2006), making the Ca ions 
unavailable for the reaction with P. 
 
Using wastewater for filter tests would yield more reliable results compared to using 
synthetic P solution because the conditions established in the filters would be more 
similar to field conditions. However, this approach has several drawbacks. Collecting 
wastewater and transporting it to the laboratory is laborious and also requires hygiene 
safety measures. As the wastewater in the experiments presented in this thesis was 
gradually fed to the filter columns, a part of it was stored for  4 days. The properties of 
the wastewater were determined directly after it was collected but during the storage 
time, changes of the properties might have occurred. For instance, parts of the dissolved 
P and DOC might have been consumed by microorganisms, thus decreasing their 
respective concentrations and increasing the concentrations of particulate P and 
particulate organic carbon. This process is a potentially serious source of error. 
 
In laboratory studies, using synthetic P solution instead of wastewater would be more 
convenient but it would overestimate the P binding capacity determined because of the 
negative effect of wastewater. Adjusting the achieved P binding capacity with a 
correction factor would be a way of compensating for this effect. Based on the results of 
the Filtralite P experiments with the low loading rate, the correction factor would have 
to be 0.8.  
 
Concentration of organic matter and suspended solids. Organic matter and 
suspended solids contained in the influent can potentially cause problems in the filter. 
Humic substances can combine with Ca ions (Song et al., 2006), making them no longer 
available for the reaction with P. In addition, they can induce a clogging of the filter and 
a biofilm coating of the filter particles which would hamper the dissolution of Ca ions. 
The effects of these parameters were not tested in a controlled experiment within this 
work, but it has been shown that higher BOD concentrations decrease P removal 
(Nilsson et al., 2013b). The P binding capacities determined for Filtralite P in 
experiment B (using both P solution and wastewater) were much smaller than those for 
Top16 and Polonite determined in experiment C (Fig. 6). This difference was 
considered to be caused by a deviation in material properties (section 5.2), probably 
being the main reason for the lower determined P binding capacities. Another reason 
might be the different properties of the influent wastewater, as the two wastewaters used 
in experiment B and C differed substantially with regard to their contents of DOC, 
TOC and TSS, being ca. 8, 6 and 4 times higher in experiment B than in experiment C 
(Table 7). These differences were due to the different additives used for increasing the P 
concentrations i.e. urine, and P solution based on KH2PO4, in experiment B and C, 
respectively, but may also be due to the different origins of the wastewaters that were 
collected from beyond the output of a trickling tower (experiment B) and from an 
activated sludge basin (experiment C). The reduction of TOC was 71% in Filtralite P 
(experiment B, Paper III) as opposed to experiment C, where it was 49 % in both Top16 
and Polonite (Paper IV). As both the reduction of TOC and the influent concentrations 
of TOC were much higher in experiment B, the amounts of TOC retained in the filter 
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were also higher. Therefore, the above stated problems might partly explain the lower 
determined P binding capacity in Filtralite P compared to Top16 and Polonite. 

5.3.3 Loading rate and residence time 

Effect of loading rate on P binding. In addition to an increased influent P 
concentration, loading rates higher than those in full-scale filters have been used to 
accelerate laboratory filter experiments (Brooks et al., 2000; Seo et al., 2005; Ádám et al., 
2005). In this study, increasing the loading rate appeared to affect the total P binding 
capacity of Filtra P and Filtralite P in different ways (Fig. 11). In Filtralite P, the total P 
binding capacity significantly decreased when the loading rate increased (Fig. 11). The 
total P binding capacity of Filtra P increased with increasing loading rate, but this 
increase was not statistically significant. However, as the statistical power for the Filtra P-
experiment (experiment A) was low (0.22, Table 8), there is a high probability (0.78) 
that there actually was an effect but it was not detected. Thus, there was at least an 
indication of a positive effect of the loading rate in the Filtra P data. The opposite effect 
of the loading rate might be explained by the different retention mechanisms of the 
materials. In Filtra P, the dissolution of Ca ions from lime was probably promoted by the 
higher loading rate as discussed in Paper II. A high concentration of Ca ions and a high 
pH probably caused the rapid formation of small Ca-phosphate particles that were carried 
away with the fluid flow as reflected in the large amounts of washed-out particulate P 
from Filtra P (Fig. 11). In Filtralite P, the kinetically constrained dissolution of Ca ions 
was probably slower and the pH was lower (Fig. 7c). Therefore, the formation of Ca-
phosphates was slower and much less effective as reflected in the lower P binding 
capacity of Filtralite P (Figs. 6, 11). Probably, Ca-phosphates grew on the surfaces of the 
filter particles in this material e.g. on calcite as suggested by Freeman and Rowell (1981). 
At the higher loading rate, these processes were not given enough time to happen which 
led to a lower determined P binding capacity (Fig. 11). It is also possible that the higher 
loading rate caused irregular flow patterns deteriorating the conditions for P retention 
e.g. by higher dispersion and preferential flow. Another explanation for the lower P 
binding capacity of Filtralite P at high loading rates could be wash-out of reactive Ca 
ions which was observed in a study by Ádám et al. (2005). 
 
Increasing the loading rate had an opposite effect on P retention in Filtra P and Filtralite 
P, showing that its effects are dependent on the material. Thus, using this method to 
accelerate laboratory filter tests may give uncertain results because the effects of an 
increased loading rate are difficult to predict. The effects of the loading rate have not yet 
been comprehensively studied. However, a recent study shows that increased loading 
rates may negatively impact the retention of P in slags where the main retention 
mechanism is the formation of HAP crystals (Claveau-Mallet et al., 2012).  
 
Loading rate versus residence time as a relevant design parameter. Loading rate 
expresses the volume of fluid passing through the filter per time unit. In this study, 
surface loading rate [in L m-2 d-1] is used, also taking into account the flow-active surface 
of the filter which is orthogonal to the flow direction. The loading rate is interconnected 
to the hydraulic residence time of the fluid in the filter column, which is calculated by 
dividing the pore volume of the filter column [L] by the flow [L d-1]. At a constant size 
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of the filter column (i.e. constant pore volume), the residence time decreases with 
increasing loading rate. It can be debated as to whether loading rate or residence time is 
the more important parameter for P retention in the filters. Loading rate is the factor 
governing the pore velocity in the filter and can thus influence surface reactions on the 
material as well as the fixation of Ca-P precipitates on the surfaces of the filter particles 
and between particles. Residence time, on the other hand, determines the time available 
for Ca-P precipitates to form and to form bigger particles e.g. HAP crystals, that can be 
mechanically retained in the filter more easily. 
 
Two aspects lend weight to the argument to use loading rate as the relevant design 
parameter. First, in the materials used in experiment A and B, the amount of washed-out 
particulate P significantly increased with increasing loading rate, probably because the 
higher pore water velocity increased the transport of small P-containing particles towards 
the outlet of the columns. Thus, the wash-out of the formed P-precipitates is an 
important issue which depends on the loading rate and this supports the choice of 
loading rate (and not residence time) as the investigated factor in the experiments. 
Second, it was shown that the time needed for the formation of Ca-P compounds is 
short (Fig. 9) and might therefore be of minor importance. The reaction time of P in 
Filtralite P as determined in the batch experiments was 5 and 15 minutes using P 
solution and wastewater, respectively (Fig. 9c), although the dissolved P in the 
wastewater did not react completely. In Filtra P, the reaction time was less than 30 
minutes (which was the shortest time tested) for the batch with an initial P concentration 
of 12 mg L-1 (Fig. 9a). A rapid reaction of Ca and P has also been reported in literature 
e.g. HAP has been shown to form within minutes at pH 9 in the presence of boehmite 
(Li et al., 2012). Therefore, the residence times in experiments A - C were chosen to be 
rather low; they ranged from 40 minutes (experiment A) to 9.6 hours (experiment B). 
 
However, the results obtained in this thesis showed that residence time was also an 
important parameter. Some effects observed when increasing the loading rate might have 
been due to the decreased residence time e.g. the decreased amount of retained dissolved 
P in Filtralite P (Fig. 11). It has been shown in previous studies that the formation of Ca-
phosphate needs time. Drizo et al. (2002) reported that a residence time of at least 12 
hours was needed for deposits of Ca-phosphate precipitates to occur on the surface of 
electric arc furnace slags and Mañas et al. (2012) found amorphous Ca-phosphate to be 
the precursor phase of HAP in granular sludge transforming to HAP in less than 7 days. 
The residence times associated with the investigated loading rates in experiment B were 
9.3 hours, 83 and 46 minutes (Paper III). Thus, possibly, a reduced precipitation of Ca-
phosphates due to the decreased residence time might have caused the decrease in total P 
binding capacity and amount of retained P with increasing loading rate in experiment B. 
In addition, the escape of particulate P from the Polonite and Filtra P columns (e.g. Figs. 
6, 11) could partly be due to the residence time which might have been too short for 
these Ca-P precipitates to agglomerate or crystallize to particles that were big enough to 
be retained mechanically in the filter. Furthermore, P breakthrough in the filters 
occurred quickly for all investigated materials (Fig. 7) although the loading rates were 
held at levels commonly used in full-scale filters (discussed in Paper III), which indicates 
that the residence time was not sufficient and appears to play a major role in P retention 
despite the short chemical reaction times (Fig. 9). Therefore, the shorter residence time 
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in laboratory columns compared to full-scale filters might implicate an underestimation 
of the determined P retention capacities. 
 
A longer residence time could be obtained when increasing the filter size. However, the 
size of the experimental filter columns in this thesis was limited due to practical 
constraints e.g. the bed volume of the columns in experiment B was 0.27 L (Paper III). 
The maximum volume of effluent that was practically feasible to collect was 20 L and 
samples were taken at frequent intervals (twice weekly). The use of bigger filters would 
have made the collection of the entire volume of effluent very difficult, thus decreasing 
the controllability of the experiments (section 5.3.1); bigger filters would also have 
prolonged the experimental runtime unless the loading rates had been increased, creating 
several problems as discussed above. 

5.3.4 Ambient temperature 

The significant observed positive effect of increasing the temperature from 4.3 to 16.5°C 
on the P binding capacity of Top16 and Polonite (Fig. 12) has three possible 
explanations. Temperature may have affected the chemical reactions within the filter, the 
bacterial culture and also the mechanical retention of P. The reaction of Ca2+ and PO4

3- 
is endothermic (Wajima and Rakovan, 2013) and therefore more likely to happen at 
higher temperatures. Thus, in the filters run at 16.5°C, enhanced precipitation of Ca-
phosphates probably increased P retention. Further, it is possible that microorganisms 
contained in the wastewater collected from the activated sludge basin consumed some of 
the dissolved P. BOD and TSS removal in activated sludge basins has been shown to 
increase with temperature (Keefer, 1962), reflecting an increased activity of the bacteria 
contained in the sludge. Thus, bacterial activity might have been higher in the filters at 
the higher temperature leading to higher consumption and thus retention of dissolved P. 
In addition, it is possible that a strong formation of biofilm at the higher temperature 
narrowed the pores in the filters and thus enhanced the mechanical retention of 
particulate P which is reflected by e.g. the higher percentage of retained influent 
particle-bound P, being 41% (Top16) and 12% (Polonite) at 4.3° and about 60% at 
16.5°C in both materials. Narrower pores might have also enhanced the mechanical 
retention of small Ca-phosphate particles that had formed in the filters. 
 
As the P binding capacities determined were lower at the lower temperature (Fig. 12), 
laboratory investigations carried out at room temperature might overestimate P 
retention. The temperature of on-site wastewater depends on the ground temperature. 
In particular, in treatment facilities with an upstream subsurface flow constructed 
wetland, which is common in Sweden, the wastewater can be assumed to cool down 
significantly before it reaches the filter. Wastewater temperatures in sewers were 
observed to be as low as 4 to 6°C during winter months (Sallanko and Pekkala, 2008). 
Therefore, the lower temperature tested in experiment C (4.3°C) resembled operational 
conditions that are likely to prevail in full-scale filters for a substantial part of the year, 
especially in areas with cool climates. To avoid errors connected to the higher 
temperature in the laboratory compared to the field, it might be advantageous to 
conduct filter experiments at lower temperature, something tried in a study by Ádám et 
al. (2006, 2007). 
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5.3.5 Analysis and interpretation of effluent parameters 

Both dissolved and total P concentrations were measured in the effluents of the 
experimental filter columns in this study. This appeared to be crucial because the total P 
concentrations in the effluents differed from the dissolved P concentrations (Fig. 7), 
showing that part of the P in the effluent was bound to particles. However, many 
previous studies focused on the soluble phase exclusively (Johansson, 1997; Brooks et al., 
2000; Cheung and Venkitachalam, 2000; Brix et al., 2001; Drizo et al., 2006; Gustafsson 
et al., 2008). In experiment A at both loading rates, and in experiment B at the high 
loading rate, the amount of P that was actually retained in the filters was of the same 
order of magnitude as the amount of washed-out particulate P (Fig. 11), thus stressing 
that the escape of particulate P merits critical attention. 
 
In this thesis, P in the effluents and supernatants was analysed using ICP (set A of the 
reaction time experiment) and the ammonium molybdate spectrometric method 
(Swedish Standards Institute, 2005b). The latter is suited to concentrations between 0.01 
and 6 mg L-1 (Clesceri et al., 1998) and, at concentrations between 0 and 1 mg L-1, it has 
an accuracy of ca. ± 8.4% (Swedish Standards Institute, 2005b). The precision of the ICP 
analyses were between ± 12 and ± 19% (given by the testing laboratory). With ICP, all 
the P contained in the sample is measured (as the sample is completely dissolved during 
the procedure) while the ammonium molybdate method has been shown to 
underestimate the amount of dissolved organic P in undigested samples (Moorleghem et 
al., 2011). However, all samples in this study (filtered and unfiltered) were digested prior 
to analysis with the ammonium molybdate method so that the method can be assumed 
to have been sufficiently accurate. 
 
Generally, filter effluent data can be evaluated with respect to either P breakthrough or 
material saturation (the points of breakthrough and saturation in experiments A to C 
were identified according to threshold values defined in Table 5). The two approaches 
yield different calculated P binding capacities as demonstrated using the effluent data of 
experiment A: on average, the P binding capacity calculated using the entirety of the 
outflow curve was 1.8 times greater than that obtained using only the pre-breakthrough 
section (Paper II). However, effluent concentrations of dissolved P were used for 
determining the point of breakthrough in this experiment because the amount of P that 
had reacted with the material was of interest. Using total P concentrations when 
determining the point of breakthrough might generally be more sensible, as effluent total 
P concentrations are considered when the function of full-scale filters is examined. 
Examining the concentrations of total P in the effluents of the filter columns, 
breakthrough occurred very early in all four materials (Fig. 7a) and, thus, the two 
approaches of evaluation could not be used for the effluent data. In full-scale facilities, 
filter materials should only be used until the discharge limit of 1 mg L-1 (Heistad et al., 
2006; Swedish EPA, 2006) is exceeded and then replaced, suggesting that laboratory 
studies should focus on the filter performance before breakthrough and the factors that 
govern it. Conducting laboratory filter experiments until breakthrough only rather than 
until saturation would also be more time-effective, which might facilitate the adjustment 
of other laboratory parameters to better resemble field conditions. Bigger filter columns 
and thus longer residence times might be possible as well as loading rates and influent 
concentrations resembling those found in the field. Longevity estimations based on data 
collected in this way might be more accurate.  
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5.3.6 Design and settings in future filter experiments 

Based on the results of this work, it can be stated that several parameters concerning the 
influent, the filter and the effluent are important to consider in laboratory filter 
experiments. Generally, the laboratory conditions should resemble field conditions as 
much as possible. 
 
Influent. As the influent type was shown to affect the P binding capacity determined 
(Fig. 10), secondary wastewater (despite varying properties over time) might be more 
suitable to be used as an influent in laboratory filter experiments because the use of P 
solution can overestimate P retention. For convenience, it is conceivable to use P 
solution instead of wastewater and correct for the effect with a correction factor. Based 
on the results of experiment C with the low loading rate, this correction factor would 
have to be 0.8.  
 
The organic matter content can negatively affect P binding as indicated by the results of 
this study and confirmed by e.g. Nilsson et al. (2013b). It should therefore be monitored 
and kept close to the figure expected in full-scale filters which is ca. 20 to 40 mg L-1 
(Swedish EPA, 1991). The organic matter contents of wastewaters collected from 
treatment plants for experimental purposes can be different depending on the biological 
treatment step used (Table 7). In this thesis, both KH2PO4 and urine were used as 
additives for increasing the wastewater’s P concentration. Despite the acid behaviour of 
KH2PO4 and the connected adverse effect on P retention, it is preferable to urine 
because urine contains organic compounds. 
 
When increasing the influent P concentration to accelerate laboratory testing, one has to 
be aware of the consequences. Data collected in experiment A indicated that the 
determined P binding capacity decreased with increasing concentration (Fig. 10). In 
addition, the shape of the breakthrough curves changed towards an earlier breakthrough, 
probably due to a lower pH regime. The addition of a buffer to adjust the pH might be a 
way to compensate for these effects. 
 
An increased loading rate was observed to affect P retention in Filtra P and Filtralite P, 
with the amount of washed-out particulate P being especially increased (Fig. 11). This 
effect should be considered when experimental loading rates are increased in the 
laboratory. 
 
Filter. Laboratory filter columns will always be smaller than full-scale filters and thus the 
residence time is shorter. However, the size of the experimental columns should be 
maximised as much as is practical to avoid the adverse effects of a short residence time 
(discussed in section 5.3.3). Although constant longitudinal dispersion can only be 
reached in longer columns (Han et al., 1985), maximisation of the filter size should not 
be done at the expense of the column width, in order to avoid adverse effects of flow 
maldistribution and wall friction at column-to-particle diameters >10 (Winterberg and 
Tsotsas, 2000).  
 
The required number of filter replicates in experiments depends on the material 
investigated and the type of experiment carried out. The number of replicates required 
to obtain a power of 80% in the 22 factorial experiments A, B and C were 9, 5 and 2, 
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respectively. These numbers can be a guidance for future experiments, but need to be 
recalculated if the experiment is of another type. Naturally, an experiment with a 
material with varying properties must be replicated more often than an experiment with 
a more homogenous material producing low standard deviations.  
 
It might be advantageous to place experimental filters in a wastewater treatment plant 
which would make the laborious collection and transport of wastewater to the laboratory 
unnecessary and would also avoid the storage of wastewater and the connected change of 
its properties. The placement of experimental filters in an ambient temperature 
resembling that expected in the field can be recommended. 
 
Effluent. It is important to analyse the concentrations of both dissolved and total P in 
the effluent of filter columns as there might be a considerable amount of particulate P in 
the effluent. Instead of collecting the entire volume of effluent, only taking grab samples 
might be considered. However, this would be at the expense of mass balance 
calculations. As in full-scale filters, the performance before breakthrough is important, 
and this could be the focus of laboratory studies. Carrying out laboratory filter 
experiments until breakthrough only rather than until saturation as well as grab sampling 
would lead to less laborious and more time-effective experiments, which might allow 
other laboratory parameters to be adjusted to better resemble field conditions. It would 
be possible to use a greater number of filter columns at one time, use bigger filter 
columns and thus obtain longer residence times as well as apply loading rates and influent 
concentrations resembling those found in the field. Longevity estimations based on data 
collected in this way might be more accurate. 

5.4 Improving estimations of phosphorus retention in full-scale filters  

The most reliable approach to estimating the performance of a filter material, especially 
with regard to P retention, is a full-scale field trial. However, this approach is costly in 
terms of time, labour and construction costs and therefore not the first choice when new 
filter materials are to be tested. Laboratory methods for the investigation of filter 
materials include batch tests and filter (column) tests. Both methods have frequently been 
used to study a large number of filter materials (Johansson Westholm, 2006; Cucarella 
and Renman, 2009; Vohla et al., 2011). The P binding capacity determined based on 
data collected in the laboratory can then be used to estimate the longevity of a filter 
material in a full-scale filter. In this thesis, another approach was tested which included 
laboratory investigations coupled with hydro-geochemical transport modelling. Both 
approaches are discussed in the following. 

5.4.1 Longevity estimations based on laboratory batch and column tests 

Batch experiments can be regarded as an unsuitable method to be used solely to estimate 
the lifetime of a filter in full-scale. They are carried out under conditions that are 
substantially different to those pertinent to real-scale filters and have been shown to 
overestimate (Jenssen et al., 2005) and, in some cases, underestimate (Arias et al., 2001) 
the P binding capacity. The use of long-term column tests, in which the material is 
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saturated, has been recommended (Drizo et al., 2002) and is more appropriate because 
the conditions better resemble those found in the field. However, several parameters are 
different in the laboratory compared to the field because laboratory investigations need to 
be accelerated. The results presented in this thesis show that these variables affect the 
determined P binding capacity. To minimise these effects, modifications to laboratory 
filter column experiments for the investigation of filter materials were suggested (section 
5.3.6). However, as these effects cannot be completely eliminated, the use of correction 
factors, that would need to be developed, might be a way of compensating for them. 

5.4.2 Hydro-geochemical transport modelling 

There will always be a discrepancy between the performance of a filter material in the 
laboratory and at full-scale. In this section, hydro-geochemical transport modelling as a 
tool for bridging this discrepancy is discussed.  
 
To successfully model the chemical reactions and the transport of the solute in the filter 
material using the advection-reaction-dispersion equation (eq. 3), information about the 
properties of both the filter material and the solution is required. To model the dispersive 
transport of the solute, the molecular diffusion coefficient (Dm) as a property of the 
solution and the longitudinal dispersion (DL) as a property of the filter need to be 
determined. To model the chemical reactions in the filter, information about the 
mineralogical composition of the filter material is required. The Dm can be calculated 
using the Wilke and Chang equation (Wilke and Chang, 1955). To determine DL and to 
gain information about the minerals dissolving from the material, laboratory 
investigations are necessary and are discussed in the following. 
 
Laboratory investigations prior to modelling. Prior to modelling, the filter material 
was characterised in the laboratory and filter experiments were carried out. To facilitate 
the determination of the DL needed for modelling the dispersive transport, the material 
needed to be characterised in terms of its particle size distribution. Using the effective 
particle diameter (d10), the Péclet number (Péclet number = flow velocity×effective 
particle diameter/Dm) could be calculated. The DL, and, thus, longitudinal dispersivity 
was then estimated from a DL/Dm versus Péclet number plot (Paper VI).  
 
To model the chemical reactions in the filters, it is important to acquire information 
about the mineral phases and their amounts. Thus, the material needs to be characterised 
in terms of its mineral composition. For the Filtralite P material studied, the minerals 
contained providing Ca2+ ions necessary for the precipitation of Ca-phosphates could not 
satisfactorily be identified using XRPD and FTIR. A more powerful approach to 
material characterisation would be the combination of scanning electron microscopy 
(SEM) and energy dispersive X-ray analysis (EDX) with XRPD as undertaken by Hillier 
et al. (2003). A petrographic study of the material, such as in polished thin sections with 
EDX, would give complimentary information on the composition and proportions of 
the various phases present, along with information on the composition of the X-ray 
amorphous material present (Stephen Hillier, personal communication, 10 December, 
2012). These techniques are widely available and can also be applied quantitatively 
(Hillier et al., 2003) giving both qualitative and quantitative mineralogical information 
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about filter material that is needed for geochemical modelling. However, the use of these 
techniques is not a standard procedure and requires expertise and, thus, an extensive 
mineralogical study of a material including quantification can be rather difficult to obtain. 
The approach used to develop the models presented in Fig. 13 included the 
identification of mineral phases with XRPD and FTIR, but also some guesses about 
mineral phases that could not be identified but were probably present. This method also 
used an adjustment of the initial amounts and dissolution rates of the different minerals 
until a satisfactory fit to experimentally derived breakthrough curves was obtained. 
Laboratory filter column experiments were thus required prior to modelling. 
 
Discussion of the developed models. Two hydro-geochemical transport models 
were developed (Fig. 13). Model 1 described the experimentally-derived breakthrough 
curve well, and model 2 successfully simulated the effluent pH. However, a single model 
satisfactorily describing both the breakthrough curve and the effluent pH was not 
achieved, probably due to the fact that several processes influencing the reactions of P in 
the filter were neglected in the models developed. These processes were e.g. a possible 
passivation of the material due to the formation of a coating layer on the particles 
and / or the possible presence and weathering of an alumino-silicate which may have 
increased the pH observed in the experiments but neither were considered in the 
models. In addition, the ATCP precipitation might be kinetically constrained. 
Equilibrium with ATCP was assumed in the models but might not have been reached in 
the laboratory under the given flow regime. In addition, adsorption/absorption reactions, 
that were not accounted for in the models, might have occurred in the material at 
relatively low pH (BV>60, Fig. 13). In a previous study on Filtralite P, P was found to 
be associated also with Al and Fe (Eveborn et al., 2009).  
 
The models were maintained in a comparatively simple mode, which may facilitate 
adaption of this methodology to assessments of other (new) alkaline filter materials. The 
models account for the main P retention mechanism that occurs in alkaline filter 
materials, that being the precipitation of Ca-P compounds which has been observed in 
several filter materials (Eveborn et al., 2009). The mineral phases in the developed 
models that were subject to kinetically constrained dissolution, wollastonite and CaO, 
are also probably contained in many other filter materials, as is calcite which was 
included in model 2. Therefore, the models are likely to be applicable to other filter 
materials. However, in order to use the models for robustly predicting the performance 
and longevity of full-scale filters, they need to be further developed and tested, as they 
neglect several potentially important variables and processes, such as adsorption processes 
that might occur in some filter materials such as slags (Pratt et al., 2007), the removal of 
particle-bound P from wastewater, and the effects of bacterial growth in the filters on P 
retention. Furthermore, the models would need to be validated using data from full-scale 
facilities. 

5.5 Implications for full-scale filter design and monitoring 

When designing full-scale filters, it is important to consider how P retention varies 
depending on the conditions. Although this thesis focuses on laboratory investigations of 
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the effects of several factors, the results also give indications for the filter materials’ 
behaviour in full-scale applications.  
 
As an increased loading rate caused an increased wash-out of P-containing particles that 
had formed in the filters (Fig. 11), it might be sensible to keep loading rates in full-scale 
filters at low levels. This could be achieved by maximising the area used for active flow 
(wider filters) or by decreasing the overall flow to the filter by reducing the wastewater 
stream e.g. by separating grey-water and subjecting it to a separate treatment. A reduced 
flow rate through the filter might also reduce the wash-out of reactive Ca ions which 
was observed by Ádám et al. (2005) and thus prolong the lifetime of the filter. However, 
a reduced wastewater stream would also imply higher concentrations of P and organic 
compounds in the wastewater. Both these parameters were shown to negatively affect 
the P retention in this study (Fig. 10, section 5.3.2). As an increased influent P 
concentration caused the breakthrough of P to occur earlier, it can be assumed that P 
removal from lower concentration wastewater would be more complete than from an 
influent with high P concentrations. The high organic contents in the influent 
wastewater of the Filtralite P columns (Table 7) might have decreased the P binding 
capacity of the material and increasing BOD concentrations were also observed to 
decrease P removal by Polonite (Nilsson et al., 2013b). Therefore, the organic content of 
the influent wastewater should be minimised with pre-treatment.  
 
Filters in warmer climates might generally remove P more efficiently than in cool 
climates because a higher temperature supports the precipitation of Ca-phosphates 
(section 5.3.4). The P concentrations of the effluents of the filter column experiments 
increased with time (Fig. 7), showing that proper monitoring of full-scale filters is 
important to be able to detect the point in time when effluent concentrations exceed 
regulative limits and the filter material needs to be changed. For effluent monitoring, it is 
important to consider not only dissolved but also particulate P which was shown to 
escape from the experimental columns (e.g. Fig. 7).  

5.6 Usefulness of filter techniques for phosphorus retention in on-site 
wastewater treatment 

When debating as to whether it is worthwhile to use filters for P retention in on-site 
wastewater treatment, it is important to consider the alternatives. One option is to retain 
the current on-site facilities that, in many cases, neither facilitate an efficient removal of 
P nor its recycling from the wastewater, but might still be a viable option at sites that 
discharge to insensitive catchments and/or where the introduction of advanced P 
treatment would be an unreasonable burden for the property owner. Alternative 
techniques for P removal in on-site facilities, other than filters, include the chemical 
precipitation of P with iron or aluminium salts and/or organic polymers, membrane 
bioreactors and separating systems (urine or black water separation). In the following, the 
current situation relating to P removal in on-site wastewater facilities is described and the 
use of filters is discussed as an option to enhance on-site P removal and recycling within 
the context of other available techniques. 
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5.6.1 On-site phosphorus treatment – the need for improvement of the 
current situation 

Many on-site treatment facilities around the world consist of mechanical and/or 
biological treatment steps, and lack more advanced purification. In some countries, the 
discharge of P from on-site facilities is not regulated and thus advanced purification is not 
required. In Germany, for example, limits for P discharge are not specified for facilities 
up to a size of 10,000 pe (German Federal Government, 2013). Although not the 
primary goal, P removal occurs in the mechanical and biological treatment steps of on-
site facilities to some extent; ca. 15 - 40% of P has been estimated to be retained in both 
steps together (Swedish EPA, 1991). However, the remains are discharged into ground 
waters (after some P has been retained in the soil), or into surface waters where they may 
cause eutrophication. These discharges have been identified as an important source for P 
input in the Baltic Sea and account for the majority of waterborne P inputs, along with 
agricultural inputs (HELCOM, 2005). A poor P removal in on-site facilities and thus 
high discharges also imply large losses from the P cycle and contribute to the acceleration 
of linear transport of P from mines to oceans as described by HELCOM (2005). The 
wastewater sector has been highlighted in previous studies as it is responsible for large 
losses from the global P cycle (Cordell et al., 2012). These losses are ineffective in terms 
of e.g. costs and energy. Therefore, an improvement in the current status of on-site 
wastewater P treatment is essential and, in some regions, performance requirements 
regarding the removal of P in on-site facilities have been prescribed e.g. in Sweden 
(Swedish EPA, 2006), Norway (Heistad et al., 2006) and Florida (U.S. EPA, 2002). 

5.6.2 Options for on-site phosphorus treatment and recycling 

Chemical precipitation of P with iron or aluminium salts and / or organic polymers is 
used in small compact on-site treatment units. The chemical can be dosed either after the 
biological treatment step, at which point the water is conveyed to a sedimentation tank, 
or added at an earlier stage (e.g. in the house) with subsequent precipitation of P in the 
septic tank. If maintained correctly, good P removal can be obtained. However, the 
precipitants used may contain contaminants such as heavy metals (Bavarian State Office 
for Water Management, 2005) which can decrease the quality of the produced sludge 
and thus its applicability as a fertilizer. Another disadvantage of this technique is that it 
requires continued maintenance; the regular restock of the chemical can be costly, time-
consuming and tedious for the owner.  
 
Membrane-based technologies such as membrane bioreactors (MBR) have been 
suggested being suitable for on-site wastewater treatment (Fane and Fane, 2005). They 
have been observed to remove P to 65% (Boehler et al., 2007) and 70 - 90% under 
certain conditions (Abegglen et al., 2008). However, they require intensive monitoring 
e.g. remote control over the internet and regular servicing to prevent malfunctioning 
(Abegglen et al., 2008).  
 
As P contained in wastewater mainly originates from urine and faeces (Swedish EPA, 
1995), separating these fractions from the wastewater can considerably reduce its nutrient 
content. Urine can be used as a fertilizer in agriculture after a certain storage period for 
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hygienisation (Jönsson et al., 1999). When blackwater is separated (e.g. using vacuum 
systems), it can be stored in a tank for subsequent collection and treatment. These 
techniques have a high potential to recover nutrients and have therefore been much 
discussed and tested (Balmér, 2004; Zeeman and Kujawa-Roeleveld, 2011; Tervahauta 
et al., 2013; Tjandraatmadja et al., 2013). However, they require an infrastructure for the 
collection and hygienisation of the separated fractions as well as substantial modifications 
to the sanitary facilities in the household which may reduce their convenience. 
 
Filter beds, as investigated in this thesis, are a robust option for P removal in on-site 
facilities. Their maintenance is limited to the exchange of the filter material. Exchange 
intervals are dependent on the filter size and the material used. In a filter for one 
household, they range from a year or two for small filters to 15 years for bigger filter 
beds (Ádám et al., 2006). The technique facilitates the recycling of P to agriculture. The 
effect of Polonite as a soil conditioner has been shown to be comparable to that of liming 
(Cucarella et al., 2009). When applied as a fertilizer after use, filter materials have also 
been shown to improve barley yield in a pot experiment, although not as much as 
KH2PO4 (Cucarella et al., 2007). As P concentrations in the materials after use are low, 
additional P fertilization might be needed (Cucarella et al., 2012). However, a high 
efficacy of filter units might not always be achieved in practice. As the results of this 
thesis show, filter performance strongly depends on the design of the filter unit, the 
operating conditions and on the filter material used. A large number of potential filter 
materials are available but they must also be differentiated between in terms of their 
sustainability e.g. in terms of their energy use during manufacturing and transport (Weiss 
et al., 2008). In addition, the construction of filter units involves significant costs for the 
property owner. However, filter units have rather low maintenance requirements 
compared to other available options such as chemical precipitation and MBRs. They are 
also less invasive than separation systems and can possibly be retrofitted into existing 
facilities as a final step for P removal which can also reduce the bacterial contamination 
of the wastewater (Nilsson et al., 2013a). Thus, mainly due to their robustness, they may 
be viable options for many sites. 
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6 CONCLUSIONS 

In this thesis, laboratory filter experiments were used to assess how the P retention in 
filters for on-site wastewater treatment is affected by various factors. To achieve a better 
understanding of the P retention mechanism, the mineral phases in the materials were 
examined and the P reaction time determined. Hydro-geochemical transport modelling 
was tested as a tool for estimating P retention in the filters. 
 
The factors investigated significantly (  = 0.05) affected the P retention in the filter 
materials, showing that they are important to consider when designing laboratory filter 
experiments and full-scale filters. Increasing the influent P concentration appeared to 
decrease (however, not significantly on a level of  = 0.05) the P binding capacity 
determined for Filtra P and breakthrough occurred at a significantly lower number of 
treated bed volumes. Using wastewater rather than P solution decreased the P binding 
capacity of Filtralite P, probably due to organic compounds contained in the wastewater. 
Therefore, the influent concentrations of organic matter should be kept to a minimum.  
 
The effect of an increased loading rate was tested using Filtra P and Filtralite P. 
Increasing the loading rates decreased the P binding capacity determined for Filtralite P 
and increased the amount of washed-out particulate P in both materials. Therefore, the 
loading rate is an important design parameter. However, the residence time was also 
shown to be important. The comparatively low P binding capacity determined in 
Filtralite P showed that the short residence time used was probably not sufficient despite 
the short P reaction times determined. Therefore, the use of small experimental filters 
and, thus, short residence times may underestimate the P binding capacity determined. 
However, the use of small filters facilitates the collection of the entire volume of effluent 
and, thus, the accurate calculation of a mass balance which cannot be achieved if only 
grab samples are taken. 
 
Decreasing the ambient temperature from 16.5 to 4.3°C decreased the P binding 
capacity of Top16 and Polonite, probably because calcium phosphate formation as an 
endothermic process was decreased. Therefore, results obtained from experimental filters 
at room temperature might overestimate filter performance in the field where 
temperature can be lower. Full-scale filters might function better in warmer climates. 
 
As P-containing particles were observed to escape from the experimental filter columns 
in this study, it is crucial to measure both the concentration of dissolved P and particulate 
P in the effluent of laboratory and full-scale filters. The particles can be overlooked when 
focusing exclusively on the dissolved phase which has happened in several previous 
studies. 
 
To obtain reliable results, laboratory parameters should resemble field conditions as much 
as possible. Carrying out laboratory filter experiments until breakthrough rather than 
saturation would be considerably less time-consuming and work-intensive. This could 
facilitate the use of bigger filter columns and thus longer residence times, as well as 
loading rates and influent concentrations that better match those found in the field. 
Longevity estimations based on data collected in this way might be more accurate. 
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The mineral phases that contributed to P retention in the tested materials were 
investigated. Detected using X-ray powder diffraction, these phases were gypsum and 
bassanite in Top16, wollastonite, portlandite and calcite in Polonite and calcite in 
Filtralite P. The hydro-geochemical transport simulations suggested that in Filtralite P, 
the dissolving phases were calcium oxide, wollastonite and calcite. The phases formed in 
the filters during the experiments were also investigated. Using X-ray powder 
diffraction, hydroxylapatite was detected in the white precipitate that had formed in the 
outflow hose of the Filtra P columns. Both the Fourier transform infrared spectroscopic 
examination and the geochemical modelling indicated that amorphous tricalcium 
phosphate was the main phase that had formed in Filtralite P.  
 
The time that the P needed to react with Filtra P and Filtralite P was determined to be 
less than 30 minutes and 5 minutes in Filtra P and Filtralite P, respectively, when P 
solution was used. Using wastewater, the reaction time of the P in Filtralite P increased 
to 15 minutes and the reaction was incomplete, probably due to the content of organic 
compounds in the wastewater that impeded the reaction. 
 
The hydro-geochemical transport models developed in this thesis successfully simulated 
the removal of dissolved P by Filtralite P in the experimental filters and may therefore be 
a useful tool for estimating P retention in the filters. However, in order to use the 
models for robustly predicting the performance and longevity of full-scale filters, they 
need to be further developed and tested. 
 



 

57 
 

7 ABBREVIATIONS 

ANOVA  analysis of variance 
ATCP   amorphous tricalcium phosphate 
BOD7   biochemical oxygen demand over seven days 
DCP, DCPD dicalcium phosphate, dicalcium phosphate dihydrate 
Ca   calcium 
CaO   calcium oxide 
DL   longitudinal dispersion 
Dm   molecular diffusion coefficient  
DOC   dissolved organic carbon 
EDX   energy dispersive X-ray analysis 
FTIR   Fourier transform infrared spectroscopy 
HAP   hydroxylapatite 
ICP   inductively coupled plasma technique 
LOI   loss on ignition 
LS   liquid-to-solid ratio 
MBR   membrane bioreactor 
OCP   octacalcium phosphate 
P   phosphorus 
TOC   total organic carbon 
TSS   total suspended solids 
XRPD   x-ray powder diffraction technique 
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Recent guidelines from the Swedish Environmental Protection Agency recommend stricter regulations for phosphorus (P)
reduction in small-scale wastewater treatment, which raises the need for additional and novel treatment steps in small-scale
facilities. Following a biological pretreatment, filter systems can be a convenient option. In this study, the P binding capacity
of the filter material Filtra P was investigated in batch tests. The batch test method was evaluated with respect to the effects
of liquid-to-solid ratio and particle size on P binding capacity. For initial concentrations (ci) between 3 and 100mgL−1,
the P in the solution was completely and rapidly bound to the material, indicating that Filtra P was an efficient substrate
for this process. The maximum amount of bound P was 4.3 ± 0.64 g kg−1 at ci = 300mgL−1. The P binding capacity
and turbidity measured in the supernatant correlated positively. Turbidity was probably caused by calcium–P precipitates,
suggesting precipitation was the major removal mechanism. Neither the liquid-to-solid ratio nor the particle size affected P
binding capacity significantly (α = 0.05) at ci = 1000mgL−1, confirming that the conditions used in the batch tests were
appropriate. In full-scale applications, the precipitate formed may be at risk of being washed out of the filter, leading to low
total P reduction and recovery.

Keywords: reactive filter; sorption; liquid-to-solid ratio; particle size; turbidity

Introduction
Phosphorus (P) treatment and recovery from household
wastewater is a crucial process for recycling this impor-
tant element, since the available P resources of high quality
are limited and have been estimated to become depleted in
60 to 130 years [1]. In Sweden, there are about one mil-
lion private small-scale wastewater treatment facilities that
together deliver about the same amount of P to the envi-
ronment as all Swedish municipal wastewater plants [2]
while P is often the main nutrient causing eutrophication
in fresh water ecosystems [3]. Today, in c.24% of Swedish
small-scale facilities, wastewater is only treated in septic
tanks (sludge removal), [4] and further treatment aimed at
nitrogen and P removal is absent or insufficient because
existing systems have not been designed to remove P [5].
The Swedish Environmental Protection Agency (Swedish
EPA) has recommended stricter regulations for P reduction
(70 to 90%) in small-scale wastewater treatment plants [6].
This has provided an impetus for the development of fur-
ther and/or novel treatment steps in small-scale facilities.
Filter systems used downstream of biological pretreatment
can be a convenient option, in terms of cost, function and
maintenance requirements, for treating P in wastewater.
Additionally, P-containing filter materials could possibly

∗Corresponding author. Email: Inga.Herrmann@ltu.se

be reused for the amendment of soil in agriculture, in effect
recycling P into the environment [7–8].

Currently, there are relatively few such filter systems in
use, most of which are in Norway. However, many poten-
tially suitable filter materials have been tested to determine
their P binding capacity, which is an important parameter
when comparing and selecting filter materials [9]. The P
binding characteristics of a variety of reactive filter mate-
rials have been reviewed [10–12]. Two of these studies
classified the materials as natural products such as wollas-
tonite [13] and shellsand [14], industrial by-products such
as slags from steel production [15], or man-made products
such as Leca [16], Polonite� [7], Filtralite P� [17] and
Filtra P. Filtralite P� is commercially available and has
also been studied in a subsurface constructed filter bed in
a full-scale facility treating wastewater from a school [18],
and from a house with three family flats [19]. Although
these facilities had a reasonable estimated lifetime of 15
and 5 years respectively, they consumed rather large areas
of land, requiring 200 and 5m2, respectively [18–19]. The
filter material Filtra P (Nordkalk, Finland) has recently
been developed for use in small wells as a tertiary treatment
step. According to the supplier, approximately 50 kg of
Filtra P is required for a single family house, and must be
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replaced on an annual basis. Filtra P was also shown to be
suitable for use as a soil amendment [8]. However, Filtra P
has only been investigated in a few studies to date. Eve-
born et al. [20] studied the speciation of P in Filtra P after
use, and Gustafsson et al. [21] have shown the P binding
characteristics of the material to be promising. In order to
compare Filtra P to other materials, further investigations
are needed.

In batch tests, the reactive filter material is brought into
contact with the P solution until equilibrium is reached.
The P binding capacity of the material is then determined
by the difference between the initial and final P concen-
trations. In many studies, the term ‘sorption capacity’ is
used; it is, however, avoided in this study because the
results point to precipitation as the main removal mech-
anism, and not absorption or adsorption. Batch tests are
widely used to make a first assessment of a material, as they
are comparatively easy and cost-effective to perform. Their
disadvantage is that they are performed under conditions
that differ substantively from those pertinent to real-scale
filters, e.g. extensive contact between P and the material
under aerobic conditions, excess P availability, and room
temperature. Therefore, they can overestimate the P bind-
ing capacity of the material [22]. However, in some cases
P binding can also be underestimated [23]. Furthermore,
batch results are highly sensitive to the test conditions in
the laboratory. Researchers have performed batch tests in
many different ways [10], with conditions differing in scale,
P concentration range, solution to material (liquid-to-solid)
ratio (LS), and shaking time and manner. Therefore, a com-
parison of findings is problematic, as a number of factors
may influence the result. The LS, for example, has been
shown to influence the maximum retained concentration of
P in shellsand [14] and soils [24].

The aims of this study were twofold. Firstly, the P bind-
ing capacity of Filtra P at different concentrations and
reaction times was investigated by means of batch tests
and comparedwith previously characterizedmaterials. Sec-
ondly, the batch test method was evaluated with respect to
the effects of LS and particle size on P binding capacity at
high initial concentration.

Table 1. Elemental composition of
Filtra P (TS = total solids).

Element Content in g kg−1 TS

Ca 355
Si 11.3
Al 4.57
Fe 3.24
Mg 2.22
K 1.44
Na 0.69
Ti 0.26
P 0.25
Mn 0.10

Table 2. Particle size distribution of Filtra P.

Percentage of material below
Particle diameter (mm) indicated particle diameter

4 0.5
5.6 27
8 89
11.3 99
13 100

Materials
The filter material Filtra P was supplied by Nordkalk,
Finland, and originated from the lime pit located in Pargas,
Finland. It is a calcium-based granular material with a
bulk density of 1079.3 ± 21.7 kgm−3; its composition and
particle size distribution are shown in Table 1 and Table 2,
respectively.

The sample received (about 100 kg) was first split by
fractional shovelling and then by using a riffle splitter. Sub-
samples of 28.9 ± 2.3 g were obtained and dried overnight
at 105◦C. From these subsamples, 25 g were randomly
selected and used for the tests.

Methods
Phosphorus binding capacity of Filtra P
An amount of 25.0 g ofFiltra Pwas placed into 0.5 LErlen-
meyer flasks and 500mL of phosphate solution added to
obtain an LS of 20, as recommended in soil science [10] and
used by several other researchers. The samples were equili-
brated with P solutions containing KH2PO4 as the P source
at initial concentrations ci = 3, 12, 25, 50, 100, 300, 400,
500, 600, 700 and 1000mgPL−1. The flasks were shaken
on a shaking plate at 100 rpm for 48 hours, and in some
cases P binding capacity was determined for various shak-
ing times of 0.5, 1, 2, 4 and 48 hours (at ci = 3, 12, 25, 50,
100 and 1000mgPL−1) and additionally for shaking times
of 8 and 24 hours (at ci = 100 and 1000mgPL−1). Eighteen
experiments were performed in duplicate. The experiments
were carried out at room temperature (c.20◦C).

Effect of LS and particle size on phosphorus
binding capacity
To assess the impact of LS ratio and particle size on P
binding capacity of Filtra P in batch tests, a 22 factorial
experiment [25] was performed in duplicate, shaking eight
bottles for 48 hours. Table 3 shows the LS values and
particle sizes used. The experiment was performed using
an initial P concentration of approximately 1000mgL−1

(ci = 1010 ± 55mgL−1). For the small particle size sam-
ples (i.e. the material’s smallest particles), Filtra P was
sieved through a 5.6mm sieve and the fraction passing
through the sieve was used for batch testing (corresponding
to about 27% by weight of the initial sample, Table 2). To
generate samples with a larger particle size of ≥8mm, (i.e.
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Table 3. Factors and their investigated levels.

Level

Factor Low High

LS 20 40
Particle size <5.6mm ≥8mm

the material’s biggest particles), the sample was sieved to
remove smaller particles (<8mm, corresponding to 89% of
the initial sample, Table 1).

Analyses
After shaking, c.100mL of the supernatant were immedi-
ately filtered through 0.45μm filters, acidified and stored
at 5 ◦C. Phosphorus was analysed using an inductively cou-
pled plasma (ICP) technique, without prior digestion, as
the sample was assumed to be totally dissolved during the
procedure.

In the unfiltered supernatants, measurements of pHwere
conducted using a WTW pH330 pH-meter with a WTW
SenTix41 pH-electrode. Turbidity was measured in neph-
elometric turbidity units (NTU) using a HACH 2100N
turbidimeter.

Statistical evaluation
The Pearson product-moment correlation coefficient was
used to assess correlation between variables. The factorial
experiment was evaluated using multiple linear regression
(α = 0.05). Statistical evaluations were performed using
Minitab 15 (Minitab Inc., 2007).

Results and discussion
Phosphorus binding capacity
The maximum amount of P bound to Filtra P was 4.3 ±
0.64 g kg−1 at ci = 300mgL−1 (Figure 1A). For ci = 3
to 50mgL−1, the initial P in the solution was com-
pletely and rapidly bound to the material (Figure 1B). The
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Figure 1. Amount of bound PO4-P (A) and PO4-P reduction in the supernatant (B) as a function of initial PO4-P concentration, for
different shaking times. When duplicates were performed, standard deviations are shown as error bars.
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Figure 2. Phosphorus binding capacity over the equilibrium con-
centration range tested.Whenduplicateswere performed, standard
deviations are shown as error bars.

concentration of dissolved P in the supernatants in this
ci range was as low as 0.083 ± 0.357mgL−1 (n = 23).
For ci = 3 to 25mgL−1, binding was completed after 0.5
hours, and, for ci = 50mgL−1, after one hour (Figure 1).
For ci = 100mgL−1, Pwas completely removed after eight
hours (Figure 1).

Thehighmaximumbinding capacity at ci = 300mgL−1,
coupledwith the complete removal at ci = 3 to 100mgL−1,
shows that Filtra P is an effective material for removing
P from aqueous solution. Therefore, interestingly, P was
bound completely by Filtra P at concentrations typical
for wastewater, around 12mgL−1 [6]. At ci < 300mgL−1,
even with complete removal, the amounts of bound P were
relatively small. To determinemaximumPbinding capacity
in this concentration range, higher LS values would have
been necessary but were not practical. The decrease in P
binding capacity for ci > 300mgL−1 is probably due to
decreased pH levels.

The maximum amount of P was bound to the material at
ci = 300mgL−1 (Figure 1 and 2), at which concentration
the highest turbidity in the supernatant was also observed
(Figure 3). The Pearson product-moment correlation coef-
ficient between the amount of bound P and turbidity of the
supernatant was calculated to be 0.816. Taking into account
only data from ci = 3 to 300mgL−1, the correlation was as
high as 0.968. As the amount of bound P decreased at higher
concentrations, ci > 300mgL−1 (Figure 2), the turbidity
also decreased (Figure 3).

Turbidity in water is caused by suspended matter and its
extent is manifested in the optical property that causes light
to be scattered and absorbed rather than transmitted directly
through the sample [26]. Since Filtra P is a Ca-based mate-
rial (Table 1), it is likely that Ca was released from the
material and reacted with P. Turbidity in the supernatants
in this study was most probably caused by precipitation
products containing calcium (Ca) and P. Additionally, we
show below that particle size of the material does not affect
P binding capacity in the batch tests at high ci. Assuming
that the particle size of the material is directly related to its
specific surface area (and neglecting the potential porous
degree of the particles), this suggests that P binding is not
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Figure 3. The pHand turbiditymeasured in the supernatants after
shaking. Where duplicates were performed, standard deviations
are shown as error bars.

related to specific surface area, which may indicate that
precipitation in the water phase is the dominant P retention
mechanism [17], rather than surface reactions.

The rapid reaction of P in solution (Figure 1) suggests
that the Ca contained in Filtra P (Table 1) could have been
present as CaO or Ca(OH)2, which reacts more readily with
phosphate than, for example, CaCO3 [27]. However, to a
great extent, Ca release from thematerial is certainly caused
by dissolving gypsum, as shown by Gustafsson et al. [21].
Furthermore, conditions in the supernatants were alkaline
at ci = 3 to 300mgL−1, with pH between 11.4 and 12.1
(Figure 3), which encourages the precipitation of Ca phos-
phates [28–29]. It is unclear what type of Ca–P phases are
formed with Filtra P. Gustafsson et al. [21] found neither
crystalline hydroxylapatite (HA) nor dicalcium phosphate
or octacalcium phosphate (OCP) in Filtra P after use. The
phosphate phase formed in their experiment seemed to
be poorly crystalline in nature. The formation of Al or
Fe phosphates is also possible [21]. The XANES (x-ray
absorption near-edge structure) results of Eveborn et al.
[20] indicated the presence of amorphous calcium phos-
phate and crystalline calcium phosphates (OCP or HA) in
Filtra P. The decrease in P binding capacity and turbid-
ity at ci > 300mgL−1 was concomitant with a decrease
in pH (Figure 3) and could be explained by the fact that
Ca phosphate solubility increases sharply with decreasing
pH [28].

By assuming that equilibrium was established when the
amount of bound P as a function of shaking times (Figure 1)
varied by less than ±0.1 g P kg−1 from the preceding time
point, it was shown that P binding was strongly dependent
on ci (Figure 2). For the samples with ci =1000mgL−1,
equilibrium according to this criterion was never achieved,
and the amount of bound P after 48 hours of shaking time
was plotted (Figure 2). For ci = 300 to 700mgL−1, only
48 hours of shaking was performed. The isotherm shows
a linear dependence on initial concentration for ci = 3 to
100mgL−1 (Figure 2), owing to the fact that at this con-
centration range the entire amount of P contained in the
initial solution was removed by the material (Figure 1B).
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Table 4. Maximum P binding capacities of different materials determined in batch tests.

ci Amount of bound LS Shaking time
Material (mgL−1) P (gkg−1) (L kg−1) (hours) Reference

Filtra P 300 4.3 20 48 this study
Leca 320 2.2 25 24 [30]
Shellsand 480 9.6 30 24 [17]
Filtralite P� 480 2.5 30 24 [17]
Fresh blast-furnace slag 20 1.5 75 20 [15]
Sands 320 0.3–3.9 20 20 [23]
Fly ash 40 ∼0.65 24 [16]
Bauxite 40 ∼0.7 24 [16]

The isotherm was also plotted over equilibrium concen-
trations (Figure 2). The shape of the isotherm (Figure 2)
differs from a typical adsorption isotherm, since for ci >

300mgL−1, the amount of bound P decreased with increas-
ing ci. Therefore, it was difficult to obtain a satisfactory
fit of the data to the Langmuir and Freundlich equations.
This suggests that adsorption is not the major P binding
mechanism of Filtra P at these concentrations.

Comparison with other materials
The maximum binding capacity of Filtra P in this study
was 4.3 ± 0.64 g kg−1 and a comparison with other mate-
rials is presented in Table 4. This data shows that a higher
maximum binding capacity has only been measured previ-
ously for shellsand [17]. However, a comparison between
materials is complicated by the fact that maximum binding
capacities for the different materials have been determined
at different initial P concentrations, LS values and shak-
ing times (Table 4). In particular, the initial concentration
used is important since higher concentrations are gener-
ally associated with increased P binding capacity [9,17].
Maximum binding capacities of the materials are typi-
cally determined using initial P concentrations that greatly
exceed the concentrations commonly present in munici-
pal wastewater, leading to conclusions that may not be
applicable to full-scale treatment. The maximum binding
capacity is sometimes used to assess a material’s total
retention capacity in the field, and thereby the lifetime
of the filter. However, this approach is not necessarily
useful, as conditions in laboratory batch tests differ con-
siderably from field conditions and the transfer of results
from the laboratory to the field is problematic. There-
fore, it can be more relevant to compare the materials’ P
binding capacities at initial P concentrations typical for
wastewater, around 12mgL−1 [6]. In this study, however,
at this concentration range the material removed the entire
amount of P from solution, implying that the maximum
binding capacity of the material was not reached (equilib-
rium concentration in the supernatant after shaking being
very close to zero, Figure 2). Furthermore, in many pre-
vious studies, equilibrium was not demonstrated [17,23]
and data are often not reported for initial P concentrations

comparable to those in wastewater. Therefore it is not
possible to compare fully the P binding capacities of
all the different materials tested, at typical wastewater P
concentrations.

Effect of LS and particle size on phosphorus binding
capacity at ci = 1000 mg L−1

The pH in the supernatants appeared to be constant and
equal to 6.2 ± 0.1. The amount of bound P ranged from
1.64 to 10.64 g kg−1, the average being 4.84 ± 2.87 g kg−1.
For particle size >8mm and LS of 40, an average bind-
ing capacity as high as 8.8 ± 2.6 g kg−1 was determined.
Turbidity ranged between 0 and 850NTU, the average
being 176 ± 322NTU.The histogramsof the responses (i.e.
amount of bound P, pH and turbidity) were approximately
normally distributed; only turbidity was log transformed
because it showed a heavy tail to the right. Using ANOVA
andmultiple linear regression, it could be shown that,within
the investigated LS and particle size range, neither LS nor
particle size significantly (α = 0.05) affected the amount of
bound P (Table 5).

Liquid-to-solid ratios have been shown to influence P
binding capacity in other studies, for values from 0.5 to 15.
Søvik & Kløve [14] investigated the influence of LS on
the maximum retained concentration of P in shellsand and
found the retention to be 10 times higher at LS = 15 than
at LS = 1. This observation is probably due to the fact that,
even at equal P concentrations, more P per gram of material
is available for binding at LS = 15 (higher P to material
ratio). Furthermore, adsorption on soils was observed to
be much higher at LS = 10 compared with LS = 0.5 [24].

Table 5. Estimated effects of LS ratio and particle size on the
amount of bound P to the material (coded units). T : t-statistic, P:
probability. R2 = 0.74; R2

adjusted = 0.54.

Term Effect T P

Constant 7.05 0.002
LS 2.320 1.69 0.167
Particle size 2.540 1.85 0.138
LS × particle size 3.060 2.23 0.090
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Therefore, LS should be chosen to be high enough to ensure
good P binding to the material for the initial concentra-
tion range of interest. Many authors have chosen LS = 20
for their batch tests [9,23], or even LS < 20 [21, 28–29,
31]. A value of LS = 20 is recommended in soil science
[10]. Therefore, the choice of LS = 20 for the batch tests
in this study seems reasonable, particularly since higher LS
values were shown to not affect the amount of bound P
for ci = 1000mgL−1. However, for ci < 100mgL−1 LS is
important, since at these concentrations the entire P con-
tained in the solution was bound to the material, therefore
a higher LS would lead to a higher amount of bound P.

In most studies, very small samples of material are
used for batch tests. Cucarella & Renman [10] recom-
mend a sample amount as low as 1 to 3 g. For the batch
tests in this study, a sample amount of 25 g Filtra P was
used, as smaller amounts would have contained only a
few particles. By rigorous sample splitting, the samples
tested were made as reproducible as possible, but a devia-
tion in the particle size distribution between samples could
not be completely eliminated. However, the fact that the
P binding capacity was not affected by particle size at ci =
1000mgL−1 indicates that any difference in the particle size
distribution between samples would not significantly affect
the results obtained.

Within the data set for ci = 1000mgL−1, the Pearson
product-moment correlation coefficient between turbidity
and amount of bound P was determined to be 0.916, indi-
cating that these two dependent variables are strongly
positively correlated (high turbidity is associatedwith a high
amount of bound P). This agrees with the trends shown in
the isotherm data.

Relevance for full-scale filters
Filtra P efficiently removed P from solution within the
concentration range common in wastewater (Figure 1B),
suggesting that the material may function well even in
full-scale treatment. However, alkaline conditions were
observed in the batch systems (Figure 3), indicating that
the outflow pH of full-scale filters may be high (pH > 9),
which can have negative ecological impacts on the receiv-
ing water and may exceed discharge limits [11]. The strong
correlation between P binding capacity and turbidity in the
supernatants, as well as the fact that the P binding capac-
ity was not affected by the material’s particle size, points
to precipitation as the main P removal mechanism. In the
batch test, the precipitate most likely consisted of small Ca–
P compounds, whichwere removed from the supernatant by
a 0.45μm filter. In a full-scale filter, these particles are at
risk of being washed out from the filter, which would lead
to low total P reduction and recovery. As Filtra P filters
are operated up-flow, this risk is reduced, but it is crucial
to investigate the particles formed and their potential trans-
port through the filter. A possible solution to this problem

would be to use a lowflowvelocity in the filter, although this
may lead to clogging of the filter. Alternatively, washed-out
particles could be retained by a downstream particle trap.

Conclusions
We have shown using batch tests that phosphorus (P) was
completely and rapidly bound to Filtra P within the P
concentration range typical of wastewater, suggesting that
it is a suitable material for P retention in full-scale fil-
ters. The maximum P binding capacity was found to be
4.3 ± 0.64 g kg−1, which is higher than for filter materials
tested previously, e.g. Filtralite P�.

Several results indicate that dissolution of Ca and a sub-
sequent precipitation reaction with P in the water phase was
the main P binding mechanism: P binding capacity was
strongly positively correlated with turbidity in the super-
natants, lower P binding capacity at initial concentrations
≥400mgL−1 was associated with low pH, and P bind-
ing capacity was shown to be insensitive to changing the
particle size of the material. Turbidity measurements con-
firmed that the precipitate was present as small particles,
which may be washed out from a full-scale filter. There-
fore, the design of the filter with regard to flow regime is
important.

Liquid-to-solid (LS) ratio and particle size did not
affect P binding to Filtra P at an initial concentration of
1000mgL−1. The P binding capacity did not vary within
the particle size range of Filtra P. LS ratios between 20
and 40 did not affect the P binding capacity of Filtra P,
indicating that the LS of 20, which was used for the batch
experiment in this study, was sufficient at the initial con-
centration investigated (1000mgL−1). However, at initial
concentrations <300mgL−1, a higher LS would have been
needed to determine maximum P binding.
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Abstract Filtration can be a convenient technique for
removing phosphorus (P) at on-site wastewater treat-
ment facilities to recycle this non-renewable element.
When testing potentially suitable materials for these
filters, the properties of the influent and the method
used to analyse measured effluent concentrations both
affect the P binding capacity determined in filter tests
and therewith filter longevity predictions. At present,
there is a lack of robust methods for material investi-
gation and filter test interpretation. This study was
conducted to investigate the effect of inflow PO4–P
concentrations (concentration) and hydraulic surface
load (load) on P binding capacity and to analyse pos-
sible interpretations of laboratory filter tests. A 22

factorial experiment with replicates was performed on
the calcium-based filter material Filtra P. The investi-
gated concentrations ranged from 12 to 50 mg L−1 and
loads from 419 to 1,023 Lm−2 day−1. P binding capacity
(calculated by mass balance including data until PO4–P

breakthrough point) was negatively affected by concen-
tration and positively affected by load, with the effect of
concentration being slightly greater. Depending on the
factors' settings and on the method of evaluation (i.e.
analysing all pre-saturation data or considering only pre-
breakthrough results), the total measured P binding ca-
pacity varied between 2.2 and 9.0 g kg−1. The part of the
breakthrough curve between the breakthrough point and
saturation contributed significantly to the measured P
binding capacity, and it took about three times longer for
the filters to become saturated than to reach break-
through. Furthermore, a considerable amount of P that
had reacted with the filter material was washed out of
the filters as particle-bound P. This indicates that it is
important to determine both the PO4–P and the particle-
bound P phases in the filter effluent.

Keywords Wastewater . Constructed
wetlands . Hydraulic surface
load . Concentration . Breakthrough . Saturation

1 Introduction

Many on-site wastewater treatment facilities around
the world have inadequate facilities for removing phos-
phorus (P). Conversely, P is the limiting nutrient in
many natural bodies of water, where its abundance
causes eutrophication. Chemical P precipitation in
small-scale facilities is often problematic because it re-
quires regular topping up of the precipitation agent (e.g.
by the owner) and regular supervision. P filters have
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been suggested as more passive systems that can operate
unsupervised for a certain period of time after which the
filter material is replaced. Many different materials have
been identified as being potentially suitable for such
filters (e.g. Johansson Westholm 2006; Vohla et al.
2011), but most of them have only been studied in
laboratory scale. Though some have been studied in the
field, the results obtained indicate that there are relevant
differences between laboratory and field performances
(e.g. Jenssen and Krogstad 2003; Renman and Renman
2010; Søvik and Kløve 2005), especially with regard to
the filters' P retention and thus their estimated lifetime.
Specifically, agitation batch tests have been shown to
overestimate longevity (Søvik and Kløve 2005) which is
why filter tests have been suggested as a more suitable
method for determining a material's P binding capacity
and expected lifetime (Drizo et al. 2002). The properties
of the influents used and the steps taken during effluent
characterisation and when interpreting the results of lab-
oratory filter tests have varied widely across the studies
that have been conducted to date, making their results
non-comparable. A range of different influent types,
influent P concentrations and flow regimes have been
used when studying potential filter materials (Johansson
Westholm 2006; Vohla et al. 2011). Effluents have often
been characterised by determining merely one P phase,
i.e. either PO4–P (Brix et al. 2001; Brooks et al. 2000;
Cheung and Venkitachalam 2000; Drizo et al. 2006;
Gustafsson et al. 2008; Johansson 1997) or total P
(Ádám et al. 2005; Ádám et al. 2007). The filter materials
have not always been brought to saturation, and in some
cases, incomplete effluent P breakthrough curves were
interpreted.

While filters in full-scale facilities are designed to
operate for longer time periods (1–15 years depending
on size and material type), laboratory determinations of
filters' P binding capacities are usually conducted over a
few months. To achieve saturation within a reasonable
time frame, laboratory tests typically use elevated influent
P concentrations and hydraulic loads (and therewith hy-
draulic surface loads). Influent P concentrations in filter
tests have been increased to, e.g. 20 mg L−1 (Drizo et al.
2006), 35–45 mg L−1 (Drizo et al. 1999), 200 mg L−1

(Johansson 1997) and 400 mg L−1 (Drizo et al. 2002). In
addition, various hydraulic surface loads have been used
in filter tests, including 34 L m−2 day−1 (Brix et al. 2001),
300 L m−2 day−1 (Hedström and Rastas 2006), 292–
357 L m−2 day−1 (Ádám et al. 2007), 340–710 L m−2

day−1 (Gustafsson et al. 2008), 866 Lm−2 day−1 (Seo et al.

2005) and 1,020 L m−2 day−1 (Ádám et al. 2005). The
effect of varying the P concentrationwas studied byÁdám
et al. (2005) who found that increasing it from 2 to
15 mg L−1 increased the amount of P bound to the filter
in a box experiment using Filtralite P. The effect of
varying hydraulic loads has been discussed by Brooks
et al. (2000) who stated that retention times between 15
and 143 h (corresponding to hydraulic surface loads of
905 and 114 L m−2 day−1) affect the percentage of P
removed from wastewater by wollastonite. However, the-
se results are not comprehensive, and there is a need to
clarify the effects of varying the concentration of P and the
hydraulic load on P retention and filter lifetime. A reliable
understanding of these effects will make the following
possible:

& Determine a filter's P binding capacity (and thus
longevity) that is valid not only under certain lab-
oratory conditions but also for full-scale filters,

& Compare the results of previous laboratory inves-
tigations on different materials,

& Develop a robust and reliable laboratory method
for investigating P filter materials.

In the work reported herein, we considered the
properties of the influent, the methods used to charac-
terise the effluent and the interpretation of the results
obtained. The aim was to investigate the effects of
hydraulic surface load and inflow P concentration on
P binding capacity in laboratory filters and to analyse
possible interpretations of laboratory filter tests.

2 Materials

The filter material Filtra P was supplied by Nordkalk
(Finland). It is a granular material that is manufactured
from iron-containing gypsum and lime and consists pri-
marily of Ca and also some Si, Al, Fe and Mg. Ninety-
nine percent of the particles have a size between 4 and
11 mm (Herrmann et al. 2012). A more detailed descrip-
tion of its elemental composition and particle size distri-
bution was presented by Herrmann et al. (2012). The
porosity of the material was determined to be 44.6±
0.5 %, and its bulk density was 1,079±21.7 kg m−3.

The Filtra P sample received (about 100 kg) was
first split by fractional shovelling and then using a riffle
splitter into eight representative subsamples, each
weighing about 450 g, that were dried for ca. 2 days
at 105 °C and left to cool in desiccators.
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3 Methods

3.1 Experiment

The experimental set-up is illustrated in Fig. 1. A repli-
cated 22 factorial experiment (Montgomery 2001) was
performed, testing a total of eight filters. The filters were
labelled A1 to D1, with replicates A2 to D2.

The factors investigated were the hydraulic surface
load of the influent (load) and the influent P concen-
tration (concentration). The concentrations tested were
12 and 50 mg P L−1 (Table 1). The loads tested were
419 and 1,023 L m−2 day−1 (Table 1), corresponding to
average flows of 1.8 and 4.4 L day−1 and average
retention times (pore volume divided by flow) of 1.65
and 0.68 h. Load was chosen as a factor rather than
retention time. Retention time was considered less
important since it was assumed that in calcium-based
filters (which most current facilities use), the time
needed for calcium and P to react would be significant-
ly less than the typical retention time in the filters.
Hydraulic surface load, however, is an important de-
sign factor since it governs pore water velocity imply-
ing that it could have a major impact on particle reten-
tion and washout. The low load value was intended to
reflect the surface load applied to Filtra P filters in full-
scale facilities (i.e. values that might be generated by a
family of four producing 120 L pe−1 day−1, divided by
the cross-sectional area of a 1,200-mm diameter well).
The high load and concentration levels were chosen to
represent conditions used in the laboratory for acceler-
ated testing. The load range considered in this work

(from 419 to 1,023 L m−2 day−1) encompasses the
hydraulic loads used in previous laboratory filter stud-
ies (Gustafsson et al. 2008; Seo et al. 2005; Ádám et al.
2005). The low level for P concentration (12 mg L−1)
reflects the typical P concentrations in untreated waste-
water (Swedish EPA 2006). P concentrations above
12 mg L−1 can also be relevant in real scale filters since
the P concentration in wastewater tends to rise as water
consumption decreases. Arias et al. (2003) measured P
concentrations of up to 30 mg L−1.

All columns, taperings and glass beads were acid-
washed before use. The columns (i.d. 74 mm) were
filled with 200.0±0.2 g (about 3.5 cm) of glass beads
to ensure an even flow distribution over the cross sec-
tion, followed by 300.0±0.1 g of Filtra P (occupying a
bed volume of 0.278 L). The taperings were filled with
207±4 g of glass beads to ensure a smooth outflow.

The two inflow P solutions (12±0 and 50±
0 mg P L−1) were prepared once a week by dissolving
KH2PO4 in distilled water. The two solutions had a pH of
6.0±0.3 and 5.4±0.1, an electrical conductivity of 0.12±
0.16 and 0.27±0.39 mS cm−1 and a redox potential of
268±61 and 275±68mV, n=29 and 15, respectively. The
solution was pumped up-flow through the columns using
two pumps to establish the normal and high load values.

The outflow was collected in containers and sam-
pled twice weekly. During sampling, the flow through
the filters was interrupted for some hours. Samples
taken were analysed for turbidity and total P, further
filtered through a 0.45-μm filter and analysed with
respect to PO4–P. Total suspended solids (TSS) were
analysed at every second sampling occasion. The pH

P solution
12 mg L-1

pump
(4.4 L d-1)

P solution
50 mg L-1

pump
(1.8 L d-1)

glass beads for even
flow distribution

filter material
Filtra P

a b c d

Fig. 1 Experimental set-up (filters A–D; replicates not shown)
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and redox potential were measured on fresh samples
taken from the outflow hoses on each sampling
occasion.

3.2 Analyses

The pH was measured using a WTW pH330 pH-meter
with a WTW SenTix41 pH-electrode. Redox potential
was measured using a pHM95pH/ion-meter (Radiome-
ter, Copenhagen). TSS were determined according to
European standard EN 872:2005 (Swedish Standards
Institute 2005b). Turbidity was measured using a HACH
2100N turbidimeter (nephelometric method). P analyses
were performed using a Quaatro spectrometer and the
device-specific method no. A-031-04, according to Eu-
ropean standards (ascorbic acid method) with modified
digestion (persulfate oxidation) (Swedish Standards In-
stitute 2005a). X-ray diffraction (XRD) analyses were
carried out with a SIEMENS D5000 X-ray diffractome-
ter with a KRISTALLOFLEX 760 X-ray generator.

3.3 Data Evaluation

Data obtained from the outflow of the filters were
evaluated with respect to both P breakthrough and P
saturation. Breakthrough was defined to be reached
when the ratio of the outgoing PO4–P concentration
to the incoming PO4–P concentration was ≥0.08 and
0.02 for columns with concentrations of 12 and

50 mg L−1, respectively; these ratios correspond to an
outflow concentration of 1 mg L−1, which is the normal
limit used for small systems in Norway (Heistad et al.
2006). The point at which the material became saturat-
ed with P was defined as the point at which the outgo-
ing PO4–P concentration divided by the incoming
PO4–P concentration became ≥0.85. Breakthrough
and saturation points were identified using simple
moving averages. The only filter for which the above
saturation criteria could not be applied was filter A1,
which was considered saturated when the outgoing
PO4–P concentration divided by the incoming PO4–P
concentration reached 0.71 or 0.83 (with and without
using a moving average).

Data were evaluated using ANOVA and multiple
linear regression with the MODDE software package
(Umetrics AB 2006). The significance level was set to
α=0.5. Pearson correlations were calculated using
Minitab 15 (version 2007) by Minitab Inc.

4 Results

Influent concentrations and surface loads for the filters
are shown in Table 1. Outflow PO4–P concentrations
are shown separately for low-concentration filters
(Fig. 2a) and high-concentration filters (Fig. 2b). The
number of bed volumes treated before breakthrough
and saturation differed very little between replicates of

Table 1 Influent and effluent parameters of the replicated filters A to D

Parameter Filter

A1 A2 B1 B2 C1 C2 D1 D2

Average inflow concentration (mg L−1) 12 12 49 50 12 12 50 50

Average hydraulic surface load (L m−2 d−1) 425 411 421 419 996 979 1,060 1,058

Number of bed volumes until breakthrough 331 380 25 71 615 576 65 65

Number of bed volumes until saturation 617 845 163 272 1,340 894 230 229

Experimental run time until breakthrough (day) 49 63 4 11 38 38 4 4

Experimental run time until saturation (day) 94 133 25 42 87 59 14 14

Starting pHa 12.7 12.6 12.6 12.7 12.4 12.5 11.8 12.1

pH at breakthrough 10.4 12.3 12.6 8.2 10.1 10.8 11.8 12.1

pH at saturation 7.4 7.6 6.3 7.2 6.9 7.9 6.4 6.7

Starting redox potentiala −97 −88 −86 −99 −89 −94 −73 −74
Redox potential at breakthrough 220 186 −86 136 284 192 −73 −74
Redox potential at saturation 266 359 196 248 345 312 191 129

a 4 days after the experiment started
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the filters; the only filter with a relatively large differ-
ence between the number of bed volumes across the
two replicates (446) was C (Table 1). For all filters, the
redox potential increased (Table 1), whereas the pH
(Table 1), turbidity and TSS content (Fig. 2) decreased
during the experiment.

For filters treated with the high concentration, the
total P binding capacity until breakthrough (Fig. 3,
Table 2) was on average two times lower than in filters
treated with the low concentration. Further, for high-
concentration filters, the overall PO4–P removal until
saturation (amount of reacted PO4–P divided by amount
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of loaded P) was significantly lower. Additionally,
breakthrough occurred at a lower number of treat-
ed bed volumes under these conditions (56 com-
pared to 327 average bed volumes for low-
concentration filters) (Fig. 2b, Tables 1 and 2),
with more abrupt changes in pH before and after
breakthrough. Turbidity and TSS were higher be-
fore the breakthrough point (Fig. 2c) under high
concentration, whereas the redox potential (Table 1)
was lower throughout the experiment.

Filters subjected to the heavier load had a higher
total P binding capacity until breakthrough (Table 2).
They could also treat more bed volumes before break-
through (Table 2), and the average turbidity before
breakthrough was higher (61 nephelometric turbidity

units (NTU) compared to 40 NTU for low-load filters,
not visible in Fig. 2c).

The parameters measured in the filter effluents
were TSS, turbidity, pH, redox potential and the
concentrations of total P and PO4–P. The PO4–P
concentrations were used to determine the amount
of PO4–P that had reacted with the filter on each
sampling occasion. The amount of PO4–P that had
reacted correlated significantly and positively with the
turbidity (Pearson correlation coefficients for the eight
filters were 0.81±0.13) and with TSS. It also correlated
positively with pH (with Pearson correlation coeffi-
cients of 0.75±0.16). There was a strong linear correla-
tion between TSS and turbidity (Pearson correlations for
the filters were 0.93±0.05).

Table 2 Effects of the factors concentration and load and the factor interaction concentration × load on different responses

Evaluation until Response Factors

Concentration Load Concentration × load

Breakthrough Total P binding capacity (g kg−1) – + 0

Amount of washed-out particle-bound PO4–P (g kg−1) – + –

Amount of retained PO4–P (g kg−1) 0 0 0

No of bed volumes treated – + –

Saturation Total P binding capacity (g kg−1) 0 0 0

Amount of washed-out particle-bound PO4–P (g kg−1) – + –

Amount of retained PO4–P (g kg−1) 0 0 0

No of bed volumes treated – 0 0

Negative effect (−), positive effect (+), and no effect (0)

TSS total suspended solids
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Response parameters (Table 2) were determined on
the basis of the filters' effluent PO4–P concentrations
over time in two ways: using data until breakthrough
and using data until saturation (breakthrough and sat-
uration were defined in Sect. 3.3). Therefore, two dif-
ferent values were calculated for the total P binding
capacity (Fig. 3). The effects of concentration and load
on total P binding capacity and other response param-
eters differed depending on the method used for eval-
uation (Table 2). While total P binding capacity was
negatively affected by concentration and positively
affected by load when it was calculated using data until
breakthrough, it was not affected by either of the fac-
tors when it was calculated using data until saturation
(Table 2). The linear regression model (R2=0.82 and
R2

adjusted=0.74) for total PO4–P binding capacities un-
til breakthrough is shown in Eq. 1. The expression can
be used to calculate the total PO4–P binding capacities
of the studied material that would be achieved at dif-
ferent concentrations and loads (within the ranges in-
vestigated in this study; Table 1).

P binding capacity g P kg−1
� �

¼ 4:1848 – 0:0734 ⋅ concentration mg L−1� �
þ 0:0029 ⋅ load L m−2day−1

� �
:

ð1Þ

Some of the PO4–P that reacted with the filter ma-
terial was retained in the filters while the rest was
washed out as particle-bound P (Fig. 3). The amount
of particle-bound P was calculated by subtracting the
amount of PO4–P from the amount of total P in the
outlet. There are thus two components of the total P
binding capacity: the amount of P retained and the
amount of washed-out particle-bound P. The amount
of retained P did not differ greatly between filters
(Fig. 3) and was not significantly affected by either of
the factors (Table 2). The amount of washed-out
particle-bound P was sensitive to the factor levels; it
was positively affected by load and negatively affected
by concentration and the interaction concentration ×
load (Table 2). This means that the amount of washed-
out particle-bound P increased with load and decreased
with concentration. The negative interaction effect
means that the effect of load was less pronounced at
higher concentration compared to lower concentration.
According to the XRD analysis, the white precipitate
formed in the outflow hose of filter A was likely to be
hydroxylapatite.

5 Discussions

5.1 Escaping Particle-bound P

The total P concentrations in the outflow differed sig-
nificantly from the PO4–P concentrations, showing
that much of the P in the effluent was bound to particles
(Fig. 3). The presence of particles in the effluent was
supported by turbidity and TSS measurements
(Fig. 2c). XRD analysis of the white precipitate that
formed in the outflow hose of filter A provided strong
evidence for the occurrence of hydroxylapatite, which
was also reported by Eveborn et al. (2009). The occur-
rence of particulate calcium phosphates in the outlet is
crucial because it stresses the importance of investigat-
ing both the total P and PO4–P concentrations in the
outflow of Ca-containing filters and demonstrates that
it is not sufficient to consider only PO4–P. However,
many previous filter studies focused on the soluble
phase exclusively (Brix et al. 2001; Brooks et al.
2000; Cheung and Venkitachalam 2000; Drizo et al.
2006; Gustafsson et al. 2008; Johansson 1997). The
amount of P that was actually retained in the filters was
in the same order of magnitude as the amount of
washed-out particle-bound P (Fig. 3), emphasising
the importance of the formation and escape of
particle-bound P during the treatment process. Howev-
er, as PO4–P had reacted with the filter material and
was either bound to filter particles or had formed
calcium–P precipitates (as evidenced in XRD analy-
sis), the particle-bound P fraction was included in the
calculation of total P binding capacity. In the experi-
mental samples, the particles appeared to settle readily.
Therefore, in full-scale filters, it would be possible to
trap P-containing particles escaping from the filter in
(for example) a downstream sedimentation unit, which
could also be used to reduce the effluent's pH. Never-
theless, the escape of particle-bound P from the mate-
rial in full-scale systems certainly merits critical
attention.

5.2 Interpreting Filter Tests: Considering
Breakthrough and Saturation

Generally, filter outflow data can be evaluated with
respect to either P breakthrough or material saturation.
The two approaches yield different calculated P bind-
ing capacities. Many researchers have sought to satu-
rate the filter material in order to calculate the
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maximum P binding capacity. However, saturating
filter materials is time-consuming and is often not
achieved (Brix et al. 2001; Cheung and Venkitachalam
2000; Johansson 1999; Renman and Renman 2010).
Consequently, the P binding capacity is sometimes
calculated only for the experimental run time, giving
inaccurate and non-comparable results. In full-scale
applications however, filters cannot be used until the
material is saturated because the P concentration in the
outflow (and thus P loads) will exceed limit values
shortly after breakthrough. As such, the P binding
capacity until breakthrough is a safer and more useful
parameter for consideration when designing full-scale
filters. This suggests that laboratory studies should
focus on filter performance before breakthrough and
the factors that govern it.

The PO4–P breakthrough curves (Fig. 2a, b) can be
divided into two parts: The part before breakthrough,
when the effluent PO4–P concentration is close to zero,
and the part between breakthrough and saturation, in
which the concentrations rise towards that of the influ-
ent. The region between breakthrough and saturation
was found to contribute substantially to the total P
binding capacity (Fig. 3). On average, the P binding
capacity calculated using the entirety of the outflow
curve was 1.8 times greater than that obtained using
only the pre-breakthrough section, and the difference
was significant (p=0.000005 in a paired t test). There-
fore, P binding capacities calculated from saturation
curves might overestimate field performance. Further-
more, it took considerably longer for a filter to become
saturated than to reach breakthrough; on average,
around three times the number of bed volumes was
required (see Table 1). In laboratory filter tests, when
different materials are to be compared, we therefore
recommend to consider determining P binding capac-
ities using pre-breakthrough outflow concentration
curves.

5.3 The Effects of Concentration and Load

The total P binding capacity of the investigated mate-
rial determined using the data until breakthrough was
significantly affected by both concentration and load
(Table 2). Increasing the concentration decreased the P
binding capacity at breakthrough because it caused
breakthrough to be reached at a lower number of bed
volumes (Table 2) and also the pH to drop earlier.
Calcium phosphate precipitation, however, is favoured

at high pH (Baker et al. 1998; Feenstra and De Bruyn
1979; Peng et al. 2007) and is probably the main
retention mechanism in the filters (Herrmann et al.
2013). In addition, the redox potential was significant-
ly lower for filters with high concentration, which may
also have affected the reaction between P and Ca.

Increasing the load increased the total P binding
capacity (Table 2) probably because it promoted the
dissolution of calcium ions and thus created a high pH
regime which in turn might have facilitated the reaction
between calcium and P. At the same time, higher load
also increased the amount of particle-bound P escaping
from the filters (both for breakthrough and saturation,
Table 2), showing the importance of load for particle
washout. The negative factor interaction concentration
× load (Table 2) shows that the effect of load on the
amount of particle-bound P became less pronounced as
the concentration increased.

Equation 1 can be used to calculate the total P
binding capacity of Filtra P that would be obtained
from filters run until breakthrough at different levels
of concentration and load. Concentrations and loads
deviating from “normal” conditions (normal condi-
tions correspond to low factor levels in this study)
can lead to both over- and underestimations of P bind-
ing capacity: increasing the PO4–P concentration in the
solution decreased the material's capacity to bind PO4–
P, while increasing load increased it. Using a concen-
tration of 50 mg L−1 instead of 12 mg L−1 decreased the
P binding capacity by a factor of 2 (Eq. 1, load held at
average). Conversely, using a load of 1,023 instead of
419 L m−2 day−1 increased the P binding capacity by a
factor of 1.5 (Eq. 1, using the average concentration).
The coefficients in the equation illustrate that the effect
of concentration is slightly bigger than that of load.

Increasing concentration and load also led to larger
differences between observations in the outflow
PO4−P breakthrough curves; breakthrough and satura-
tion were reached in a much shorter time period
(Fig. 2). This made it more difficult to determine the
points in the curve at which breakthrough and satura-
tion were reached. Thus, if the P binding capacity of a
material is to be determined using filters that receive
high concentration and/or load, more frequent sam-
pling would be necessary.

Unlike the total P binding capacity at breakthrough,
the total P binding capacity at saturation was not af-
fected by either of the investigated factors (Table 2). A
possible reason for this is that every filter was given
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enough time and loaded with sufficient P loading to
become saturated, levelling off the factors' effects.
With this in mind, it is tempting to conclude that
laboratory filter tests can be accelerated without any
difficulty by increasing the concentration and loading
rate, as long as they are run until saturation. However,
evaluation of filter tests using outflow data until satu-
ration can be problematic (as discussed in Sect. 5.3)
and in general evaluation until breakthrough might be
preferred.

For both breakthrough and saturation, neither the
variation in amount of P retained in the filters nor the
percentage of the total P binding capacity that was
washed out of the filters was affected by the concen-
tration and load (Table 2) although these amounts
varied between the filters (Fig. 3). This means that
the variability in the data cannot be explained by the
investigated factors and is probably due to variations in
the properties of the material. Filtra P has also shown
quite high variability in batch tests (Herrmann et al.
2012). This shows the importance of replicating filters
in laboratory testing. However, the experimental noise
in this study was acceptable, and several strongly sig-
nificant effects on different responses (e.g. amount of
particle-bound P and total P binding capacity) were
observed (Table 2).

5.4 Estimating Filter Longevity

P binding capacity may be used to estimate the longev-
ity of full-scale filters. Estimations of filter longevity
on the basis of laboratory tests are problematic and
strongly depend on the conditions under which labo-
ratory filter tests are performed. Depending on the
laboratory settings, the P binding capacity determined
in our experiments ranged from 2.2 g kg−1 (filters B1
and B2 until breakthrough) to 9.0 g kg−1 (filters C1 and
C2 until saturation) (Fig. 3). Of the conditions tested in
this study, those applied to filters A1 and A2 most
closely resemble field conditions (average P concen-
tration of 12 mg L−1 and average surface load of
418 L m−2 day−1). These filters exhibited an average
P binding capacity of 4.0 g kg−1. A single person
consumes about 2 g P day−1 (Swedish EPA 2006).
Assuming that about 25 % of the P is retained during
pre-treatment, a four-person household discharging
6 g P day−1 to the P filter would be expected to saturate
500 kg of Filtra P within 6, 11 or 24 months for P
binding capacities of 2.2, 4.0 and 9.0 g kg−1,

respectively. This shows that lifetime estimations
should be made carefully and can differ substantially
depending on the properties of the influent (concentra-
tion and load) and the approach used when interpreting
effluent data (breakthrough or saturation).

6 Conclusions

A factorial experiment demonstrated that increasing
the influent PO4–P concentration and hydraulic surface
load did not affect the total P binding capacity (deter-
mined from full PO4–P breakthrough curves covering
the period from the start of the experiment to satura-
tion). However, the P binding capacity (determined
from the region of the curve covering the period from
the start of the experiment to breakthrough) decreased
with increasing influent concentration and increased
with increasing hydraulic surface load, with the nega-
tive effect of high concentrations being slightly greater
than the positive effect of high loads. The P binding
capacity of filters exposed to high concentrations (de-
termined from data until breakthrough) was half that of
filters exposed to low concentration. High load filters
had a P binding capacity (determined from data until
breakthrough) that was 1.5 times higher than low-load
filters. The total measured P binding capacity varied
between 2.2 and 9.0 g kg−1, depending on the settings
of the factors used in the experiment and the approach
used during evaluation (i.e. whether all pre-saturation
data were considered or only pre-breakthrough re-
sults). This variation shows that it is very difficult to
accurately estimate the longevity of full-scale filters on
the basis of P binding capacity values determined in
laboratory filter tests unless the laboratory conditions
have been chosen carefully.

The results presented herein suggest that it may be
better to focus on analysing pre-breakthrough rather
than pre-saturation data from P breakthrough curves
from filter tests when assessing the P binding capacity
of a potential filter material. The reason for this is
twofold. Firstly, evaluation until breakthrough is faster;
in this study, it took about three times longer for the
filters to become saturated than to reach breakthrough
which prolonged the testing time considerably. Second-
ly, pre-breakthrough data is more relevant for real-world
applications because, in practical use, the material
would have to be replaced shortly after breakthrough
to avoid unacceptably high effluent concentrations.
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As such, analysis of pre-saturation results would
overestimate the material's capacity to bind PO4–P: in
this study, the part of the PO4–P breakthrough curves
between breakthrough and saturation contributed signif-
icantly to the total measured P binding capacity.

To clarify the fate of P in the filters, it is crucial to
measure both PO4–P and total P concentrations in the
effluent to enable the determination of both the
dissolved and particle-bound P phases. In this study,
a substantial fraction of the PO4–P that had reacted
with the filter material was washed out of the filters
in form of small particles; indeed, this fraction was
comparable in size to that retained in the filters. Had
we focused exclusively on the total P concentration in
our analysis, the material would probably have been
classified as having low reactivity, whereas the oppo-
site conclusion would have been drawn if only the
PO4–P concentrations had been analysed. Therefore,
data on both the PO4–P and total P concentrations is
useful in the full-scale reactor design. For the studied
material, escaping particle-bound P could possibly be
trapped, e.g. in a downstream sedimentation unit.

Acknowledgements The financial support of the Swedish Re-
search Council Formas is gratefully acknowledged. The authors
thank Kerstin Nordqvist, Monica Olofsson and Jonathan
Mattsson for the assistance with the laboratory work.

References

Ádám, K., Krogstad, T., Suliman, F. R. D., & Jenssen, P. D.
(2005). Phosphorus sorption by Filtralite P—small scale
box experiment. Journal of Environmental Science &
Health, 40, 1239–1250.

Ádám, K., Krogstad, T., Vråle, L., Søvik, A. K., & Jenssen, P. D.
(2007). Phosphorus retention in the filter materials
shellsand and Filtralite P®—Batch and column experiment
with synthetic P solution and secondary wastewater. Eco-
logical Engineering, 29, 200–208.

Arias, C. A., Brix, H., & Johansen, N.-H. (2003). Phosphorus
removal from municipal wastewater in an experimental
two-stage vertical flow constructed wetland system
equipped with a calcite filter. Water Science and Technolo-
gy, 48, 51–58.

Baker, M. J., Blowes, D. W., & Ptacek, C. J. (1998). Laboratory
development of permeable reactive mixtures for the remov-
al of phosphorus from onsite wastewater disposal systems.
Environmental Science and Technology, 32, 2308–2316.

Brix, H., Arias, C. A., & del Bubba, M. (2001). Media selection
for sustainable phosphorus removal in subsurface flow
constructed wetlands. Water Science and Technology, 44,
47–54.

Brooks, A. S., Rozenwald, M. N., Geohring, L. D., Lion, L. W.,
& Steenhuis, T. S. (2000). Phosphorus removal by wollas-
tonite: a constructed wetland substrate. Ecological Engi-
neering, 15, 121–132.

Cheung, K. C., & Venkitachalam, T. H. (2000). Improving
phosphate removal of sand infiltration system using alka-
line fly ash. Chemosphere, 41, 243–249.

Drizo, A., Frost, C. A., Grace, J., & Smith, K. A. (1999).
Physico-chemical screening of phosphate-removing sub-
strates for use in constructed wetland systems. Water Re-
search, 33, 3595–3602.

Drizo, A., Comeau, Y., Forget, C., & Chapuis, R. P. (2002).
Phosphorus saturation potential: a parameter for estimating
the longevity of constructed wetlands. Environmental Sci-
ence and Technology, 36, 4642–4648.

Drizo, A., Forget, C., Chapuis, R. P., & Comeau, Y. (2006).
Phosphorus removal by electric arc furnace steel slag and
serpentinite. Water Research, 40, 1547–1554.

Eveborn, D., Gustafsson, J. P., Hesterberg, D., & Hillier, S.
(2009). XANES speciation of P in environmental samples:
an assessment of filter media for on-site wastewater treat-
ment. Environmental Science and Technology, 43, 6515–
6521.

Feenstra, T. P., & De Bruyn, P. L. (1979). Formation of calcium
phosphates in moderately supersaturated solutions. The
Journal of Physical Chemistry, 83, 475–479.

Gustafsson, J. P., Renman, A., Renman, G., & Poll, K. (2008).
Phosphate removal by mineral-based sorbents used in filters
for small-scale wastewater treatment. Water Research, 42,
189–197.

Hedström, A., & Rastas, L. (2006). Methodological aspects of
using blast furnace slag for wastewater phosphorus remov-
al. Journal of Environmental Engineering, 132, 1431–
1438.

Heistad, A., Paruch, A. M., Vråle, L., Ádám, K., & Jenssen, P. D.
(2006). A high-performance compact filter system treating
domestic wastewater. Ecological Engineering, 28, 374–
379.

Herrmann, I., Jourak, A., Lundström, S., Hedström, A., &
Viklander, M. (2012). Phosphorus binding to Filtra P in
batch tests. Environmental Technology, 33, 1013–1019.

Herrmann, I., Jourak, A., Gustafsson, J. P., Hedström, A.,
Lundström, T. S., & Viklander, M. (2013). Modeling phos-
phate transport and removal in a compact bed filled with a
mineral-based sorbent for domestic wastewater treatment.
Journal of Contaminant Hydrology, 154, 70–77.

Jenssen, P. D., & Krogstad, T. (2003). Design of constructed
wetlands using phosphorus sorbing lightweight aggregate
(LWA). In Ü. Mander & P. D. Jenssen (Eds.), Constructed
Wetlands for Wastewater Treatment in Cold Climates. Ad-
vances in Ecological Sciences (pp. 259–271). Southamp-
ton, UK: WIT Press.

Johansson Westholm, L. (2006). Substrates for phosphorus
removal—potential benefits for on-site wastewater treat-
ment? Water Research, 40, 23–36.

Johansson, L. (1999). Blast furnace slag as phosphorus
sorbents—column studies. Science of the Total Environ-
ment, 229, 89–97.

Johansson, L. (1997). The use of LECA (light expanded clay
aggregates) for the removal of phosphorus from wastewa-
ter. Water Science Technology, 35, 87–93.

1766, Page 10 of 11 Water Air Soil Pollut (2013) 225:1766



Montgomery, D. C. (2001). Design and analysis of experiments
(5th ed.). New York: John Wiley & Sons.

Peng, J., Wang, B., Song, Y., Yuan, P., & Liu, Z. (2007). Ad-
sorption and release of phosphorus in the surface sediment
of a wastewater stabilization pond. Ecological Engineering,
31, 92–97.

Renman, A., & Renman, G. (2010). Long-term phosphate re-
moval by the calcium-silicate material Polonite in waste-
water filtration systems. Chemosphere, 79, 659–664.

Seo, D. C., Cho, J. S., Lee, H. J., & Heo, J. S. (2005).
Phosphorus retention capacity of filter media for esti-
mating the longevity of constructed wetland. Water
Research, 39, 2445–2457.

Søvik, A. K., & Kløve, B. (2005). Phosphorus retention process-
es in shell sand filter systems treating municipal wastewa-
ter. Ecological Engineering, 25, 168–182.

Swedish EPA, 2006. Statute book of the Swedish EPA:
general advice about small-scale household wastewater
treatment facilities. (Naturvårdsverkets författningssamling.
Naturvårdsverkets allmänna råd om små avloppsanordningar
för hushållsspillvatten.). NFS 2006:7. Stockholm.

Swedish Standards Institute. (2005a). Water quality: determina-
tion of phosphorus—ammonium molybdate spectrometric
method. SS-EN ISO, 6878, 2005.

Swedish Standards Institute. (2005b). Water quality: determina-
tion of suspended solids—method by filtration through
glass fibre filters. EN, 872, 2005.

Umetrics AB, 2006. MODDE, version 8.0.0.0, Umeå: Umetrics.
Vohla, C., Kõiv, M., Bavor, H. J., Chazarenc, F., & Mander, Ü.

(2011). Filter materials for phosphorus removal from waste-
water in treatment wetlands—a review. Ecological Engi-
neering, 37, 70–89.

Water Air Soil Pollut (2013) 225:1766 Page 11 of 11, 1766



 



 

 

 

Paper III 
 

 

 

The effect of hydraulic loading rate and influent source on the binding capacity of 
phosphorus filters 

 

Inga Herrmann, Amir Jourak, Annelie Hedström, T. Staffan Lundström, Maria Viklander 

PLOS ONE 8(8) (2013) 

 

 

 

 

 

 

 

 

 

 

 

Open access, freely available online 
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Abstract

Sorption by active filter media can be a convenient option for phosphorus (P) removal and recovery from wastewater for
on-site treatment systems. There is a need for a robust laboratory method for the investigation of filter materials to enable a
reliable estimation of their longevity. The objectives of this study were to (1) investigate and (2) quantify the effect of
hydraulic loading rate and influent source (secondary wastewater and synthetic phosphate solution) on P binding capacity
determined in laboratory column tests and (3) to study how much time is needed for the P to react with the filter material
(reaction time). To study the effects of these factors, a 22 factorial experiment with 11 filter columns was performed. The
reaction time was studied in a batch experiment. Both factors significantly (a= 0.05) affected the P binding capacity
negatively, but the interaction of the two factors was not significant. Increasing the loading rate from 100 to 1200 L m22

d21 decreased P binding capacity from 1.152 to 0.070 g kg21 for wastewater filters and from 1.382 to 0.300 g kg21 for
phosphate solution filters. At a loading rate of 100 L m22 d21, the average P binding capacity of wastewater filters was
1.152 g kg21 as opposed to 1.382 g kg21 for phosphate solution filters. Therefore, influent source or hydraulic loading rate
should be carefully controlled in the laboratory. When phosphate solution and wastewater were used, the reaction times for
the filters to remove P were determined to be 5 and 15 minutes, respectively, suggesting that a short residence time is
required. However, breakthrough in this study occurred unexpectedly quickly, implying that more time is needed for the P
that has reacted to be physically retained in the filter.
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Introduction

It has been suggested that filters for the removal and recovery of

phosphorus (P) from wastewater would be beneficial for on-site

wastewater treatment e.g. in constructed wetlands. Many filter

materials have been investigated [1,2] but it is still uncertain how

well they would work in full-scale installations. Long-term field

studies are not widely available [1]. Usually, P binding capacity is

determined from laboratory batch or fixed-bed column experi-

ments and used to calculate the filter’s lifetime. To speed up the

laboratory testing, parameters such as influent source (real

wastewater or synthetic P solution), hydraulic loading rate,

residence time, P loading and temperature do not match field

conditions. These parameters vary substantially between different

studies although it has been shown that the method used to test the

materials influences the measured P binding capacity and thus the

predicted performance of the filters as well as their predicted

lifetime [3]. There is a need for a robust test method that can be

used to investigate filter materials and that gives reliable estimates

of how well and how long they will function under given

conditions. Therefore, it needs to be investigated as to which

parameters can be altered in the laboratory to determine P

binding capacity in a reasonable amount of time whilst assuring

that the binding capacity determined in the laboratory resembles

the one expected under field conditions.

Hydraulic loading rate and hydraulic residence time are closely

connected and it has been shown that there is a relationship

between these parameters and P binding capacity [1]. The effect of

varying residence time has been discussed by Brooks, Rozenwald

et al. (2000) who stated that residence times from 15 to 143 hours

(corresponding to loading rates of 905 and 114 L m22d21)

positively affect the percentage of P removed from wastewater by

wollastonite. Ádám et al. [4] suggested that the hydraulic loading

rate does not affect the P binding capacity in Filtralite P, however,
increased loading rate led to a faster breakthrough of P in their

study. Also, the hydraulic loading rate was found to increase P

binding capacity in Filtra P (unpublished data). The results of these

studies show that the effect of hydraulic loading rate has not been

comprehensively investigated. In particular, it is still unclear if

loading rate or residence time is responsible for variations in

binding capacity.

The measured P binding capacity can also vary depending on

whether wastewater or synthetic P solution is used in the test: using

wastewater decreases P binding. This effect has been shown in

batch experiments with blast furnace slag [5] and a column

experiment with Filtralite P [6]. However, the conditions in which

the batch experiments performed by Hedström and Rastas [5]

were carried out did not resemble field conditions at all and the

experiment by Ádám et al. [6] was performed with only two filter

columns that were fed with different influent P concentrations
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which could have confounded the effect of the influent source.

Therefore, the effect of influent source on P binding capacity still

needs to be evidenced. Additionally, the effect has not yet been

quantified.

The present study contributes to developing a sound testing

method by investigating the effect of influent source and hydraulic

loading rate on the determined P binding capacity. The objectives

of this study are to investigate and quantify the effects of hydraulic

loading rate and influent source (wastewater and phosphate

solution) on P binding capacity and to study how much time is

needed for the P to react with the filter material.

Materials and Methods

Two laboratory experiments were performed: a batch experi-

ment to determine the time needed for the P to react within the

filter material and a factorial column experiment to investigate the

effect of different influent sources and hydraulic loading rates on

the P binding capacity of the material.

1. Ethics statement
Oral permission for sampling wastewater at Sundom’s waste-

water treatment plant was issued by Luleå municipality, Technical

Department.

2. Filter material
The filter material used for the experiments was Filtralite PH. Its

elemental composition was determined using inductively coupled

plasma (ICP) analysis (Table 1). According to the product data

sheet, Filtralite PH has a porosity of ca. 0.6 and a bulk density of

370 kg m23.

3. Experiment to determine the time needed for the P to
react
The time needed for the P to react with the filter material was

determined with two series of batch experiments performed in

dublicate (n = 2): one was conducted using phosphate solution and

the other one using wastewater. The concentration of dissolved P

was 12 mg L21 in the phosphate solution and 11 mg L21 in the

wastewater (the wastewater used is further described in 2.4.3). The

conditions in this experiment should resemble those in full-scale

filters in terms of the liquid to solid ratio. This was 1.7760.05 L

kg21 and was made by weighing 201.9 g of material (correspond-

ing to ca. 200 g of dry material) into 1L-glass beakers. Then,

353.569.0 g of phosphate solution was added to one set of beakers

and 356.767.9 g of wastewater was added to the other set of

beakers until the material was almost covered but did not start

floating up. Beakers were covered with plastic sheets and left

standing at room temperature for 5 min, 15 min, 30 min, 1 h,

2 h, 4 h, 8 h and 16 h. The liquid phase was then poured through

a 0.5 mm sieve, analyzed with respect to pH and redox potential,

further filtered through a 0.45 mm filter and analyzed with respect

to dissolved P.

4. Factorial column experiment
4.1. Factorial design. The effect of influent source and

hydraulic loading rate on the P binding capacity of the filter

material was investigated in a laboratory experiment with a 22 full

factorial design [7] with replicates (n = 2) and 3 centre points (one

with wastewater and two with phosphate solution, Table 2). In

total, 11 filters were tested (Table 2). The influents used were

urine-spiked wastewater and synthetic phosphate solution. The

low, medium and high levels of hydraulic loading rates and the

corresponding flows, residence times and filter velocities are shown

in Table 2.

4.2. Experimental set-up. 11 acrylic glass columns with a

diameter of 7.4 cm were used in the experiments and run in up-

flow mode using peristaltic pumps. For even flow distribution, a ca.

3 cm thick layer of glass beads (diameter 4 mm) was placed at the

bottom of the columns. 100 g of oven-dried (105uC) and

desiccator-cooled filter material were placed on top of these. A

funnel filled with glass beads was put on top of the columns to

ensure a smooth outflow. The effluent was collected in plastic

containers.

4.3. Influent solution. The ideal P concentration of the

phosphate solution and secondary wastewater used in the

experiments was 12 mg L21; this resembles the P concentrations

of secondary effluent to be treated by on-site P filters that can be

between ca. 5 and 14 mg L21 [8]. The phosphate solution was

prepared by dissolving KH2PO4 in distilled water.

Secondary wastewater was sampled twice weekly from a nearby

wastewater treatment plant serving 300 pe. At the plant, the

wastewater had been subjected to screening, primary sedimenta-

tion and biological treatment in a tower trickling filter. As the P

concentration in the wastewater was below the target concentra-

tion, it was increased by adding human urine. The total and

dissolved P concentrations in the urine-spiked wastewater were

1363.6 and 1161.7 mg P L21, respectively. The pH was

7.160.2, the redox potential 127631 mV, the TSS content

876104 mg L21 and the turbidity 56666 NTU. The contents of

total organic carbon (TOC) and dissolved organic carbon (DOC)

were 126634 mg L21 and 10868 mg L21, respectively. The high

deviations in TSS and turbidity in the wastewater were due to a

temporarily non-functioning sludge pump in the pre-sedimenta-

tion at the treatment plant. The phosphate solution had an

average concentration of 1360.6 mg phosphate-P L21, a pH of

560.4 and a redox potential of 304648 mV. The above stated

means and standard deviations were calculated over the entire

experimental run-time although some filters were saturated earlier.

4.4. Effluent sampling. Effluent samples were taken at least

twice weekly from the plastic containers for each column. High

and medium flow columns were sampled more frequently at the

beginning. Samples were analyzed with respect to total and

dissolved (filtered through a 0.45 mm filter) P, turbidity and TSS.

Total and dissolved (filtered through a 0.45 mm filter) organic

carbon (TOC and DOC) were only analyzed in samples from the

wastewater-fed filters. pH and redox potential were measured

from grab samples of the outflow taken at the same time as the

effluent samples.

4.5. Evaluation. A P filter can generally be described as well-

functioning as long as the outflow P concentrations are below

1 mg L21, which is the normal limit used for small systems in

Table 1. Elemental composition of Filtralite PH.

Element Content [g kg21]

Si 269

Al 86.1

Fe 56.5

Ca 35.7

K 29.2

Mg 28.3

S 0.24

doi:10.1371/journal.pone.0069017.t001
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Norway [9]. Therefore, breakthrough of P through the filters was

defined as to have happened when the concentration of dissolved

outflow P divided by the concentration of dissolved inflow P was

$0.08. The filters were assumed to be saturated when the

dissolved P concentration in the outflow divided by the dissolved P

concentration of the influent was $0.92. Moving averages were

used to determine the point of saturation. The Ptot binding

capacity was calculated using the total P concentrations of the

influent and effluent:

Ptot binding capacity ~
Xn
i~1

(cin{cout):Vi

m
(1)

where

Ptot = binding capacity in g kg21

n = number of samples taken

cin, out = total P concentration of the influent and effluent [mg L21]

Vi = volume of wastewater or P solution that has passed

through the filter between sample i-1 and i [L]

m = mass of the filter material [g].

Data were evaluated using analysis of variance and multiple

linear regression with the MODDE software package [10]. The

significance level was set to a=0.05.

5. Analyses
The pH was measured using a WTW pH330 pH meter with a

WTW SenTix41 pH electrode. The redox potential was measured

using a pHM95 pH/ion meter (Radiometer, Copenhagen). TSS

was determined following the European standard EN 872: 2005

[11]. Turbidity was measured using an HACH 2100N turbidim-

eter (nephelometric method). All P analyses were performed using

a Quattro spectrometer and the device-specific method no. A-031-

04, following the European standards (ascorbic acid method) with

modified digestion (persulfate oxidation) [12]. Organic carbon was

analysed using a Hach Lange photometric TOC analyzer.

Results

Time needed for P to react
Using phosphate solution, the concentration of dissolved P

could be decreased to below detection limit in the solution in less

than 5 minutes (Fig. 1). The P detection limit was 0.05 mg L21.

When wastewater was used, it took longer to remove the

phosphate from solution and the concentration could not be

decreased that much: after 5 min, 1062% of the P remained in

solution and it took 15 minutes to remove about 99% of it (Fig. 1).

The pH was generally lower when wastewater was used with the

difference in pH being greater for shorter contact times (Fig. 1).

The redox potential decreased logarithmically with contact time,

from 11611 mV (after 5 min) to 28466 mV (after 16 h) in the

wastewater and from 2966 mV (after 5 min) to 274611 mV

(after 16 h) in the phosphate solution.

Factorial column experiment
Dissolved P effluent concentrations and pH for the three loading

rates are shown in Fig. 2. Dissolved P concentrations in the

effluent from the wastewater filters were generally higher when

compared to the phosphate solution filters. Already at the first

sampling occasion, these concentrations were, for wastewater (P

solution) filters, 2.3 (0.06), 8.5 (1.8) and 6.1 (0.5) mg L21 for low,

medium and high loading rates, respectively (Fig. 2). Breakthrough

was only observed for filters D1, 2 and F1, 2 (Fig. 2). In the other

filters, breakthrough occurred before the first sample was taken.

The pH at breakthrough for D1 and D2 was 10.8 and 10.7; for F1,

2 it was 10.2 (Fig. 2).

The P binding capacities determined for the filters are shown in

Fig. 3. A small part of the P binding capacity in wastewater filters

was due to the retention of particle-bound P. Both hydraulic

loading rate and influent source had a significant negative effect on

the Ptot binding capacity whilst the interaction effect of these two

factors was not significant (Fig. 4). The effect of loading rate was

stronger than the effect of influent source.

Table 2. Filter columns and their factor settings.

Factor

Loading rate Influent source Flow Residence timea Filter velocity

Filter number Level L m22 d21 [L d21] [min] [cm d21]

A1, A2 Low 9463 Wastewater 0.4160.01 575616 960.3

B Medium 612 Wastewater 2.63 89 61

C1, C2 High 1056633 Wastewater 4.5460.14 5162 10663

D1, D2 Low 9763 P solution 0.4260.01 560615 1060.3

E1, E2 Medium 651621 P solution 2.8060.09 8363 6562

F1, F2 High 1188646 P solution 5.1160.20 4662 11965

aresidence time = pore volume divided by flow.
doi:10.1371/journal.pone.0069017.t002

Figure 1. Results of the experiment to determine the time
needed for the P to react. Ratio of dissolved P concentration and
initial dissolved P concentration (C/C0), and pH in the wastewater and
phosphate solution versus contact time.
doi:10.1371/journal.pone.0069017.g001
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A linear model based on the factor main effects was fitted to the

Ptot binding capacity data (Eq. 2). The fit was good (R2
adjusted

= 0.96) which means there is a strong linear relationship between

the two factors and Ptot binding capacity. In Eq. 2, influent source

must be set to 21 for wastewater filters and to +1 for P solution

filters; the unit of loading rate is L m22 d21. The equation can

only be used within the levels of loading rate (and the

corresponding residence times) investigated in this study.

Ptotbinding capacity~1:3655{0:00098|load

z0:115|influent source
ð2Þ

Eq. 2 can be used to demonstrate the effects of influent source

and loading rate by quantification: when increasing the loading

rate from 100 to 1200 L m22 d21, Ptot binding capacity decreased

Figure 2. P breakthrough curves and pH in the effluent of the column experiment. Ratios between effluent and influent dissolved P
concentration (unfilled markers) and pH (filled markers) over bed volumes for low loading rate filters (A), medium loading rate filters (B) and high
loading rate filters (C). The horizontal dashed lines show the criteria for breakthrough and saturation.
doi:10.1371/journal.pone.0069017.g002
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from 1.152 to 0.070 g kg21 for wastewater filters and from 1.382

to 0.300 g kg21 for phosphate solution filters (Eq. 2). Holding the

loading rate at the low level, the average Ptot binding capacity of

wastewater-fed filters was 1.152 g kg21 as opposed to 1.382 g kg21

for phosphate solution filters. As the model fits the data well, these

calculated values are very close to the Ptot binding capacities

shown in Fig. 3.

pH generally decreased over time in all filters (Fig. 2, Table 3).

Wastewater filters had a significantly lower start pH and mean pH

compared to phosphate solution filters. When the filters were

saturated, the pH was equally low for all filters (on average

8.760.3, Table 3). The redox potential was positive for all filters

throughout the experiment; the average redox potential was

significantly lower in the wastewater filters compared to phosphate

solution filters. For phosphate solution filters, increasing the

loading rate led to an increase in mean redox potential which was

not observed for the wastewater filters (Table 3).

Particle-bound P escaped from the filters, which is shown by the

concentration measurements of particle-bound P as well as TSS

and turbidity measurements in the effluent (Table 3). For all but

the low loaded phosphate solution filters, turbidity and TSS were

significantly positively correlated. The turbidity and the total mass

of TSS in the effluent were significantly higher in wastewater

filters, and turbidity significantly increased with increasing loading

rate. Both TSS and the average concentration of particle-bound P

in the effluent showed an increasing trend over loading rate

(Table 3).

The reduction of TOC and DOC in the wastewater filters was

71% and 75%, respectively. One-way analyses of variance showed

no significant effect of loading rate on the effluent TOC, DOC

and particulate OC nor on the reduction of TOC and DOC (in %)

in the filters.

Discussion

Reliability of produced data
In this study, a replicated factorial design was used producing a

solid and valid evaluation. The effect of influent source and

loading rate could be quantified using a regression model (Eq. 2)

and also tested for statistical significance. The regression was

significant (p = 0.000) and the high value of R2
adjusted = 0.96

indicates a good fit to the data. The model is valid (showed no lack

of fit). The replicated filters generally showed very similar

responses (Fig. 2, Fig. 3, Table 3). The pure error was therefore

very small indicating a high reproducibility of the experiment. For

the aforementioned reasons, the estimations of the factor effects

made in this study can be considered reliable.

When the effect of different factors is to be investigated, a solid

design is necessary to enable a comparison between the levels of

those factors. The factors studied here, influent source and loading

rate, have been previously studied, although their effects were not

the main focus of those studies. Therefore, the comparison

between their levels has been difficult either because of the lack of

replicates and too few observations at each level [6,13], or because

standard deviations were not presented [4], or because the effects

were influenced by nuisance factors such as different influent P

concentrations [6].

Effect of loading rate
The loading rate affected the determined Ptot binding capacity

in this study negatively (Fig. 4). To understand the negative effect

of loading rate in this study, it is important to look at the processes

in the filter. When the filter material makes contact with water,

calcium (Ca) ions probably hydrolyze through the weathering of

Ca-containing compounds in the material, reacting with phos-

phate and precipitate. The precipitates are then physically/

mechanically retained in the filter. The negative effect of loading

rate could be explained by an increased wash-out of P precipitates.

In this study, the concentration of particle-bound P in the effluent

showed an increasing trend with loading rate (Table 3) which

means that more particle-bound P was washed out at higher

loading rates. This effect was observed for both influent sources,

however it was less pronounced for the wastewater filters because

of the retention of particles contained in the influent wastewater.

Influent particles in the wastewater that accumulated in the filter

might also have enhanced the filters’ ability to filtrate (small)

particles. Another explanation for the lower Ptot binding capacity

at high loading rates could be the washout of reactive Ca ions

which has been observed in a study by Ádám et al. [4]. The

negative effect of loading rate could also be explained by a poor

contact between influent and filter particles: Suliman et al. [14]

showed with tracer tests that increasing the loading rate can lead

to a higher preferential flow and less porosity used for active flow.

Figure 3. Ptot binding capacity for phosphate solution and
wastewater filters at the three loading rates applied. The P
binding capacity of the wastewater filters is made up of two parts: one
part is due to the uptake of dissolved P (gray bars) and the other part is
due to the uptake of particle-bound P (cross-hatched bars).
doi:10.1371/journal.pone.0069017.g003

Figure 4. Scaled and centred effects of the investigated factors
on Ptot binding capacity. The error bars show the 95% confidence
interval on the effect value. The scaling of the data makes the
coefficients comparable.
doi:10.1371/journal.pone.0069017.g004
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Increasing the loading rate also implies a shorter residence time

of the solution in the filters. Filtralite PH-filters are usually

constructed as subsurface horizontal flow filter beds implying that

the area used for the calculation of the hydraulic loading rate

would be the cross-sectional area. It can be debated as to whether

residence time or loading rate is the relevant design parameter for

filters. Most probably, both parameters are of importance: loading

rate is the factor governing the pore velocity in the filter and can

thus influence surface reactions on the material as well as the

fixation of Ca-P precipitates on the surfaces of the filter particles

and between particles. Residence time, on the other hand,

determines the time available for Ca-P precipitates to form and

to form bigger particles e.g. hydroxyapatite (Hap) crystals. This

study shows that the time needed for the formation of Ca-P

compounds is short (Fig. 1). Also, Hap has been shown to form

within minutes at pH 9 in the presence of boehmite [15]. This

indicates that a short residence would be sufficient and the

hydraulic loading rate would be the more relevant parameter.

However, P breakthrough in the filters occurred quickly: before

the first samples were taken for all wastewater filters and for filters

E1, 2 (Fig. 2) although the first samples were taken after 5 days for

the low loading rate filters, after 2 days for the medium loading

rate filters and after 1 day for the high loading rate filters. This

rapid breakthrough was unexpected because the levels of loading

rate chosen (96, 638 and 1122 L m22 d21) were well in line with

the hydraulic loading rates used in full-scale Filtralite PH-facilities

that used loading rates of 90 to 160 L m22 d21 [9], 222 L m22

d21 [16], 250 L m22 d21 [17] and 444 L m22 d21 [18]. Very

high loading rates of several thousands of L m22 d21 have been

applied in some facilities that have removed 99% P in the first

three years [19]. Therefore, the loading rates used in this study

seem justified. However, the size of the filter bed we used was

small (100 g of material per filter column) and therefore, the

residence times of the filters were short (49 min, 85 min and

9.5 h). The previously mentioned full-scale facilities use residence

times of about 1.7 days [19], 2.9 to 5.6 days [9] and about 18 days

[16]. Therefore, despite the short reaction time (Fig. 1), the

residence time seems to play a major role in P retention and might,

for the material investigated, be the more relevant parameter.

Possibly, the residence times connected to the chosen loading rates

in this study were too short for the precipitates to agglomerate or

crystallize to particles that were big enough to be physically

retained in the filter matrix. Also, mechanisms other than Ca-

phosphate precipitation might contribute to the retention of P in

the material. In used FiltraliteH P, Ádám et al. [16] found P bound

to surfaces of aluminium-containing particles. These surface

processes might take more time and therefore require a longer

residence time.

Effect of influent source
Although the effect of the different influent sources was less

pronounced than the effect of loading rate, the Ptot binding

capacity in the wastewater filters was significantly lower compared

to phosphate solution filters (Fig. 4). This agrees with the findings

of Ádám et al. [6] whose P solution-fed column treated a higher

cumulative amount of P before breakthrough compared to their

wastewater-fed column. Three possible explanations for this will

now be discussed: a different pH regime, inhibition of Ca-

phosphate formation by humic substances and clogging of the

filter by accumulation of particles with the formation of a biofilm.

Both the start pH and average pH (over the experimental

runtime) were significantly lower in the wastewater filters (Fig. 2,

Table 3) which could explain the higher outflow P concentrations

Table 3. Effluent parameters for the filters and influent concentration of particulate P.

Wastewater filters P solution filters

Parameter A1,2 B C1,2 D1,2 E1,2 F1,2

Loading rate low med high low med high

Number of treated BV until saturation Mean 65 117 85 112 145 113

SD 2 – 34 0 5 4

Start pH Mean 9.5 8.9 9.2 11.2 9.9 10.3

SD 0.0 – 0.1 0.0 0.0 0.1

Average pH Mean 9.0 8.7 9.0 9.6 9.3 9.3

SD 0.0 – 0.0 0.0 0.1 0.2

End pH Mean 8.8 8.5 8.8 9.1 8.7 8.5

SD 0.0 – 0.1 0.3 0.4 0.0

Average redox potential [mV] Mean 85 90 82 108 127 183

SD 2 – 7 9 6 5

Average TSS [mg L–1] Mean 8.1 14.1 13.6 1.0 2.3 3.2

SD 1.3 – 5.1 0.7 0.3 0.0

Average turbidity [NTU] Mean 4.6 7.1 7.0 0.7 3.1 8.3

SD 1.1 – 1.2 0.0 0.3 1.2

Average concentration of particulate P [mg L–1] Mean 0.6 0.9 0.6 0.2 0.6 1.1

SD 0.1 – 0.8 0.1 0.0 0.6

Influent concentration of particulate P [mg L–1] Mean 2.9 1.2 1.3 – – –

SD 0.0 – 0.2 – – –

Filters shown in one column are replicates (SD: standard deviation of replicates, BV: bed volumes).
doi:10.1371/journal.pone.0069017.t003
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in the wastewater filters right from the beginning and thus the

early breakthrough and the lower Ptot binding capacity. A great

part of the soluble organics in wastewater are volatile acids, most

of them being acetic acids [20]. The wastewater is a buffer solution

in itself, thus decreasing the buffer effect of the material resulting

in a lower outflow pH compared to the phosphate solution filters.

Ca-phosphate precipitation, however, is favoured at high pH [21].

Song et al. [22] found that the saturation index of Hap is a

polynominal function of the solution pH and increases when pH

increases from 7 to 11. Hap is a stable Ca-phosphate phase that is

likely to be formed in P filters and has been found in filter

materials after use [23,24].

The average pH in the wastewater filters was 8.7 and 9.0

(Table 3), which is the pH range within which humic substances

can inhibit the precipitation of Ca-phosphates. The inhibitory

effect is pronounced at pH 8, small at pH 9 and non-existent at pH

10 [23]. This effect has been attributed to the combination of

humic substances with Ca, but also to the blocking of active

growth sites on newly nucleated Ca-phosphate precipitates by

organic matter [23].

The reduction of DOC in the wastewater filters was as high as

75% (see chapter 3.2) indicating a sorption of DOC in the filters. It

has previously been suggested that the formation of Ca-phosphate

precipitates is responsible for the removal of dissolved organic

matter: newly formed Ca-phosphate precipitates have a large

surface area and adsorb the organic matter [23]. Particulate

organic matter was removed by filtration, indicated by an average

TOC reduction of 71%. The retained organic matter in the filters

may have clogged the filter and contributed to the formation of a

biofilm layer on the filter particles which possibly hampered the

dissolution of Ca from the material. If less Ca is dissolved, the Ca/

P ratio is lower. Song et al. [22] found the Ca/P ratio to increase

the saturation index for Hap. As Hap is an important reaction

product, the Ca/P ratio may be a relevant parameter governing P

removal. Song et al. [23] further suggested that organic matter

(other than humic substances) consumes Ca but is not precipitated,

which would mean in this case that Ca may have been washed out

by organic matter, thus decreasing the Ca/P ratio further. Biofilm

formation and decreased Ca dissolution could therefore explain

the lower P binding capacity (Fig. 3) and lower numbers of bed

volumes that could be treated with the wastewater filters (Table 3).

Factor settings in laboratory filter tests
In one way or another, laboratory tests need to be accelerated in

comparison to full-scale filters to obtain results in a reasonable

amount of time. Therefore, at least one filter parameter must

change. Hydraulic loading rate seems to be an unsuitable

parameter to adjust in order to decrease the time needed for

testing, as it had a significant negative effect on the Ptot binding

capacity in this study (Fig. 4) and previous studies [4,13].

Increasing the influent P concentration can affect P binding

capacity both negatively (unpublished data) and positively [4],

although in the former study data were evaluated until

breakthrough whilst in the latter, data until saturation were used.

Using a synthetic P solution, instead of wastewater, would

overestimate the determined P binding capacity because of the

negative effect of wastewater (Fig. 4). A way of compensating for

this effect would be to adjust the achieved P binding capacity with

a correction factor. Based on the results of this study, the

correction factor would be 0.8 if the experiment is carried out at

the low loading rate.

When down-sizing a full-scale filter to laboratory scale, all

parameters (such as hydraulic loading rate and influent properties)

could be held at the same level while only the residence time

would decrease. This approach seems reasonable as the time

needed for the reaction of P in the filter material was very short

(Fig. 1). However, the reaction time was determined using fresh

material only and probably changes over the operational lifetime.

Furthermore, the time needed for the reaction does not equal the

residence time that is necessary for P retention: the growing of Ca-

P crystals that can be retained in the filter might take more time

than the actual reaction of dissolved P with Ca. As breakthrough

in our experiment occurred earlier than would have been expected

from full-scale filter usage, residence time seems to be an

important design parameter for both laboratory and full-scale

filters, at least for the material investigated in this study. To

increase residence time in laboratory filters, however, would

considerably prolong the duration of the testing.

Conclusions

The effects of hydraulic loading rate and influent source on the

P binding capacity of FiltraliteHP was investigated in a replicated 22

factorial laboratory experiment. Ptot binding capacity was signif-

icantly affected by both hydraulic loading rate and influent source.

Hydraulic loading rate affected Ptot binding capacity more strongly

than influent source. An interaction effect of the two factors was

not present. Increasing loading rate from 100 to 1200 L m22 d21

caused the Ptot binding capacity to decrease from 1.15 to 0.07 g

kg21 for wastewater filters and from 1.38 to 0.30 for phosphate

solution filters. At a loading rate of 100 L m22 d21, the average

Ptot binding capacity of wastewater filters was 1.15 g kg21 as

opposed to 1.38 g kg21 for phosphate solution filters. Hence,

altering these two factors in the laboratory can lead to misleading

results that do not reflect a material’s expected performance in

field.

The time needed for the reaction of P in fresh filter material was

determined to be 5 minutes when phosphate solution was used.

Using wastewater, the reaction took longer: after 15 min, the

remaining dissolved P in the solution was about 1%. This suggests

that a rather short residence time in the filter would be sufficient.

However, the reaction times were determined using fresh material

and might change with time. Furthermore, as breakthrough in the

experiment was reached unexpectedly quickly compared to full-

scale filters, there is evidence that it is important to consider not

only hydraulic loading rate but also residence time.
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Abstract 
 
P-sorbing filter beds appear to be viable options for treating wastewater to reduce P 
discharges and recover this non-renewable resource. However, greater knowledge of 
filters’ responses to temperature variations is required to assess their likely performance in 
full-scale applications and facilitate the transfer of laboratory results to the field. Thus, in 
the presented study two filter materials (Top16 and Polonite) were characterized 
physicochemically and effects of temperature on their performance were investigated 
under controlled laboratory conditions. Using a 22 factorial design and secondary 
wastewater eight filter columns were tested at temperatures of 4.3°C and 16.5°C. 
Temperature significantly ( =0.05) and strongly affected the P binding capacity of both 
materials, as it was 1.2- and 1.5-fold higher at 16.5°C than at 4.3°C for Top16 and 
Polonite, respectively. This is probably due to the enhanced precipitation of calcium 
phosphates at higher temperature. Observed reductions in total organic carbon content 
in the wastewater were also positively correlated with temperature, while the pH and 
reduction of dissolved organic carbon remained unaffected. The physicochemical 
analyses indicated that several calcium phases dissolved from the filter materials, primarily 
gypsum and bassanite from Top16 and Portlandite from Polonite. No clear evidence of 
any crystalline calcium phosphates was observed in the used materials. The results clearly 
show that temperature strongly influences the retention of P in filters and its effects 
should be carefully considered before using candidate filters in full-scale applications. 
 
 
Keywords: Polonite, Top16, constructed wetlands, reactive filter, secondary wastewater, 
small-scale 
 
 
1. Introduction 
 
The removal of phosphorus (P) in onsite wastewater treatment facilities can be enhanced 
by adding P-sorbing materials to constructed wetlands or retrofitting P-sorbing filters 
into existing facilities. A number of potential filter materials have been investigated 
(Johansson Westholm, 2006; Vohla et al., 2011), but many only at laboratory scale. The 
field performance and lifetime of these filter materials have proven dependency on 
several variables, including properties of the influent wastewater, the flow regime and 
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both the age and size of the filter. The P binding capacity of these materials, as 
determined in laboratory scale investigations, is also affected by diverse factors, including 
the influent P concentration (Herrmann et al., 2014), loading rate (Herrmann et al., 
2013; Herrmann et al., 2014) and influent type (Herrmann et al., 2013). Thus, the 
performance of filter materials in field conditions often differs substantially from 
predictions based on laboratory observations. For example, Renman and Renman (2010) 
found that filters containing Polonite removed less P when placed outdoors than when 
placed indoors, although the loading rate outside was lower. Besides the factors listed 
above, the temperature could also have influenced these results. In accordance with this 
hypothesis, Agyei et al. (2002) found that increases in temperature enhanced P binding 
to fly ash, slag and Portland cement. Furthermore, in many filter materials dissolved P is 
precipitated by calcium ions released by dissolving minerals, e.g. wollastonite, which has 
temperature-dependent dissolution rates (Sverdrup, 1990). The precipitation of calcium 
phosphates such as hydroxylapatite (HAP) is also affected by temperature because their 
solubility products (K) are temperature-dependent (Appelo and Postma, 1993). 
Therefore, the saturation index of HAP increases linearly with temperatures between 5 
and 30ºC, as confirmed by thermodynamic calculations (Song et al., 2002). In addition, 
temperature controls crystal growth (Wang and Nancollas, 2008) and is thus important 
for the formation of HAP and other types of calcium phosphate crystals. Temperature 
could also affect the performance of P filters indirectly by influencing growth rates of 
microbes in them. 
 
As laboratory filter tests are commonly performed at room temperature, temperature 
effects may explain at least some of the deviations between laboratory results and full-
scale performance. Variations in temperature may also contribute to unpredictable 
fluctuations in the performance of filter materials in field applications. However, effects 
of temperature on the P-binding capacity of P-sorbing materials have not been 
previously investigated under controlled conditions. Thus, in the presented study two 
filter materials were physicochemically characterized and effects of temperature on their 
performance when treating secondary wastewater under controlled conditions in the 
laboratory were investigated.  
 
 
2. Material and methods 
 
2.1. Materials 
 
The two filter materials investigated in this study were Polonite (from Bioptech AB, 
Sweden) and Top16 (from Envitop Oy, Finland). Samples of the materials (which came 
in ca. 30 kg bags) were formed by fractional shoveling and further divided using a riffle 
splitter to obtain representative sub-samples of appropriate sizes for the analyses and 
experiment. The sub-samples were then dried overnight at 105°C and brought to room 
temperature in an exsiccator. 
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2.2. Material characterization 
 
To characterize the materials, the following parameters were determined: total solids 
(TS), loss on ignition (LOI), total content of elements, mineral composition, particle size 
distribution (PSD), bulk density and porosity.  
 
The elemental analysis was performed using inductively coupled plasma sector field mass 
spectrometry (ICP-SFMS). X-ray powder diffraction (XRPD) analyses were performed 
on fresh samples of both materials and used filter material (one sample of each material 
taken from the filter column with the highest P binding capacity). Samples were wet 
ground and spray-dried to produce random powders, then their XRPD patterns were 
recorded from 2 to 75°2  using Cobalt K  radiation. 
 
The particle size distribution of each material was determined according to the Swedish 
standard (Swedish Standards Institute, 1992) using ca. 1.5 kg sub-samples and sieves with 
suitable mesh sizes (0.5, 1, 2, 2.5, 4, 5, 8, 10, 12.5 and 20 mm for Top16; 0.5, 1, 2, 2.5, 
4, 5 and 8 mm sieves for Polonite).  
 
The bulk density of Top16 and Polonite was determined using 4.1 kg and 4.6 kg 
samples, respectively. Both samples were split into 6 sub-samples using a riffle splitter. 
After drying and cooling, each sub-sample was placed in a measuring cylinder and its 
weight and volume were recorded.  
 
The porosity of the materials was determined by placing 500 ml water and 500 ml of a 
bulk sample of material (from representative portions of Top 16 and Polonite weighing 
2.7 and 3 kg, respectively) into a measuring cylinder and recording the total volume. 
The procedure was repeated 6 times with Top16 samples and 7 times with Polonite 
samples. 
 
2.3. Filter experiment 
 
2.3.1. Experimental design and set-up 
The effect of temperature on the P binding capacity of the two materials was investigated 
using a 22 full factorial design (Montgomery, 2009) with replicates (n = 2), as follows. A 
ca. 3 cm thick layer of glass beads was placed at the bottom of each of eight acrylic 
columns (diameter 7.4 cm), followed by 200 g of Top16 in four of the columns and 200 
g of Polonite in the other four. Two with each material were placed in a cooling 
container at a low temperature (4.3±0.4°C, resembling winter conditions for full scale 
filters) while the other four were kept in at room temperature (16.5±2.9°C, resembling 
conditions during laboratory tests). Wastewater (described below) was then continuously 
fed through them (via a peristaltic pump) in up-flow mode at an average loading rate of 
1.47 L d-1, corresponding to a surface load of 342 L m2 d-1 and residence time of 2.5 
hours (Top16) and 2.3 hours (Polonite). This loading rate corresponds to typical loading 
rates of full-scale filters with 900 mm diameter for two persons with an average water 
consumption of 109 L d-1. During the tests, a funnel filled with glass beads was put on 
top of the columns to ensure a smooth outflow, the effluent was collected in plastic 
containers and its weight was recorded. The experiments started on 2013-03-05 and 
were run for a duration of 111 days until 2013-06-24. 
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2.3.2. Influent 
The wastewater used as an influent was collected twice weekly from Ängesbyn 
wastewater treatment plant, which is located ca. 30 km north of Luleå, Sweden. At the 
plant, which serves 300 person-equivalents (pe), the incoming water is screened and then 
treated by an activated-sludge process involving use of an aeration tank and a 
sedimentation basin. The wastewater used for the experiment was sampled from the 
surface of the sedimentation basin. Phosphate solution (prepared with K2HPO4 and 
distilled water) was added to obtain the target P concentration of 12 mg P L-1. The 
following influent parameters were measured (Table 1): total P and dissolved P (total P 
in samples passed through a 0.45 m filter) contents; total organic carbon (TOC) and 
dissolved organic carbon (DOC) contents, the latter measured as TOC in samples passed 
through a 0.45 m filter; biochemical oxygen demand (BOD7); pH; redox potential; and 
total suspended solids (TSS) content. The temperatures of the influents (Table 1) were 
recorded half-hourly during the experiment.  
 
Table 1  Properties of the influent used in the filter experiment (mean ± standard 

deviation) 
Parameter Temperature
 Low High 
Temperature 4.3±0.4°C 16.5±2.9°C 
Total P [mg L-1] 11.7±1.34 12.1±1.17 
Dissolved P [mg L-1] 10.9±1.07 11.0±1.32 
TOC [mg L-1] 22.1±5.21 22.2±5.26 
DOC [mg L-1] 13.2±0.93 13.2±1.18 
BOD7

a [mg L-1] 12.5±6.2 10.8±4.3 
pH 7.3±0.17 7.2±0.15 
Redox potential [mV] 192±36 191±37 
TSS [mg L-1] 22.0±16.9 20.4±14.4 

a BOD7 was only measured on four occasions during the experimental period and the samples 
were frozen before analysis, which may have decreased the determined value. 
 
2.3.3. Effluent 
Twice weekly, the effluent was sampled and its amount recorded. The samples were 
analyzed with respect to total P, TOC and TSS. To determine the concentrations of 
dissolved P and DOC, concentrations of total P and TOC were also analyzed in samples 
passed through 0.45 m filters. pH and redox potential were measured in grab samples 
from the outflow at the same time as the effluent samples. 
 
2.3.4. Evaluation 
The filters were considered saturated when the ratio of dissolved P in the effluent to 
dissolved P in the influent was > 0.8. Dissolved P rather than total P was used for this 
criterion because the materials capacity to react chemically with P was of primary interest 
rather than their capacity to retain P mechanically. Moving averages were used to 
determine the saturation points in the breakthrough curves. Breakthrough was defined as 
the point at which the concentration of total P in the effluent exceeded 1 mg L-1, the 
maximum limit for Norwegian on-site wastewater treatment units (Heistad et al., 2006). 
The P binding capacity of the materials was calculated using Equation 1.  
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P binding capacity [g kg-1] = i

n

i

outin V
m
cc ⋅−

=1

)(
                                        (eq. 1) 

where: 
n = number of samples, 
cin,out = P concentration of the influent and effluent [mg L-1], 
Vi = volume of wastewater that passed through the filter between sample i-1 and i [L], 
and 
m = mass of the filter material [g]. 
 
The experimental data were evaluated using analysis of variance (ANOVA) and multiple 
linear regression as implemented in the MODDE software package (Umetrics AB, 2006). 
The significance level was set at  = 0.05.  
 
2.3.5. Analyses 
The pH of the samples was measured using a WTW pH330 pH meter with a WTW 
SenTix41 pH electrode, and their redox potential using a pHM95 pH/ion meter 
(Radiometer, Copenhagen). TSS was determined following the European standard EN 
872: 2005. All P analyses were performed using the ammonium molybdate spectrometric 
method (Swedish Standards Institute, 2005). Total organic carbon was analyzed using 
Hach Lange cuvette tests according to the standard method EN 1484. BOD7 was 
determined following the standard methods SS-EN 1899-1 and SS-EN 25814.  
 
 
3. Results and discussion 
 
3.1. Material characterization 
 
The results of the physical and chemical characterization of the materials are shown in 
Table 2 and Fig. 1. Top16 was generally coarser than Polonite (Fig. 1). According to the 
bulk density of the materials (Table 2), the bed volumes of the filter columns filled with 
Top16 and Polonite were 269 cm3 and 256 cm3, respectively. 

 
Fig. 1 Particle size distribution of the investigated materials  
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Table 2 Total solids (TS), loss on ignition (LOI), total elemental contents, bulk 
density and porosity of Top16 and Polonite. 

Parameter Unit Material
 Top16 Polonite 
TS % 82.6±0.3 96.1±0.7 
LOI % TS 8.1 9.8 
Si g kg-1 TS 4.4 272 
Ca g kg-1 TS 203 167 
Al g kg-1 TS 4.82 31.2 
Fe g kg-1 TS 78.6 17.5 
K g kg-1 TS 0.992 7.84 
Mg g kg-1 TS 12.5 4.46 
Mn g kg-1 TS 3.7 0.103 
S g kg-1 TS 118 0.424 
Ti g kg-1 TS 3.09 2.14 
Na g kg-1 TS 4.23 1.07 
P g kg-1 TS 0.046 0.28 
Bulk density g cm-3 0.745±0.023 0.781±0.006 
Porosity [ ] 0.573±0.008 0.560±0.022 

 
In the XRPD analyses of the fresh material, the minerals quartz, gypsum and bassanite 
were identified in Top16 and the minerals quartz, calcite, wollastonite and portlandite in 
Polonite. Calcite and wollastonite have also been detected in Polonite by Gustafsson et 
al. (2008). No clear evidence of any crystalline calcium phosphates was observed in the 
samples of either used material. In the used Top16 sample, gypsum and bassanite (which 
were abundant in the fresh sample) were not detected, indicating that these minerals 
completely dissolved during the experiment. The used Polonite sample was much similar 
to the fresh sample, the only obvious difference being a lack of evidence for any 
portlandite in it. 
 
3.2. Effect of temperature on filter performance 
 
Measurements illustrating the performance of the experimental filters at the two test 
temperatures are presented in Table 3 and discussed in detail in the following text. 
 
3.2.1. P binding capacity 
Temperature had a strong and significantly positive effect ( =0.05) on the P binding 
capacity of both materials (Fig. 2), i.e. the filters operated at 16.5°C retained larger 
amounts of both dissolved and particle-bound P than those operated at 4.3°C. However, 
the temperature effect was more pronounced for Polonite than for Top16 (Fig. 2). 
 
There are several possible explanations for the positive effect of increasing temperature 
on the P binding capacity of the materials because, as discussed below, it may have 
influenced the chemical reactions in the filters, microbial growth in them and/or the 
mechanical retention of P. 
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Fig. 2 Total P binding capacity of the investigated materials at the two temperatures 
(means for two replicate filters with standard deviations shown by error bars), and 
amounts of dissolved and particle-bound P retained by the filters (white and checkered 
part of the columns, respectively). 
 
Dissolved P is retained in the investigated materials because it reacts with calcium ions 
that are released from the filter materials into the water phase, where they form calcium 
phosphates and precipitate. This retention mechanism is shared with filter materials that 
contain lime and/or alkaline calcium silicates, including slags (Gustafsson et al., 2008) and 
coal ash (Yan et al., 2007). The equilibium constant K of an endothermal reaction 
increases with increasing temperature (Appelo and Postma, 1993). As the precipitation of 
calcium phosphates is endothermal, it is favored at high temperature. This is confirmed 
by Wajima and Rakovan (2013) who report the reaction of Ca2+ and PO4

3- in calcined 
paper sludge to be spontaneous and endothermic. It is thus likely that the increased P 
retention observed in the experiments conducted at 16.5°C was due to increased 
precipitation of calcium phosphates.  
 
On the other hand, the solubility of calcium minerals providing Ca2+ ions for the 
precipitation of phosphate (e.g. gypsum in Top16 and wollastonite in Polonite) is known 
to decrease with increasing temperature. However, as P retention increased with 
temperature, the supply of Ca2+ ions seems to be sufficient. The reactions between the 
filter materials and the wastewater also account for the increases in pH observed in the 
solution. As the solution pH was not affected by temperature (Table 3), the mineral 
dissolution reactions also appear to be unaffected by temperature. 
 
The influent wastewater collected from the activated sludge basin inevitably contained 
bacteria and other microbes, which will have consumed nutrients (Tchobanoglous and 
Burton, 1991), probably including some of the dissolved P in the influent, thereby 
incorporating it in the particulate organic matter and leading to its retention in the filters. 
It has been shown that removal of BOD and TSS in activated sludge basins increases 
with increases in temperature (Keefer, 1962) reflecting increases in activity of the bacteria 
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contained in the sludge. The specific growth rate of nitrifying bacteria has also been 
found to be a monotonically increasing function of temperature in the range of 15-25°C 
(Antoniou et al., 1990). In addition, rotifers (grazers of bacteria) are merely able to 
survive at 8°C but are more active at 20°C (Pajdak-Stós and Fialkowska, 2012). 
Furthermore, an optimum pH of ca. 7.8 (close to the pH in the Top16 filters, Fig. 3) has 
been determined for nitrifying bacteria (Antoniou et al., 1990). With bacterial activity 
and respiration increasing with temperature, the redox potential in the filters would be 
expected to decrease. However, this was not observed in the experiments (Table 3). 
 

 
Fig. 3 (a) ratio of total P concentrations in the effluent and influent, showing 
breakthrough point as a dashed line, (b) ratio of dissolved P concentrations in the effluent 
and influent, (c) pH of the effluent, and (d) cumulative amount of retained particle-
bound P. Influent concentrations C0 are given in Table 1. 
 
Some of the influent P was bound to particles (the difference in amounts between total P 
and dissolved P in the influent, Table 1), and some of the particle-bound P in the 
influent was retained in the filters (Fig. 3d), as reflected in the particle-bound P binding 
capacity (Fig. 2). The percentage of influent particle-bound P retained in both the 
Top16 and Polonite filters was lower at 4.3°C (41 and 12%, respectively) than 16.5°C 
(about 60% in both cases). In the Polonite filters the increase in retention of particle-
bound P with increasing temperature contributed to the enhanced P binding capacity 
(Fig. 2), probably because strong formation of biofilm at the high temperature narrowed 
the pores in the filter and thus enhanced mechanical retention. However, the small 
percentage (12%) retained in the Polonite filters at 4.3°C can be explained by escaping 
calcium phosphates (see section 3.2.3). Generally, the influent concentration of particle-
bound P was rather low (Table 1) and most of the P retained was dissolved P (Fig. 2) so 
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only a small part of the difference between total P binding capacities at the two 
temperatures can be attributed to the retention of particle-bound P. 
 
3.2.2. Breakthrough curves 
Generally, the total P and dissolved P concentrations in the effluent were lower in the 
filters operated at 16.5°C than in those operated at 4.3°C (Fig. 3a,b). At both 
temperatures, total P in all filter columns broke through before the first sampling 
occasion, i.e. effluent total P concentrations were >1 mg L-1 from the start of the 
experiment (Fig. 3a) due to incomplete reaction of dissolved P in Top16 (Fig. 3b) and 
particle-bound P escaping from Polonite (Fig. 3d, discussed in section 3.2.3.). Complete 
reaction of all dissolved P was observed only with Polonite filters at the very beginning 
of the experiment (Fig. 3b), particularly at the higher temperature, possibly promoted by 
abundant available Ca2+ ions provided by the dissolution of Portlandite (detected in the 
XRPD analysis, see section 3.1.), which may also explain the very high initial pH in 
these filters (Fig. 3c). 
 
The reaction of dissolved P with the filter material in the Top16 columns was 
incomplete from the start (Fig. 3b). This can be explained by the pH in the filters which 
was lower than in the Polonite filters (Fig. 3c). However, high pH favors the 
precipitation of calcium phosphates (Feenstra and De Bruyn, 1979). Possibly, the release 
of Ca2+ ions by the dissolution of bassanite and gypsum in Top16 did not provide as high 
a Ca/P ratio as in Polonite, which reduced the saturation index for calcium phosphates 
and thus the probability of their precipitation.  
 
3.2.3. Retention of particles 
The filters strongly reduced influent TSS contents (Table 3): by >80% in all cases except 
the Polonite filters at 4.3°C (62%). They were initially high in the effluent from Polonite 
filters, due to washout of reacted particulate P (81 mg L-1 at 4.3°C and 44 mg L-1 at 
16.5°C), but after this the TSS in the effluent from all filters was consistently well below 
10 mg L-1 at both temperatures, even after one occasion when the TSS content of the 
wastewater collected from the activated sludge basin was as high as 97 mg L-1. The 
influent concentration of particulate organic carbon was also substantially reduced by the 
filters, and the reduction was slightly but significantly more pronounced at the higher 
temperature (Table 3). The concentration of particulate organic carbon in the effluent 
from the filters was consistently low during the experiment (1.7±1.1 mg L-1) and not 
affected by either temperature or filter material. 
 
The concentrations of dissolved P in the effluent from the Polonite filters were initially 
very low (<1 mg L-1, Fig. 3b), and the P detected in the effluent was particulate (Fig. 
3d), as also manifested in the difference between breakthrough curves of total P and 
dissolved P (Fig. 3 a, b). The escape of particle-bound P from the Polonite filters was 
observed only at the beginning of the experiment, until ca. 115 bed volumes (BV), as 
manifested by the negative slopes of the curves in Fig. 3d. As the concentrations of 
particle-bound P were higher in the effluent than in the influent during this time and the 
effluent TOC concentrations were constant, the escaping particle-bound P did not 
originate from the influent wastewater and was therefore assumed to consist of particles 
of reacted P, probably calcium phosphates. The escape of particle-bound P from the 
Polonite filters was much more pronounced at 4.3°C than at 16.5ºC (Fig. 3d), probably 
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because calcium phosphates form more slowly at lower temperature, so the formed 
calcium-P particles were still very small and readily washed out of the filters.  
 
3.2.4. Redox potential, pH and retention of organic carbon 
Increasing the temperature from 4.3 to 16.5ºC did not affect the redox potential of the 
Top16 filters but slightly increased the redox potential of the Polonite filters (Table 3). 
The pH of the effluent from the filters differed considerably between the materials (Fig. 
3c), but was not significantly affected by temperature (Table 3). The pH was initially 
very high in the Polonite effluent (Fig. 3c), apparently due to the dissolution of 
Portlandite, as detected in the XRPD analyses. TOC contents in the wastewater were 
substantially reduced by the filters and the reduction was significantly affected by 
temperature, while influent DOC concentrations were reduced by ca. 25%, at both 
temperatures (Table 3).  
 
3.3. Reliability of the results from the filter experiment 
 
3.3.1. Influent quality 
Before passing wastewater through P filters in full-scale applications it should be 
mechanically and biologically pre-treated, typically in a septic tank and a subsurface 
wetland (sand filter bed) or a small aerated biological treatment unit. After pre-treatment, 
the BOD7 content typically ranges from 20 to 40 mg L-1 (SEPA, 1991), the 
recommended range for treating wastewater in P filters because high contents of organic 
matter can decrease the amount of available calcium ions in the solution (Song et al., 
2006). Both the concentrations of BOD7 and TOC measured in the influents during the 
reported experiment were low (Table 1) and well in line with the recommendations.  
 
3.3.2. Filter design 
As total P was detected in effluents from all filters from the start of the experiment (Fig. 
3a), the residence time of the wastewater in them might have been too short for all the 
dissolved P to react and precipitate. Increasing the filter size (and thus residence time) 
could lead to a more complete reaction of dissolved P. However, the residence time was 
sufficient to dissolve the calcium-containing minerals, as evidenced by the disappearance 
of gypsum and bassanite from the Top16 material and Portlandite from the Polonite 
material. 
 
3.3.3. Reliability of the statistical model 
The effects of temperature on each response variable listed in Table 3 were assessed by 
ANOVA. Total and dissolved P binding capacity data were log-transformed before 
analysis. The experimental (pure) error was small (as shown by the error bars in Fig. 2), 
indicating high reproducibility. The normality assumption for the residuals was fulfilled, 
except for the total and dissolved P binding capacity residuals, which slightly deviated 
from normality. This was considered acceptable because ANOVA is robust to the 
normality assumption (Montgomery, 2009). Generally, the variability of the raw data 
increased with temperature (for examples see the standard deviations in Table 3), thus 
the P retention processes seemed to be less stable at 16.5°C. However, the variability of 
the raw data was very small. In addition, values for R2 were high (Table 3), indicating a 
good fit of the linear model to the experimental data. 
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3.4. Relevance for full-scale applications 
 
The temperature of the wastewater in full-scale P filters varies seasonally and is also 
dependent on the design of the treatment unit. Wastewater temperatures in sewers 
depend on ground temperature and may be as low as 4 to 6°C during winter months in 
Finland (Sallanko and Pekkala, 2008). Therefore, in onsite treatment units the 
temperature of the wastewater reaching P filters is also likely to fall to such low levels 
during winter, especially if it is retained for several days in upstream biological pre-
treatment units such as subsurface constructed wetlands. Thus, the low temperature of 
4.3°C used in the experiments resembles operational conditions that are likely to prevail 
in full-scale filters for a substantial part of the year, particularly in areas with cool 
climates. Several problems related to low temperature were observed in the experiments, 
including reductions in P binding capacity (Fig. 2) and retention of particulate organic 
carbon (Table 3), together with increased washout of particle-bound P from Polonite 
filters (Fig. 3d). Therefore, laboratory results obtained at room temperature must be 
treated with caution, especially determinations of P binding capacity which could lead to 
overestimation of the material’s P retention under field conditions due to temperature 
deviations.  
 
However, it should be remembered that several factors other than temperature affect the 
P binding capacity of P-filters, notably the loading rate and thus residence time of the 
wastewater in them (Herrmann et al., 2013). It could be argued that increasing the 
residence time in laboratory filters would allow for more reliable transfer of laboratory 
results to the field. However, if the residence time is long enough crystalline calcium 
phosphates (e.g. HAP) can form (Drizo et al., 2006; Eveborn et al., 2009; Herrmann et 
al., 2014). Thus, as HAP precipitation rate constants sharply increase between 10 and 
40°C (Inskeep and Silvertooth, 1988), temperature effects could be even more 
pronounced with longer residence times.  
 
Because of the temperature dependence of the P retention mechanisms in the filter, 
temperature should be considered when performing laboratory investigations and room 
temperature might not always be optimal. 
 
4. Conclusions 
 
The total P binding capacity of laboratory-scale filters containing Top16 and Polonite 
significantly (  = 0.05) increased 1.2- and 1.5-fold, respectively, when the temperature 
was increased from 4.3°C to 16.5°C. The main reason for the increase appeared to be 
enhanced precipitation of calcium phosphates, which is favored at higher temperature. 
Furthermore, the higher temperature might also have supported the growth of P-
consuming microorganisms, thereby enhancing the retention of particle-bound P. The 
pH varied substantially between the two materials but was not affected by temperature. 
Reductions in TOC levels were positively affected by increasing the temperature, i.e. 
more particulate organic carbon was retained at 16.5°C. However, reductions in DOC 
levels were not affected by temperature. An escape of particulate P, presumably in the 
form of calcium phosphates, was initially observed from Polonite filters at 4.3°C. 
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Altogether, the results show that temperature is an important factor to consider when 
investigating P filter materials in the laboratory. As decreasing temperature decreased the 
retention of P, laboratory investigations at room temperature might provide 
overestimates of amounts of P that can be retained under field conditions. 
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Phosphorus filter units containing mineral-based sorbents with a high phosphate (PO4)
binding capacity have been shown to be appropriate for removing PO4 in the treatment of
domestic wastewater in on-site facilities. However, a better understanding of their PO4

removal mechanisms, and reactions that could lead to the formation of PO4 compounds, is
required to evaluate the potential utility of candidate sorbents. Models based on data obtained
from laboratory-scale experiments with columns of selected materials can be valuable for
acquiring such understanding. Thus, in this study the transport and removal of PO4 in
experiments with a laboratory-scale column filled with a commercial silicate-based sorbent
were modeled, using the hydro-geochemical transport code PHREEQC. The resulting models,
that incorporated the dissolution of calcite, kinetic constrains for the dissolution of calcium
oxide (CaO) and wollastonite (CaSiO3), and the precipitation of amorphous tricalcium
phosphate, Ca3(PO4)2, successfully simulated the removal of PO4 observed in the experiments.

© 2013 Elsevier B.V. All rights reserved.
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1. Introduction

Filters containingmineral-based alkalinematerials have been
shown to be viable options for removing dissolved phosphorus
(PO4) from pre-treated domestic wastewater in on-site facilities.
Numerous materials could be used in such filters (Johansson
Westholm, 2006; Vohla et al., 2011), but full-scale field-based
investigations are costly and time-consuming. Thus, thepotential
utility, performance and longevity of various materials for this
purpose have beenmostly investigated in laboratory-scale batch
and column experiments (Johansson Westholm, 2006; Vohla et
al., 2011). A problem associated with this approach is that

conditions in full-scale applicationsmay differ considerably from
laboratory conditions. Thus, robust models of the transport of
solutes and removal of PO4 in laboratory-scale filter columns are
required for screening candidate materials, investigating proba-
ble scale-up effects and optimizing operational parameters.
However, in order to model the retention of PO4 in filters
successfully, a better understanding of PO4 removalmechanisms
and reactions that could lead to the formation of P-compounds in
them is required. In previous research, some reactive phases
(Gustafsson et al., 2008) and some P compounds generated in
selected filter materials have been identified (Eveborn et al.,
2009; Gustafsson et al., 2008). Generally, for instance,
calcium-based filter materials release calcium ions to the
solution phase through kinetically constrained dissolution
processes and calcium-P compounds are subsequently precipi-
tated at high pH (Gustafsson et al., 2008).
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Despite such recent advances, the PO4 retention and P
product formation mechanisms are still not fully understood.
Thus, the overall aim of the study presented here was to
develop amodel describing the transport and removal of PO4 in
a reactive filter using the hydro-geochemical transport code
PHREEQC (Parkhurst and Appelo, 2011). Themodeling focused
on the removal of the PO4 in a compact filter filled with a
calcium-silicate sorbent. However, the developed model also
provides more general indications of possible reactions
involved in the removal of PO4 from filtered solutions.

2. Material and methods

2.1. General description of the research strategy

The hydro-geochemical transport code PHREEQC (Parkhurst
and Appelo, 2011), was used to model the transport and
reactions of PO4 solutes observed in previous experiments with
two replicates of laboratory-scale filter columns described in
detail by Herrmann et al. (2013). Briefly, a solution containing
13 mg L−1 P in the form of dissolved potassium dihydrogen
phosphate (KH2PO4), with a redox potential of 304 mV and a pH
of 5, was passed through the columns and the concentrations of
PO4 in the eluate were recorded. PO4 analyses were performed
using a Quattro spectrometer following the European standards
(ascorbic acid method) with modified digestion (persulfate
oxidation) (Swedish Standards Institute, 2005). The parameters
set in the codes matched the experimental parameters, and the
models were calibrated using data derived from the column
experiments under a similar loading rate to those applied in
full-scale field conditions. After calibration, the models were
tested by increasing the loading rate and themodel outcomewas
compared with effluent PO4 concentrations and pH from
laboratory filter columns with the same increased loading rate.
The laboratory experiments are described in Sections 2.4.2 and
2.4.3.

2.2. Material

The filter material investigated in this study was
Filtralite® P, a commercial silicate-based sorbent material
derived from Norwegian lightweight aggregate. Lightweight
aggregates are often processed natural materials that are
used for e.g., making lightweight concrete. In the parent
material of the light weight aggregate the clay mineral illite is
the dominant clay fraction (Jenssen and Krogstad, 2003).
According to a previous chemical analysis, the material
contains 269 g kg−1 silicon, 86.1 g kg−1 aluminum,
56.5 g kg−1 iron, 35.7 g kg−1 calcium and 28.3 g kg−1

magnesium. According to the product data sheet, Filtralite®
P has a porosity of ca. 0.6 and a bulk density of 370 kg m−3.

2.3. Investigation of mineral phases in Filtralite® P

In the present study, the characterization of the material
was extended by using X-ray powder diffraction (XRPD) and
Fourier transform infrared (FTIR) spectroscopy to identify the
reactive phases in both fresh and used samples of Filtralite®
P. For the XRPD analyses, samples were wet ground (in
ethanol) in a McCrone mill and spray dried to produce
random powders, then their XRPD patterns were recorded

from 2 to 75°2θ using Cobalt Kα radiation. For the FTIR
analysis, samples were ground in a mortar, mixed with
potassium bromide and pressed into pellets that were
analyzed using a Bruker IFS66v/S FTIR spectrometer in diffuse
reflection mode.

2.4. Modeling

The hydro-geochemical transport code PHREEQC (Parkhurst
and Appelo, 2011), uses the following one-dimensional (1-D)
advection–reaction–dispersion (ARD) equation:

∂c
∂t ¼ −v

∂c
∂xþ DL

∂2c
∂x2

−∂q
∂t ; ð1Þ

where C is the concentration in water (mol/kgw), t is time (s), v
is porewater flowvelocity (m s−1), x is distance (m) in themain
flow direction, DL is the longitudinal dispersion coefficient
[m2 s−1, DL = Dm / τ + aLv, where Dm is the molecular
diffusion coefficient [m2 s−1], τ the tortuosity factor and aL
the dispersivity (m)], while q is the concentration in the solid
phase (mol/kgw). The term∂q

∂t, the timederivative of q in Eq. (1),
represents concentration changes in the solid phase due to
reactions. A flux boundary condition (Cauchy boundary
condition) was set at x = 0, as the inlet feeding tube was
much smaller than the cross-section of the column (Parkhurst
and Appelo, 1999). At the column outlet (x = L, where L is
length of the column), a zero concentration gradient (Neu-
mann) boundary condition was applied.

The kinetically constrained dissolution of mineral phases
from Filtralite® P was modeled with a general rate law for
the change in solute concentration due to mineral dissolution
and precipitation reactions (Appelo and Postma, 2005):

R ¼ k
A0

V
m
m0

� �n

1−Ωð Þ; ð2Þ
where:

R is the overall reaction rate (mol L−1 s−1),
k is the specific rate (mol m−2 s−1),
A0 is the initial surface area of the mineral (m2),
V is the volume of solution (L),
M is the molar concentration of solid at a given time,
m0 is the initial molar concentration of solid,
n =2/3, and
Ω is the saturation state which equals the ion activity

product, IAP, divided by the solubility constant, k).

As mentioned above, the influent solution in the column
experiment used to calibrate and test the model contained
13 mg L−1 P in the form of KH2PO4, with a redox potential of
304 mV (converted to 5.1 Pe for PHREEQC) and a pH of 5. In
the model, concentrations of K and PO4, the redox potential
and the pH were adjusted to match the corresponding
experimental values. The influent solution used in the
model was brought to equilibrium with atmospheric CO2

(Table 1).

2.4.1. Model parameters
The settings of the model parameters are summarized in

Table 1 and further described in this section.
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2.4.1.1. Parameters used for model calibration. The laboratory
data were modeled in two different ways (model 1 and
model 2). To calibrate model 1, three parameters were varied
for each mineral phase until a good fit with the experimen-
tally derived breakthrough curve was achieved: the specific
rate constant k (Eq. (2)), the initial molar concentration of
solid (m0) and the initial surface area (A0). These parameters
were varied for both mineral phases (calcium oxide, CaO, and
wollastonite, CaSiO3) that were assumed (for reasons
discussed in Section 3.2) to kinetically dissolve from
Filtralite® P. In model 2, an additional parameter was
added: an initial amount of calcite (CaCO3) was varied until
a good fit with the laboratory pH was obtained.

2.4.1.2. Molecular diffusion coefficient. The molecular diffusion
coefficient (Dm) for free water was calculated using theWilke
and Chang equation (Wilke and Chang, 1955). The Dm of the

PO4 under the experimental conditions in this study was
determined to be 1.295 × 10−9 m2 s−1. It was assumed that
all the transported solutes had the same molecular diffusion.

2.4.1.3. Dispersivity. The longitudinal dispersion coefficient
(DL) and thus the longitudinal dispersivity (aL) were
estimated based on derivations by Jourak et al. (2013a,b).
First the Peclet number (Pe = vd / Dm) was calculated. Here,
d is the particle diameter. The effective diameter, d10, of
Filtralite® P in the calculation of Pe was 0.0012 m, in
accordance with the Filtralite® P supplier's specifications.
Then, the DL, and, thus, aL was estimated from a DL/Dm versus
Pe plot (Jourak et al., 2013a,b). The dispersivity of the packed
bed, a geometric characteristic of the porous medium (Bear,
1972), was calculated to be 0.00033 m. In PHREEQC, the
dispersivity was multiplied with (1 + 1/cells) at the column
end. This correction is recommended when modeling
effluent composition from column experiments (Parkhurst
and Appelo, 1999).

2.4.1.4. Phases. The phases included in the models, their
solubility products and reaction enthalpies are shown in
Table 2. Wollastonite (CaSiO3) and calcium oxide (CaO) were
assumed to be the kinetically dissolving phases in both model
1 and model 2. The choice of these dissolving phases is
discussed in Section 3.2. Several phases were included as
possible precipitating phases (Tables 1, 2): amorphous
tricalcium phosphate (ATCP), dibasic calcium phosphate
dihydrate (DCPD) and octacalcium phosphate (OCP), calcite
(CaCO3) and amorphous silica (SiO2(a)). In model 2, an initial
amount of calcite was added so that both dissolution and
precipitation of calcite were possible.

2.4.2. Modeled laboratory data
As also mentioned above, the models were calibrated to

fit data acquired from a previous laboratory experiment in
which a test solution was passed through two replicate filter
columns containing Filtralite® P. Results from this experi-
ment, including breakthrough curves (Fig. 2a) and effluent
pH (Fig. 2b), can be found in Herrmann et al. (2013). The
loading rate of the filter columns was 97 ± 3 L m−2 d−1,
similar to loading rates used in full-scale filters. Breakthrough
occurred after 16 bed volumes (10.4 d) and saturation after
112 bed volumes (BV) (72.5 d).

2.4.3. Laboratory data used to test the models
In order to test the models, they were run at a

considerably higher loading rate than used for calibration

Table 1
Parameters included in the model and their settings.

Parameter Formula or
acronym

Setting

Wollastonite CaSiO3(s) Kinetically dissolved, see
Table 3

Calcium oxide CaO(s) Kinetically dissolved, see
Table 3

Calcite CaCO3(s) Allowed to precipitate
and dissolve, see Table 3

ATCP Ca3(PO4)2(s) Allowed to precipitate
DCPD CaHPO4:2H2O(s) Allowed to precipitate
OCP Ca4H(PO4)3(s) Allowed to precipitate
Amorphous silica SiO2(a) Allowed to precipitate

Properties of inflowing solution:
Temperature 20 °C
pH 5
Pe 5.1
PO4

−3 39.9 mg L−1

K 16.136 mg L−1

C In equilibrium with
atmospheric CO2

Transport parameters:
Molecular diffusion
coefficient
of the PO4–P

Dm 1.295 × 10−9 m2 s−1

Dispersivity of the
packed bed

0.00033 m

Number of cells 10
Time steps 3350 s (97 ± 3 L m−2 d−1),

500 s (651 ± 21 L m−2 d−1)

Table 2
Dissolving and possible precipitating phases included in the model. k, solubility constant; ΔHr, reaction enthalpy.

Compound name Formula log k
[−]

ΔHr

[kJ mol−1]
Reference

Wollastonite CaSiO3(s) 12.996 −81.580 Allison et al. (1991)
Calcium oxide CaO(s) 32.6993 −193.91 Cox et al. (1989)
ATCP Ca3(PO4)2(s) −28.25 −87 Christoffersen et al. (1990)
DCPD CaHPO4:2H2O(s) −18.995 23 Smith et al. (2003)
OCP Ca4H(PO4)3(s) −47.95 −105 Christoffersen et al. (1990)
Amorphous silica SiO2(a) 2.71 13.97 Parkhurst and Appelo (2011)a

Calcite CaCO3(s) −8.48cp −9.611 Parkhurst and Appelo (2011)a

a Data from the database that is included in the PHREEQC software.
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reflecting full-scale conditions. The model outputs from these
runs were then compared to effluent curves obtained from
experiments in which the same test solution was passed
through two further replicates of the laboratory filter
columns (n = 2) at a loading rate of 651 ± 21 L m−2 d−1.

3. Results and discussion

In this section, results of the analysis of the material are
first presented, then the experimental data and model
outputs are compared.

3.1. XRPD and FTIR

The XRPD analysis indicated that there were large propor-
tions of amorphousmaterial in both used and freshmaterial, as
there was substantial background ‘noise’ in the XRPD pattern.
The crystalline phases identified were quartz, feldspars, calcite,
periclase and possibly spinel phases. Quartz and feldspar were
presumably residual phases from the clay material used to
produce Filtralite® P. Periclase and spinel phases could have
formed during the high temperature process used to make the
Filtralite® P. Calcite was presumably formed during hydration
and carbonation of the material at a later time. No obvious
crystalline calcium-bearing silicates were identified in the
material. Quantitative analysis of the collected data was not
possible due to the presence of the high proportion of X-ray
amorphous material.

FTIR spectroscopy has been successfully used to identify
reactive minerals in some alkaline-based sorbents in a previous
study (Gustafsson et al., 2008). The FTIR spectra of both used
and unused Filtralite® P are shown in Fig. 1. Peaks close to 712,
877, 1420, 1600 and 1793 cm−1 indicate the presence of calcite
in both used and unused samples, as they are characteristic of
carbonate in calcite. A peak at around 980 cm−1 indicates the
presence of silicate in both samples, and peaks attributable
to Si\O stretching are visible close to 465, 692, 777 and
1003 cm−1, which are typical for a clay mineral. Other peaks
(only in the spectrumof the fresh sample) characteristic of O\H
stretching close to 3694 cm−1 and 3642 cm−1 may be due to

the presence of Mg-rich biotite and Ca(OH)2. A further peak at
446 cm−1 is indicative of the presence of hematite in the
material, which would explain the relatively high analytically
determined Fe-concentration in the Filtralite® P (ca. 7%). In the
spectrum of the used sample (but not the fresh sample), a small
peak in the P\O stretching region close to 1035 cm−1 indicates
the presence of a phosphatemineral. The peak is not sufficiently
well resolved to allow identification, but its general position is
consistent with expectations for ATCP (Gustafsson et al., 2008).

3.2. Mineral phases used in the models

The laboratory data were modeled in two different ways
(model 1 and model 2). Model 2 differs from model 1 in a way
that it contains calcite not only as possibly precipitating phase
but also as initially available equilibrium phase. Based on the
results of XRPD and FTIR analyses, in bothmodel 1 andmodel 2,
calcium oxide (CaO) and wollastonite (CaSiO3) were selected
as the material phases that were subject to kinetically
constrained dissolution of Ca2+ and OH− ions required for
Ca–PO4 precipitation. Calcium oxide was detected using FTIR
spectroscopy, and was also shown to have disappeared after
using the material. Wollastonite was not detected with the
above analysis techniques. However, there was a large
amorphous component in the material whose composition
remained unclear. The presence of calcium silicates (such as
wollastonite) in Filtralite® P is very likely, considering its
chemical composition (Herrmann et al., 2013) and the
properties of the clay material used in the manufacturing
process. Wollastonite (CaSiO3) is a calcium silicate which has
also been found in other filter materials such as Polonite®
(Gustafsson et al., 2008), and was therefore chosen as a
dissolving phase in the models. As calcite was detected using
FTIR spectroscopy, it was included as an initial equilibrium
phase in model 2.

The possible precipitating Ca–P mineral phases chosen for
inclusion in bothmodelswere ATCP, DCP andOCP (Tables 1, 2).
Precipitation of themore crystalline phase hydroxyapatite was
not included in themodels, although it has been shown to form
inmanymaterials (Eveborn et al., 2009), because the residence
time of the solution in the laboratory filters was believed to be
too short for it to be at equilibrium. The chemical equilibria in
the filter are better described by amorphous phases such as
ATCP (Gustafsson et al., 2008). The hydro-geochemical calcu-
lations indicated that in both models, only calcite and ATCP
precipitated, and the FTIR spectra indicated the presence of
ATCP in the used sample (Fig. 1).

3.3. Discussion of the model

The experimentally-derived breakthrough curve (Fig. 2a)
obtained from the calibration experiment, with a loading rate
of 97 ± 3 L m−2 d−1, had three main parts. Initially, before
breakthrough (at about 10 bed volumes, BV) there was no
PO4 in the effluent and the pH remained above 10.5 (Fig. 2b).
From breakthrough to about 60 BV the curve sloped quite
steeply (Fig. 2a) and the pH decreased almost to 9 (Fig. 2b).
Finally, up to about 110 BV the slope was flatter and the pH
remained just above 9. Clearly, most of the PO4 was retained
in the columns during the first and second stages, as the
effluent concentrations of PO4 were relatively low. Thus, the
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Fig. 1. DRIFT FTIR spectra of unused and used Filtralite® P.

73I. Herrmann et al. / Journal of Contaminant Hydrology 154 (2013) 70–77



calibration of model 1 primarily focused on the first and
second part of the curve.

Model 1 (Fig. 2) was calibrated by adjusting the initial
molar concentrations of the two minerals assumed to be
initially present in the filter m0, their specific dissolution rate
k and their initial surface area A0 (Eq. (2)) until the output of
the model matched the first two parts of the experimental
curves adequately (Fig. 2a). The values for these parameters
that yielded a model fitting the laboratory data are shown in
Table 3. The dissolution rate was lower, but the initial
amount higher, for wollastonite than for CaO (Table 3).
Additionally, but only in model 2, the initial molar concen-
tration of calcite (Table 3) was adjusted until the model
output matched the experimental pH curve (Fig. 2b). The
assumed initial amounts of wollastonite, calcium oxide and
calcite seem reasonable as their summed calcium content
was consistent with the determined calcium content of the
material, which was 8.9 · 10−4 mol g−1.

The modeling indicates that the high rate of PO4 removal
before breakthrough (up to about 10 BV; Fig. 2a) was mainly
associatedwith the rapid dissolution of calcium oxide (CaO) and
subsequent precipitation of amorphous tricalcium phosphate

Ca3(PO4)2 (Fig. 3). After the breakthrough in model 1, the
calcium oxide was depleted and only the dissolution of
wollastonite governed the PO4 retention (second part of the
modeled curve), see Fig. 3. In the third part of the curve, at
BV N 60, model 1 did not simulate any PO4 retention at all,
although the laboratory data still showed that some PO4 was
removed, possibly due to adsorption/absorption reactions
occurring at relatively low pH (Eveborn et al., 2009; Gustafsson
et al., 2008). In the model, however, adsorption reactions were
not accounted for, and at BV N 60, wollastonite dissolution
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Fig. 2. Modeled calcium, modeled PO4 and mean (n = 2) measured PO4 concentrations (a) and modeled and mean measured pH (b) in the filter effluent vs. bed
volumes at a loading rate of 97 ± 3 L m−2 d−1. C/C0: the PO4 concentration at a given bed volume divided by the initial PO4 concentration of the influent
solution.

Table 3
Values of the adjusted model parameters in model 1 and model 2 (m0, initial
molar concentration of solid; k, specific rate; A0, initial surface area of the
solid).

Dissolving mineral Parameter

m0

[mol g−1]
k
[mol m−2 s−1]

A0

[m2 kg−1]

Wollastonite (both models) 7.5 · 10−5 10−7.1 0.45
Lime (CaO) (both models) 2.1 · 10−5 10−6.7 0.5
Calcite (only model 2) 2.4 · 10−4
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decreased (Fig. 3), hence calcium concentrations decreased and
pH declined substantially in model 1 (Fig. 2b). Such conditions
are un-favorable for the precipitation of ATCP, as calcium ions

precipitate phosphate efficiently only above pH 7 (Søvik and
Kløve, 2005). Therefore, precipitation reactions in model 1 were
observed to stop at that time (Fig. 2a).

It should be emphasized that model 1 was calibrated to fit
the initial parts of the empirically determined PO4 break-
through curve, and the fit for these parts was satisfactory
(Fig. 2a). However, the modeled pH values were generally
lower than the measured values (Fig. 2b). At BV N 40, the
difference between observed and fitted values increased with
increasing BV (Fig. 2b). When calcite was included as an
initial equilibrium phase in model 2, a better fit with the pH
data was obtained (Fig. 2b), however, the modeled Ca–P
precipitation was prolonged and hence, the model gave
higher than observed PO4 removal rates (Fig. 2a). A reason
for this could be the formation of a coating layer leading to a
passivation of the material in the experimental column.
Another reason could be that also the ATCP precipitation
might be kinetically constrained (i.e. equilibrium with ATCP
might not have been reached in the laboratory under the
given flow regime). A third reason could be the possible
presence and weathering of an alumino-silicate which would

Fig. 3. Modeled kinetically constrained dissolution of wollastonite and
calcium oxide (lime) vs. bed volumes at a loading rate of 97 L m−2 d−1.
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volumes at the higher loading rate (651 ± 21 L m−2 d−1). C/C0: the PO4 concentration at a given bed volume divided by the initial PO4 concentration of the
influent solution.
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increase the pH and favor the precipitation of calcite. These
three aspects were not considered in the model. The fact that
the PO4 removal rates in the experiment decreased at
BV N 10 (Fig. 2a), despite a high pH (Fig. 2b), could also be
due to confounding factors such as particle wash-out from
the column or preferential flow, and/or the dissolution of
unknown substances in the filter material that increased the
pH but not contributing to PO4 removal.

3.4. Testing the model

When model 1 was run at a higher loading rate
(651 L m−2 d−1), two features of the laboratory data were
confirmed: increasing the loading rate shifted the break-
through curve to the left and decreased the pH in both the
laboratory experiment and the model (Fig. 4). A shift of the
breakthrough curve to the left implies earlier breakthrough
and earlier saturation, both of which were observed in the
laboratory measurements and confirmed by model 1 (Fig. 4a).
Furthermore, model 1 for the higher loading rate fitted the
laboratory breakthrough curve reasonably well (Fig. 4a),
although it indicated that the filter's PO4 removal efficiency
was somewhat poorer (breakthrough occurred earlier and its
lifetimewas shorter) than empirically observed (Fig. 4b). These
deviations between predicted and observed values at the
higher flow rate might be due to simplifications in the model,
e.g., the neglect of (amorphous) calcium compounds other
than calcite, which could account for the lower pH and the
immediate drop of pH in the simulations (Fig. 4b). Another
potentially contributing factor is that the laboratory column
experiment was stopped several times for sampling the
effluent, and during the stops the material might have
recovered some PO4 binding capacity, as shown for slag
materials (Drizo et al., 2008). Such regeneration would not
have been captured by the models as they continuously
simulated events until the saturation point.

Calcium concentrations were not measured in the labora-
tory, but the modeling at the higher flow rate gave potentially
valuable insights about calcium-related processes in the filters.
Increasing the loading rate in the models decreased not only
the pH, but also the calcium concentrations in the effluent
before breakthrough in both models (Figs. 2, 4). Thus,
increasing the rate of transport through the material appears
to reduce rates of dissolution of calcium from the material,
presumably due to the associated reductions in residence time.
The dissolution of calcium fromwollastonite and calcium oxide
is a kinetically constrained process that possibly needed more
time than available at a high loading rate. Furthermore, the
lower pH at the higher loading rate probably decreased the
precipitation of calcium-phosphates in model 1, since a high
pH is important for this process, and thus impaired the
performance of the filter, as reflected in the early breakthrough
and saturation (Fig. 4a).

3.5. Practical implications and model limitations

The models were maintained in a comparatively simple
mode, which may facilitate adaption of this methodology
to assessments of other (new) filter materials that could
be potentially used for removing PO4 in on-site wastewater
treatment. They account for themain PO4 removalmechanism

that occurs in alkaline filter materials: the precipitation
of Ca–P compounds, which has also been observed in several
other filter materials, e.g., Polonite®, Filtra P, absol, blast
furnace slag and wollastonite (Eveborn et al., 2009). The
mineral phases in the developed models that were subject
to kinetically constrained dissolution, wollastonite and
CaO, are also probably contained in many other filter
materials, as is calcite which was included in model 2.
Therefore, the models are likely to be applicable to other
filter materials.

However, in order to use the models for robustly predicting
the performance and longevity of full-scale filters they need to
be further developed and tested, as they neglect several
potentially important variables and processes, such as adsorp-
tion processes that might occur in some filter materials, the
removal of particle-bound P from wastewater, and the effects
of bacterial growth in filters on PO4 removal. Furthermore, the
validity of simulations of scaled-up filters would need to be
validated using data from full-scale facilities.

4. Conclusions

The models developed in this study using the hydro-
geochemical transport code PHREEQC successfully simulated
the removal of PO4 in laboratory-scale filter columns
containing the calcium-silicate sorbent Filtralite® P. The
simulations suggest that calcium oxide (CaO), the calcium-
silicate phase wollastonite and calcite supplied the Ca2+ and
OH− ions required for PO4 precipitation. They also suggest
that the only precipitated Ca–P compound was amorphous
tricalcium phosphate (ATCP, Ca3(PO4)2). This is supported by
indications of the presence of ATCP in FTIR spectra of the
used Filtralite® P.
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Abstract The effects of particle-size distribution on the longitudinal dispersion coefficient
(DL) in packed beds of spherical particles are studied by simulating a tracer column experi-
ment. The packed-bed models consist of uniform and different-sized spherical particles with
a ratio of maximum to minimum particle diameter in the range of 1–4. The modified version
of Euclidian Voronoi diagrams is used to discretize the system of particles into cells that each
contains one sphere. The local flow distribution is derived with the use of Laurent series. The
flow pattern at low particle Reynolds number is then obtained by minimization of dissipation
rate of energy for the dual stream function. The value of DL is obtained by comparing the
effluent curve from large discrete systems of spherical particles to the solution of the one-
dimensional advection–dispersion equation. Main results are that at Peclet numbers above 1,
increasing the width of the particle-size distribution increases the values of DL in the packed
bed. At Peclet numbers below 1, increasing the width of the particle-size distribution slightly
lowers DL.

Keywords Longitudinal dispersion coefficient · Packed beds · Particle-size distribution ·
Euclidian Voronoi diagrams · Mass transfer

1 Introduction

The phenomenon of dispersion in packed beds and porous media in general has been of
interest for researchers in a variety of engineering fields since the early experiments of
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2 A. Jourak et al.

Slichter (1905). Many experimental investigations have been performed to study the effects
of variables such as fluid velocity on dispersion in packed beds of uniform-sized particles
(for an overview see, Delgado 2006). Likewise, numerical studies that use Computational
Fluid Dynamics (CFD) to simulate the flow have mostly been focused on packed beds of
uniform-sized particles (see, e.g., Freund et al. 2005; Magnico 2003; Nijemeisland and Dixon
2004). Hence, one aspect of dispersion in packed beds and porous media in general that needs
more attention is the effects of particle-size distribution on the dispersion coefficients. This
information is highly important for a wide range of flows, for instance, solute transport in
soils, flow through reactors for shale oil retorting, and coal gasification and liquefaction
(Carbonell 1979a,b, 1980). The usage of different-sized particles as well as an increase in the
width of the particle-size distribution in a packed bed of spheres increases the randomness
and inhomogeneity of the system. In a packed bed of spheres, any systematic inhomogeneity
may lead to that the concentration front travel at different speeds and thus an amplification of
the longitudinal dispersion coefficient (DL) in a long system (see, e.g., Huang et al. 1995).
A consequence is that derived correlations to estimate DL from experiments performed
with packed beds of uniform-size particles cannot be used to predict DL in packed beds of
different-sized particles.

Despite the importance of effects of particle-size distributions on DL, only a limited
number of experimental investigations have been performed. Raimondi et al. (1959) and
Niemann (1969) observed that DLis larger for a system with a wide particle-size distribution
compared to one with a narrow particle distribution. Han et al. (1985) showed that for a
ratio of maximum to minimum particle diameter (dmax/dmin) equal to 7.3, the values of DL

are two to three times larger than with uniform-size particles. The increases of DL due to
the particle size non-uniformities were also observed by Wronski and Molga (1987) during
laminar liquid flow through packed beds with dmax/dmin = 2.13. The experiments of Guedes
de Carvalho and Delgado (2003) also revealed the same conclusion using ballotini with a
dmax/dmin = 3.15.

Like the experimental works, few authors have studied the effects of particle size on DL

numerically. Eidsath et al. (1983) performed some calculations on a two-dimensional (2-D)
spatially periodic array of cylinders of two different radii that indicated a strong effect of
particle-size distribution on DL. One result was that when dmax/dmin was enlarged from two
to five, DL increased by a factor of 1.5. Recently, Jourak et al. (2013a) studied the effects
of particle-size distributions on DL in 2-D randomly packed beds of circular particles in a
laminar flow regime. For Pem > 1 it was found that an increase in dmax/dminfrom 1 to 2, and
2 to 5, resulted in an amplified DL by 10 and 12 %, respectively.

As mentioned earlier, traditional CFD methods could successfully simulate the flow in
packed beds of uniform-sized particles. However, as pointed out in Jourak et al. (2013a),
CFD simulations of large systems of particles become very time-consuming. In addition, it
is difficult to discretize the particle–particle and particle–wall contact points. Nevertheless,
using the marker and cell method within CFD enables to handle large porous systems (Coelho
and Thovert 1997; Mourzenko et al. 2008), but the particle–fluid interface may be somewhat
distorted. Another approach for complex flow systems is the Lattice-Boltzmann method
that has been used to derive the detailed flow in porous media and in fixed-bed reactors
(Freund et al. 2005) even for moderate Reynolds numbers. However, it is also not well
suited for curved particle interfaces and tiny spacing between the spherical particles. As
an alternative an accelerated Stokesian dynamics method (Brady and Sierou 2001) can be
applied, but it requires inverting of large matrixes when the number of particles increases.
Besides, if deformation of porous media (filtration of particles, internal erosion, etc.) were to
be dealt with, methods like CFD would require a frequent remeshing of the system. Therefore,
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methods that enable fast remeshing could be preferable as in this study; see also Hellström
et al. 2010.

The dispersion in packed beds is often experimentally studied using a tracer column
experiment and by examining the spreading of an effluent curve. In a similar way, the mass
transport through randomly packed beds of polydisperse spheres is here simulated and the
resulting effluent curves are compared to solutions of the one-dimensional (1-D) advection–
dispersion equation with a constant DL. This method facilitates studies on how the dispersion
develops as the concentration front moves inside the system especially near the inlet and
outlet of the column. In addition, possible effects from the size of the system studied can be
examined. The simulation of the whole transport process inside the column, however, limits
the flow rate, i.e., the maximal Peclet number, Pem = ud̄

Dm
, to be studied. Here, d̄ is the average

particle diameter; Dmis the molecular diffusion coefficient; u is the average interstitial liquid
velocity, which is defined as u = U /ε, where U is the superficial liquid velocity and ε is the
bed voidage.

The main objective of this article is to examine the effects of particle-size distributions on
DL via detailed pore-scale simulations of flow and mass transport in randomly 3-D packed
beds of spheres in a laminar flow regime. The 3-D packed beds consist of thousands of resolved
spherical particles. The local flow distribution inside the Delaunay tetrahedrons is treated with
the use of Laurent series. Then, the whole flow pattern at low particle Reynolds number is
obtained by minimization of the dissipation rate of energy (Berlyand and Panchenko 2007;
Hellström et al. 2010) for the dual stream function. The particle-size distribution in the
obtained discretized packed-bed model is varied systematically to give a dmax/dmin in the
range of 1–4. In the different-sized packed-bed model, the small spheres can fill the gaps
in the interstices between large spheres. Therefore, the effects of particle size on DL were
studied both in a system with constant porosity, as well as in a system with minimal possible
porosity that can be obtained with given size distributions. The derived values of DL for
both uniform- and different-sized particle systems are presented as DL/Dmvs. Pem, and are
further compared to experimental results from the literature.

2 Numerical Setup

2.1 Random Packing Procedure

In general, the spatial distribution of particles in soil has a random character. In addition, the
size distribution of particles increases this randomness. There are several ways to get a random
close-packing structure. For example, by reduction of the size of initially dilute system after
each random redistribution (Maier et al. 2003) or a raining process, in which new particles
are inserted from the top of a volume and are allowed to fall into a local minima (Freund et
al. 2005; Frishfelds et al. 2003). This does not, however, necessarily imply low porosities.
The approach in this article is slightly different, where the initial distribution of particles
is made random with overlapping particles, in which the quantity of particles corresponds
to the intended porosity of non-overlapping particles. Then, the system is virtually shaken
until none of the particles overlap the others. The shaking of the system is made by a kind of
Brownian motion, whereby particles can jump in a random direction by a random small length
at each step (Chen and Papathanasiou 2008). However, the jumps that increase overlapping
of the particles are set to be less frequent according to the simulated annealing technique. It
is clear that with lower intended porosity, longer shaking is required. The default porosity in
the current study is 40 %, which requires typically more than 104 jumps for each particle to
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ba

ϕϕ

Fig. 1 a The space between four particles in a Delaunay tetrahedron showing the normal component of the
velocity distribution inside the gap. b Division of the cross-section between three particles in triangles

get a non-overlapping configuration. The shaking of the system is stopped as soon as a non-
overlapping configuration is obtained. In this configuration, particles have nearly limited
freedom as the particles nearly touch each other with the typical distance of the spacing
about million times lower than the radius of the particle. The resulting permeability varies
considerably with porosity of the system and follows the Kozeny–Carman relationship (see
Appendix A). The periodic boundary condition slightly hinders the formation of systems with
very low random porosities. This turns out to be especially true at some relatively smaller
values of the ratios of the system size to the particle diameter. The lowest porosity studied
here for monosized particles is 36.5 %. Lower porosities for random systems can be achieved
for different-sized particles, since the smaller particles can partially fill the spaces between
the larger particles. However, this depends on the particle size. For instance, if the diameters
of the particles are equally distributed in the interval from the minimal diameter to twice
the size of that, the lowest porosity that can be achieved is 35.5 %. Even lower porosities of
35.0 % or 34.5 % were achieved when the diameters of particles were equally distributed in
the interval from the minimal diameter to triple or quadruple the size of that, respectively.

2.2 Voronoi Discretization of Randomly Placed Different-Sized Particles

Voronoi discretization of a system of particles has several advantages: (1) it enables a geo-
metrical division of the system so that each cell contains one particle, (2) Voronoi surfaces
correspond approximately to positions of maximal velocity in a cross-section of the gaps
formed between the particles (see Fig. 1a) and has nearly zero vorticity, (3) the local porosity
around a particle corresponds well to that enclosed by the Voronoi cell. Voronoi diagrams
are mutually related to the Delaunay tessellation, which can be made by several algorithms.
One of the fastest approaches is by the Bowyer-Watson algorithm. It can handle periodic
boundary conditions for Delaunay tessellation (see, Thompson 2002), where the primary
system is surrounded by 26 periodic systems or domains. A tetrahedron that connects the
four closest particles can be such that particles belong to different domains at the boundary of
the system. In order to make initial tessellation for system with periodic boundary conditions
Thompson (2002) divided the system in eight parallelepipeds using eight nodes near corners
within the primary periodic domain and their periodic translations. The first larger one of
these parallelepipeds lies entirely within the primary periodic domain. The seven others are
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included to handle the periodic boundary conditions so that the periodic domain is exactly
covered. In this article tessellation starts just from one parallelepiped with just one particle
in a primary domain, which is divided in six tetrahedrons, whereas Thompson (2002) used
8 × 5 initial tetrahedrons. Sometimes, there could be degenerate cases (usually for regular
packings), which means that the Delaunay criterion is not well satisfied and several Delaunay
configurations can be obtained with this Delaunay criterion.

The usual Voronoi discretization works only if the radius of spherical particles is the same.
In the case of different-sized particles, however, traditional Voronoi diagrams can penetrate
through the larger particles. Therefore, Euclidian Voronoi diagrams are necessary, in which
a Voronoi point is equal-distant from the two nearest surfaces of the spherical particles. In
general, the Voronoi piecewise surfaces are hyperboloids (Kim et al. 2005) instead of planes
as for a traditional Voronoi discretization. The Voronoi vertices are here placed in positions
with equal distance to the four nearest surfaces of particles. This distance acts as the radius of
Delaunay sphere centered in the vertex. The Delaunay spheres define the Delaunay criterion,
on which the Euclidian Voronoi tessellation is made for the system of unequal particles; i.e.,
a valid Voronoi sphere does not touch or cross any other particles than the four used for the
building of that Delaunay sphere. In other words, no other vertex of another possible Delaunay
tetrahedron is within the given Delaunay sphere. The algorithm of finding the Voronoi vertex
is given in Gavrilova and Rokne (2003). There could be degenerated cases where there are
no vertices for four particles, e.g., if particles are aligned. However, these cases are handled
by assigning a very large radius of the Delaunay sphere, so that four given particles will
not form a Delaunay tetrahedron. Another problem that could appear in Euclidian Voronoi
diagrams is the “big brothers problem” (Kim et al. 2005), when a tiny particle is placed in
the middle of two huge particles. The Voronoi surfaces around the tiny particles can then be
without any vertices. Therefore, a workaround presented by Kim et al. (2005) is applied and
the tessellation is started with the largest particles, leaving the smaller ones to the final part of
the discretization. The hyperboloid Voronoi surfaces can cause some difficulties. Therefore,
planes replace hyperboloids after the Delaunay tessellation is made, so that each plane is the
tangent of the hyperbola at the point where the two spheres are closest to each other.

2.3 Flow Field

The flow field for the complete system of particles is seen as Stokesian flow of an incompress-
ible fluid. The Voronoi diagrams and Delaunay tessellations were used to sample the flow
field through a specific local configuration. Once the sampling was made, the flow field with
a proper technique could be extended to the whole system. A kind of network model can be
used for that purpose, e.g., building a numerical scheme with respect to the pressure value at
the center of each Delaunay tetrahedron. However, this approach limits possible improvement
of the method if higher accuracy is required. The approach herein is based on minimization
of the total dissipation rate of energy (Berlyand and Panchenko 2007; Hellström et al. 2010)

�[ψ] = μ

2

∫
ω2dV , (1)

where ω is vorticity and μ is dynamic viscosity. As a variational method, it can be improved
depending on available computational resources. The total dissipation rate of energy � should
be considered as a function of the stream function ψ, which is related to ω in the following
manner

ω = ∇ × u = ∇ × (∇ × ψ), (2)
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6 A. Jourak et al.

Fig. 2 Example of a Voronoi mesh of a 3-D system. Cross-sections are shown in the x − z plane (left) and in
the y − z plane (right). Shaded particles have the center behind the cross-section, the others in front of it. The
color represents component of the stream function for each particle normal to the corresponding cross-section

where u is the velocity. The stream function ψ is not strictly defined, as there are a lot
of possibilities to obtain the same velocity distribution. One way is to use divergence-free
additional requirements for ψ. Another method that was used in this study is the dual stream
function approach, where ψ has two components perpendicular to the main flow direction.

Assume a large porous system in the shape of a rectangular parallelepiped 0 ≤ x ≤
ax , 0 ≤ y ≤ ay, 0 ≤ z ≤ az with an average superficial velocity U directed along the z-axis,
the following boundary conditions can be specified for the dual stream function:⎧⎨

⎩
ψx (0, y, z) = ψx (ax , y, z), ψy(0, y, z) = ψy(ax , y, z) − ax U

2 ,

ψx (x, 0, z) = ψx (x, ay, z) + ayU
2 , ψy(x, 0, z) = ψy(x, ay, z),

ψx (x, y, 0) = ψx (x, y, az), ψy(x, y, 0) = ψy(x, y, az).

(3)

Then, the linear system of equations with respect to ψ can be solved independently, as
previously done for a 2-D case (Jourak et al. 2013a). An example of the distribution of the
dual stream function is shown in Fig. 2.

2.4 Flow Inside Delaunay Tetrahedron

The spherical particles used to form the porous bed are assumed to be impermeable; therefore,
the stream function is constant inside the particles. Consider a Delaunay tetrahedron, which
has four faces and each face consists of three spherical particles. If the tetrahedron is densely
packed, then there are channel-like openings through each face. The flow distribution through
a Delaunay face can be derived as in a channel with slowly varying shape along the length
of it. The dominant part of ω is in the position of the channel with the least cross-section,
i.e., Delaunay faces, whereas ω is insignificant near the center of the Delaunay tetrahedrons.
The assumption is also valid if the particles are not completely compact and equal sized,
which results in a shape of the cross-section channel as in Fig. 1. The cross-section can be
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Longitudinal Dispersion Coefficient 7

further separated into six sections (see, Fig. 1), i.e., two sections per particle. If the cross-
section forms a regular triangle, then the flow pattern up to a constant multiplier for velocity
component normal to the cross-section can be obtained by Laurent series

u ∼ u0 = R2 − r2

4
+ B0 ln

r

R
+

∞∑
n=1

Bn

[(
R

r

) πn
�ϕ −

( r

R

) πn
�ϕ

]
cos

[
πn

ϕ

�ϕ

]
(4)

where R is the polar radius of the particle as viewed in the given cross-section; r and ϕ

are polar coordinates with the reference point in the center of the particle; B0 and Bn are
constants; and �ϕ is the angle of the selected triangle, which for a regular case is 30 ◦. The
Laurent series automatically satisfies the viscous flow equation for the velocity component
u normal to the cross-section according to:

�u0 = −1 (5)

at any constants B0 and Bn (Drummond and Tahir 1984). Moreover, non-slip boundary
condition at the particles and ϕ = const are automatically satisfied. Constants B0 and Bn

should be chosen to fulfill the boundary condition at r cosϕ = x0, in which x0 is the position
of the Voronoi surface as viewed from the center of the particle. Summation over n in the
Laurent series (Eq. 4) convergences very fast especially at looser packing (Frishfelds et al.
2003); therefore, it is enough to take into account just the first three terms in the summation.
Equation (4) is extended to a general case of a non-regular triangle, where the circumcenter
of the triangle takes the role of the center-point.

The total flow through the face of a triangle can be expressed by a contour integral of ψ

over the perimeter of the cross-section according to:∫
ud S =

∮
ψdl. (6)

From this expression, the proportionality constant can be derived. The vorticity can be readily
calculated from Eq. 4 by differentiation. Thus, the integral of dissipation rate of energy (Eq. 1)
in a tetrahedron can be expressed in the quadratic form in the following manner:

∫
tetrahedron

ω2dV =
4∑

i=1

4∑
j=1

Ci j
( ∮

ψdl
)

i

( ∮
ψdl

)
j , (7)

where (
∮

ψdl)i is the total flow through the i face of the tetrahedron, and Ci j = C ji are
coefficients for the particular shape of the tetrahedron. The diagonal terms Cii are domi-
nating at least for dense packing. The volume integral of ω as derived from Laurent series
(Eq. 4) yields these coefficients. Another way would be to use CFD to obtain coefficients
Ci j , which will be done in later studies. The mass conservation is satisfied automatically
for any distribution of the stream function as div rot ψ= 0. The distribution of ψ follows
from the minimization of the total dissipation rate of energy, which creates a system of linear
equations.

2.5 Molecular Diffusion

The molecular diffusion needs to be included in the model as well. As the considered flow
rate is small, Pem ≤ 10, then a simplified version of the diffusion can be applied as the
effects of Taylor dispersion start to appear at higher flow rates for irregular packing, (Bear
1972; Brenner 1980). Molecular diffusion occurs primarily along the Voronoi faces. The

123



8 A. Jourak et al.

vertice of each Voronoi face is the circumcenter of the corresponding Delaunay tetrahedron.
Thus, the flow between two neighboring vertices goes through the face of three spheres of
the corresponding tetrahedrons; see Fig. 1b. The narrow gap between three spheres has a
channel-like form with varying area of the cross-section, S(ξ), with the smallest area at ξ =
0 when S(ξ) = S0. If the absolute value of ξ is equal to the radius of the smallest sphere,
then area, Sm, is obtained. In other cases, the area S(ξ) is

S(ξ) = Sm − 1

2

3∑
k=1

αk(R2
k − ξ2) = S0 + π

2
ξ2, (8)

where αk is angle of the triangle at the corresponding sphere, S0 = Sm − 1
2

∑3
k=1 αk R2

k . The
total mass-transfer resistance to the molecular diffusion is given by the integral (Lundström
and Gebart 1995)

1

Dm

∫
1

S(ξ)
dξ = 1

Dm

√
2

π S0
arctan

[√
π

2S0
ξ

]
. (9)

As can be seen, the most important part in the flow resistance originates just from a small
interval −√

S0 ≤ ξ ≤ √
S0 for dense packing, which is typically much shorter than the

radius of the particles. Therefore, arctangent yields just ±π/2. The flow rate through the
same face of three triangles is given by the integral

∫
ud S =

∮
ψdl, (10)

where the integration is taken along the perimeter of the triangle. Thus, the mass transport
between two adjacent vertices can be calculated. Then, by pairing all adjacent vertices, the
global mass transport is obtained.

2.6 Longitudinal Dispersion

The DL is obtained by comparing the effluent curve from the packed-bed model to the solution
of the one-dimensional (1-D) advection–dispersion equation with constant DL using fixed
concentration at the inlet and flux-free concentration at the outlet. The corresponding problem
is set by the following 1-D advection–dispersion equation:

∂c

∂t
+ u

∂c

∂z
= DL

∂2c

∂z2 , (11)

with boundary conditions

c = 0, 0 < z ≤ L , t = 0,

c = c0, z = 0, t ≥ 0,
∂c
∂z = 0, z = L , t ≥ 0.

(12)
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In Eqs. 11–12, c is the mean solute concentration, t is time, z is the distance in the main flow
direction, and L is the length of the packed-bed model. The approximate solution to Eq. 11
with boundary conditions (Eq. 12) is (van Genuchten and Alves 1982):

c

c0
= 1

2
erfc

(
z − ut

2
√

DLt

)
+ 1

2
exp

(
uz

DL

)
erfc

(
z + ut

2
√

DL t

)

+1

2

[
2 + u(2L − z)

DL
+ u2t

DL

]
exp

(
uL

DL

)
erfc

(
2L − z + ut

2
√

DLt

)

−
√

u2t

π DL
exp

[
uL

DL
− (2L − z + ut)2

4DLt

]
. (13)

Equation 13 provides an accuracy of four significant digits when either uL/DL > 100 or
uL/DL > 5 + ut/L (van Genuchten and Alves 1982). In the present simulations this condition
is satisfied when Pem > 0.01. Thus, the comparison with the analytic formula (Eq. 13) yields
an effective value of DL. Usually DL and the interstitial velocity u are fitted simultaneously
to the effluent curve due to possible variation of porosity in the system Huang et al. (1995).
However, the total porosity of the whole system in this article is very well fixed. Therefore,
the fitting of u is not required and fitting of Eq. 13 to the effluent curves is performed with a
fixed u, i.e., u = U/ε in order to derive DL.

2.7 System Setup

The dimension of the setups that was used for the numerical simulations is 0.1 × 0.1 × 1.0
m3 in a periodic box with the average flow in the z-direction. Previous results (Jourak et
al. 2012; Jourak et al. 2013a; Jourak 2013b) have shown that the width of the system with
periodic boundary conditions on the side walls is not an important parameter; it only reduces
the statistical variations. Therefore, the system can be kept relatively narrow while the length
should be as long as possible, since DL will not be constant as the flow front develops within
the packed bed. Experimental observations suggest that DL increases with increasing the
length of the system, but it usually stabilizes after a certain length (Han et al. 1985; John
2006). However, if the system has a changing structural character then DL may not stabilize,
e.g., due to wall effects (Maier et al. 2003). In the case of different-sized particles an even
longer system is required for DL to stabilize (Han et al. 1985; Jourak et al. 2013a).

The modeling was done with an incompressible liquid with Schmidt number Sc >> 1
(Guedes de Carvalho and Delgado 2003) and the flow was Stokesian for all the setups. In the
simulations, four particle-size distributions were used: uniform-sized particles, and distribu-
tions of particle diameters in the range of 8–16, 6–18, and 4.8–19.2 mm. These particle-size
distributions gave dmax/dmin in the range of 1–4. The diameters of particles are equally dis-
tributed in the given interval and weighting is made with respect to the number of particles.
The average particle diameter d in these systems was 12 mm so that the number of particles
in the system was around 7,000 depending on the porosity and particle-size distribution. The
porosities used in the simulations are described in Sect. 2.1.

3 Results and Discussion

A more uneven concentration front is obtained for different-sized particles as compared to
equal-sized particles; see Fig. 3. The reason to this is that the introduction of different-sized
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10 A. Jourak et al.

Fig. 3 Development of concentration at Pem = 10. a dmax/dmin= 1 and ε = 0.4. b dmax/dmin= 4 and ε =
0.345. Time is shown in units t/t0; t0 = L/u with L=1 m

particles creates an additional randomness to the system. Therefore, larger spatial variations
are expected and thus higher dispersion is possible for the whole system.

For all simulations performed, the maximal standard deviation of the relative concentra-
tion in one cross-section becomes lower as the flow front evolves within the packed bed,
as exemplified in Fig. 4. This value can vary from 0 to 0.5, where the latter corresponds
to the theoretical situation when half of the cross-section has concentration 0 and the other
half c0. For a consistent result, the relative concentration in one cross-section should obtain
the lowest possible value at t = L/u. However, to reach this status for Pem >> 1, a rela-
tively large system is required. The larger Pem the longer system must be set up to obtain a
constant DL. The variations in the particle size additionally increase the standard deviation
in the cross-section (Fig. 4) and an even longer system is required. The required length of
the system can be obtained by analyzing the concentration front shape during the evolution
(Jourak et al. 2013a). If there is a significant variation of the concentration in the cross-section
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Fig. 4 Variation of maximal
standard deviation in one
cross-section normal to the z-axis
versus non-dimensional time at
different Pem values; t0 = L/u
with L=1 m

Fig. 5 Flow-averaged (solid lines) concentration effluent curves for a system ε = 0.4, dmax/dmin= 4, and
L= 1 m versus non-dimensional time at Pem = 0.1, Pem = 1, and Pem = 10. Symbols (circle) represent
approximations via the analytical formula, Eq. 13. Dotted line represents a case with equal-sized particles;
t0 = L/u

normal to the flow direction at the front, then DL has not yet stabilized. If the position of the
front is further apart from the inlet, then the front has spread considerably in the longitudinal
direction, resulting in less variation in perpendicular directions. The given dimension of the
system herein, however, is sufficient to determine a proper value of DL at Pem < 100 (Jourak
et al. 2012, Jourak 2013b).

The analytical formula, Eq. 13, fit the effluent curves from equal- and different-sized
particle systems very well, and, thus, it was used to derive DL; see Fig. 5. The stagnant
regions of the system may create a longer tailing of the effluent curves, but Fig. 5 does not
show such behavior, which may be due to that the flow cannot be significantly blocked in
3-D as it can be for a 2-D case like perpendicular flow to parallel cylinders; see for example
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Fig. 6 Dependence of longitudinal dispersion on size variation of particles. Hollow symbols denote cases
with ε = 0.4, filled symbols show cases with minimal achieved porosity for given size distribution

Fig. 7 Calculated DL/Dm in a
packed-bed model with L = 1 m
for equal- and different-sized
particles in comparison to 3-D
experimental data from Gunn and
Pryce (1969), Edwards and
Richardson (1968), Blackwell et
al. (1959), and Coelho and
Thovert (1997)

Jourak et al. 2013a. At Pem = 1, the effluent curves from equal- and different-size particle
systems coincide with each other (see Fig. 5). Hence, at this Pem the influence of particle-size
distribution on DL is insignificant (see Fig. 6). However, there is a certain deviation at Pem=
10 and DL is higher for the system of different-sized particles (see Figs. 5, 6). Increasing the
width of particle-size distribution resulted in higher values of DL for Pem > 1 (see Figs. 6,
7). More specifically, as dmax/dmin is allowed to increase from 1 to 4, DLincreases by about
18 %, which is a larger increase than for the 2-D system studied in Jourak et al. 2013a. The
increase of DL as the particle-size distribution becomes wider is also in agreement with other
previous studies (Eidsath et al. 1983; Guedes de Carvalho and Delgado 2003; Han et al. 1985;
Raimondi et al. 1959; Wronski and Molga 1987). For Pem << 1, the DL slightly decreases
with an increase of dmax/dmin as a result of a higher tortuosity factor τ = lim

Pem→0

Dm
DL

in the

systems with different-size particles and constant porosity of 0.4 (see Fig. 6). The increase
of τ as the width of particle-size distribution increases (for a constant porosity) is probably
related to the increase of sinuosity of the flow path, as a result of accumulation of small
particles in the interstices between large particles. The effect of particle size on DL for
Pem < 1 was marginal in the previous 2-D article (Jourak et al. 2013a), which is likely to be
related to the 2-D approach that was used in that study.
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Fig. 8 Symbols (circle) show calculated permeability versus porosity. Line represents Kozeny–Carman for-

mula with multiplier 1.4: K
d̄2 = 1.4ε3

180(1−ε)2 ; d̄ is the average diameter of a sphere

As mentioned earlier, increasing the variation of particle-size distribution makes it possible
to obtain lower porosities since the small particles can fill the interstices between large
particles. Therefore, the effects of particle-size distribution on DL at reduced porosity for
the compact random system with the given size distribution were also examined. In the case
of reduced porosities, the values of DL are slightly lower than that with constant porosities
at Pem > 1 (see Fig. 6 for comparison between hollow and filled symbols at Pem = 10 and
Fig. 7 for comparison between solid and dotted lines at Pem > 1). However, a much higher
dependence of DL on porosity is observed at Pem << 1. The systems with reduced porosities
had much lower DL compared to those with constant porosities (see Figs. 6, 7). This is again
related to the increase of tortuosity factor as the porosity decreases (Lanfrey et al. 2010),
which in turn reduces the DL in the molecular diffusion regime; i.e., at very low Pem.

The dependence of DL obtained from different-sized particles system on Pem is similar
to the case of uniform-sized particles system. However, the slope is a bit larger for Pem > 1
due to the increase of DL as a result of increase in the width of particle-size distribution (see
Fig. 7). As can be seen from Fig. 7, the values of DL are in excellent agreement with previous
experimental data from the literature (Blackwell et al. 1959; Edwards and Richardson 1968;
Gunn and Pryce 1969; Coelho and Thovert 1997). This implies that the present approach to
derive DL and investigate the effects of particle-size distribution on DL can be considered to
be acceptable for a laminar flow.

4 Conclusions

A new method to derive the 3-D flow field through packed beds of randomly distributed
polydisperse spheres has been used to study the effects of particle-size distribution on DL.
The method is based on modified Euclidian Voronoi diagrams with sampling of flow patterns
for Delaunay tetrahedrons. By a proper selection of the first particles in the Bowyer–Watson
algorithm, it was possible to consider a system with huge aspect ratios. The flow field was
derived by the dual stream function approach enabling an application of the variational method
to obtain the overall flow pattern. This methodology provided a discretized packed-bed model
of spheres, in which the width of the particle-size distributions was changed systematically
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in order to investigate the effects of particle size on DL. A summary of the major findings is
as follows:

• The Thompson algorithm was found to be an effective method to handle the periodic
boundary conditions.

• The dual stream function approach enables effective flow visualization in packed-bed
models of polydisperse spheres.

• At Pem > 1, for a system with constant porosity of 0.4, increasing dmax/dmin from 1 to 4
increased the obtained DL by roughly 18 %. This increase in DL was less when a system
with a minimal possible porosity was studied.

• In the molecular diffusion regime (i.e., Pem << 1), for a system with constant porosity,
an increase of dmax/dmin decreases DL. DL decreases additionally when the system was
packed to the minimal possible porosity, which is due to the increase in the tortuosity
factor.
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5 Appendix A: Permeability

A fluid can only generate tangential viscous stresses on a solid surface with a non-slip
boundary condition. The viscous force exerted on the particle is an integral of vorticity ωsph

at the surface:

fviscous = μ

∫ ∫
sph

ωsph × nd S, (14)

where n is the normal direction related to the particle surface, and index sph denotes the
sphere. Then, normal force, in turn, depends on the pressure P distribution around the particle.
The force, for example, in the z-direction is:

fz,normal =
∫ ∫

sph

Pnzd S

= R2

2π∫
0

π∫
0

P(θ, φ) sin(θ) cos(θ)dθdφ = − R2

2

2π∫
0

π∫
0

∂ P

∂θ
sin2 θdθdφ, (15)

where axis θ = 0 coincides with z-axis, and inner integral has been integrated by parts.
According to the momentum equation, the change of pressure at the surface of the particle

is

1

R

∂ P

∂θ
= μ

∂ω
sph
φ

∂n
. (16)

where n is coordinate in normal direction from the surface of particle. Combining viscous
and normal forces results in the following force on the particle

fz = μR2

2π∫
0

π∫
0

(
ω

sph
φ − R

2

∂ω
sph
φ

∂n

)
sin2 θdθdφ. (17)

123
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The permeability tensor K can be obtained by summing drag forces to all the particles:

K
∑

i

fi = μV 〈v〉 , (18)

where i is the sum over all particles, V is the volume of the system, and 〈v〉 denotes the average
velocity of the system. Figure 8 shows the relationship between the obtained permeabilities
and porosities in the packed-bed model for uniform-sized spheres that are compared to
Kozeny–Carman formula.
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