
LICENTIATE T H E S I S

Department of Civil, Environmental and Natural Resources Engineering
Division of Geosciences and Environmental Engineering Field and Pilot-Scale Geochemical 

Investigations Into Using Sewage Sludge 
for Sulphidic Mine Waste Remediation

Peter Nason

ISSN: 1402-1757  ISBN 978-91-7439-384-2

Luleå University of Technology 2012

Peter N
ason   Field and Pilot-Scale G

eochem
ical Investigations Into U

sing Sew
age Sludge for Sulphidic M

ine W
aste R

em
ediation

ISSN: 1402-1757  ISBN 978-91-7439-XXX-X     Se i listan och fyll i siffror där kryssen är





Thesis for the Degree of Licentiate of Engineering 

�
�
�

�������	��
����������������������
�	����������	���	������	����������������
�������
��������	������������������	�

�
�

�
�
�
�
�
�

����������	�
�
�
�
 

Luleå University of Technology 
Department of Civil, Environmental and Natural Resources Engineering 

Division of Geosciences and Environmental Engineering 
 

February 2012 
 
 
 
 



Printed by Universitetstryckeriet, Luleå 2012

ISSN: 1402-1757  
ISBN 978-91-7439-384-2

Luleå 2012

www.ltu.se

Cover Image: Vegetated Sewage Sludge on Impoundment 1, Kristineberg Mine



������	��
Successful mine waste reclamation is a fundamental aspect in mine plan development and is 
legislated through the European Parliament’s ‘Management of Waste from Extractive Industries 
Directive (2006/21/EC)’. Field and pilot-scale trials were utilised to evaluate different 
applications of an alternative cover material, sewage sludge, in its ability to remediate and 
prevent acid rock drainage formation from sulphidic mine tailings derived from the Kristineberg 
Zn-Cu mine, northern Sweden. Sewage sludge is an organically-rich waste material generated 
from the treatment of domestic waste water. It may function suitably as a low permeable barrier 
against oxygen ingress when compacted or as a surface vegetation substrate. The first study 
focused on evaluating the effectiveness of a sewage sludge sealing layer, part of a composite dry 
cover design system. Data on tailings, leachate water and pore gas geochemistry during eight 
years from two experimental pilot-scale test cells revealed that the sludge was an effective barrier 
to oxygen influx, which prevented sulphide oxidation and acid rock drainage formation. Sludge-
borne metals (Cd, Co, Cu, Fe, Pb, Zn) precipitated and were retained in the underlying tailings 
due to the reduced conditions produced, resulting in low concentrations of dissolved metals 
(<10μg/L Cd, Co, Cu, Ni, Pb, Zn) in the drainage, several orders of magnitude lower than that 
from an uncovered tailings reference cell. However, a 19.6% mass reduction of the sludge due to 
organic matter degradation may compromise the effectiveness of the cover in the long-term. The 
second study evaluated the geochemical impact of a field-scale surface application of sewage 
sludge on the groundwater quality of a formally-remediated sulphidic-tailings impoundment. 
Thirteen years after initial remediation, 12 000 tonnes of sludge were applied to a depth of 0.3m 
to re-vegetate and stabilise the pre-existing water-saturated and composite dry cover design 
systems. After two years, a 17% reduction of the sludge volume occurred due largely to aerobic 
degradation of the organic matter fraction, leaching of the constituents Ca and S, and partially 
due to the leaching of Cu, Ni, Pb and Zn. Groundwater data indicated that sludge-borne 
constituents derived from the dry covered areas were prevented from infiltrating through the low 
permeable sealing layer. Instead they drained laterally through the protective layer to the 
impoundment toe and did not reach nor have a negative impact on the tailings groundwater. 
Oppositely, a major plume of sludge-borne constituents derived from the water-saturated area 
entered the tailings groundwater vertically unhindered, then dispersed laterally through the 
tailings due to the dominating hydrogeological regime. The plume migrated underneath the dry 
composite covered area after 2.2 years, where concentrations of Cu (188µg/L), Fe (254mg/L), Ni 
(263µg/L), Pb (95µg/L) and Zn (1.55mg/L) peaked. The plume included elevated nitrate 
concentrations (167mg/L) released from nitrification of ammonium in the sludge, which oxidised 
pyrite in the tailings. However, the effects were temporary due to declining sludge-borne nitrate 
and metal release from the sludge due to vegetation establishment after 2 years. The expected 
duration of the plume to disperse and exit the tailings impoundment is estimated to take another 4 
years. In conclusion, these studies have found that sewage sludge can be effectively utilised as a 
suitable alternative cover material within the study periods observed as a sealing layer and as a 
final vegetation substrate on composite dry covers, but not water-saturated covered systems for 
the remediation of sulphidic mine tailings. Further investigations will have to verify the 
effectiveness of these applications in the long-term. 
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1.�Introduction�
1.1 Background�
Sweden is a major metal producer in the EU and hence, produces large volumes of mining wastes 
generated both by ferrous and non-ferrous mineral extraction (Figure 1). In 2008, approximately 
59 million tonnes of mine waste rock and tailings were produced (Statistics-Sweden, 2008b) and 
this is set to rise with extraction increasing at large scale mines such as the Aitik Cu-mine. 
Effective remediation of mine waste in the wake of sulphide-mineral extraction is a fundamental 
aspect in mine plan development. It is legislated through the European Parliament’s 
‘Management of Waste from Extractive Industries Directive (2006/21/EC)’ which states that 
when a new waste facility is built, the competent authority must ensure that: 
 

� The facility is suitably located 
� Its physical stability must be ensured and soil, air and water pollution prevented 
� It must be monitored and inspected by competent persons 
� Arrangements must be made for the facility closure, including rehabilitation of the 

land and the after-closure plans 
�
�
�
�
�
�
�
�
�
�
�
�
�
�
�
�
�
�
�
�
�
�
�
Figure�1:�Map�illustrating�the�location�of�operational�mines�in�Sweden�in�2009�(SGU,�2009)�
�
1.2�SulphidicATailings,�Oxidation�and�Acid�Rock�Drainage�

Mineral extraction of sulphide-bearing ores by mining operations may generate large volumes of 
waste material. These have to be carefully disposed of in order to avoid contamination to 
peripheral environments such as surface and ground water courses, vegetation, animals and 
humans. One type of waste that is generated in large volumes is sulphide-bearing mine tailings. 
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It is the by-product material from the physical and chemical mineral processing of hard rock 
metal ores in order to produce a metal concentrate. As cut-off-grades of sulphide ores can be as 
low as 0.16%, such as the Aitik deposit in northern Sweden (Figure 1), tailings volumes can 
represent >99% of the extracted rock from a mining operation. During mineral processing, after 
the rock is crushed and ground to reduce the size fraction of the material, ore minerals are 
liberated from the gangue minerals using hydro-metallurgical processing (Lottermoser, 2010). 
This results in a material rich in gangue minerals such as silicates, carbonates, oxides, 
hydroxides and sulphides. As mineral recovery is never 100%, ore minerals may still also 
remain. Tailings are generally deposited as a slurry in large-scale repositories termed tailings 
impoundments in Sweden.   
�

Figure�2:�ARD�formation�at�the�Kimheden�Cu�mine,�Västerbotten,�northern�Sweden�
 
Tailings grade from silt to sand-size (0.002-1mm) particles with high surface areas that may be 
readily exposed to chemical weathering by atmospheric oxygen and water. The oxidation of 
sulphidic gangue and ore minerals may occur after the waste has been disposed of in tailing 
impoundments. The dissolution of pyrite due to oxygen, water and biological mediation is most 
notable at producing dissolved acidity, sulphate and ferrous iron and is an exothermic reaction 
(INAP, 2009): 
 
FeS2 + 7/2 O2 + H2O � Fe2+ + 2SO4

2- + 2H+      (1) 
�
The development of acid rock drainage (ARD) may be initiated by this reaction and may 
promote the dissolution of other Fe-sulphide minerals (pyrrhotite, chalcopyrite, bornite, 
arsenopyrite) due to oxidation. ARD formation is a set of complicated geochemical processes, 
yet the dominant features of ARD is that it produces a highly acidic (<pH 6), sulphate, 
(>1000mg/L) and metal-rich solution (INAP, 2009) that may hinder peripheral environments of 
a mine site (Figure 2). 
�
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1.3�Prevention�and�Control�

Mitigation of ARD is primarily directed at preventing the reactants, water and oxygen, from 
reaching sulphide minerals and generating sulphide-oxidation. The main cover types in Sweden 
employed onto tailings impoundments are permanent water cover and composite dry cover 
designs (Figure 3). After the operational phase of tailings deposition in an impoundment, the 
waste needs to be immediately covered to avoid the onset of ARD formation. However, as 
tailings repositories can cover vast expanses (the Aitik mine tailings impoundment is >13km2 
(Lindvall, 2005)), sourcing suitable amounts of cover materials can often be problematic in itself. 
Engineered remediation designs have to be optimum as they must be a long-term (~10 000 years) 
solution to the abatement of ARD. 

 
�
�
�
�
�
�
�
�
�
�
�
�
�
�
�
�
�
�
�

Figure� 3:� Prevention� Techniques� –� Water� and� Soil� Covers� on� Sulphidic� Tailing�
Impoundments�(Höglund�et�al.,�2005)�

�
1.4�Composite�Dry�Covers�

The focus on the mitigation of ARD-formation in tailings impoundments in Sweden has been 
primarily directed at either covering the waste with water to restrict oxygen ingress or to 
construct engineered dry covers to cap the waste and reduce oxygen diffusion to underlying 
sulphidic tailings (Carlsson, 2002b; Gotthardsson and Sundberg, 2005; Hanæus and Mattsson, 
2009; Höglund et al., 2005; Holmström et al., 2001). Engineered composite dry covers, one 
method employed by the mining company New Boliden AB in Sweden since the completion of 
the first one at Saxberget Mine (Figure 4) in 1995 (Lindvall et al., 1997), are designed to be a 
long-term (~10 000 years) solution to the abatement of ARD and are considered a successful 
long-term, low maintenance remediation solution (INAP, 2009). Hence, the cover materials used 
must be durable and stable. Natural materials are utilised such as glacial overburden, natural soil 
or clay. Composite covers used in Sweden have seen a 99% (Lundgren and Lindahl, 1993) 
reduction in oxygen diffusion compared to pre-remedial conditions reducing sulphide oxidation 
and subsequent ARD formation.  
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Figure�4:�Composite�Dry�Cover�at�Saxberget�Mine,�Sweden�
�
Composite dry covers usually consist of three main layers (Figure 5). Firstly, a sealing layer 
applied directly onto the mine waste, often with an alkaline amendment underneath, is designed 
to mitigate oxygen diffusion and water infiltration to the underlying sulphidic-tailings. Barrier 
materials used must be compacted to form a low permeable layer with a hydraulic conductivity 
of <1×10-9 m/s. It is normally comprised of high-clay containing glacial till or bentonite. The 
thickness of a sealing layer, based upon current limits of water and oxygen ingress rates is 
approximately 0.3m thick (Carlsson, 2002b).  
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 

 Figure�5:�Composite�Dry�Cover�Design�
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Overlying the sealing layer is a protective layer that functions to protect the sealing layer from 
cracking, erosion, plant roots and burrowing animals. It also functions to channel water laterally. 
The thickness is calculated based on water storage capacity and frost penetration depth, and is 
usually 1.5m to 2m thick in northern Sweden (Carlsson, 2002b). It is normally comprised of 
locally-derived unclassified glacial till. Above the protective layer, a vegetation layer is required 
to protect the underlying layers further from soil erosion via evapo-transpiration and high water-
retention. An organic substrate such as natural soil, organic waste or farm manure is often 
utilised. Sourcing and excavating large volumes of suitable natural materials for sealing and 
protective layers is often problematic and of further environmental concern. Replacing natural 
soils with an alternative such as an organic waste generated from another industry has become an 
attractive solution in Sweden (Gotthardsson and Sundberg, 2005; Hallberg et al., 2005; Hanæus 
and Mattsson, 2009). One such organic waste is sewage sludge. 
 
2.�Sewage�Sludge�
2.1�Origin,�Characteristics�and�Properties�

Sewage sludge originates from the treatment process of waste water and is the solid residue 
generated during primary (physical/chemical), secondary (biological) and tertiary (nutrient 
removal) treatment (Fytili and Zabaniotou, 2008). This by-product is a waste material. Its 
disposal is managed in Article 14 of the 2005 implemented European Union’s ‘Urban Waste 
Water Directive 91/271/EEC,’ and declares that sewage sludge should be re-used when 
appropriate and that final waste disposal volumes should be reduced by 20% from 2000 by 2010. 
Approximately 210 000 tonnes of sludge are produced annually (Statistics-Sweden, 2008a) from 
more than 2100 waste water treatment plants in Sweden (Marklund, 1997). Swedish conventional 
stabilisation of sludge is to use anaerobic digestion and dewatering methods to remove toxins and 
pathogens (Kvarnström, 1997).  

 
Table 1: General Physical Properties of Sewage Sludge 
pH1, 2, 3, 5, 7    7.70 ± 0.7 
Hydraulic Conductivity6 (m/s) 1×10-9 
Porosity3 (%)   90  
Saturation3, 4 (%)   95 ± 5.0 
Dry Solids1, 4 (%)   36.6 ± 7.4 
Organic Matter1, 3 (% of DS) 58 ± 5.0 
Moisture Content1, 4, 7 (%)  53 ± 3.0 
Plasticity1 (%)   52 
Particle Size1 (μm)   2-20 
Total N8 (g/kg)   33 ± 2.0 
Total P8 (g/kg)   24 ± 1.0 
_______________________________________________ 
1 (Wang et al., 2009) 
2 (Pichtel et al., 1994) 
3 (Ahlberg, 2006) 
4 (Elliot et al., 1997) 
5 (Fjällborg and Dave, 2003) 
6 (Mácsik et al., 2003) 
7 (Andres and Francisco, 2008) 
8 (Neuschutz, 2009) 
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However, the sludge is a hazardous waste product in itself and may contaminate surface and 
ground water environments as it may contain elevated metal (Eriksson, 2001) and nutrient 
(Cravotta, 1998) concentrations due to enrichment of trace metals during processing (Fjällborg 
and Dave, 2003) and nutrients present in human food waste (Kvarnström, 1997). In the year 
2000, approximately 30% of all sewage sludge in Sweden was used as surface covers for mine 
waste (Wennman, 2004). It was largely utilised as a vegetation substrate on the surface of 
tailings impoundments and waste rock dumps (Forsberg, 2008; Neuschütz et al., 2009; Porse, 
2002). However, since 2005, it has been prohibited from being land-filled (Ahlberg, 2006). It is 
therefore a cost-alternative and attractive material to use for mine waste remediation as it is a 
form of co-disposal of the two wastes together. Hence, in order to harness the use of sewage 
sludge on mine waste, the material must be fully investigated to understand how it may interact 
with mine waste. The basic properties of sewage sludge allow it to be applicable in many 
different applications (Table 1) as discussed in the following sections. 
�
2.2�Sewage�Sludge�as�a�Vegetation�Substrate�

Sewage sludge has been proven to be suitable at supporting and sustaining long-term vegetation 
establishment (Pichtel et al., 1994) as it contains elevated concentrations of the nutrients, N 
(40g/kg), P (24g/kg) and K (3g/kg) (Theodoratos et al., 2000) and high organic matter contents 
(Wang et al., 2009). Sewage sludge may also decrease bulk density and increase mechanical 
resistance, total porosity and plant-available water (Forsberg, 2008; Theodoratos et al., 2000). 
Additionally, sewage sludge may promote metal immobilisation in underlying mine waste and 
plants may participate in the uptake of certain metals (Andres and Francisco, 2008). Plants may 
suppress N and P leakage due to readily up-taking water, nitrate, ammonium and phosphate 
(Neuschutz, 2009). Successful full-scale surface applications have been utilised for mine waste 
remediation globally and within Sweden (Forsberg, 2008; Neuschütz et al., 2009). However, 
applying sewage sludge as a vegetation substrate can significantly modify the underlying soil, 
tailings and groundwater geochemistry (Ahlberg et al., 2006; Ashworth and Alloway, 2004), 
and the interactions between sludge-borne constituents and the mine waste have to be carefully 
understood.  
 
2.3�Sewage�Sludge�as�a�Sealing�Layer�

As opposed to a surface application of sewage sludge to remediate mine waste, the material may 
be a suitable sealing layer material. However, this type of application has not been investigated 
on pilot or field scale trials and is currently not regarded as a suitable sealing layer material by 
the mining industry because of uncertainties revolving around the function and integrity of the 
material over long-term time-scales. However, the material has widely been investigated for its 
physical properties in laboratory scale experiments and it has been proposed to be a suitable 
sealing layer material (Ahlberg, 2006). The design of a low permeable sealing layer to inhibit 
oxygen diffusion and lower water infiltration is based upon the following assumptions 
expressed by the calculations of Fick’s first law (2): 
 
Fdiff = -Deff (�C/ �Z) = <1 mol/m2/yr       (2) 
 
Where:  Fdiff = Oxygen Diffusion (mole/m2/s) 

Deff = Effective diffusion coefficient (based on 85% saturation) 
   �C = O2 difference (above/below Sealing Layer) 
   �Z = Sealing Layer Thickness (m) 
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Based upon a sewage sludge sealing layer thickness of 0.25m (Paper I), using input data for �C 
derived from field experiments from the composite cover applied at Kristineberg Mine 
Impoundment 1 by Carlsson (2002), and using a hydraulic conductivity of 1 ×10-9 m/s based on 
the results from Mácsik et al (2003), the layer may be below the limitations set for a conventional 
sealing layer in Sweden (Carlsson, 2002a) and may be a suitable barrier material. However, 
uncertainties surround the calculation of the Deff value as sewage sludge may be difficult to 
compact in the field. Nevertheless, Ahlberg (2006) suggested the sewage sludge layer would be 
more effective if it were fully water-saturated, which would impede oxidation of the cover 
material and improve the cover function and integrity over time. The estimated hydraulic 
conductivity of a compacted sludge sealing layer of 1 ×10-9 m/s complies to Swedish limits of 
sealing layers to have <1×10-9 m/s permeability (Herrmann et al., 2009). Based upon the physical 
properties of sewage sludge alone, it may be possible to use it as an effective barrier on 
sulphidic-mine tailings to inhibit sulphide oxidation. 
 
2.4�Geochemical�Implications�of�Using�Sewage�Sludge�to�Remediate�SulphidicATailings�

As discussed, sewage sludge may theoretically be applicable for establishing and sustaining 
vegetation to stabilise mine waste, and it may function successfully at preventing oxygen 
diffusion to underlying mine waste as a sealing layer. Albeit this however, sewage sludge may in 
itself promote sulphide oxidation and/or contribute elevated metals to the underlying and 
peripheral environments. To fully understand how sewage sludge may effect an environment, the 
geochemical mechanisms surrounding its use must be first contemplated before sewage sludge 
can be safely used to remediate sulphidic-mine tailings. 

 
2.4.1�Transport�and�Retention�of�Sludge,Borne�Metals�

The behaviour of heavy metals in sewage sludge amended soils has been extensively studied over 
many decades (Ashworth and Alloway, 2007). Swedish-derived sewage sludge has been 
thoroughly investigated from 48 water treatment plants (Eriksson, 2001) for 60 trace element 
concentrations, and 19% of sewage sludge exceeded Swedish EPA limits for agricultural 
applications for one or more of the metals Cd, Cu, Ni, Pb and Zn. This may be further 
exacerbated as sludge-borne metals are present in reduced forms due to anaerobic digestion 
during sludge processing. These may be easily oxidised, desorbed  (Ahlberg et al., 2006) and 
transported in solution. In the past it was believed that most metals became bound to the 
underlying soil, especially in agricultural applications of sewage sludge use (Brallier et al., 1996; 
Fjällborg et al., 2005), but further investigations have confirmed that sludge-borne metals may 
also migrate in solution to underlying and peripheral ground and surface water environments 
(Ashworth and Alloway, 2004; Cravotta, 1998). It has also been suggested that sludge-borne 
metal (Al, Cd, Co, Cr, Cu, Ni, Pb, Zn) concentrations are rapidly released from surface 
applications (Ahlberg, 2006; Andres and Francisco, 2008; Schroder et al., 2008; Stehouwer et al., 
2006). Research is lacking as to how metals would be released from a covered sludge sealing 
layer. 
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Table 2: Geochemical reactions involving organic matter in sewage sludge: Advantages 
Degradation of Organic Mattera, b   
CH2O + O2 � H2O + CO2   (1) 
2CH2O + SO4

2- � 2HCO3
- + HS- + H+   pH>7 (2a) 

2CH2O + SO4
2- + 2H+ � 2H2CO3 + H2S  pH<7 (2b) 

Precipitation of Metal Sulphidesa, b   

Me2+ + HS- � MeS + H+ pH>7 (3a) 
Me2+ + 2H2S � MeS2 + 4H+ pH<7 (3b) 
MeS + H2S � MeS2 + 2H+   (3c)) 
(Me2+ denotes a metal such as Cd, Fe, Ni, Cu, Co and Zn)   
a Modified from (Lottermoser, 2010)   
b Modified from (Peppas et al., 2000)   

 
2.4.2�Sewage�Sludge�as�an�Organic�Reactive�Barrier�

Sewage sludge can act as an organic reactive barrier (ORB) mediated by biological actions 
(Peppas et al., 2000). The elevated organic matter fractions within the material (Table 1) may 
modify the pre-existing geochemical environment in underlying soils and groundwater. The 
main advantage of sewage sludge as an ORB is that is may consume oxygen (Table 2: (1)) due 
to aerobic degradation of the organic fraction (expressed as CH2O). This may add to increasing 
the effectiveness of a sealing layer to prevent oxygen diffusion to underlying sulphidic-waste. 
However, this process has not been evident at reducing oxygen diffusion on surface applications 
(Cravotta, 1998). 
 
In addition to aerobic degradation of organic matter, anaerobic processes in the sewage sludge 
may occur. These may also govern geochemical changes in the underlying soils and 
groundwater. Some of these processes may encourage the effectiveness of remediating and 
stabilising underlying sulphidic mine waste. Sulphate reduction may occur in anoxic conditions. 
Sludge-borne sulphate may be released due either to elevated sulphates added as flocculants 
during the stabilisation of sludge during waste water processing (Neuschutz, 2009), or as 
dissolved secondary mineral precipitates in sulphidic mine tailings or processing residues. The 
reaction products (Table 2: (2a/b)) may contribute to immobilising dissolved metals (Table 2: 
(3a/b/c)) by precipitating metal sulphides. This is a process that has occurred from using organic 
waste materials applied onto sulphidic mine wastes (Andres and Francisco, 2008; Lindsay et al., 
2009). Nitrification (Table 3: (2)) from surface applications of sewage sludge is a prevalent 
process (Ahlberg et al., 2006; Evanylo, 1994; Schroder et al., 2008) due to the oxidation of 
ammonium (NH4

+) which may be present in high concentrations in the original sludge 
(Neuschutz, 2009). Nitrate may migrate from the sludge and may be an oxidant for pyrite. 
Methenogenesis is another form of anaerobic degradation of organic matter. It may occur, 
releasing methane (CH4) in an anoxic environment (Table 3: (1)). The main disadvantaged 
implication of using sewage sludge for mine waste remediation especially as a sealing layer 
material, is that the combined aerobic and anaerobic processes discussed may hinder the 
function of the cover over time. As metals, nitrogen and the high organic content (58% ± 5% 
organic matter (Table 1)) of the sludge may decrease over time, the integrity of the material is 
modified and the capability of the cover to function over time, both physically and chemically 
decreases. It is these processes that theoretically may prevent sewage sludge from being an 
applicable long-term solution to sulphidic mine waste remediation.  
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Table 3: Geochemical reactions involving organic matter in sewage sludge: Disadvantages 
Anaerobic Degradation of Organic Matterc   

2CH2O � CH4 + CO2   (1) 
Pyrite Oxidation by Nitratea, b, c   
NH4

+ + 2O2 � NO3
- + 2H+ + H2O pH>6.5 (2) 

5FeS2 + 14NO3
- + 4H+ � 7N2 + 5Fe2+ + 10SO4

2- + 2H2O     (3) 
a Modified from (Lottermoser, 2010)   
b Modified from (Appelo and Postma, 2005)   
c Modified from (Peppas et al., 2000)   

 
There are significant differences as to how sewage sludge may behave and what geochemical 
processes may occur when it is applied either as a surface (vegetation substrate) or sub-surface 
(sealing layer) application, and these differences have to be quantified. Surface applications have 
been found to result in rapid oxidation of the reduced fractions of the sludge such as metals, 
organic matter (CH2O) and ammonium (Cravotta, 1998). Organic matter decomposition rates are 
normally highest in the first few years after sewage sludge application (McGrath et al., 2000). On 
a surface application of sewage sludge applied onto sulphidic-mine tailings in Sweden (Forsberg 
and Ledin, 2006), 50% of the organic fraction over 5 years was removed, whereas only 5-10% 
was removed from a buried sludge layer after 16 years (Ahlberg, 2006). Where layers have been 
found to be water-saturated, such as in laboratory experiments conducted on sewage sludge 
sealing layers (Ahlberg, 2006; Peppas et al., 2000), degradation rates were lower and dominated 
by anaerobic processes, and the layer remained unoxidised and impermeable to water and oxygen 
ingress. 
 
2.4.3�Nitrate�Formation,�Dispersion�and�Fate�

Sewage sludge contains elevated levels of nitrogen, up to 40g/kg in raw sewage sludge 
(Theodoratos et al., 2000). Due to the reduced environments created in the sludge during 
anaerobic digestion processing during waste water treatment, most of the nitrogen is present as 
ammonium (NH4

+) (Schroder et al., 2008). When this is exposed to oxygen, the ammonium can 
be oxidised (Table 3: (2)) and may release the readily mobile form of nitrogen: nitrate (NO3

-) 
(Cravotta, 1998). The conversion of ammonium to nitrate is very rapid when applied as a surface 
cover, with up to 26% of the nitrogen content of an anaerobically-digested sludge released as 
nitrate in one year, and only 3-5% each year thereafter (Evanylo, 1994). Additionally, if plants 
become established on the sludge, they may uptake nitrogen and reduce nitrate leaching rates 
(Santibanez et al., 2007). This can allow the assumption that released nitrate is an episodic event 
declining sharply a few years after sludge application. Nevertheless, nitrate released into an 
anoxic tailings groundwater environment devoid of oxygen may provide a strong oxidant to 
pyrite (Table 3: (3)) releasing Fe2+, sulphate and acidity into the groundwater (Appelo and 
Postma, 2005). This results in the consumption of nitrate and concentrations generally decrease 
over distance away from the source input within sulphidic-tailings groundwater systems 
(Cravotta, 1998). Nitrification rates are highest during the summer months (Ahlberg, 2006) 
which may have a seasonal influence of metals released in groundwater. 
 
2.4.4�Organo,Metallic�Complexation�

Aerobic degradation of the organic fraction of sewage sludge may release dissolved organic 
carbon (DOC) into solution. DOC fractions include low and high molecular weight acids 
(Karlsson et al., 2011) and, most importantly for organo-metallic complexation, the highly 
soluble fulvic acid fractions.  
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The implications regarding DOC release is that it may enhance metal mobility in solution due 
to the formation of organo-metallic complexes. The most dominant sites for metals to bind as 
organo-metallic complexes are carboxylic acids at pH<7 (Gustafsson, 2001). The attraction of 
metal cations to binding sites of soluble carboxylic acids (R-COOH) is strongest at pH 7 from 
the increasing ionic charge at this pH. This is due to the dissociation of H+ ions at higher pH 
(Table 4: (1)) and the formation of the strong electro-static bound bidentate organo-metallic 
complexes with divalent cations (Fletcher and Beckett, 1987; Garcia-Gil et al., 2007) (Table 4: 
(2)). Weaker, hydrostatic monodentate complexes may also form (Table 4: (3)). At this pH 
range, most metals are normally relatively immobile (Forsberg et al., 2008) when not bound to 
DOC. This process is prevalent in mine tailings groundwater systems where sewage sludge has 
been applied. The process has been found to enhance the mobility of sludge-borne Ni (Andres 
and Francisco, 2008), Cu (Ashworth and Alloway, 2007), Cd and Zn (Christensen and 
Christensen, 2000) to underlying soil, tailings and groundwater environments. It is possible to 
model the relationship of metals with DOC release using the chemical equilibrium Visual 
MINTEQ modelling software (Version 3.0., Beta). The model calculates concentrations of 
metallic complexes and other metal species in a set environment. Two models have been 
developed: the Gaussian DOM model and the Stockholm Humic Model (Gustafsson, 2001). 
They differ in how they calculate proton (H+) dissociation and metal binding capacities. 

 
Table 4: Organo-metallic complexation formationa 
Carboxylic Acid Dissociation   

R-COOH               �  R-COO- + H+  (pH 3-7) (1) 
Metal Complexation to Carboxylic Acid   
2R-COOH + Me2+  � (R-COO)2Me + 2H+ (pH 3-7) (2) 
R-COOH + Me2+  � R-COOMe+ + H+ (pH 3-7) (3) 
a Modified from Gustafsson (2001)   

 
3.�Scope�of�Thesis�and�Study�Objectives�
The objective of this research project was to develop an increased understanding towards the 
use of sewage sludge to remediate sulphidic-mine tailings. The project aimed to branch outside 
the laboratory realm of research and also increase the experimental time-scale of such 
applications. Different sewage sludge applications were investigated on pilot and field-scales. 
Because sewage sludge is an organic reactive barrier the interconnecting geochemical processes 
between the material and mine waste must be fully appreciated before full-scale applications 
may be employed by the mining industry. It is hypothesised that sewage sludge can perform 
differently between different types of applications to remediate sulphidic-mine tailings. Two 
studies are presented in this thesis and the intrinsic aims are presented. 

 
3.1�Aims:�Paper�I�

This paper is a geochemical evaluation of using sewage sludge as a sealing layer in a composite 
dry cover system to assess its effectiveness as an oxygen barrier, and how it may modify the 
retention and mobility of constituents in order to remediate sulphidic-mine tailings. Data from 
pore gas, leachate and sediment geochemistry were derived from a pilot-scale experiment in 
northern Sweden over an 8 year time-span. This study is the first pilot-scale experiment to 
assess the use of sewage sludge as a sealing layer, and it has also expanded the experimental 
time-scale in which the monitoring of this system has occurred.  
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It is the aim of this study to understand if an application of sewage sludge as a sealing layer in a 
composite dry cover can be viable and employed by the mining industry. 
 
3.2�Aims:�Paper�II�

This paper evaluates the geochemical impact of a surface application of sewage sludge as a 
vegetation substrate on the groundwater quality of a formally-remediated sulphidic-tailings 
impoundment in northern Sweden. The aim is to address how sludge-borne metals and nitrate are 
released and dispersed into the underlying pre-existing cover materials and tailings, and to 
delineate the magnitude, duration and fate of these in the underlying groundwater system. 
 
 
4.�Study�Site�Locations�
4.1�Kristineberg�Mine�Site�

Both study sites are located at the operational Kristineberg Zn-Cu mine owned by New Boliden 
AB (Figure 6). This is situated in the western part of the Skellefte Ore District in northern 
Sweden, 175km south-west from the city of Luleå. The climate of the area is classified as sub-
Arctic. Temperatures are sub-zero between October to April with a mean annual temperature and 
precipitation of 0.7°C and 600 mm/year (Axelsson et al., 1991) respectively. The dominant 
vegetation and soil type in the area is coniferous forest and podsol weathered till respectively 
(Carlsson, 2002b). The tailing impoundments have widely been the focus of previous scientific 
research into ARD formation and abatement in Sweden including the MiMi (Mitigation of the 
Environmental Impact from Mining Waste) programme (Höglund et al., 2005).�

Figure� 6:� Map� showing� the� location� of� the� Kristineberg� Zn�Cu� Mine,� northern�
Sweden;� Inset� diagram� displays� the� tailings� impoundments� and�mine� site.� The�
pilot�scale�test�cells�are�located�to�the�west�of�Impoundment�3�

�

�
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4.2�Impoundment�1�

Field trials were conducted at a formally remediated sulphidic-tailings facility, Impoundment 1 
(Figure 6), at the Kristineberg Mine site. Sulphidic-mine tailings sourced from the Kristineberg 
pyrite-rich Zn-Cu ore and peripheral satellite deposits (Holmström et al., 2001) were deposited 
from 1946 until 1952 (Figure 7) and occupy a former stream valley, the Vormbäcken, 
encompassing a 0.11 km2 area with a tailings thickness varying from 2 to 10m deep (Alakangas, 
2006). After 50 years of exposure to natural weathering, sulphide oxidation and ARD 
formation, a 0.15-1.1m thick oxidised tailings vadose zone had formed across the impoundment 
(Holmström et al., 2001). The mineralogy of the unoxidised tailings is dominated by a high 
sulphide content, primarily comprised of pyrite (26%), sphalerite (1.3%), chalcopyrite (0.28%)  
and galena (0.05%), with the oxidised tailings containing 1-2% total sulphides (Holmström et 
al., 2001). In 1996 the impoundment was remediated (Figure 8) by applying an engineered 
composite dry cover (1.5m protective layer of glacial till and 0.3m clay-rich till sealing layer) to 
the formerly raised tailings dam area, and by applying a simple 1m thick water-saturated till 
cover in the west of the impoundment by raising the groundwater table by sealing dykes.  

Figure�7:�Location of the Kristineberg Mine site, northern Sweden, and a detailed map of 
the Impoundment 1 study site with cover types and the location of the BAT® groundwater 
wells. Line A-B is shown in the detailed cross-section in Figure 8.�
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An alkaline amendment was added by using 10kg/m2 of crushed limestone before the covers 
were constructed (Lindvall et al., 1999). Most dissolved metals (Al, Cd, Co, Cr, Cu, Ni) were 
reduced and the pH increased (Alakangas, 2006) in the underlying groundwater a few years after 
remediation due to the reduction of oxygen diffusion and sulphide oxidation (Alakangas and 
Nason, 2010). In August 2009, 10 800 tonnes of sewage sludge sourced from Stockholm 
Municipality was applied on the dry covered area (DCA) of the impoundment, and 1200 tonnes 
on the water saturated cover areas (WSA) to a depth of 0.2-0.3m (Figure 7). It was applied to 
provide a vegetation substrate and nutrients to areas of the impoundment that had had poor 
vegetation establishment since remediation in 1996. The sludge was seeded in 2010, and rapid 
grass establishment occurred on the sludge by 2011. The line A-B on Figure 7 is illustrated as a 
cross-section in the schematic of Figure 8 showing the cover types, BAT® well sites and the 
dominant groundwater conditions. 

Figure�8:�Cross-section A-B of Impoundment 1 showing the arrangement of the cover types 
applied and the location and depth of the BAT® groundwater wells.�
�
4.3�Georange�PilotAScale�Test�Cells�

The Georange Environmental Test Site at the Kristineberg Mine, northern Sweden, was 
completed in 2002. Two pilot-scale test cells were used in this study (Figure 9): an uncovered 
tailings control cell (UCC) and a sewage sludge remediated tailings cell (SSC). Each concrete 
cell measured 5×5m2 by 3m deep and was lined with an inert HDPE (high-density polyethylene) 
liner that resisted acid attack from the materials contained therein. The cells were insulated to 
prevent horizontal freezing from the peripheral ground. The bases of both cells were filled with a 
0.3m thick inert coarse-grained gravel layer to encourage water collection and drainage. In the 
SSC, the drainage layer was covered with a compacted 1.0m thick fresh unoxidised tailings layer 
sourced from the Kristineberg Zn-Cu mine and processed at the nearby Boliden concentrator. A 
1.4m thick layer of uncovered tailings was applied in the UCC. The tailings in the SSC were 
additionally covered with a composite cover containing a sewage sludge sealing layer (0.25m), 
an upper drainage layer to mimic surface runoff (0.25m) and a protective layer of locally derived 
glacial till (1.2m). The tailings had a porosity of 55.4% and a saturated hydraulic conductivity of 
1.31×10-05 m/s (SLU, 2005). The mineralogy of the tailings comprised of 48% pyrite (FeS2); 
4.8% pyrrhotite (Fe1-xS); 2.5% calcite (CaCO3); and 2.5% dolomite (CaMg(CO3)2). During 
processing, approximately 10kg/tonne of lime (Ca(OH)2) was added to the tailings (Alakangas, 
2006).  
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The sewage sludge was derived from a nearby wastewater treatment plant in Lycksele (Figure 
9). After sedimentation of the wastewater, aluminium-sulphate thickeners were added and the 
sewage sludge was anaerobically digested.  
 

 
Figure�9:�Schematic�diagram�of�the�experimental�design�of�the�two�pilot�
scale� test� cells� and� their� location.� SSC:� Sewage�sludge� remediated�
tailings�cell;�UCC:�Uncovered�tailings�control�cell.�

 
5.�Methodology�
5.1�Paper�I:�Methodology�

Sampling commenced in spring 2003 and ended in summer 2010. The data generated from this 
study is thus derived from a monitoring period of approximately 7 years and is an extension of 
the data collected from previous studies (Alakangas, 2006; Alakangas and Öhlander, 2006; 
Nason et al., 2010). However, as the materials were applied in 2002, the pilot-scale study is an 
8 year assessment in total. 
�
5.1.1�Sewage�Sludge�and�Tailings�Sample�Collection�
�
Samples were collected in February 2010 from the SSC using an Atlas Copco Cobra TT 
percussion hammer drill (Figure 10: A). The samples were extracted from beneath the 
protective and upper drainage layers from a depth of 1.10m to 1.55m and consisted of the 
sewage sludge and tailings layers. This was mainly to avoid oxygen contamination to the 
tailings and the destruction of the layers for future experimental use. The samples were 
collected in a 0.05m diameter core and extracted into non-diffusive plastic bags within an argon 
filled chamber. All sampling took place in an anoxic environment. Nine 0.05m thick sub-
samples totalling 0.15m sewage sludge and 0.3m tailings thicknesses were retrieved.  
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Sediment samples derived from the UCC were collected in June 2009 using a mechanical 
excavator to expose a uniform tailings profile (Figure 10: B). A non-metallic trowel was used to 
extract the tailings into an argon filled chamber to avoid oxygen contamination. Eleven 0.1m 
thick sub-samples totalling 1.10m tailings were retrieved. Samples were stored in a dark frozen 
environment and were not exposed to oxygen until sample analysis.  

 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
�

Figure� 10:� Sampling� in� pilot�scale� test� cells:� A:� Core�
extraction�in�SSC.�B:�Excavation�and�profile�in�UCC 

 
5.1.2�Leachate�Water�Sampling�and�Measurements�

The infiltrated leachate water of both cells was collected from the base drainage layers monthly 
from 2003 to 2006 and from 2009 to 2010 via drainage probes in the drainage layer (1×1×0.2 
m3). Additionally, the SSC contained a quartzite filled lysimeter located immediately below the 
sewage sludge layer to enable the collection of leachate derived from infiltration through the 
protective layer and the sewage sludge sealing layer only, and was collected during 2009 to 
2010. Water for major and minor elemental analysis was filtrated in the field using 0.22μm 
Millipore nitrocellulose membrane filters, acid-washed with 5% acetate acid and with syringes 
that had been acid-washed using HNO3 then rinsed with Milli-Q® water. The dissolved fraction 
was transferred into 125ml acid-rinsed bottles. Blank analysis using Milli-Q® water indicated a 
contribution of <2% for all dissolved cations except for Al, Cr and Pb which occasionally 
contributed concentrations exceeding 2%. From 2009 to 2010, separate samples were collected 
unfiltered into non-acid washed bottles for the anions NO3

-, SO4
2-, HCO3

- (alkalinity), total 
organic carbon (TOC) and dissolved organic carbon (DOC), where water volume would allow. 
In the field, all samples were stored in a cool, dark environment prior to analysis. Determinations 
of dissolved oxygen (DO), redox potential, pH and temperature measurements were performed 
using the following equipment; a Mettler-Toledo SevenGoPro dissolved oxygen metre; a 
Mettler-Toledo SevenGoPro Gmbh redox metre; a Metrohm® combined pH electrode from 2003 
to 2006; and a Mettler-Toledo MP125 pH and temperature electrode from 2009-2010. Both were 
calibrated to standards of pH 4.01 and 7 respectively. 

�
�
�
�
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5.1.3�Pore�Gas�Sample�Collection�

Two quartzite filled geotextile balls were installed in the SSC to collect oxygen, methane and 
carbon dioxide at 0.1m above and 0.5m below the sealing layer. Samples were extracted using a 
Maihak S710 gas analyser (Hallberg et al., 2005). The gas samples were analysed every second 
week during spring, summer and autumn in 2004 and once a month during 2005. Methane and 
carbon dioxide were calibrated with specific gas concentrations prior to the sampling. The 
precision of the instrument was better than 2% of the analysed value, according to the 
manufacturer. 
�

5.2�Paper�II:�Methodology�

The groundwater was monitored during two sampling periods. The first period was initiated a 
few years after remediation in 1998 until 2006 and a full methodology can be found in 
Alakangas (2006). The second period commenced in June 2009, just prior to SS application, 
and samples were collected monthly from May to October until autumn 2011.  
�
5.2.1�BAT®�Groundwater�Collection�and�Measurements�

Samples were derived from using 5 installed BAT® groundwater wells, designed to allow 
sample collection with minimal exposure to atmospheric oxygen (Torstensson, 1984) (Figure 
11:A/B/E). It was important to maintain the groundwater redox potential and not allow the 
precipitation of Fe-(oxy) hydroxides with the ability to adsorb or co-precipitate other metals out 
of solution. The wells were chosen because of their relative position in the impoundment 
groundwater system (Figure 8). Well P is located in the western till slope and represents the 
uncontaminated inflowing groundwater into the impoundment. Wells G and F are located in the 
WSA of the impoundment at different depths respectively. The sewage sludge was applied 
above these well sites. Well Q is situated in the DCA of the impoundment where the sludge was 
applied. Well L represents the groundwater outflow at the impoundment toe. The 120ml BAT® 
groundwater tubes were acid-washed with 5% HNO3 for three days and rinsed with Milli-Q® 
water. They were purged with argon and vacuumed prior to sampling. Groundwater samples 
were filtered in the field (Figure 11: C) within an argon-filled chamber devoid of oxygen using 
0.22μm Millipore nitrocellulose membrane filters which had been acid-washed with 5% acetate 
acid and with syringes that had been acid-washed using HNO3. They were rinsed with Milli-Q® 
water, prior to sampling. The dissolved fraction was transferred into 125ml acid-rinsed bottles. 
Separate samples were collected unfiltered into non-acid washed bottles for the anions NO3

-, 
SO4

2- and dissolved organic carbon (DOC). In the field, all samples were stored in a dark, 
refrigerated environment in a field-lab station prior to analysis. Measurements were conducted 
using a WTW GmbH Multi-340i meter (Figure 11:D) with a combined ConOx electrode 
calibrated using an Oxi-Cal®-SL air calibration vessel for dissolved oxygen and a 0.01 mol/L 
KCl solution for conductivity. Temperature and pH were measured using a WTW SenTix 41 
electrode with a two-point calibration at pH 4.01 and 7.�
�
5.2.2�Sewage�Sludge�Sample�Collection�

Sewage sludge samples were collected on two occasions: 3 samples upon application in July 
2009, and 1 and 2 samples from the WSA and DCA, respectively, in October 2011. The 
samples were collected using a non-metallic trowel and placed into an argon filled chamber to 
avoid oxygen contamination then transferred into non-diffusive plastic bags where they were 
frozen before analysis. 
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Figure� 11:� Sampling� in� Impoundment� 1:�A:� BAT®�Groundwater� Collection�
system.� B:�Groundwater� Collection� in� the� field.� C:� Filtration� in� an� argon�
filled� chamber.�D:�Measurements�with�WTW�GmbH�Multi�340i�meter.� E:�
BAT®�sampling�equipment 

 
5.3�Analyses�

All samples for analysis were sent to the accredited commercial laboratory, ALS, situated in 
Luleå, Sweden. Determination of dissolved fractions of major (Ca, Fe, K, Mg, Na, S, Si, Al) and 
minor (As, Ba, Cd, Co, Cr, Cu, Mn, Mo, Ni, P, Pb, Zn) elements in the leachate were performed 
using ICP-AES (Inductively Coupled Plasma – Atomic Emission Spectrometry) and ICP-SFMS 
(Inductively Coupled Plasma – Sector Field Mass Spectrometry) respectively. Alkalinity was 
determined by titrating with hydrochloric acid while purging carbon to an endpoint pH of 5.4. 
Nitrate and sulphate were analysed using ion chromatography. The analyses were conducted 
according to the EPA-methods (modified) 200.7 (ICP-AES) and 200.8 (ICP-SFMS). Total 
organic carbon (TOC) samples in the leachate water were calculated by determining particulate 
organic carbon (POC) and dissolved organic carbon (DOC) fractions. Samples were filtered 
through 25mm diameter glass micro fibre filters (0.47 �m) mounted in stainless steel filter 
holders. POC filters were stored in tin foil. Analysis of POC using a Carlo Erba Model 1108 
high-temperature (1030�C) combusting element analyser was used and DOC analysis was 
performed using a Shimadzu TOC-5000 high-temperature combustion instrument. The sediment 
samples were dried at 50°C and leached in 7 M nitric acid in closed teflon vessels in a 
microwave oven for As, Cd, Cu, Co, Hg, Ni, Pb, S, Sn and Zn. The remaining elements were 
determined after fusion with lithium metaborate and dissolved in dilute nitric acid. These 
solutions were centrifuged and diluted before analysis. The determination of Al, Ba, Ca, Cr, Fe, 
K, Mg, Mn, Mo, Na, P, S, Si, Ti and Zr were made using ICP-AES and As, Cd, Co, Cu, Ni, Pb 
and Zn were analysed using ICP-SFMS. Analysis of Hg was performed by using AFS-Atom 
Fluorescence Spectroscopy in accordance to SS-EN ISO 17852:2008. Instrumental analysis was 
carried out according to modified USEPA methods. Precision in all methods was generally better 
than 5%. 
�

�
�
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5.4�Metal�Speciation�and�Organic�Complexation�Modeling�

In both papers, the Stockholm Humic Model (Gustafsson, 2001) was used to model the 
dissolved water geochemistry using the chemical equilibrium Visual MINTEQ modelling 
software (Version 3.0., Beta). The model was generated to further understand the relationship 
of the complexation of metals bound to dissolved organic matter (DOM) for the metal cations 
Fe, Cu, Cd, Ni, Pb and Zn. 
 
5.4.1�Paper�I�

Organic complexation modelling was utilised to further enable an interpretation of the 
interaction between DOC concentrations and dissolved metal concentrations from the leachate 
derived from the SSC. The model was based on data obtained by taking the mean values from 
the base drainage probe and the lysimeter directly below the sealing layer during the sampling 
period 2009 to 2010. 
�
5.4.2�Paper�II�

Speciation and organic complexation of dissolved metals in the groundwater of each well were 
modelled to further understand the transport of metals in the impoundment groundwater system. 
Five time periods were chosen to compare the average impoundment groundwater data over 
time: the post remediation flush (PRF) from 1998 to 2000; the stable period (SP) of 
concentrations from 2000 until just before sludge application in summer 2009; the first year 
after sludge application (SS1) during 2009; the second year after sludge application (SS2) 
during 2010; the third year after sludge application (SS3) during 2011. 

�
6.�Findings�
6.1�Paper�I:�Summary�of�Findings�

Sewage sludge was found to be an effective barrier to oxygen influx when applied as a 
compacted sealing layer reducing sulphide oxidation and ARD formation to the underlying 
tailings. The barrier functioned both as a physical and chemical barrier to oxygen and water 
ingress. The physical properties of the sludge such as a high porosity and a low permeability 
promoted water-saturation of the layer for most of the year which minimised oxygen diffusion 
through the layer. Additionally, the lack of oxygen exposure to the barrier prevented any 
significant aerobic degradation or nitrification of the organic and ammonium fractions of the 
sludge. Where oxygen ingress did occur, during summer, the sludge behaved as an organic 
reactive barrier, consuming oxygen from aerobic degradation of the organic matter. A reductive 
environment formed beneath the sludge layer in the tailings functioning to further immobilise 
metals and sulphate released into the underlying tailings from the sewage sludge. Sludge-borne 
constituents were released from the sewage sludge bound to solid organic colloids and within 
solution in the form of organo-metallic complexes with dissolved organic matter derived from 
the sludge. A release of organic matter and the metals Fe, Al, Cd, Co, Cu, Cr, Hg, Ni, Pb and 
Zn from the sewage sludge occurred and migrated into the tailings. Organic colloids aggregated 
in the underlying tailings and became trapped accounting for an accumulation of metals and 
organic matter (Figure 12: SSC:1B). Furthermore, sulphate reduction occurring in the lower 
part of the sludge layer promoted the removal of metals from solution by reacting with H2S and 
HS-, forming further precipitation of secondary sulphides in a 0.05m thick zone of enrichment 
located just beneath the sludge-to-tailings interface (Figure 12). This reaction released elevated 
alkalinity (HCO3

-) and buffered the tailings to a pH of 7.7 to 8.2.  
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The subsequent removal of metals retained in the tailings accounted for an effluent drainage that 
contained low amounts of dissolved metals (<10�g/L Cd, Co, Cu, Mn, Ni, Pb and Zn). These 
were largely bound as mobile organo-metallic complexes which, in this form decrease the 
bioavailability of the metals. The one exception was the free ion of As(III) which did not form 
organo-metallic complexation and which may hence be problematic as it existed in high 
concentrations in the leachate caused by the low redox potential created underneath the sealing 
layer. Nitrification, a process associated with surface applications of sewage sludge due to the 
exposure of the material to oxygen, did not form due to the lack of oxygen reaching the sludge 
layer. Therefore, the formation of the oxidant nitrate which may have led to sulphide oxidation 
and metal mobilisation did not occur along with any associated acidification. 

�

Figure� 12:�Mass� balance� of� tailings;� Sewage� sludge� Cell� (SSC)� 1A:� Total�mass;� 1B:�Mobile�
elements;�1C:� Immobile�elements;�Uncovered�Control�Cell� (UCC)�2A:�Total�mass;�2B:�Mobile�
elements;�UCC�1C:�Immobile�elements�

 
However, mass balance calculations of the sludge layer from between application in 2002 and 
sampling in 2010 revealed prevalent degradation of the organic matter fraction had occurred due 
to aerobic and anaerobic processes. The main processes governing degradation rates were 
anaerobic processes via methogenesis of the organic matter and sulphate reduction.  

 
 



 20

 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 

Figure� 13:� Schematic� diagram� of� the� geochemical� processes�
which�occurred�from�using�sewage�sludge�as�a�sealing�layer�

 
Organic matter degradation accounted for an 80% loss in the organic fraction of the layer, but 
only accounted towards a total mass loss of 19.6% from the sealing layer within the 8 years 
since application, which is far less than surface applications of sludge. Ultimately, the integrity 
and function of the layer may become compromised over time due to the loss of organic matter. 
In comparison, however, the uncovered tailings in the reference cell received extensive sulphide 
oxidation in a zone 0.35m thick over the 8 year period characterised by a release of metals and 
an acidic oxidation front formation. The quality of the leachate degraded over time due to the 
onset of ARD, with concentrations of Cd, Co, Ni and Zn as high as 20.8�g/L, 427�g/L, 67�g/L 
and 16100�g/L respectively in 2010. This confirms that using sewage sludge was effective as a 
composite cover sealing layer material at preventing oxygen diffusion to underlying sulphidic 
mine tailings and subsequent ARD formation. Furthermore, it is additionally advantageous in 
that it created a reductive, alkaline environment in the underlying sulphidic mine tailings with a 
high buffering capacity which together promoted the precipitation of metals as secondary 
sulphides removing them from solution and improving the quality of the effluent drainage.  
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Figure 13 illustrates the main geochemical processes which occurred from using sewage sludge 
as a sealing layer. 
 
6.2�Paper�II:�Summary�of�Findings�

The surface application of 12 000 tonnes of sewage sludge to the formally-remediated tailings 
impoundment 1 at the Kristineberg Mine was successful in that it provided and supported 
vegetation establishment within 2 years of application. However, the application released 
elevated sludge-borne metals, nitrate and DOC to the underlying tailings groundwater system 
when applied on the water-saturated cover areas. Sludge-borne constituents derived from the 
sewage sludge applied onto the dry composite cover were hindered from percolating through the 
sealing layer into the tailings and instead drained laterally through the higher permeable 
protective cover to the impoundment toe.  
 
On both cover systems, mass balance calculations revealed that Cu, Ni, Pb and Zn were removed 
from the sewage sludge due to oxidation. Speciation modeling calculated that these metals were 
readily transported from the sewage sludge as dissolved metal sulphates, free ions or as organo-
metallic complexes together with elevated dissolved organic carbon released from the sludge. 
The dissolution of Fe/Al sulphates present in the original sludge, as processing flocculants in the 
treatment of sewage sludge, contributed elevated dissolved sulphate into the groundwater, 
whereas Fe and Al were retained in the sludge. Aerobic degradation of the sewage sludge 
resulted in a 22% loss of the organic fraction of the sludge in the 2 year study time-frame. The 
combined constituent loss from the sewage sludge resulted in a total mass decrease of 17%. 
�
Nitrification of the ammonium content of the sludge resulted in nitrate formation and 
acidification. Using SO4

2-/Fe2+ ratios of the groundwater data, it was shown that before the 
sewage sludge application in 2009, sulphide oxidation had declined in the tailings due to the 
effectiveness of the pre-existing cover systems applied. However, the groundwater had minor 
amounts of dissolved oxygen within (2-4mg/L). Nitrate was released from the sewage sludge 
applied in the water-saturated covered areas. It percolated into the underlying unoxidised 
tailings, and provided an oxidant to pyrite resulting in further exacerbating metal concentrations. 
Because the release of sludge-borne constituents ceased after a 2 year period after the sludge 
application, due to prominent vegetation establishment on the sewage sludge, nitrate and metal 
released to the groundwater declined. Thus the point effects on modifying the groundwater 
geochemistry were temporary (Figure 14). 
 
Though the sludge-borne constituents derived from the sewage sludge applied onto the dry 
composite cover were hindered from entering the groundwater system, sludge-borne constituents 
derived from the water-saturated area entered the tailings groundwater unhindered. This was due 
to the interaction of a raised ground water table with the sludge material readily mobilising 
sludge-borne constituents. Metals, DOC and nitrate migrated laterally due to the dominant 
hydrogeological regime across the impoundment underneath the dry covered areas. The metals 
were readily mobile in the groundwater as organo-metallic complexes due to the release of high 
concentrations of DOC from the sludge. The migrating contamination plume is expected to flush 
through the impoundment within 6 years after the sludge application (Figure 14).  
 
Further monitoring will have to quantify the plume migration through space and time across the 
impoundment. Nevertheless, compared to the long-term (~10 000 years) solution to the 
abatement of acid rock drainage of the original cover systems formally applied, the effects from 
the sludge application on negatively impacting the groundwater quality were relatively short-
term. 
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Figure�14:�Observed and predicted metal concentration peaks over time in the four 
BAT® groundwater wells located in Impoundment 1 
�

7.�Overall�Conclusions�
The results in this study suggest that sewage sludge can be successfully utilised both as an 
alternative sealing layer barrier material and as a suitable vegetation substrate on pre-existing 
composite dry cover systems to remediate sulphidic-mine tailings within the time frames 
observed, but it is concluded that it is not recommended as a vegetation substrate on water 
saturated covers. Geochemically, the sewage sludge behaved completely differently when 
applied either as a surface or sub-surface layer. The surface application of sewage sludge 
became rapidly oxidised and released nitrate, DOC and metals into the underlying tailings due 
to nitrification, aerobic degradation of the organic fraction, and oxidation of reduced metals in 
the sludge respectively. Sulphide oxidation of the tailings was further exacerbated due to pyrite 
oxidation by nitrate, and contributed metals in the tailings groundwater. Oppositely, the sewage 
sludge sealing layer remained water-saturated.  

This prevented aerobic degradation of both ammonium and the organic fraction. Nitrate was 
hence not formed. Sludge-borne metals and DOC were released due to anaerobic degradation 
processes. The sealing layer created a reduced environment in the underlying tailings which 
promoted metal immobilization and the abatement of ARD formation. However, in both 
applications, the degradation of the organic fraction of the sewage sludge may compromise the 
long-term function and integrity over time. In conclusion, the sewage sludge mass decreased 
four times faster in the surface application due to excessive oxidation. The sewage sludge 
sealing layer degraded less as it was dominated by anaerobic degradation processes and a lack 
of oxidation. 

�
�
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8.�Further�Research�
8.1�Gillervattnet�Tailings�Pond:�Sewage�Sludge�Application�onto�SulphidicATailings�

The third focus of this research project will be to look at field-scale applications of sewage 
sludge applied directly onto sulphidic-mine tailings as a vegetation substrate. The study site is 
located at the Gillervattnet tailings impoundment in Boliden in the east of the Skellefte Ore 
District. The study will investigate varying ages of sewage sludge applications from 1 to 7 years.  
The main aim of this project is to understand how sludge-borne constituents contribute or modify 
the underlying solid geochemistry of the tailings and how this may change over time.  
�
8.2�Rakkejaur�Mine:�FieldAscale�Sewage�Sludge�Sealing�Layer�

The fourth and final focus of this project will preferably be to evaluate the effectiveness of a 
field-scale dry composite cover design containing a sewage sludge sealing layer. The Rakkejaur 
Cu-Zn Mine, located 30km north-east of the Kristineberg Mine, is a former operational mine by 
New Boliden AB which closed in 1971. In 2002, a composite dry cover containing a sewage 
sludge sealing layer was applied onto sulphidic-mine tailings that had been uncovered for over 
30 years. This study would be a geochemical evaluation of how effective the sewage sludge has 
been at reducing oxygen diffusion, sulphide oxidation and ARD formation to the underlying 
tailings and would be an upscale from the pilot-scale study already conducted. 

�
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Abstract 
Data on sediment, leachate water and pore gas chemistry were collected during eight years after a 
sewage sludge sealing layer was applied onto sulphidic-mine tailings in a pilot-scale cell 
experiment in northern Sweden, as part of a composite cover system. It was compared to an 
uncovered reference tailings cell in order to determine whether the sludge was an effective 
barrier against oxygen diffusion and modified the mobility and retention of metals and nutrients 
in the tailings. The sludge was an effective barrier to oxygen influx, forming a compact water 
saturated barrier which minimised oxygen diffusion through the layer. Additionally, it behaved as 
a reactive barrier, consuming oxygen from aerobic degradation of the organic matter. However, 
together with a combination of sulphate reduction and anaerobic degradation in the sludge layer, 
80% of the organic fraction became depleted, contributing to a total mass loss of 19.6%. This 
created low sulphate and elevated alkalinity concentrations in the leachate. The release of soluble 
and colloidal organic matter into the tailings led to the migration of sludge-borne metals bound to 
organic colloids or as organo-metallic complexes. Phosphor, Cd, Cu, Hg, Pb and Zn were 
removed, with mass losses of 90%, 91%, 76%, 94%, 56% and 75% respectively. These 
accumulated in a 0.05m zone immediately below the sludge-to-tailings interface due to colloid 
aggregation, elevated tailings pH (8.2) and secondary sulphide formation. This retention 
accounted for an effluent drainage leachate low in concentrations of dissolved metals (<10�g/L 
Cd, Co, Cu, Mn, Ni, Pb, and Zn). In contrast, the uncovered reference tailings received a 0.35m 
deep oxidation front characterised by a high release of metals and acidity. The quality of the 
leachate degraded over time due to the onset of acid rock drainage, with concentrations of Cd, 
Co, Ni and Zn, 20.8�g/L, 427�g/L, 67�g/L and 16100�g/L respectively.  
 
 
Keywords: Sewage Sludge, Sealing Layer, Sulphidic Tailings, Remediation 
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1. Introduction 

Preventative remedial measures against acid rock drainage (ARD) formation in tailings 
repositories have been widely studied globally (INAP, 2009; Lottermoser, 2010) and within 
Sweden (Carlsson, 2002; Gotthardsson and Sundberg, 2005; Hanæus and Mattsson, 2009; 
Höglund et al., 2005; Holmström et al., 2001). ARD is the result of the natural weathering of 
pyrite (FeS2) and pyrrhotite (Fe(1-x)S) due to exposure to atmospheric oxygen and water (Table 
3: Reaction (1), (2)) which produces elevated sulphate, Fe and acidity loadings. The focus on 
mitigation has been either to actively treat the ARD in the far-field as passive treatment or to 
cover the tailings in the near-field with passive prevention techniques to reduce the ARD 
potential of recently deposited mine tailings. In Sweden, remediation by soil or water covers is 
considered the best available remedial technique for protecting sulphide tailings from oxygen 
intrusion and consequential ARD formation. Composite dry covers are considered a successful 
long-term, low maintenance remediation solution (INAP, 2009). They consist of a protective 
layer and a sealing layer. The function of the protective cover is to protect the integrity of the 
underlying sealing layer from infiltrating water, root penetration, freeze-thaw weathering and 
wetting/drying cycles (Carlsson, 2002; Koerner and Daniel, 1997). The underlying sealing layer 
should prevent oxygen diffusion, have a low hydraulic conductivity (<10-9 m/s) and allow for a 
potential saturation exceeding 90%. Composite covers used in Sweden have seen a 99% 
(Lundgren and Lindahl, 1993) and 95% reduction in oxygen diffusion and water infiltration 
respectively compared to pre-remedial conditions, reducing 99.8% of metals transported from 
tailings repositories (Carlsson, 2002).  
 
Due to elevated costs of locating, excavating and transporting materials used for sealing layers, 
there has been demand to use alternative materials such as organic wastes which originate from 
the paper, pulp, water and municipal waste industries (Gotthardsson and Sundberg, 2005; 
Granhagen, 1998; Mácsik et al., 2003; Neuschütz et al., 2009). One such organic waste is 
sewage sludge which is the solid material generated during the treatment of domestic waste-
water (Ahlberg, 2006; Fytili and Zabaniotou, 2008). In Sweden, approximately 210 000 tonnes 
of sludge are produced annually (Neuschutz, 2009). Since 2005, it has been prohibited from 
being land-filled (Ahlberg, 2006) and there are more than 2100 waste-water treatment plants in 
Sweden (Marklund, 1997). Sewage sludge has been used widely in the past as a vegetation 
substrate on the surface of mine wastes (Forsberg, 2008; Neuschütz et al., 2009; Porse, 2002). 
In 2000, approximately 30% of all sewage sludge in Sweden was used as surface covers for 
mine waste (Wennman, 2004). 
 
Sewage sludge it not traditionally utilised as a sealing layer material, yet it has been suggested 
to be appropriate (Ahlberg, 2006; Wang et al., 2009) because of its favourable physical and 
geochemical suitability (Ahlberg et al., 2006; Wennman, 2004). The material has a low 
hydraulic conductivity, relative high porosity and high water retention capacity (Table 1) 
(Cravotta, 1998). It is also a reactive barrier (Blowes et al., 2000) with the ability to consume 
oxygen and reduce sulphate, promoting the precipitation of secondary metal sulphides (Peppas 
et al., 2000). The material has an elevated pH (Table 1), which is typically higher than the 
underlying tailings (Forsberg, 2008). This contributes further to the removal of heavy metals 
such as Pb, Fe, Mn, Cu, Zn as secondary sulphides (Andres and Francisco, 2008). Sewage 
sludge also has the ability to increase aggregation from this process, causing cementation of the 
underlying tailings (Forsberg and Ledin, 2003), and further hindering oxygen and water ingress. 
However, sewage sludge contains high concentrations of readily leachable trace elements 
(Eriksson, 2001).  
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It has been reported that using this material to cover mine waste in the long-term is ineffective 
(Hallberg et al., 2005) and is only applicable as a medium-term cover system (Cousins et al., 
2009). However, the causes of these negative effects of using sewage sludge are due to the 
exposure to atmospheric oxygen in surface layer applications (Qureshi et al., 2004). Hence 
sewage sludge applications may be more applicable as a barrier material in a sub-surface layer 
which would minimise the oxygen contact and its consequences. 

 
Table 1: General Physical Properties of Sewage Sludge 

Property Value Deviance 
pHa, b, c, e, g 7.70 ± 0.7 
Hydraulic Conductivityf (m/s) 1×10-9  
Porosityc (%) 90  
Saturationc, d (%) 95 ± 5.0 
Dry Solidsa, d (%) 36.6 ± 7.4 
Organic Mattera, c (% of DS) 58 ± 5.0 
Moisture Contenta, d, g (%) 53 ± 3.0 
Plasticitya (%)   52  
Particle Sizea (μm) 2-20  
Total Nh (g/kg) 33 ± 2.0 
Total Ph (g/kg)  24 ± 1.0 
a(Wang et al., 2009)    
b(Pichtel et al., 1994)     
c (Ahlberg, 2006)   
d (Elliot et al., 1997)   
e (Fjällborg and Dave, 2003)   
f (Mácsik et al., 2003)    
g (Andres and Francisco, 2008)   
h (Neuschutz, 2009)   

 
There is a lack of understanding as to how the organic barrier will behave in the environment as a 
sealing layer buried beneath a protective layer. Hence this is why sewage sludge has not been 
utilised for use in full-scale mine remediation projects in this type of application. This paper is a 
geochemical evaluation of using sewage sludge as a sealing layer in a composite dry cover 
system to assess its effectiveness as an oxygen barrier, and how it may modify the retention and 
mobility of constituents in order to remediate sulphidic mine tailings. Data from pore gas, 
leachate and sediment geochemistry were derived from a pilot-scale experiment in northern 
Sweden over an 8 year time-span. This study is the first pilot-scale experiment to assess the use 
of sewage sludge as a sealing layer, and has also expanded the experimental time-scale in which 
the monitoring of this system has occurred. It is the aim of this study to understand if an 
application of sewage sludge in a composite cover sealing layer can be viable and employed by 
the mining industry. 
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2. Materials and Experimental Design 
The Georange Environmental Test Site at the Kristineberg Mine, northern Sweden, was 
completed in 2002. Two pilot-scale test cells were used in this study (Fig. 1): an uncovered 
tailings control cell (UCC) and a sewage sludge remediated tailings cell (SSC).  Each concrete 
cell measured 5×5m2 by 3m deep and was lined with an inert HDPE (high-density polyethylene) 
liner that resisted acid attack from the materials contained therein. The cells were insulated to 
prevent horizontal freezing from the peripheral ground.  
 

 
Figure 1: Schematic diagram of the experimental design of the two 
pilot-scale test cells and their location. SSC: Sewage-sludge remediated 
tailings cell; UCC: Uncovered tailings control cell. 

 
The bases of both cells were filled with a 0.3m thick inert coarse-grained gravel layer to 
encourage water collection and drainage. In the SSC, the drainage layer was covered with a 
compacted 1.0m thick fresh unoxidised tailings layer sourced from the Kristineberg Pb-Zn-Cu 
mine and processed at the nearby Boliden concentrator (Fig. 1). A 1.4m thick layer of 
uncovered tailings was applied in the UCC. The tailings in the SSC were additionally covered 
with a composite cover containing a sewage sludge sealing layer (0.25m), an upper drainage 
layer to mimic surface runoff (0.25m) and a protective layer of locally derived glacial till 
(1.2m).  
 
The tailings had a porosity of 55.4% and a saturated hydraulic conductivity of 1.31×10-05 m/s 
(SLU, 2005). The mineralogy of the tailings comprised of 48% pyrite (FeS2), 4.8% pyrrhotite 
(Fe1-xS), 2.5% calcite (CaCO3) and 2.5% dolomite (CaMg(CO3)2). During processing, 
approximately 10kg/tonne of lime (Ca(OH)2) was added to the tailings (Alakangas, 2006). The 
sewage sludge was derived from a nearby waste-water treatment plant in Lycksele (Fig. 1).  
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After sedimentation of the waste-water, aluminium-sulphate thickeners were added and the 
sewage sludge was anaerobically digested. As with the tailings material, the sewage sludge 
contained elevated concentrations of the trace metals Cd, Cr, Cu, Ni, Pb and Zn (Table 2). 
 

Table 2: Original chemical composition of tailings and sewage sludge upon 
application in the test cells in 2001 
 Tailings         Sewage Sludge 
Major Elements (%)   
SiO2  35.7 - 
Al2O3 4.05 9.86 
CaO 4.8 1.44 
Fe2O3    13.5                  1.51 
K2O 0.63                  0.16 
MgO 3.7 0.23 
MnO 0.1                    0.03 
Na2O 0.3                       - 
P2O5   0.04 4.33 
TiO2 0.2                       - 

Minor Elements (mg/kg)   
As 3610 <10 
Ba 128 219 
Cd 8.19                 0.97 
Co 81.6 <2 
Cr 25.1                 34 
Cu 1480 219 
Hg 2.84 0.51 
Ni 12.8 9.13 
Pb 1270 48.5 
S 209000 - 
Zn 5330 377 

 
3. Methodology 
Sampling commenced in spring 2003 and ended in summer 2010. The data generated from this 
study is thus derived from a monitoring period of approximately 7 years and is an extension of 
the data collected from previous studies (Alakangas, 2006; Alakangas and Öhlander, 2006; 
Nason et al., 2010). However, as the materials were applied in 2002, the pilot-scale study is an 8 
year assessment in total. 
 
3.1 Leachate water sampling 
The infiltrated leachate water of both cells was collected from the base drainage layers monthly 
from 2003 to 2006 and from 2009 to 2010 via drainage probes in the drainage layer (1×1×0.2 m3) 
(Fig. 1). Additionally, the SSC contained a quartzite filled lysimeter located immediately below 
the sewage sludge layer to enable the collection of leachate derived from infiltration through the 
protective layer and the sewage sludge sealing layer only, and was collected during 2009 to 2010. 
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Water for major and minor elemental analysis was filtrated in the field using 0.22μm Millipore 
nitrocellulose membrane filters, acid-washed with 5% acetate acid and with syringes that had 
been acid-washed using HNO3 then rinsed with Milli-Q® water. The dissolved fraction was 
transferred into 125ml acid-rinsed bottles. Blank analysis using Milli-Q® water indicated a 
contribution of <2% for all dissolved cations except for Al, Cr and Pb which occasionally 
contributed concentrations exceeding 2%. From 2009 to 2010, separate samples were collected 
unfiltered into non-acid washed bottles for the anions NO3

-, SO4
2-, HCO3

- (alkalinity), total 
organic carbon (TOC) and dissolved organic carbon (DOC), where water volume would allow. 
In the field, all samples were stored in a cool, dark environment prior to analysis. 
 
Determinations of dissolved oxygen (DO), redox, pH and temperature measurements were 
conducted. There was a particular lack of water available in some months from the drainage 
probes and the lysimeter, hence there are gaps in the data regarding these measurements. 
Measurements were performed using the following equipment: a Mettler-Toledo SevenGoPro 
dissolved oxygen metre, a Mettler-Toledo SevenGoPro Gmbh redox metre, a Metrohm® 
combined pH electrode from 2003 to 2006 and a Mettler-Toledo MP125 pH and temperature 
electrode from 2009-2010. Both were calibrated to standards of pH4.01 and pH7.00 
respectively. 
 
3.2 Sediment Sampling 
Samples were collected in February 2010 from the SSC using an Atlas Copco Cobra TT 
percussion hammer drill. The samples collected were extracted from beneath the protective and 
upper drainage layers from a depth of 1.10m to 1.55m and consisted of the sewage sludge and 
tailings layers. The samples were collected in a 0.05m diameter core and extracted into non-
diffusive plastic bags within an argon filled chamber. All sampling took place in an anoxic 
environment. Nine 0.05m thick sub-samples totalling 0.15m sewage sludge and 0.3m tailings 
thicknesses were retrieved. Sediment samples derived from the UCC were collected in June 
2009 using a mechanical excavator to expose a uniform tailings profile. A non-metallic trowel 
was used to extract the tailings into an argon filled chamber to avoid oxygen contamination. 
Eleven 0.1m thick sub-samples totalling 1.10m tailings were retrieved. Samples were stored in a 
dark frozen environment and were not exposed to oxygen until sample analysis. Paste pH, a 
method to determine the acid-producing potential of a material was determined using the 
method outlined by (Weber et al., 2006), using an MP125 Mettler-Toledo pH electrode. 
 
3.3 Gas Measurements 
Two quartzite filled geotextile balls were installed in the SSC to collect oxygen, methane and 
carbon dioxide at 0.1m above and 0.5m below the sealing layer (Fig. 1). Samples were extracted 
using a Maihak S710 gas analyser (Hallberg et al., 2005). The gas samples were analysed every 
second week during spring, summer and autumn in 2004 and once a month during 2005. 
Methane and carbon dioxide were calibrated with specific gas concentrations prior to the 
sampling. The precision of the instrument was better than 2% of the analysed value, according 
to the manufacturer. 

 
3.4 Analysis 
Determination of dissolved fractions of major (Ca, Fe, K, Mg, Na, S, Si, Al) and minor (As, Ba, 
Cd, Co, Cr, Cu, Mn, Mo, Ni, P, Pb, Zn) elements in the leachate were performed using ICP-
AES (Inductively Coupled Plasma – Atomic Emission Spectrometry) and ICP-SFMS 
(Inductively Coupled Plasma – Sector Field Mass Spectrometry) respectively.  
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Alkalinity was determined by titrating with hydrochloric acid while purging carbon to an 
endpoint pH of 5.4. Nitrate and sulphate were analysed using ion chromatography. The analyses 
were conducted according to the EPA-methods (modified) 200.7 (ICP-AES) and 200.8 (ICP-
SFMS).   
 
The sediment samples were dried at 50°C and leached in 7 M nitric acid in closed teflon vessels 
in a microwave oven for As, Cd, Cu, Co, Hg, Ni, Pb, S, Sn and Zn. The remaining elements were 
determined after fusion with lithium metaborate and dissolved in dilute nitric acid. These 
solutions were centrifuged and diluted before analysis. The determination of Al, Ba, Ca, Cr, Fe, 
K, Mg, Mn, Mo, Na, P, S, Si, Ti and Zr were made using ICP-AES and As, Cd, Co, Cu, Ni, Pb 
and Zn were analysed using ICP-SFMS. Analysis of Hg was performed by using AFS-Atom 
Fluorescence Spectroscopy in accordance to SS-EN ISO 17852:2008. Instrumental analysis was 
carried out according to modified USEPA methods. Precision in all methods was generally better 
than 5%. 
 
Total organic carbon (TOC) samples in the leachate water were calculated by determining 
particulate organic carbon (POC) and dissolved organic carbon (DOC) fractions. Samples were 
filtered through 25mm diameter glass micro fibre filters (0.47 �m) mounted in stainless steel 
filter holders. POC filters were stored in tin foil. Analysis of POC using a Carlo Erba Model 
1108 high-temperature (1030�C) combusting element analyser was used and DOC analysis was 
performed using a Shimadzu TOC-5000 high-temperature combustion instrument.  
 
Organic complexation modelling using the chemical equilibrium Visual MINTEQ modelling 
software (Version 3.0., Beta) was utilised to further enable an interpretation of the interaction 
between DOC concentrations and dissolved metal concentrations from the leachate derived from 
the SSC. The Stockholm Humic Model was used to model the dissolved leachate geochemical 
data (Gustafsson, 2001). 

 
4. Results and Discussion 
4.1 Mass depletion and accumulation  
Quantification of element re-distribution within the solid fraction of the sewage sludge and 
tailings can be derived by normalising to a fixed element that may remain immobile in the 
system.  Mass balance calculations were performed at each sample interval of both profiles using 
the formula adapted by Holmström et al (2001). If geochemical processes such as weathering and 
precipitation have occurred in the profile, a mass change would have occurred between the 
original concentration (CO) and the final concentration (CF) of a particular element (e). All 
element concentrations can be normalised to this change using a normalising element (n).  
 
Total Mass Change (%) = [(Cn

O/Cn
F) – 1] × 100     (1) 

 
Individual Elemental Mass Change (%) = [((Ce

F/Ce
O) × (Cn

O/Cn
F)) – 1] × 100 (2) 

 
4.1.1 Sewage Sludge 
Visually, the sewage sludge layer remained within the original deposition thickness of 0.25m but 
varied between 0.15m to 0.30m due to uneven compaction from the overlying protective till 
cover material. To understand the loss of constituents from the sewage sludge, mass balance 
calculations were performed using the nomenclature denoted above in equations (1) and (2).  
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Elements in the sewage sludge were normalised from the original sewage sludge compositions 
(Table 2) using Al2O3 as a substitute for the more preferable normalising elements Si, Ti and Zr 
as these were not available in the original geochemical analysis. A visual representation of the 
element compositions (Fig. 2) shows that elements that fall below the normalised line are 
depleted and have been lost from the sewage sludge material since deposition.  
 

 
Figure 2: Mass changes of elements from the top (A) and bottom (B) sewage sludge sealing 
layer using Al203 for normalisation. Elements above the normalisation line have been 
enriched in the sludge, and below they are depleted from the original. Note that some 
elements have been scaled. LOI (Loss On Ignition) represents organic matter. 
 
Elements released from the sludge were more depleted at the base of the sludge layer (Fig. 2B). 
The top of the sludge layer had fewer elements removed (Fig. 2A) with a mass depletion of 
65%, 47%, 23% and 35% of P, Cd, Cu and Hg respectively. At the base of the sludge layer 
where P, Cd, Cu, Hg, Pb and Zn were depleted, a mass loss of 90%, 91%, 76%, 94%, 56% and 
75% of these elements occurred respectively. These elements were highly elevated in the 
original sludge composition (Table 2). Ahlberg (2006) reported that the removal of elevated 
trace element concentrations from sewage sludge was dominantly in the form of colloidal 
matter in the first two years of application affecting Cu, Cr and Pb and that after this period, 
with the accelerated degradation of organic matter in the sludge, the elements Cd, Ni and Zn 
were lost as dissolved organo-metallic complexes. In the SSC, this may have accounted for the 
removal of Cd, Cu, Pb and Zn from the sludge, but Cr and Ni were not released and transported 
from the sludge layer. Metal dissolution and transport from the sewage sludge may also be 
dependant on the release of elevated concentrations of dissolved organic carbon (DOC), which 
may cause reductive dissolution of trace elements from the sludge (Elliot et al., 1997) and 
mobilise such metals as Cu (Fjällborg and Dave, 2003) which is most efficient (99%) at a pH of 
7 (Fletcher and Beckett, 1987) and was found in the SSC (Fig. 3). The pH in the sludge layer 
was within 7.2 to 7.5, conforming to this process, with the highest pH present in the top of the 
layer (Fig. 3). The high removal of P also conformed to previous research (Criquet et al., 2007) 
on sewage sludge applications but that the nutrient may be adsorbed to the surfaces of pyrite in 
underlying sulphidic mine tailings (Cravotta, 1998), though this was not evident underneath the 
sludge layer (Fig. 4: SSC 1C) in the SSC. 
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Table 3: Summary of sulphide oxidation reactions and reactions involving organic 
matter 
Sulphide Oxidation by Oxygena   

FeS2 + 15/4 O2 + 7/2 H2O � Fe(OH)3 + SO4
2- + 4H+  (1) 

Fe(1-x)S + (2-x/2)O2 + xH2O � (1-x)Fe2+ + SO4
2- + 2xH+  (2) 

Pyrite Oxidation by Nitrateb   

NH4
+ + 2O2 � NO3

- + 2H+ + H2O pH>6.5 (3) 
2FeS2 + 6NO3

- + 4H2O � 2Fe(OH)3 + 4SO4
2- + 3N2 + 2H+  (4) 

5FeS2 + 14NO3
- + 4H+ � 5Fe2+ + 10SO4

2- + 7N2  (5) 

Degradation of Organic Mattera, c   
2CH2O � CH4 + CO2   (6) 
CH2O + O2 � H2O + CO2   (7) 
2CH2O + SO4

2- � 2HCO3
- + HS- + H+   pH>7 (8a) 

2CH2O + SO4
2- + 2H+ � 2H2CO3 + H2S  pH<7 (8b) 

Precipitation of Metal Sulphidesc   

Me2+ + HS- � MeS + H+ pH>7 (9a) 
Me2+ + 2H2S � MeS2 + 4H+ pH<7 (9b) 
MeS + H2S � MeS2 + 2H+   (9c)) 
(Me2+ denotes a metal such as Cd, Fe, Ni, Cu, Co and Zn)   

Neutralising Reactionsa   

Ca(OH)2 + 2H+ � Ca2+ + 2H2O      (10) 
CaCO3 + 2H+ � Ca2+ + H2CO3  (11) 
a Modified from Lottermoser (2003)   
b Modified from Cravotta (1998)   
c Modified from Peppas, et al (2000)   
 

However, the leaching of dissolved forms of metals by these processes was accompanied by the 
gradual loss of organic matter in the sludge layer by decomposition as can be seen in the data 
(Fig. 2). Elevated losses of organic matter have been reported in surface applications of sewage 
sludge due to aerobic degradation (Table 3: Reaction (7)) and nitrification (Table 3: Reaction (3)) 
from exposure to atmospheric oxygen (Cravotta, 1998). In the SSC, this was most prevalent at 
the sludge-to-tailings interface (Fig. 2: B) where 92% of the organic matter had been lost since 
deposition when compared to the mean organic matter content of sludge (Table 1). However on 
average, the organic fraction had only been reduced by 80% throughout the whole layer and was 
lowest in the top of the sludge layer (Fig. 2: A) with a 69% total loss. The elements Fe, Ca, Mg, 
Ba, Sr and V increased in the entire sludge layer which may have contributed mass enrichment. 
These have been derived from the migration of fine silt and sand from the overlying protective 
till material which is rich in relatively inert feldspar, clay and silicate minerals. Total mass 
balance calculations of the sludge layer indicate that the degradation of organic matter with the 
loss of elements leached combined with the influx of constituents from the glacial till totalled a 
mean mass loss of 19.6% in the sealing layer within the 8 years since application. Shrinkage and 
thickness reduction of the sludge layer were not apparent on visual inspection. The layer 
remained a dark black anoxic water saturated layer with no shrinkage crack formation or 
preferential water flow regime development.  
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This contrasts to surface applications of sewage sludge where up to 60% shrinkage, 30% mass 
volume reduction and preferential flow may occur within only a 4 year time frame, of which is 
only half the period of this study (Ahlberg, 2006). 
 

 
Figure 3: Paste pH data of the solid fraction of the core samples from the SCC 
and the UCC. 

  
4.1.2 Tailings in the UCC 

Using the nomenclature denoted in equations (1) and (2), elemental concentrations at each 
sample interval were normalised to the unoxidised tailings from the UCC using Zr as the 
normalising element due to the zirconium’s mineral (ZrSiO2) resistance to low-temperature 
weathering (Nickel, 1973). The UCC tailings profile displayed a typical formation of an 
observed oxidised zone showing a total mass loss of 25% in the upper 0.35m tailings (Fig 4: 
UCC 2A). The release and transport of Fe, As, Cd, Co, Cu, Hg, Ni, Pb, S and Zn (Fig. 4: UCC 
2B) by as much as 20-65% from the oxidised zone occurred. The oxidised zone was further 
distinguished from the paste pH values (Fig. 3) which showed a distinct strongly acidic 
oxidation front that occurred at the interface between the oxidised and unoxidised zones where 
sulphide oxidation was most prevalent due to the overall reaction of pyrite (Table 3: Reaction 
(1)). A relative enrichment of the residual fraction remained in the oxidised zone of Si, Ca, K, 
Mn, P and Ba (Fig. 4: UCC 2C). Immediately beneath the acidic oxidation front, a change in pH 
promoted an accumulation of the mobilised constituents in a similar magnitude to what had 
been lost in the oxidised zone (Fig. 4). The data conform to previous models focused upon 
calculating oxidation rates in uncovered tailings within the 8 year period since deposition 
(Ritchie, 1994).  
 
 



 11

 
Figure 4: Mass balance plots of tailings; SSC 1A: Total mass; SSC 1B: Mobile 
elements; SSC 1C: Immobile elements; UCC 2A: Total mass; UCC 2B: Mobile 
elements; UCC 1C: Immobile elements. 

 
4.1.3 Tailings beneath the sewage sludge sealing layer in the SSC  
Using the nomenclature denoted in equations (1) and (2), elemental concentrations at each 
sample interval were normalised to the unoxidised tailings from the SSC using Zr as the 
normalising element. The tailings beneath the sewage sludge sealing layer contained a distinct 
accumulation zone almost immediately below the sludge-to-tailings interface (Fig. 4: SSC 1A). 
This 0.05m thick zone contained a relative enrichment of 5-11% for Fe, As, Cd, Co, Cu, Hg, Ni, 
Pb, S and Zn (Fig 4: SCC 1B). The paste pH data (Fig. 3) indicated that the metals precipitated in 
a pH of 7.7-8.2 in the tailings which likely caused at least one of the depositional controls. 
Furthermore, the metal accumulation was accompanied by a similar enrichment of organic matter 
(4.4%) in the accumulation zone (Fig 4: SCC 1B). This confirmed that metals bound to colloidal 
particles sourced from the sludge layer, percolated down into the tailings and become trapped 
accounting for at least some of the high metal concentrations. Due to the data derived from the 
sludge mass balance (Fig. 2), it is likely that Cd, Cu, Hg, Pb and Zn sourced from the sewage 
sludge layer may have migrated downwards, bound to the organic colloids, and aggregated in the 
underlying tailings. This accumulation conforms to similar research conducted within soil 
profiles (Ahlberg et al., 2006; Ashworth and Alloway, 2004) where sewage sludge derived 
metals accumulate within the upper topsoil layers. The accumulation of metals within the upper 
tailings profile of the SSC is a reverse of the conditions seen in the upper oxidised tailings zone 
in the UCC where a release and depletion of metals has occurred.  
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Therefore, sulphide oxidation due to oxygen diffusion through the sewage sludge sealing layer 
has not occurred in the SSC. 
 
4.2 Sewage sludge as a reactive organic barrier 
Measured oxygen, carbon dioxide and methane (Fig. 5) concentrations from the SSC, both 
above and below the sewage sludge sealing layer indicate that the sludge has been acting as an 
organic reactive barrier as identified from previous research (Blowes et al., 2000). 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 

Figure 5: Gas concentrations from the SSC: Above SSC: +0.1m; Below SSC: -
0.5m. 
 

4.2.1 Anaerobic and aerobic degradation of organic matter 
Aerobic degradation and consumption of oxygen (Table 3: Reaction (7)) occurred with the 
interaction of atmospheric oxygen diffusing through the protective cover layer and reacting 
with the organic fraction in the upper sludge layer.  
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This peaked during a three month period each year between late summer and early autumn when 
the sludge was exposed to atmospheric oxygen (Fig. 5). During late spring to early summer, and 
again in autumn, the sealing layer was saturated due to the spring snow melt and autumn storm 
events respectively. In winter, from December to March, frozen conditions in the layers occurred 
(Shcherbakova, 2006) all of which may have limited the transport of oxygen (Elberling, 2005). 
Consequently, oxygen concentrations below the sewage sludge barrier were below 1% year 
round (Fig. 5) as they were either consumed by aerobic degradation or were unable to diffuse 
through the saturated sludge due to the low diffusivity of oxygen through water. Carbon dioxide, 
a product of this reaction, was negatively correlated to oxygen concentrations above the sludge 
layer (Fig. 5) indicating that when aerobic degradation occurred, CO2 was released as a product 
of the reaction (Table 3: Reaction (7)). This data agrees highly with previous studies that indicate 
that when sewage sludge is exposed to atmospheric oxygen aerobic degradation of the organic 
fraction occurs. Sewage sludge may be oxidised to a 0.8m depth in 4 years (Ahlberg, 2006) 
producing shrinkage cracks and preferential flow development. The initial thickness of the sludge 
layer in the SSC was only 0.25m thick in comparison, and any similar oxidation depth and 
structural disintegration did not occur. This may be due to only the top of the sludge layer drying 
and allowing atmospheric oxygen to degrade the layer periodically for three months per year as it 
was dominantly water saturated or frozen. Hence the resulting consumption of organic matter and 
oxidation would have theoretically been only a quarter of the rate than that of surface 
applications of sewage sludge.  

 
 
 

Figure 6: pH and redox of the base drainage layer leachate (2003 to 2010). 
 

Anaerobic degradation of the organic fraction (Table 3: Reaction (6)) generates methane and 
carbon dioxide as products of the reaction. The layer must be water saturated and anoxic for 
anaerobic degradation and methogenesis to occur (Markewitz et al., 2004). The results showed 
that methane and carbon dioxide concentrations peaked below the sludge layer during summer 
and early autumn, though were elevated throughout the year. These concentrations were 
independent on oxygen concentrations, thus identifying that this process was solely anaerobic 
(Fig. 5). As the impermeable sludge layer was largely water saturated, especially in the lower 
part of the sludge layer, it produced the necessary conditions for anaerobic degradation to occur 
throughout the year. The magnitude of this process compared to the aerobic degradation at the 
top of the sludge layer was therefore more elevated. It occurred theoretically four times as much 
as the aerobic degradation as indicated by the higher methane and carbon dioxide concentrations 
released below the cover. This may explain why organic matter degradation was still rather high 
in the cover, as described in 4.1.1, as anaerobic degradation processes dominated. This may have 
accounted for the higher amounts of elements and organic matter lost from the base of the sealing 
layer (Fig. 2: B). 
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A further indication that oxygen concentrations still remained low underneath the sludge barrier 
were identified from leachate data of pH and redox measurements, collected from 2003 to 2010, 
from the base drainage layers (Fig. 6). All leachate water in the SSC (except one outlier that 
may have been analytical error) had a near-negative or negative redox, as opposed to the UCC 
which had all positive. Additionally, data collected from 2009 to 2010 indicated that the 
leachate water below the sludge layer in the SSC contained very low dissolved oxygen 
concentrations (<1%) when compared to those collected at the base of the UCC (6%) (Fig. 7). 
 

 
Figure 7: Anion, total organic carbon (TOC), dissolved organic carbon (DOC) 
and dissolved oxygen (DO) concentrations from the leachate water from the 
UCC and SSC. 

 
4.2.2 Sulphate Reduction 
Concentrations of sulphate in the leachate were considerably lower in the SSC (38mg/l) 
compared to the reference UCC (1390mg/l) (Fig. 7). Two possible scenarios exist for the lack of 
sulphate in the SSC. Firstly, that sulphide oxidation did not occur from oxygen as a primary 
reactant, thus not releasing sulphate as a product of the reaction (Table 3: Reaction (1), (2)). 
Secondly, that sulphate reduction may have occurred due to the degradation of organic matter 
(Table 3: Reaction (8a), (8b)) consuming any sulphate present in the sludge material after 
processing agents were added before application. The data discussed in 4.2.1, suggested that 
oxygen as an oxidant was not present in the underlying tailings due to the consumption of 
oxygen from aerobic degradation in the organic barrier, and hence, sulphide oxidation and its 
products have not occurred. The leachate data from the SSC indicates that sulphate reduction 
has occurred within and beneath the sludge layer identified by the elevated concentrations of 
alkalinity (HCO3

-), a product of the reaction (Table 3: Reaction (8a)), and the depletion of 
sulphate (Fig. 7). The alkalinity concentrations were up to ten times more elevated in the base 
leachate of the SSC than in the UCC. The reaction also consumed acidity which created the 
near-neutral pH range (Fig. 3) over time allowing both sulphate reduction reactions (Table 3: 
Reaction (8a), (8b)) to occur releasing subsequent H2S and HS-. The release of these may have 
reacted with and accumulated metals (Cd, Cu, Hg, Zn), in the zone immediately beneath the 
sewage sludge layer (Fig. 4. 1B), as secondary metal sulphide precipitations (Table 3: Reaction 
(9a), (9b), (9c)). This process conforms to results from column leaching tests conducted on 
sewage sludge sealing layers above sulphide-bearing mine tailings (Wang et al., 2009).  
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Mass balance calculations of solid sulphur (Fig. 4: SSC 1B) in the accumulation zone of metals 
indicated an enrichment of 7.45%, which allows for the hypothesis that secondary sulphide 
precipitation has probably occurred. Furthermore, sulphate reduction in the sludge layer also 
contributed towards the degradation of the organic matter fraction of the sludge. This means that 
it added to the level of degradation created by anaerobic and aerobic degradation, all of which 
combined accounted for the high loss of organic matter in the base of the sludge layer (Fig. 2). 
Contrastingly, the UCC had extremely elevated sulphate concentrations in the base leachate and 
lower amounts of alkalinity (Fig. 7) which indicated the ongoing sulphide oxidation processes 
(Table 3: Reaction (1), (2)). 
 
4.2.3 Nitrification and nitrate as an oxidant 
Initially, N is usually present in the sewage sludge in high concentrations (Table 1, (Neuschutz, 
2009)) in the dominant form of ammonium (NH4

+), and that over time, exposure to oxygen may 
release nitrate (NO3

-) from the process of nitrification (Table 3: Reaction (3)) (Smith and Tibbett, 
2004). Nitrate is a possible oxidant for pyrite and may release elevated sulphate and Fe into 
solution (Cravotta, 1998) (Table 3: Reaction (4), (5)). This process can create acidification 
(Stehouwer et al., 2006) and has been widespread in surface applications of sewage sludge which 
has in turn, elevated the amount of metals transported in solution in these application types 
(Ahlberg, 2006). This process usually has a seasonal variation in Sweden (Ahlberg et al., 2006) 
with peak concentrations of nitrate, metals and sulphate occurring in autumn due to a flush of 
constituents from autumn storms. However, the rate of nitrification should decrease 
exponentially due to exhaustion of ammonium in the organic fraction of the sewage sludge 
(Evanylo, 1994). As nitrate data were derived in 2009-2010 only, it is therefore difficult to 
specify if nitrification occurred prior to this data. This data, however, identified that it was not 
occurring in the SSC during 2009 to 2010 due to the low concentration of nitrate in the leachate 
underlying the sewage sludge when compared to the UCC (Fig. 7). Nitrate was higher in the SSC 
than the UCC cell base, yet below values set in accordance with EU limits (<10mg/l), and up to 
two orders of magnitude lower than nitrate concentrations from surface applications of sewage 
sludge where nitrification has occurred (Ahlberg, 2006). Additionally, no acidification occurred 
in the tailings, and dissolved Fe and sulphate concentrations in the SSC leachate that would have 
been generated as a product of pyrite oxidation by nitrate were also low, indicating nitrate was 
not an oxidant to pyrite. 
 
4.3 Transport and mobility of elements 
Concentrations of elements from the base leachate analyses of both cells were compared (Fig. 8) 
to each other and also normalised (Fig. 9) using the method outlined by Ahlberg, et al. (2006), 
which plots each sample leachate concentration (C) divided by the original leachate 
concentration derived in 2003 (CO). A ratio of >1 indicates a higher concentration of an element 
than the original flush which is indicative of sulphide oxidation. A ratio <1 indicates a decrease 
in concentration and indicates the likelihood that sulphide oxidation has not occurred. 
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Figure 8: Comparison of dissolved elements in the basal leachate from the SSC 
and UCC (2003 to 2010). 
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4.3.1 UCC Dissolved Elements in Base Leachate 
An initial flush caused by the fresh tailings residues of all elements occurred during the first year 
after deposition in 2003, though all the major elements Ca, Fe, K, Mg, Na, S, Si and Al decreased 
to a C/CO ratio of <1 throughout the sampling period (Fig. 9). The metals Cd, Co, Cu, Ni, Pb and 
Zn decreased after the initial flush of constituents from 2003 to 2006 (Fig. 8), but began 
increasing thereafter to a ratio of 0.6-1.2 despite the elevated pH of the leachate (Fig. 6). This 
was due to the onset of sulphide oxidation which is confirmed from the data discussed in 4.1.2. 
Exceptionally high concentrations of Cd, Co, Ni and Zn occurred by as much as 20.8�g/L, 
427�g/L, 67�g/L and 16100�g/L respectively in 2010. The mobilisation control of these 
constituents is attributed to the acidity released in the oxidation front (Fig. 3) by continued pyrite 
oxidation (Table 3: Reaction (1) (2)) as indicated by the high dissolved oxygen (DO) 
concentrations of 6mg/l in the leachate (Fig. 7). The elements Fe, Al and As were largely 
depleted in the leachate due to the high pH and redox (Fig. 6) which prevented the mobility and 
transport of these redox elements in solution. Furthermore, in 2009, mean SO4

2- values in the 
base leachate were 1390mg/L (Fig. 7). 

 

 
Figure 9: C/CO Ratios of dissolved elements in the base leachate of the SSC and UCC. 
 
Combined with an elevated pH, this type of drainage is characterised as neutral mine drainage 
(NMD) (INAP, 2009). Alkalinity was relatively high (Fig. 7) together with Ca concentrations 
which remained constant during 2003 to 2010 at a mean value of 583mg/L. This was due to the 
dissolution of lime (Ca(OH)2) added during mineral processing, and calcite gangue minerals 
(Table 3: Reaction (10), (11)) which reacted with acidity and released Ca and HCO3

- ions into 
solution. This produced the NMD. However, due to the high (ca. 50%) sulphide and the low (ca. 
5%) carbonate mineral content in the original tailings, it is likely that the pH will reduce over 
time due to continued acidity release due to sulphide oxidation, which in turn, will exhaust the 
carbonates and producing typical ARD. 
 
4.3.2 SSC Dissolved Elements in Base Leachate 
In 2003, similar to the UCC, high metal concentrations were released from the tailings into the 
base drainage due to the flush of residues from the freshly processed tailings (Fig. 8). However, 
the magnitude and duration of this flush subsided within one year and from 2005, concentrations 
of Cd, Co, Cu, Mn, Ni, Pb and Zn were below 10�g/L accounting for a very low C/CO ratio (Fig. 
9). There was not the indicative onset of sulphide oxidation as had occurred in the UCC which 
would have been indicated by a rise of metals in solution. Elevated elements that were lost from 
the sewage sludge (Fig. 2) did not leach through the entire tailings profile to the effluent base 
drainage leachate. This confirmed that the elements derived from the sewage sludge sealing layer 
have been retained in the underlying tailings and that sulphide oxidation had not occurred.  
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An exception was the redox elements Fe and As which were more elevated and may have been 
so due to the governing redox conditions (Fig. 6). Peak concentrations of Fe and As in 2010 
were 20.2mg/L and 165�g/L respectively compared to <30�g/L of each element in the UCC. 
 
4.4 Organic Complexation Modelling in the SSC  
The geochemical software Visual MINTEQ was used to generate a model to further understand 
the relationship of the complexation of metals bound to dissolved organic matter (DOM) for 
Fe(II), Cu(II), Cd(II), Pb(II), and Zn(II). The model assumed DOC concentrations to contain 
100% fulvic acid and it is important to note that the total dissolved carbon (TOC) was almost 
entirely composed of DOC (Fig.7). The model was based on data obtained by taking the mean 
values from the base drainage probe and the lysimeter directly below the sealing layer during 
the sampling period 2009 to 2010. 
 
4.4.1 Organic Complexation from the base drainage layer of the SSC 
Simulations of the leachate data from the base drainage probe showed that the non-metallic 
elements Ca, K, Mg, Na and Ba existed in their free ionic forms in solution and failed to 
complex with DOM in solution. The mean DOC concentration modelled was 17mg/l (Fig. 7). 
The divalent Cd(II), Co(II), Fe(II) and Zn(II) cations all had high concentrations of free ions in 
solution and did not have a high complexation with DOM. The divalent Ni(II), Cr(II), Hg(II), 
Cu(II), and Pb(II) cations formed strong organo-metallic complexes to DOM by 13%, 99%, 
100%, 69% and 27% respectively. The pH of the leachate was near-neutral, which allowed an 
increased attraction of cations to binding sites such as those possessed to carboxylic acids of 
DOM due to the dissociation of H+ ions and the formation of the strong binding organo-metallic 
complexes (Garcia-Gil et al., 2007). The transport of these metals as organo-metallic complexes 
with the DOM decreases the bioavailability of the metals as they are not free ions in solution. It 
also limits their transport through the tailings accounting for the high elemental retention 
capacity of the tailings to sludge-derived constituents. It is important to note however, that the 
concentrations of all these metals in solution were up to 2 orders of magnitude lower than in the 
UCC, as discussed in 4.3.2, and hence the influence of the DOM to enhance the transport and 
mobility of the these metals is not that significant. The one exception was the free ion of 
As(III), which had no relationship of complexation to DOM. It is hence a problematic element 
in the drainage as it also existed in elevated concentrations in the leachate. 
 
4.4.2 Organic Complexation from the lysimeter directly below the sludge in the SSC 
The input data contained higher DOC concentrations (215mg/l) compared to the base drainage 
layer data (17mg/l). The difference observed in the model simulation in contrast to the base 
drainage layer model was an increased relationship of organic-complexation of metals with 
DOM. 100% of all Fe(III), Al(III), Cu(II), Hg(II), and Cr(II) ions were bound as strong organic-
complexes with DOM. Metals such as Cd(II), Co(II), Fe(II), Ni(II), Pb(II), and Zn(II) that 
displayed high free ion concentrations in the base drainage data, were also bound as strong 
organo-metallic complexes with the DOM by 81%, 61%, 28%, 88%, 99% and 74% 
respectively. This accounts for the relationship of the high proportion of trace elements together 
with the organic fraction that were released from the sludge layer (Fig. 2). This indicates metals 
were transported in association with organic matter in both colloidal and solute fractions.  
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5. Conclusions 
The use of sewage sludge as a chemical and physical sealing layer barrier material was effective 
at preventing oxygen diffusion to underlying sulphide-bearing mine tailings for an 8 year period 
based upon the geochemical data observed during 2003 to 2010. The organic cover formed an 
organic reactive barrier (Fig. 10). Firstly, it consumed oxygen by aerobic degradation in the 
upper part of the sealing layer. The low permeability of the sealing layer created a high degree of 
saturation further preventing oxygen migration to the sludge layer. This contributed to the 
effectiveness of the cover which would have otherwise received extensive aerobic degradation of 
the organic fraction that may have compromised the function and integrity of the cover over time. 
A reductive environment formed beneath the sludge layer in the tailings.  
 
Nitrification, a process associated with surface applications of sewage sludge due to the exposure 
of the material to oxygen, did not form due to the lack of oxygen reaching the sludge layer. 
Therefore, the formation of the oxidant nitrate, which may have led to sulphide oxidation and 
metal mobilisation, did not occur along with any associated acidification. A migration of metals 
occurred, however, bound to solid organic colloids and within solution in the form of organo-
metallic complexes with dissolved organic matter derived from the sludge. A release of organic 
matter and the metals Fe, Al, Cd, Co, Cu, Cr, Hg, Ni, Pb and Zn from the sewage sludge 
occurred, and migrated into the tailings. Organic colloids aggregated in the underlying tailings 
and became trapped. This accounted in an accumulation of metals and organic matter. 
Furthermore, sulphate reduction, occurring in the lower part of the sludge layer, promoted the 
removal of metals from solution by reacting with H2S and HS- forming further precipitation of 
secondary sulphides in a 0.05m thick zone of enrichment located just beneath the sludge-to-
tailings interface. This reaction released elevated alkalinity (HCO3

-) and buffered the tailings to a 
pH of 7.7 to 8.2. The subsequent removal of metals retained in the tailings accounted for an 
effluent drainage that contained low amounts of dissolved metals (<10�g/L Cd, Co, Cu, Mn, Ni, 
Pb and Zn). These were largely bound as mobile organo-metallic complexes which in this form 
decrease the bioavailability of the metals. The one exception was the free ion of As(III), which 
did not form organo-metallic complexation, and may therefore be problematic as it existed in 
high concentrations in the leachate, caused by the low redox state created underneath the sealing 
layer.  
 
The magnitude of metals in the leachate decreased over the monitoring period after an initial 
flush. Metals were initially sourced from the elevated concentrations in the sludge solids, and 
decreased over time as they were not derived from products of sulphide oxidation. In 
comparison, the tailings in the UCC received extensive sulphide oxidation in a zone 0.35m thick 
over the 8 year period characterised by a release of metals and an acidic oxidation front 
formation. The quality of the leachate degraded over time due to the onset of ARD with 
concentrations of Cd, Co, Ni and Zn as high as 20.8�g/L, 427�g/L, 67�g/L and 16100�g/L 
respectively in 2010. 
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Figure 10: Schematic illustration of the dominant 
geochemical processes in the SSC 

 
Though the sewage sludge sealing layer was effective at preventing oxygen diffusion to the 
underlying tailings, and subsequent sulphide oxidation and ARD formation, the integrity and 
function of the layer may become compromised over time due to the loss of organic matter by 
aerobic degradation, anaerobic degradation, sulphate reduction and the release of metals from 
the sludge layer. Organic matter degradation accounted for an 80% loss in the organic fraction 
of the layer, but only accounted towards a total mass loss of 19.6% from the sealing layer within 
the 8 years since application. This is far less than surface applications of sludge. The layer 
remained a dark black anoxic water saturated layer with no shrinkage crack formation or 
preferential water flow regime development or decrease in thickness. This confirms that using 
sewage sludge as a sealing layer was effective as a composite cover sealing layer material at 
preventing oxygen diffusion to underlying sulphidic mine tailings and subsequent ARD 
formation. Furthermore, it is additionally advantageous in that it created a reductive, alkaline 
environment in the underlying sulphidic mine tailings with a high buffering capacity which 
together promoted the precipitation of metals as secondary sulphides removing them from 
solution and improving the quality of the effluent drainage. 
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Abstract 
Sewage sludge is a suitable, organic-rich substrate that may promote vegetation establishment in 
the final stages of sulphidic-mine tailings remediation. Nevertheless, sewage sludge may contain 
elevated metal (Cu, Fe, Ni, Pb, Zn) and ammonium concentrations, that when oxidised may 
release sludge-borne metals and nitrate. The use of sludge may therefore be problematic. This 
paper evaluates the geochemical impact of a surface application of sewage sludge on the 
groundwater quality of a formally-remediated sulphidic-tailings impoundment in northern 
Sweden. It aims to address if sludge-borne metals and nitrate were released and dispersed into the 
underlying pre-existing cover materials and tailings, and to delineate the magnitude, duration and 
fate of these in the underlying groundwater system. Data from a field-scale groundwater 
monitoring programme from 2009-2011 was collected after a 12 000 tonne anaerobically-
digested sewage sludge application was applied onto a formally-remediated sulphidic-tailings 
impoundment. It was compared to groundwater data from 1998-2006 that had been collected to 
evaluate the reduction of sulphide oxidation from the pre-existing covers applied in 1996; an 
engineered composite dry cover (1.5m protective layer of glacial till and 0.3m clay-rich till 
sealing layer); a 1m thick water-saturated till cover. The covers were effective at lowering metal 
concentrations prior to sludge addition. The sludge successfully developed grass establishment 2 
years after it was applied above the former cover systems. However, the application released 
elevated concentrations of sludge-borne metals (Cu, Ni, Pb, Zn) and nitrate to the underlying 
tailings groundwater system when applied on the water-saturated cover areas, but not on the dry-
covered areas as the sealing layer prevented percolating sludge-leachate from entering the 
underlying tailings. The loss of constituents was caused by aerobic degradation of the sewage 
sludge that resulted in a loss of the organic fraction (22%) and the metals Cu (20%), Ni (15%), 
Pb (17%) and Zn (25%). The release of nitrate further exacerbated metal concentrations in that it 
provided an oxidant for pyrite in the underlying tailings. This addition elevated dissolved Fe 
concentrations in the groundwater. The metals were readily mobile in the groundwater due to the 
formation of organo-metallic complexes from the release of high concentrations of DOC from 
the sludge. However, due to rapid vegetation establishment by 2011, the sludge-borne nitrate and 
metal concentrations in the groundwater declined. Though the impact was episodic on the tailings 
groundwater immediately underlying the sludge application, the plume continued to migrate 
laterally through the impoundment. It is calculated to take a further 6 years for the plume to 
wash-out of the impoundment to the toe. This study has shown that the application of sewage 
sludge onto water-saturated covers should be avoided. However, compared to the long-term (~10 
000 years) solution to the abatement of acid rock drainage of the original cover systems formally 
applied, the effects from the sludge application on negatively impacting the groundwater quality 
were relatively short-term. 
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1. Introduction 
Effective remediation of sulphide-bearing mine tailings in the wake of sulphide-mineral 
extraction is a fundamental aspect in mine plan development and is legislated through the 
European Parliament’s ‘Management of Waste from Extractive Industries Directive 
(2006/21/EC)’. Preventative remedial measures against acid rock drainage (ARD) formation in 
sulphidic-mine tailings repositories have been widely studied globally (INAP, 2009; 
Lottermoser, 2010). ARD is the result of the natural weathering of pyrite (FeS2) and pyrrhotite 
(Fe(1-x)S) due to the exposure and the reaction with oxygen and water, producing elevated 
sulphate, iron and acidity loadings, further exacerbating additional sulphide weathering and 
contributing high concentrations of dissolved metals into peripheral surface and groundwater 
environments. In Sweden alone, 59 million tonnes of mine waste are produced annually 
(Statistics-Sweden, 2008b) due to active mining operations. The focus on the mitigation of 
ARD-formation in tailings impoundments in Sweden has been primarily directed at either 
covering the waste with water to restrict oxygen ingress or to construct engineered dry covers to 
cap the waste and reduce oxygen diffusion to underlying sulphidic tailings (Carlsson, 2002; 
Gotthardsson and Sundberg, 2005; Hanæus and Mattsson, 2009; Höglund et al., 2005; 
Holmström et al., 2001). Engineered composite dry covers, one method employed by the 
mining company New Boliden AB in Sweden since the completion of the first one at Saxberget 
Mine in 1995 (Lindvall et al., 1997), are designed to be a long-term (~10 000 years) solution to 
the abatement of ARD and are considered a successful long-term, low maintenance remediation 
solution (INAP, 2009). Hence, the cover materials used must be durable and stable. Natural 
materials are utilised such as glacial overburden, natural soil or clay. An overlying protective 
layer protects the integrity of an underlying sealing layer which in turn is designed to prevent 
oxygen diffusion. Composite covers used in Sweden have seen a 99% (Lundgren and Lindahl, 
1993) reduction in oxygen diffusion compared to pre-remedial conditions, by reducing sulphide 
oxidation and subsequent ARD formation. Composite dry covers require a suitable vegetation 
substrate to stabilise and reduce erosion over time. Sourcing and excavating large volumes of 
suitable natural soil is often problematic and of further environmental concern. Replacing 
natural soils with an alternative such as an organic waste generated from another industry has 
become an attractive solution, and may provide the co-disposal of two separate wastes together. 
Alternative materials, which originate from the paper, pulp, water and municipal waste 
industries, have been thoroughly investigated within Sweden (Gotthardsson and Sundberg, 
2005; Hallberg et al., 2005; Hanæus and Mattsson, 2009). One such organic waste is sewage 
sludge (SS) which is the solid by-product material generated during the treatment of domestic 
waste-water (Ahlberg, 2006). In 2005 the European Union’s ‘Urban Waste Water Directive 
91/271/EEC’ Article 14, banned SS disposal and declared that sludge should be re-used when 
appropriate (Fytili and Zabaniotou, 2008). Approximately 210 000 tonnes of SS are produced 
annually (Statistics-Sweden, 2008a) from more than 2100 waste water treatment plants in 
Sweden (Marklund, 1997). Finding alternative methods of SS disposal is increasing. In the year 
2000, approximately 30% of all SS in Sweden was used as surface covers for mine waste 
(Wennman, 2004), largely utilised as a vegetation substrate on the surface of tailings 
impoundments and waste rock dumps (Forsberg, 2008; Neuschütz et al., 2009; Porse, 2002). 
These types of applications are increasing. SS has been proven to be suitable at supporting and 
sustaining long-term vegetation establishment (Pichtel et al., 1994) as it contains elevated 
concentrations of the nutrients N (40g/kg), P (24g/kg) and K (3g/kg) (Theodoratos et al., 2000) 
and high organic matter contents (Wang et al., 2009) which decrease bulk density and 
mechanical resistance and increase total porosity and plant-available water (Forsberg, 2008).  
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However, SS is chemically unstable (Neuschutz, 2009). It may contain readily-leachable elevated 
concentrations of heavy metals (Cd, Cu, Ni, Pb, Zn) (Eriksson, 2001) which may migrate as 
soluble organo-metallic complexes (Andres and Francisco, 2008) or as free ions in solution. 
When SS is applied as a surface vegetation substrate, metals may accumulate in underlying soil 
horizons (Ahlberg et al., 2006), or be transported to peripheral ground or surface waters due to 
organo-metallic complexation formation with dissolved organic carbon (DOC) released from the 
sludge (Ashworth and Alloway, 2004; Christensen and Christensen, 2000). Invariably though, 
the total amount of metals applied to the tailings from the SS is very small when compared to the 
high content of metals found in the tailings themselves (Forsberg, 2008). Furthermore, the 
formation of nitrate from surface applications of SS is prevalent (Ahlberg et al., 2006; Evanylo, 
1994; Schroder et al., 2008) due to the oxidation of ammonium (NH4

+) which may be present in 
high concentrations in the original SS (Neuschutz, 2009). Nitrate may exceed vegetation 
requirements and leach into underlying sulphidic-mine tailings (Cravotta, 1998) where it may be 
a primary terminal electron acceptor to pyrite where groundwater is devoid of oxygen,  with the 
potential to oxidise sulphides and release dissolved metals and sulphate into the tailings 
groundwater (Appelo and Postma, 2005).  
 
The use of SS may therefore be problematic. It is important to understand the mechanisms into 
how metals are mobilised from surface SS applications and how they migrate and behave in an 
underlying tailings groundwater system. This paper evaluates the geochemical impact of a 
surface application of SS on the groundwater quality of a formally-remediated sulphidic-tailings 
impoundment in northern Sweden. The aims are to address how sludge-borne metals and nitrate 
are released and dispersed into the underlying pre-existing cover materials and tailings and to 
delineate the magnitude, duration and fate of these in the underlying groundwater system. 
 
2. Study area 
The study area is located in the western part of the Skellefte Ore District in northern Sweden at 
the Kristineberg Zn-Cu mine operated by New Boliden AB, 175km south-west from the city of 
Luleå (Figure 1). The climate of the area is classified as sub-Arctic. Temperatures are sub-zero 
between October-April with a mean annual temperature and precipitation of 0.7°C and 600 
mm/year (Axelsson et al., 1991) respectively. The dominant vegetation and soil type in the area 
is coniferous forest and podsol weathered till respectively (Carlsson, 2002). Field trials were 
conducted at a formally remediated sulphidic-tailings facility, Impoundment 1, which has widely 
been the focus of previous scientific research into ARD formation and abatement in Sweden 
(Höglund et al., 2005). The tailings were deposited from 1946 until 1952 (Figure 1). They were 
applied into the Vormbäcken stream valley encompassing a 0.11 km2 area with a tailings 
thickness varying from 2 to 10m deep (Alakangas, 2006). After 50 years of exposure to natural 
weathering, sulphide oxidation and ARD formation, a 0.15-1.1m thick oxidised tailings vadose 
zone had formed across the impoundment (Holmström et al., 2001). The mineralogy of the 
unoxidised tailings is dominated by a high sulphide content, primarily comprised of pyrite (26%), 
sphalerite (1.3%), chalcopyrite (0.28%)  and galena (0.05%), with the oxidised tailings 
containing 1-2% total sulphides (Holmström et al., 2001). In 1996 the impoundment was 
remediated (Figure 2) by applying an engineered composite dry cover (1.5m protective layer of 
glacial till and 0.3m clay-rich till sealing layer) to the formerly raised tailings dam area, and by 
applying a simple 1m thick water-saturated till cover in the west of the impoundment by raising 
the groundwater table by sealing dykes.  
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Figure 1: Location of the Kristineberg Mine site, northern Sweden, and a 
map of the Impoundment 1 study site showing cover types and the location of 
the BAT® groundwater wells. Line A-B is shown in the detailed cross-section 
in Figure 2. 

 
An alkaline amendment was added by using 10kg/m2 of crushed limestone before the covers 
were constructed (Lindvall et al., 1999). Most dissolved metals (Al, Cd, Co, Cr, Cu, Ni) were 
reduced and the pH increased (Alakangas, 2006) in the underlying groundwater a few years 
after remediation due to the reduction of oxygen diffusion and sulphide oxidation (Alakangas 
and Nason, 2010). In August 2009, 10 800 tonnes of SS sourced from Stockholm Municipality 
was applied onto the dry covered area (DCA) of the impoundment, and 1200 tonnes onto the 
water saturated cover areas (WSA), to a depth of 0.2-0.3m (Figure 1). It was applied to provide 
a vegetation substrate and nutrients to areas of the impoundment that had had poor vegetation 
establishment since remediation in 1996. The SS was seeded in 2010, and rapid grass 
establishment had occurred on the sludge by 2011.  
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Figure 2: Cross-section A-B of Impoundment 1 showing the arrangement of the cover 
types applied and the location and depth of the BAT® groundwater wells. 
 
3. Materials and Methodology 
The groundwater was monitored during two sampling periods. The first period was initiated a 
few years after remediation in 1998 until 2006 and a full methodology can be found in Alakangas 
(2006). The second period commenced in June 2009, just prior to SS application in July 2009, 
and samples were collected monthly from May to October until autumn 2011. Samples were 
derived from using 5 installed BAT® groundwater wells, designed to allow sample collection 
with minimal exposure to atmospheric oxygen (Torstensson, 1984). This was important to 
maintain the groundwater redox potential and not allow the precipitation of Fe-(oxy) hydroxides 
with the ability to adsorb or co-precipitate other metals out of solution. The wells were chosen 
because of their relative position in the impoundment groundwater system (Figure 2). Well P is 
located in the western till slope and represents the uncontaminated inflowing groundwater into 
the impoundment. Wells G and F are located in the WSA of the impoundment where the SS was 
applied at different depths respectively. Well Q is situated in the DCA of the impoundment 
where the SS was applied. Well L represents the groundwater outflow at the impoundment toe. 
The 120ml BAT® groundwater tubes were acid-washed with 5% HNO3 for three days and rinsed 
with Milli-Q® water. They were purged with argon and vacuumed prior to sampling. 
Groundwater samples were filtered in the field within an argon-filled chamber devoid of oxygen 
using 0.22μm Millipore nitrocellulose membrane filters which had been acid-washed with 5% 
acetate acid and with syringes that had been acid-washed using HNO3, and then rinsed with 
Milli-Q® water, prior to sampling. The dissolved fraction was transferred into 125ml acid-rinsed 
bottles. Separate samples were collected unfiltered into non-acid washed bottles for the anions 
NO3

-, SO4
2- and dissolved organic carbon (DOC). In the field, all samples were stored in a dark, 

refrigerated environment in a field-lab station prior to analysis. Measurements were conducted 
using a WTW GmbH Multi-340i meter with a combined ConOx electrode. It was calibrated 
using an Oxi-Cal®-SL air calibration vessel for dissolved oxygen and a 0.01 mol/L KCl solution 
for conductivity. Temperature and pH were measured using a WTW SenTix 41 electrode with a 
two-point calibration at pH 4.01 and 7. All samples for analysis were sent to the accredited 
commercial laboratory, ALS, situated in Luleå, Sweden.  
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Determination of dissolved fractions of major (Fe) and minor (Cu, Ni, Pb, Zn) elements in the 
water were performed using ICP-AES (Inductively Coupled Plasma – Atomic Emission 
Spectrometry) and ICP-SFMS (Inductively Coupled Plasma – Sector Field Mass Spectrometry) 
respectively. Nitrate and sulphate were analysed using ion chromatography. Dissolved organic 
carbon (DOC) samples in the water were calculated by filtration through 25mm diameter glass 
micro fibre filters (0.47 �m) mounted in stainless steel filter holders and DOC analysis was 
performed using a Shimadzu TOC-5000 high-temperature combustion instrument. The analyses 
were conducted according to the EPA-methods (modified) 200.7 (ICP-AES) and 200.8 (ICP-
SFMS).  Blank analysis using Milli-Q® water indicated a contribution of <2% for all dissolved 
cations except for Pb which occasionally contributed concentrations exceeding 2%.  
 
SS samples were collected on two occasions: 3 samples upon application in July 2009, and 1 
and 2 samples from the WSA and DCA respectively in October 2011. The SS samples were 
dried at 50°C and leached in 7 M nitric acid in closed teflon vessels in a microwave oven for 
As, Cd, Cu, Co, Hg, Ni, Pb, S and Zn. The remaining elements were determined after fusion 
with lithium metaborate and dissolved in dilute nitric acid. These solutions were centrifuged and 
diluted before analysis. The determination of Al, Ca, Cr, Fe, K, P, S and Ti were made using 
ICP-AES and As, Cd, Co, Cu, Ni, Pb and Zn were analysed using ICP-SFMS. Instrumental 
analysis was carried out according to modified USEPA methods. Precision in all methods was 
generally better than 5%.  
 
Speciation and organic complexation of dissolved metals in the groundwater of each well were 
modelled using the chemical equilibrium Visual MINTEQ modelling software (Version 3.0., 
Beta) to further understand the transport of metals in the impoundment groundwater system. 
The Stockholm Humic Model was used to model the dissolved groundwater geochemical data 
(Gustafsson, 2001). Five time periods were chosen to compare the average impoundment 
groundwater data over time and were also used in the data representation of the SO4

2-/Fe2+ 
ratios NO3

-, DOC,  and electrical conductivity (EC): the post remediation flush (PRF) from 
1998 to 2000; the stable period (SP) of concentrations from 2001 until just before sludge 
application in summer 2009; the first year after sludge application (SS1) during 2009; the 
second year after sludge application (SS2) during 2010; the third year after sludge application 
(SS3) during 2011. 
 
4. Results and Discussion 
4.1 Sewage Sludge Composition 
The quantification of mass changes of constituents in the solid fraction of the SS between 
application in 2009 and the final stages of the project in autumn 2011 (Table 1) were derived 
using mass balance calculations by normalising to a fixed element, Ti, that was assumed as 
remaining immobile in the sludge over time. The calculations were performed on the sludge 
derived from the WSA and DCA by applying the formula adapted by Holmström et al (2001). It 
is assumed that if oxidation and geochemical processes within the surface SS layer occurred, a 
total mass change (eq.1) between the original concentration (CO) and the final concentration 
(CF) or of a particular element (e) or constituent (eq.2) may have occurred. All element 
concentrations can be normalised to this change using a normalising element (n). The results are 
presented in Figure 3. 

Total Mass Change (%) = [(Cn
O/Cn

F) – 1] × 100     (1) 
Individual Elemental Mass Change (%) = [((Ce

F/Ce
O) × (Cn

O/Cn
F))-1]  × 100 (2) 
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The total mass of the SS decreased from 2009 until 2011 from both the WSA and DCA by 
17.76% and 16.25% respectively. 22% of organic matter (LOI) was removed from both 
applications likely due to aerobic degradation from oxidation of the SS layer (eq.3). This 
accounted for a total of 3.8% and 1.3% removal from the solid fraction mass of the WSA and 
DCA respectively.  

 
Table 1: Average major and minor constituent analysis from original sewage sludge 
(SS) and sewage sludge from water-saturated (WSA) and dry-covered areas (DCA) of 
Impoundment 1. 
 Original SS 

23rd July 2009
(3 Samples) 

SS on WSA 
6th October 2011 

(1 Sample) 

SS on DCA 
6th October 2011

(2 Samples) 
Major Constituents (% TS)    

Total Solids 30.27 30.40 34.55 
Al2O3 3.12 4.07 4.04 
CaO 2.62 2.45 2.91 

Fe2O3 12.38 16.80 16.05 
K2O 0.62 0.67 0.64 
P2O5 6.65 8.28 7.93 
LOI 
TiO2 

53.43 
0.39 

50.40 
0.47 

50.55 
0.46 

Minor Constituents (mg/kg TS))    

As 5.56 5.37 5.70 
Cd 0.92 0.96 0.99 
Co 9.03 9.47 8.04 
Cr 42.50 53.80 52.25 
Cu 422.33 413 434 
Hg 0.77 1.00 1.09 
Ni 26.70 27.70 26.40 
Pb 29.57 29.70 35.55 
S 13100 9020 11540 

Zn 626 574 689 
 

Elevated CaO and S concentrations in the original solid geochemistry (Table 1) accounted for a 
major proportion of the mass lost from the SS, and oppositely, high original concentrations of Fe 
and Al were retained. Iron and Al were present in the original SS in relatively high 
concentrations (Table 1) most probably in the form of soluble Fe/Al-sulphates added as 
flocculants during the stabilisation of SS during waste water processing (Neuschutz, 2009) in 
order to precipitate phosphorus (Forsberg, 2008). Though the types of Fe/Al-sulphates are 
unknown in this study, the dissolution of melanterite (eq.4) and jurbanite (eq.5) may represent 
the reactions that may have occurred in the SS releasing sulphate into solution (Lottermoser, 
2010) therefore accounting for the high S loss but the retention of Fe and Al in the SS (Figure 3). 
Furthermore, the sulphate released may have reacted with the Ca2+ released from the SS, to 
precipitate gypsum (eq.6) (Lottermoser, 2010). However, though results from the speciation 
modelling using Visual MINTEQ suggested CaSO4

0 formation in the groundwater of the 
impoundment, as it was not oversaturated, it suggests that gypsum did not precipitate. 
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 CH2O + O2    �  H20 + CO2     (3) 
FeSO4

2-·7H2O + 0.25 O2 � Fe(OH)3 + 4.5H2O + SO4
2- + 2H+  (4) 

Al(SO4)(OH)·5H2O  � Al(OH)3 + 3H2O + SO4
2- + 2H+   (5) 

Ca2+ + SO4
2-

 + 2H2O  � CaSO4·2H2O     (6) 
 
The metals Cu, Ni, Pb and Zn were removed from the SS (Figure 3), but their relatively low 
original concentrations when compared to the loss of major constituents (Table 1) meant they 
only contributed a minor proportion of the total mass lost. However, as metal concentrations 
before the SS application had stabilised in tailings groundwater after remediation in 1996 
(Alakangas and Nason, 2010), the release of Cu, Ni, Pb and Zn from the SS may have migrated 
and increased concentrations in the underlying tailings groundwater. The loss of minor 
constituents was unequal between the two areas. Compared to the SS on the DCA, the 
constituents CaO, S, Cu, Pb and Zn were more readily removed from the WSA, whereas more 
Ni was lost from the DCA.  
 

Figure 3: Constituent mass changes from the solid fraction of the sewage sludge 
between application in July 2009 and October 2011 

 
4.2 Water Geochemistry in the Impoundment Groundwater System 
The results from the dual sampling periods 1998-2006, and 2009-2011 are presented in Figure 4 
for sulphate, Ca2+, pH and the metals Fe, Cu, Ni, Pb, Zn. Nitrate, DOC and Electrical 
Conductivity (EC) are given in Table 2. All dissolved metals and sulphate concentrations 
decreased and stabilised after 8 years from remediation in 1996 due to the reduction of oxygen 
diffusion into the underlying sulphidic-tailings (Alakangas, 2006), and pH similarly increased. 
After SS application in 2009, changes in metal and sulphate concentrations occurred in the 
impoundment groundwater system.  
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Figure 4: Total concentrations of sulphate, Ca, Cu, Fe, Ni, Pb, Zn and pH-values from the 
combined 1998-2006 and 2009-2011 sampling campaigns from the five BAT® groundwater 
wells. The dotted line indicates the sewage sludge application in July 2009. 
 
Metal concentrations were observed to increase within one month in areas of the WSA where SS 
was applied in 2009. Wells F and G in the WSA responded differently to the SS application. 
Well F, the deeper of the two wells, received peak concentration of the metals Fe (396mg/L), Ni 
(182μg/L) and Zn (9680μg/L) immediately after the SS application in 2009, up from 2009 pre-
SS concentrations of Fe (84mg/L), Ni (0μg/L) and Zn (104μg/L).  
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Concentrations in this well subsided to within +/- 10% of pre-SS concentrations by 2010 and 
into 2011. During 2009 to 2010, well G, the shallower well, received a concentration pulse of 
the elements Fe (154mg/L), Ni (365μg/l) and Zn (2530μg/L), up from 2009 pre-SS 
concentrations of Fe (80mg/L), Ni (0μg/L) and Zn (1770μg/L). In early 2011, though 
concentrations of these metals had decreased as observed in well F, they still remained high and 
in addition included peaks of other metals such as Cu (28μg/L) and Pb (11μg/L), up from a pre-
SS concentration of 0μg/L. Concentrations of Fe (129mg/L), Ni (208μg/L) and Zn (1850μg/L) 
were still elevated in early 2011, but all metal concentrations decreased to pre-SS conditions by 
late 2011. Rapid mobilisation of sludge-borne constituents from the SS application on the WSA 
(Table 1) was most likely the initial input source of elevated Ni and Zn concentrations into the 
groundwater below in 2009-2010 and thereafter in 2011 for Cu and Pb. This is indicated by the 
mass balance data in Figure 3 which shows a loss of Cu, Ni, Pb and Zn from the solid fraction 
of the SS. These metals were most probably present in reduced forms (Ahlberg, 2006) and were 
readily oxidised and transported in solution from the surface application of SS. This process 
was likely assisted both by input precipitation as rainfall from above the SS allowing the 
mobilisation and transport of constituents to percolate into the underlying water-saturated 
glacial till cover. The groundwater table fluctuates from ground-level to 0.5m below ground-
level within the glacial water-saturated cover. The relatively short distance between the SS and 
the groundwater table explains why the groundwater beneath the SS application on the WSA 
was so responsive in changes to metal concentrations within a relatively short time interval. The 
declining metal concentration in both wells in the WSA by 2011 to pre-SS levels allowed the 
conclusion that sludge-borne constituents were released into the impoundment groundwater 
system within a 2 year period from the SS application on the WSA. Thereafter, it is probable 
that prominent vegetation establishment on the SS in spring 2011 created the uptake and 
immobilisation of metals, as has been prevalent in similar studies conducted in Sweden 
(Forsberg, 2008; Neuschutz, 2009).  
 
Within the dry covered area of the impoundment, well Q did not exhibit any changes in water 
geochemistry until the end of 2011 indicated by a rise in the metals Cu (188μg/l), Ni (263μg/l), 
Pb (95μg/l) and Zn (2060μg/l) together with EC, DOC (38mg/L) and nitrate (167mg/L) 
concentrations. A decrease in pH was observed from pH 6 (pre-SS in 2009) to 5.5 (Figure 4). 
Pre-SS concentrations of these constituents in 2009 were Cu (0μg/l), Ni (3.8μg/l), Pb (0.4μg/l), 
Zn (1610μg/l), DOC (3.5mg/L) and nitrate (0mg/L). Concentrations of Fe did not change. The 
well is located below the majority of where the SS was applied on the DCA but the sealing layer 
in the composite dry cover is designed to allow only minor amounts of water infiltration: 4 × 10-

3m3/m2/year into the underlying tailings (Carlsson et al., 2003). Based on the mean annual 
precipitation of 600mm/year, it would take 150 years for one year of rainfall to percolate 
through the SS and dry cover, so it is therefore unlikely the rise in concentrations in well Q was 
attributed to being derived from the SS application on the DCA. As lateral groundwater 
movement across the impoundment is 30-90m3/m2/year (Corrège et al., 2001), it is more 
probable that the plume of sludge-borne metals and nitrate derived from the SS on the WSA, as 
observed in the well G groundwater geochemistry, traveled laterally within the tailings 
groundwater to beneath the DCA. Over an approximate distance of 150m it is calculated this 
should have taken 1.66 to 5 years. The data indicates that the plume took 2.2 years to affect the 
groundwater underlying the DCA, agreeing with this calculation. The metal concentrations in 
well Q were lower than the concentrations found at wells G and F for Ni and Zn. It is likely that 
this is attributed to a dilution effect within the groundwater under the DCA due to the inflow of 
the uncontaminated groundwater from the western till slope as the data from well P clearly 
illustrates (Figure 4). 
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As the sludge-borne metal contamination plume was released in a period of 2 years from the SS 
applied onto the WSA, the peak in concentration in well Q should subside at a similar rate of 2 
years as the groundwater plume passes aided by the dominant groundwater migration rates and 
direction (Corrège et al., 2001). It is predicted that the contamination plume in the groundwater 
system of the impoundment should take a further 4 years to migrate towards the impoundment 
toe. Further monitoring will have to quantify this rate. The constituents from the SS on the DCA, 
hindered from infiltrating through the sealing layer, most likely traveled laterally from west to 
east through the protective layer to the impoundment toe on a 1:3 gradient (Lindvall et al., 1999). 
This is indentified from elevated metal concentrations that were measured in the groundwater at 
well L at the impoundment toe, located 100m from the edge of the SS application on the DCA, 
one month after SS application. The transport of dissolved metal solutes through the highly 
permeable protective cover was hence rapid. Peak concentrations of Cu (776μg/L), Fe 
(853mg/L), Ni (493μg/L) and Zn (20.4mg/L), by far the highest concentrations observed across 
the impoundment, declined rapidly and had decreased to pre-SS conditions by 2010. Similarly to 
the SS on the WSA, prominent vegetation establishment on the SS in 2011 decreased the amount 
of sludge-borne metals released. 
 
The results suggest that the effect of the SS application on contributing metals into the 
impoundment groundwater system will be relatively short-term, approximately 6 years in total as 
the wash-out of the plume migrates across the impoundment to the toe at well L. The observed 
and predicted metal peaks in each well are illustrated (Figure 5).  

Figure 5: Observed and predicted metal concentration peaks over time in the four BAT® 
groundwater wells located in Impoundment 1 
 
4.3 Nitrate; formation, dispersal and fate 
Nitrate concentrations were observed to increase in all the impoundment wells (Table 2) after the 
SS application in 2009, though in varying concentrations. This was likely due to the process of 
nitrification (eq.7) from oxygen exposure to ammonium in the surface application of SS, 
releasing nitrate.  
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This process is prevalent in surface applications of sewage sludge (Ahlberg et al., 2006; 
Evanylo, 1994; Schroder et al., 2008). As nitrate was added (Table 2) after SS application in 
2009 to the tailings groundwater, it may have become a primary terminal electron acceptor for 
pyrite oxidation (Appelo and Postma, 2005) as dissolved oxygen concentrations were relatively 
low (2-4mg/L) in all wells (except well Q) over the study periods. An indicator of pyrite 
oxidation may be determined by using SO4

2-/Fe2+ molar ratios derived from the groundwater 
data (Karlsson et al., 2010). Oxidation of pyrite by oxygen or nitrate may release dissolved Fe2+ 
and SO4

2- resulting in a ratio of 2 (eq.8/9) (Appelo and Postma, 2005). A ratio <2 may indicate 
the absence of oxidation. Observing changes in the SO4

2-/Fe2+ ratio values may provide an 
indication of the presence of pyrite oxidation. The ratios are presented in Table 2.  
 
NH4

+ + 2O2    � NO3
- + 2H+ + H20      (7) 

FeS2 + 3.5O2 + H2O   �  Fe2+ + 2SO4
2- + 2H+       Ratio = 2    (8) 

5FeS2 + 14NO3
- + 4H+ �  7N2 + 5Fe2+ + 10SO4

2- + 2H2O   Ratio = 2  (9) 
 
All wells in the impoundment displayed a declining SO4

2-/Fe2+ ratio (<2) from 1998 to 2009. It 
was concluded by Alakangas (2006) that, due to successful remediation in 1996, oxygen 
diffusion to the underlying sulphidic-tailings in the impoundment was prevented. Additionally, 
as the groundwater table was raised from the remediation, it may have created reductive 
dissolution of Fe-hydroxides within the oxidised vadose zone of the tailings and created an 
increase in dissolved Fe concentrations in the groundwater. Both of these processes may have 
contributed to lowering the SO4

2-/Fe2+ ratio to <2 prior to SS application.   
 
After SS application in 2009, the SO4

2-/Fe2+ ratio increased to 1.78 in well G in the WSA 
(Table 2). Nitrate concentrations remained relatively unchanged. The change in ratio may 
indicate the occurrence of pyrite oxidation by nitrate in the tailings groundwater which may 
have consumed any nitrate released from the SS resulting in the low nitrate concentrations. The 
well is located to a depth of 2m into the tailings. This may be why the ratio remained stable in 
well F, the deeper of the two wells in the WSA as nitrate was consumed in the overlying tailings 
and oxidation of pyrite did not occur to this depth. In 2010, the ratio reached 2115 in well G. 
This value is much higher than a ratio of 2 which is the value that would indicate pyrite 
oxidation by nitrate. The elevated ratio may have been altered by an increase in concentrations 
of dissolved sulphate entering the impoundment (Figure 4) in early 2009 due to the dissolution 
of Fe and Al-sulphates in the solid fraction of the SS (eq. 4/5). However, in this reaction Fe is 
retained in the SS, but Fe concentrations still increased in 2009 (Figure 4). Elevated Fe 
concentrations in well G from a pre-SS concentration 80mg/L to 154mg/L one month after SS 
application continued into early 2011 and may indicate the presence of continued pyrite 
oxidation by nitrate as Fe is a product of the reaction (eq.9). The release of sulphate from the SS 
suggests an over-printing of the ratio developed from pyrite oxidation by nitrate, and the two 
processes may be occurring simultaneously.  
 
In 2011, the ratio decreased drastically. The decline was likely due to two processes. Firstly, the 
conversion of ammonium to nitrate has been shown to be very rapid when applied as a surface 
cover, and up to 26% of the nitrogen content of an anaerobically-digested sludge can be 
released as nitrate in one year, but with only 3-5% each year thereafter (Evanylo, 1994). 
Additionally, plant establishment on SS can uptake both nitrate and ammonium (Forsberg, 
2008; Neuschutz, 2009). Also, a decline in sulphate concentrations was mirrored by a decline in 
dissolved Ca2+ concentrations (Figure 4) which may have indicated gypsum formation, 
removing sulphate from solution and lowering the ratio. Nitrate concentrations returned to pre-
SS concentrations in well F and G in the WSA by 2011. 
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Table 2: SO4

2-/Fe2+ ratios, nitrate, DOC and electrical conductivity (EC) from the 
four BAT® groundwater wells situated in Impoundment 1. 

 
At well Q in the DCA, the SO4

2-/Fe2+ ratio stabilised to 4 before SS application, showing that 
some oxygen was likely still present in the tailings. Dissolved oxygen concentrations in well Q 
ranged from 2.00-5.76mg/L from 2009 to 2011. After the SS application, the SO4

2-/Fe2+ ratio did 
not change until the end of 2011 (Table 2) when, similar to well G, it increased substantially to 
336 when the sludge-borne contamination plume entered this area of the impoundment. 
Excessive nitrate concentrations peaked to 167mg/L and sulphate to 1460mg/L. The data may 
indicate pyrite oxidation by nitrate may not have occurred as oxygen was still relatively high and 
nitrate concentrations were not depleted as had occurred in well G. However, the SO4

2-/Fe2+ ratio 
alone cannot assume the existence of pyrite oxidation by nitrate or oxygen as dissolved Fe 
showed little or no change in concentration in well Q across the monitoring period after SS 
application. Also, the influx of dissolved sulphate sourced from the SS due to Fe/Al-sulphate 
dissolution modified the ratio. The results suggest that, similar to the sludge-borne metals which 
entered the groundwater beneath the DCA in 2011, nitrate was sourced from the episodic release 
within a 2 year period from the WSA. A similar decline and migration of nitrate should hence 
occur as did with the metal plume.The ratio in the groundwater at well L at the impoundment toe 
increased after SS application in 2009 to 3.01 with a mean nitrate concentration of 16.9mg/L, but 
in 2010-2011 nitrate concentrations fell to <0.3mg/L. Increasing sulphate concentrations likely 
modified the ratio as sourced from the dissolution of Fe/Al-sulphates (eq.4/5) in the SS on the 
DCA. The metals Cu, Ni and Pb continued to exhibit elevated concentrations in well L into 2010. 
This indicated that metals were sludge-borne and not released as the result of pyrite oxidation by 
nitrate.  

  Well F Well G Well Q Well L 

SO4
2-/Fe2+ ± S.D PRF (1998-2000) 1.58 ± 0.54 1.77 ± 0.47 1.92 ± 0.00 2.78 ± 2.65 

 SP (2001-2009) 1.67 ± 0.90 0.70 ± 1.22 4.00 ± 3.29 1.74 ± 0.32 
 SS1 (2009) 1.38 ± 0.10 1.78 ± 0.48 2.72 ± 0.48 3.01 ± 0.84 
 SS2 (2010) 1.64 ± 0.59 2115 ± 2987 3.33 ± 0.31 2.45 ± 0.00 
 SS3 (2011) 0.79 ± 0.48 2.90 ± 0.15 336 ± 576 2.32 ± 0.15 

NO3
- - N (mg/L ± S.D) PRF (1998-2000) 0.57 ± 0.94 0.34 ± 0.64 0.02 ± 0.00 0.39 ± 0.65 

 SP (2001-2009) 0.01 ± 0.05 0.00 ± 0.00 8.57 ± 26.5 16.9 ± 38.9 
 SS1 (2009) 0.00 ± 0.00 0.00 ± 0.00 0.00 ± 0.00 0.25 ± 0.35 
 SS2 (2010) 0.00 ± 0.00 0.10 ± 0.14 1.10 ± 1.48 0.11 ± 0.00 
 SS3 (2011) 0.05 ± 0.09 0.11 ± 0.02 66.7 ± 88.4 0.07 ± 0.13 

DOC (mg/L ± S.D) PRF (1998-2000) 5.96 ± 3.62 3.38 ± 1.54 No Data 4.26 ± 0.78 
 SP (2001-2009) 3.60 ± 0.21 3.20 ± 0.00 No Data 4.85 ± 2.06 
 SS1 (2009) 3.05 ± 0.08 2.10 ± 1.13 2.30 ± 1.70 8.00 ± 0.00 
 SS2 (2010) 6.90 ± 1.05 7.85 ± 1.20 7.55 ± 1.20 6.80 ± 0.00 
 SS3 (2011) 1.97 ± 2.06 2.40 ± 1.21 25.5 ± 18.4 3.90 ± 1.99 

 EC (mS ± S.D) PRF (1998-2000) 4.78 ± 3.06 5.54 ± 1.41 0.03 ± 0.00 4.23 ± 0.62 
 SP (2001-2009) 0.81 ± 0.34 1.64 ± 1.02 2.28 ± 0.61 4.62 ± 0.22 
 SS1 (2009) 1.35 ± 0.35 0.76 ± 0.25 1.62 ± 0.11 3.01 ± 0.46 
 SS2 (2010) 0.24 ± 0.02 0.17 ± 0.02 2.00 ± 0.29 3.50 ± 0.00 
 SS3 (2011) 0.26 ± 0.01 1.12 ± 0.15 2.08 ± 0.53 2.87 ± 0.15 
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As the nitrate followed a pathway to the impoundment toe through the relatively high permeable 
protective cover, together with the metals, the nitrate was not able to react with pyrite as it was 
not in contact with the tailings.  
 
4.4 Metal speciation in the Impoundment Groundwater System 
The results of the speciation and organic complexation modelling using Visual MINTEQ are 
displayed in Figure 6 for the divalent metals Cu, Fe, Ni, Pb and Zn from each well in the 
impoundment. All wells contained low dissolved oxygen concentrations (2-4mg/L) throughout 
the sampling period from 1998 to 2011, and hence, redox potential was estimated to be low. 
The model calculated that Fe2+ was prevented from oxidising to Fe3+, and hence, metals did not 
co-precipitate or adsorb to Fe-(oxy) hydroxides. This explains why 100% of the metals Cu, Fe, 
Ni, Pb and Zn were present in solution as free divalent ions, metal-sulphates or bound as mobile 
organo-metallic complexes in all groundwater wells. After SS application, it was found in all 
wells that the primary control of metals to be complexed was controlled by increasing DOC 
concentrations and pH. As the pH of the groundwater in wells F, G and Q was pH 5 to near-
neutral, the affiliation of metals to form organo-metallic complexes increased when elevated 
DOC concentrations occurred simultaneously. This is because the attraction of cations to 
binding sites such as those possessed to soluble carboxylic acids (R-COOH) in the fulvic acid 
fraction of the DOC is highest at pH 7 and is due to proton dissociation (H+) at higher pH 
(eq.10) (Gustafsson, 2001). This creates the formation of the strong electro-static bound 
bidentate organo-metallic complexes with divalent cations (Fletcher and Beckett, 1987a; 
Garcia-Gil et al., 2007; Gustafsson, 2001) (eq.11). Weaker, hydrostatic monodentate complexes 
may also form (eq.12).  

 R-COOH    �  R-COO- + H+  (pH 3-7)  (10) 
 2R-COOH + Me2+  � (R-COO)2Me + 2H+ (pH 3-7)  (11) 

R-COOH + Me2+  � R-COOMe+ + H+ (pH 3-7)  (12) 
The pH in well L was below 3 after the sludge application, and even though DOC 
concentrations peaked at 8mg/L, all metals failed to form a strong dependency to complex with 
the organic fraction as carboxylic acids do not dissociating below pH 3. The elevated 
concentrations of Cu, Fe, Ni, Pb and Zn that peaked after SS application in well L in 2009 (SS1) 
were most probably sludge-borne as SS contains readily-leachable trace metals (Fytili and 
Zabaniotou, 2008). The two wells G and F located in the WSA exhibited peak concentrations of 
metals in 2009, but organo-metallic complexes didn’t dominate the water speciation until higher 
DOC concentrations were released in 2010. In both wells, Cu, Ni and Pb had a strong affinity to 
form organo-metallic complexes, whereas Fe and Zn did not. 
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Figure 6: Total concentrations of divalent Cu, Fe, Ni, Pb and Zn from the four BAT® 
groundwater wells including metal speciation concentrations generated by the Stockholm 
Humic Model using Visual MINTEQ. The bidentate and monodentate fractions indicate 
metals bound to dissolved organic matter. 
  
In well Q situated in the DCA, peak metal concentrations occurred together with an elevated 
DOC concentration of 38mg/L in autumn 2011. This influenced a high percentage of elevated 
concentrations of Cu and Pb to form complexes, but not Fe, Ni and Zn which remained as free 
ions in solution. This is most probably due to the reduction in pH in 2011 to 5.5. The dominance 
of Cu to form a strong dependency to complex is prominent from similar studies conducted on 
surface applications of sewage sludge and is strongest at pH 6.5 (Fletcher and Beckett, 1987b) as 
was within the range of the pH in Impoundment 1. Similarly, high concentrations of sludge-borne 
Ni and Cu have been found to form complexes within the groundwater of tailings applied with 
sewage sludge (Andres and Francisco, 2008). Zinc has found to be very mobile in groundwater 
due to increased DOC concentrations from SS applications (Christensen and Christensen, 2000). 
The implications on the water chemistry from the results is that metals are more likely to be 
transported through the impoundment groundwater system as these mobile complexes and not be 
immobilised or retained in the tailings by reactions such as precipitation or adsorption.  

 
 
 
 



 16

5. Conclusions 
The surface application of 12 000 tonnes of sewage sludge to the formally-remediated tailings 
impoundment 1 at the Kristineberg Mine was successful in that it provided and supported 
vegetation establishment within 2 years of application. However, the sludge impacted the 
tailings groundwater quality. Sewage sludge applied onto a dry composite cover did not impact 
the underlying tailings groundwater geochemistry. Instead, sludge-borne constituents were 
hindered from infiltrating through the low permeability sealing layer of the composite cover to 
the tailings groundwater and migrated laterally through the protective till cover to the 
impoundment toe releasing metal concentrations to the peripheral surface environment. In the 
future, successful capturing of this water and treatment thereafter may be a responsible 
mitigation procedure against surface water contamination. Oppositely, sewage sludge applied 
onto water-saturated cover system released sludge-borne metals to the underlying tailings 
groundwater geochemistry and a similar application should be re-considered in the future. Here, 
sludge-borne metals (Cu, Ni, Pb, Zn) entered the tailings groundwater unhindered due to an 
elevated groundwater table, and migrated laterally due to the dominant hydrogeological regime 
across the impoundment and underneath the dry covered areas. The metals were readily-
transported in solution or as organo-metallic complexes together with elevated dissolved 
organic carbon released from the sludge. Furthermore, excessive nitrate released caused pyrite-
oxidation in the unoxidised tailings of the WSA, further exacerbating metal concentrations and 
releasing Fe. However, the release of sludge-borne constituents was temporary, and the 
migrating contamination plume is expected to flush through the impoundment within 6 years 
after the sludge application. Further monitoring will have to quantify the plume migration 
through space and time across the impoundment. Nevertheless, compared to the long-term (~10 
000 years) solution to the abatement of acid rock drainage of the original cover systems 
formally applied, the effects from the sludge application on negatively impacting the 
groundwater quality were relatively short-term. 
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