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Preface 
Mitigation of the Environmental Impact from Mining Waste (MiMi) is a research programme 
dedicated to finding new and improved methods to mitigate the environmental problems 
related to mining operations and the disposal of mining wastes. The programme has been 
funded by the Swedish Foundation for Strategic Environmental research (MISTRA) since its 
start in 1998 through 2003. 

Within the MiMi programme, the subproject Natural Attenuation concentrates on how the 
attenuation sequence particle formation – sorption of contaminants – flocculation – 
sedimentation can be utilised in remediation systems located in the far-field zone downstream 
of mine waste sites. Since the overall objective of the MiMi programme is to contribute to a 
solution of the environmental concerns of mining waste on a long-term basis, focus is put on 
passive systems which require a minimum of maintenance.  

This study reviews the current knowledge regarding particle – particle interactions in natural 
waters, with special emphasis on flocculation processes and particle dynamics. Several case 
studies are presented, which demonstrate the effects of natural attenuation at mine waste sites. 
In the final chapter, engineering aspects and the possibilities to enhance the efficiency of 
passive natural attenuation systems are briefly discussed. 

Valuable suggestions and constructive comments on the text were kindly provided by Lars 
Lövgren. 
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1 Introduction 

1.1 Natural attenuation 

In this report, the term natural attenuation is used to describe the removal of 
dissolved/colloidal contaminants (metals) from natural waters through the following sequence 
of processes: particle formation, sorption, flocculation and sedimentation. Suspended particles 
play a significant role in the natural attenuation of metals taking place in surface drainage 
waters within mine sites as well as in recipients located downstream of such sites. The 
particulate phase consists of inorganic and organic matter of different composition, with 
particle sizes ranging from colloids (arbitrarily defined as particles < 0.1 µm in size) to 
suspended solids large enough to be trapped on a 0.1 µm filter during filtration (Laxen and 
Chandler, 1983; Eisma, 1993). Under the influence of high concentrations of dissolved solids, 
colloids may coagulate and form larger aggregates. These can subsequently settle and hence 
be retained in ponds, lakes and wetlands (Sigg, 1987; Campbell and Ogden, 1999). Secondary 
minerals such as Fe, Mn and Al oxyhydroxides may serve as primary adsorbing suspended 
phases for elements released by weathering of mining waste (Lee et al., 2002). These minerals 
are known to accumulate metals in soils, and their role for the immobilization of metals in 
oxidised mine waste and in downstream areas can be expected to be large (cf., Johnson, 1986; 
Dinelli et al. 2001). These natural attenuation processes may be utilised in engineered 
structures for passive leachate treatment, forming an integrated part of a system for safe 
disposal of mining waste. In addition to the abiotic processes mentioned above, biological 
uptake of metals into living biota will also result in removal of dissolved metals into 
particulate matter (e.g., Morel and Hudson, 1985). 

To achieve a significant retention of contaminants, suspended particles must be efficiently 
removed from the water by sedimentation. An increased sedimentation can be induced by 
flocculation of colloidal particles as a result of increased dissolved concentrations of ions 
such as Ca2+ and SO4

2-, but also due to a range of physical and biological processes. The 
presence of natural organic matter in surface waters may further enhance particle aggregation. 
Thus, the mixing of saline mining waste leachates and natural waters with high concentrations 
of natural organic substances may strongly affect the particle dynamics downstream of mine 
waste sites.  

1.2  Purpose and limitations of the present study 

The aim of this study is to obtain a better knowledge regarding the optimal conditions for 
natural attenuation processes that can be applied in engineered systems for passive treatment 
of mine waste leachates (MiMi, 2001). Flocculation processes appear to be the rate limiting 
step in the transfer of dissolved metals into settling particles, a process which is an integrated 
part of the attenuation sequence particle formation – sorption of contaminants – flocculation 
– sedimentation at mine waste sites. Chapters 2–4 contain reviews of the current knowledge 
regarding particle – particle interactions in natural waters, with special emphasis on 
flocculation processes and particle dynamics. The initial steps in the attenuation sequence 
(particle formation through precipitation reactions and sorption of contaminants) thus are 
omitted in these chapters. In Chapter 5, several case studies are presented, which demonstrate 
the effects of natural attenuation at mine waste sites. In this chapter, the entire attenuation 
sequence is considered, and the initial steps (particle formation/sorption of contaminants) are 
included where relevant. Engineering aspects and the possibilities to enhance the efficiency of 
passive natural attenuation systems are briefly discussed in Chapter 6. 
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2 Particle –particle interactions 

2.1 Physical and chemical aspects 

Interactions between suspended solid particles have often been separated into two sequential 
steps: transport and attachment. Particle transport and collisions between particles depend 
upon external forces such as temperature, hydrodynamics and gravity, and is primarily a 
physical process. In contrast, the attachment of two particles can be dominated by the surface 
properties of the solid particles and by solution chemistry. Thus, it can be primarily a 
chemical process (O’Melia, 1987). This distinction between physical transport processes and 
chemical attachment is somewhat arbitrary. For example, some colloidal forces must be 
present to allow transport of one particle to the surface of another, and surface chemistry does 
not always control attachment. A synthesis combining the physical and chemical aspects of 
particle – particle interactions is needed for a thorough understanding of particle interactions 
and their application in treatment systems.  

2.2 Physical aspects – particle transport 

Transport of suspended particles in water (including collisions) is controlled by three different 
physical processes: 1) Brownian diffusion (thermal effects), 2) fluid shear (flow effects), and 
3) by differential settling (gravity effects). The particle size distribution of the flocculating 
particles has important effects on the significance of these three processes. For example, 
collisions by differential settling (large particles settling faster than smaller ones) do not occur 
in homodisperse suspensions, i.e., suspensions where the particles have only one size at the 
onset of flocculation. However, particle size distributions in natural waters normally span a 
size range of several orders of magnitude. In such heterodisperse suspensions, flocculation 
rates tend to be more rapid (O’Melia, 1980). 

2.3 Chemical aspects – particle attachment 

The chemical aspects of particle – particle interactions are relatively poorly understood, 
although specific adsorption is known to be a key process capable of stabilizing as well as 
destabilizing colloidal suspensions. Colloidal stability is controlled by two principally 
different key mechanisms: steric and electrostatic stabilization. These two mechanisms are 
briefly described below. 

Steric stabilization can occur when large polymers form adsorbed segments on a particle 
surface, with loops and tails extending into the surrounding fluid (Lyklema, 1978). Polymers 
capable of stabilizing colloids often contain two types of groups: one group with a high 
affinity for the particle surface, and another hydrophilic group extending into the surrounding 
water (Gregory, 1978). Steric stabilization/repulsion of colloids occurs when the interparticle 
distance between two polymer-coated colloids becomes small enough. One likely mechanism 
for the repulsion has been presented by Gregory (1978), who proposed that two adsorbed 
layers of polymers interpenetrate on collision. As a result, the concentration of polymers 
increases in the interparticle region, and stabilization is caused by strongly hydrophilic 
polymer segments repelling each other. 

Electrostatic stabilization, the other colloid-stabilizing mechanism, is caused by electrical 
surface charges carried by most suspended particles in natural waters. These surface charges 
produce a charge density and an electric field (diffuse double layer) in the aqueous solution 
close to the particle surface. When two similarly charged particles approach each other, a 
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repulsive force is generally produced when their diffuse double layers interact. However, this 
electrostatic force is counteracted by attracting van der Waals forces, which increase rapidly 
when the interparticle distance approaches zero. The mechanism of electrostatic stabilization 
has been summarized by Lyklema (1978). 
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3 Flocculation processes 
The flocculation of suspended particles has pronounced effects on particle transport and on 
the transport of particle-associated substances (e.g., O’Melia, 1980). The formation of larger 
particles or particle aggregates as a result of flocculation primarily has two major effects on 
particle dynamics and the transport of associated substances such as adsorbed metals: 

• the settling rates of particles and their associated substances increase due to the 
increasing particle diameter 

• the total surface area of suspended matter decreases, which results in a reduced area 
available for adsorption of dissolved substances 

The increase of the settling rate due to an increased particle diameter can, however, be offset 
by a lower density caused by a higher content of organic matter and/or water in the flocs (cf. 
Hawley, 1982). 

The transfer of truly dissolved metal species into settling particles in the oceanic environment 
appears to be a two-step process. Step 1 is a rapid formation of metal/colloid surface site 
complexes (adsorption) followed by Step 2, a slow flocculation of colloids into settling 
particles (e.g., Honeyman and Santschi, 1989). In a freshwater limnocorral experiment, 
Vezina and Cornett (1990) similarly demonstrated that the removal rate of Fe from the water 
column to sediments depends on the flocculation rate of non-settling particles into settling 
particles. Laxen and Chandler (1983) also found that the aggregation of suspended particles 
rich in Fe and Mn was slow in fresh waters, with a time constant in the order of days. Thus, 
floc formation appears to be the rate limiting step in the transfer of dissolved metals into 
settling particles in saline waters as well as in fresh waters. 

Several principally different processes can be responsible for the flocculation of colloids and 
small particles into larger particles and particle aggregates. Some of these major flocculation 
processes are described in the following summary. 

3.1 Particle collision 

The number of collisions between suspended particles primarily depends on the physical 
factors particle size distribution, particle concentration and water movement. Together these 
factors control the following three main particle transport mechanisms: Brownian diffusion, 
fluid shear and differential settling. Whether colliding particles will stick together depends on 
the particle surface characteristics. Collisions therefore do not necessarily result in 
flocculation, and efficiencies as low as 10 % or less have been demonstrated with natural 
sediment particles in artificial seawater (Edzwald et al., 1974). 

The stability of particles in an aqueous suspension can be described by a sticking or stability 
factor, α, defined as (Ali et al., 1984): 

α = interparticle attachment rate/interparticle collision rate (3.1) 

The stability factor is thus the ratio between collisions producing aggregates and the total 
number of collisions that occur by physical processes. For a perfectly stable suspension, all 
collisions are unsuccessful (α = 0), while for a completely destabilized suspension, all 
collisions produce aggregates (α = 1). In fresh waters, α has been theoretically estimated to 
be in the order of 10-6 (Stumm and Morgan, 1981). Thus, only one collision in every 106 
collisions that occur should produce an aggregate. However, in a reservoir low in dissolved 
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Ca (5 × 10-4 M) and organic C (2 mg l-1), measurements indicated α-values considerably 
larger (α = 0.01–0.08) than the theoretical estimate (Ali et al., 1984). 

The frequency of collision (K) caused by Brownian motion, fluid shear and differential 
settling is obtained by multiplying the number of concentrations of interacting particles ninj 
with a factor (KB, KS, KD) specific for the collision mechanism (Eisma, 1993). For Brownian 
motion: 

KB = 2 π Dij dij  (3.2) 

where Dij = Di + Dj or the sum of the diffusion coefficients for particles with diameters di and 
dj. For fluid shear: 

KS = c dij
3 (ε/υ)½ (3.3) 

where dij = (di + dj) or the sum of the diameters of particles of size di and dj; ε is the turbulent 
dissipation rate; υ is the kinematic viscosity and c is a constant. For differential settling: 

KD = π dij
2/4 (wsj – wsi)(ECij + EDij)  (3.4) 

where π dij
2/4 is the area of particles with di and dj perpendicular to the direction of fall, and 

wsj and wsi are the fall-velocities of the particles with diameters dj and di. ECij indicates the 
ratio of the number of particles the settling particle makes contact with to the number of 
particles pushed away. EDij indicates the ratio of the diffusion of small particles onto a large 
one to the numbers moving past the large particle because of its settling. 

The relative importance of Brownian motion/diffusion, fluid shear and differential settling is 
shown in Fig. 3.1 for particles with diameters of 0.5 µm, 5.0 µm, 50 µm and 500 µm (di) 
colliding with particles ranging from 0.01 µm to 10 000 µm (dj). From Fig. 3.1 it is evident 
that Brownian motion is only important for particles smaller than 1 – 10 µm, while 
differential settling is the dominant collision mechanism for larger particles. 
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Figure 3.1.  Comparison of the efficiency of collision mechanisms (expressed as collision 
frequency, K) for different particle diameters. BM: Brownian motion; SH: fluid 
shear; DS: differential settling; G: root mean square velocity gradient. Adapted 
from Eisma (1993). 

3.2 Salt flocculation 

Suspended colloids in natural waters are usually negatively charged, and therefore repel each 
other in fresh water. With increasing salinity the negative surface charges become 
increasingly neutralized by positively charged ions in solution. As a result, the repulsive force 
decreases, and if the inter-particle distance becomes small enough, the attraction by van der 
Waals forces or intermolecular forces can lead to flocculation of colloids into larger particles 
(Eisma, 1993).  

Ong and Bisque (1968) examined the effectiveness of cations in coagulating colloidal humic 
matter, and concluded that: 

• the effectiveness increases in the order univalent cations < divalent cations < trivalent 
cations 

• among ions which are all uni- or divalent, the one with the largest ionic radius (Ca > 
Mg) is most effective 
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These results are compatible with the Shulze – Hardy rule for colloid coagulation, which 
suggests that the flocculation can be explained by the double-layer (DLVO) theory (e.g., 
Stumm, 1992) of colloid coagulation. 

Eckert and Sholkovitz (1976) studied the mechanism controlling the flocculation of colloidal 
Fe, Al and humates in river water by adding NaCl, MgCl2 and CaCl2 to the water. Their 
results are consistent with those of Ong and Bisque (1968), and can be summarized as follows 
(cf. Fig. 3.2): 

1) The molarities of electrolytes required to achieve maximum flocculation of a species 
decrease in the order NaCl > MgCl2 > CaCl2     

2) The maximum amount of a species flocculated by the electrolytes increase in the same 
order (i.e., NaCl < MgCl2 < CaCl2) 

3) The extent of Fe, Al and humate flocculation observed for Ca is not reached for Mg or 
Na, even at concentrations 3–8 times that of Ca 

4) Maximum flocculation of Fe, Al and humates is reached at Na, Mg and Ca concentrations 
significantly above those in seawater 

Based on these results (specifically features 2) and 3) above), Eckert and Sholkovitz (1976) 
concluded that chemical as well as electrostatic interactions are involved in the flocculation of 
colloidal Fe, Al and humates.  

 

Figure 3.2.  The flocculation of Fe, Al and humates from river water by added electrolytes 
(CaCl2, MgCl2 and NaCl). The amounts of flocculated species are expressed as 
µg per litre of river water. Vertical dashed lines indicate the concentrations of 
the electrolytes present in seawater (CaCl2 = 0.01 M; MgCl2 = 0.05 M; 
NaCl = 0.4 M). Adapted from Eckert and Sholkovitz (1976). 
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The colloidal properties of dissolved humic substances and Fe in natural waters are well 
established (e.g., Ong and Bisque, 1968; Schnitzer and Khan, 1972; Boyle et al., 1977), and 
salt flocculation of colloidal humic substances, Fe and associated trace elements can be 
expected. During estuarine mixing, dissolved/colloidal humic substances and Fe often behave 
similarly, and it has been suggested that dissolved Fe(III) concentrations in estuaries could be 
controlled by complexation and/or colloid associations with dissolved organic matter such as 
humic acids (e.g., Sholkovitz, 1976; Sholkovitz et al., 1978; L’Her Roux et al., 1998). 
Typically, a large-scale removal (flocculation) of river-dissolved Fe (80–100% of the river 
water concentration) is accompanied by a removal of only 3–11% of the river-dissolved 
organic matter (DOM) at salinities of 15–20 (Sholkovitz, 1976). In a study by Sholkovitz 
(1978), it was also established that the salinity-dependent removal of dissolved Cu, Ni and Co 
closely resembled that of dissolved Fe and humic acids. Copper and Ni appeared to be 
flocculated as metal – humic acid colloids.  

However, Fox (1984) found dramatic differences between the kinetics of soluble Fe removal 
and dissolved humic acid removal in estuaries, and concluded that soluble Fe was probably 
not chemically associated with dissolved humic acid. Thus, the role of DOM during 
flocculation and removal of dissolved Fe in salinity gradients appears not to be fully resolved. 

In a study of Lake Zürich and Lake Sempach, Weilenmann et al. (1989) demonstrated that 
dissolved Ca ions enhance flocculation also in fresh water. In the same study it was also 
shown that flocculation was retarded by dissolved organic matter, possibly due to the 
stabilization of flocs by organic polymers present on particle surfaces. Similar results were 
obtained in experiments with water from the Loch Raven Reservoir (Maryland, USA). In this 
reservoir, Ali et al. (1984) demonstrated that the sticking factor (equation (3.1)) increased 
from 0.035 to 0.2 when dissolved Ca increased from 0 to 10-3 M. When fulvic acid was 
present in the water, the increase of the sticking factor was much less pronounced (Fig. 3.3). 
When fulvic acid was added in the absence of Ca, the sticking factor decreased from 0.035 to 
0.006 when the concentration of fulvic acid increased from 0 to 20 mg l-1. Most of the 
reduction of the sticking factor occurred at a fulvic acid addition of 5 mg l-1 (Fig. 3.4). 

 
Figure 3.3.  Sticking factor (α) vs. Ca added in an experiment with water from the Loch 

Raven Reservoir. The two curves show the effect with no fulvic acid 
(FA = 0 mg TOC l-1) and at a fulvic acid concentration of 5 mg TOC l-1.  
Adapted from Ali et al. (1984). 
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Figure 3.4.  Sticking factor (α) vs. fulvic acid added in an experiment with water from the 

Loch Raven Reservoir. Most of the reduction of the sticking factor (i.e., 
increase of colloidal stability) occurs at a fulvic acid addition of 5 mg TOC l-1. 
Adapted from Ali et al. (1984). 

In laboratory experiments, salt flocculation of natural suspended matter only occurs at high 
suspended concentrations (in the order of g l-1), which suggests that flocculation may be 
primarily controlled by particle concentration. Thus, it appears that natural suspended matter 
does not behave like suspended colloids, since colloids are characterized by their flocculation 
at increasing salinity (van Olphen, 1963). The flocculation of natural suspended matter may 
instead be controlled by some other flocculation mechanism (see Sections 3.1 and 3.3–3.5). 
However, in nature it may not be possible to distinguish salt flocculation from other 
flocculation mechanisms without more detailed analysis. 

3.3 Floc formation by bubbles 

Bubbles present in natural waters are primarily formed by the breaking of waves at the 
surface. Bubbles may also form due to release of gas from organisms or bottom sediments. 
Adsorption of dissolved organic matter at the bubble – water interface can result in the 
formation and aggregation of organic particles when the bubbles burst or dissolve, a process 
which has been observed in the ocean (Baylor and Hirschfeld, 1962; Sutcliffe et al., 1963; 
Riley, 1970). Johnson and Cooke (1980) found that particles up to 16 µm in diameter were 
formed by bubbles in seawater, and that formation and bursting of bubbles always resulted in 
particle formation. Experiments have also shown that existing particles may be aggregated 
into flocs, with diameters up to 32 µm (Eisma, 1993). Thus, it appears that dissolved as well 
as particulate matter (colloidal, organic and inorganic, living and detrital) attached to bubbles 
may be involved in the formation of flocs. However, the significance of floc formation 
through bubbles relative to that by other mechanisms is unclear. 

3.4 Floc formation by coatings 

Coatings consisting of organic matter or hydroxides appear to ubiquitous on the surfaces of 
suspended matter in natural waters. Loeb and Neihof (1977) found that an organic coating 
was formed on platinum plates within one hour after immersion in seawater. Such organic 
coatings may reduce or inhibit salt flocculation (see Section 3.2). On the other hand, particle 
attachment may be enhanced if organic polymers form bridges between particles. Coatings 
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can be formed either by direct adsorption of dissolved compounds onto particle surfaces, or 
by flocculation of dissolved compounds in the water followed by adsorption. In addition, 
coatings can be produced by microorganisms such as bacteria or diatoms associated with 
particles. Linley and Field (1982) have described large gelatinous flocs, which may have been 
formed by transformation of dissolved, high-molecular organic matter into particulate matter 
rich in bacteria. Floc formation by long-chain molecules or polymers appears to be possible 
through the formation of bridges, where a polymer chain is attached to an adsorption site at a 
particle surface (Gregory, 1978). In a kaolinite particle suspension of 300 mg l-1, the turbidity 
rapidly decreased when extracted bacterial extracellular polymers were added to the 
suspension (Pavoni et al., 1972). Thus, polymers appear to be efficient in inducing 
flocculation, and optimum flocculation can occur at polymer concentrations as low as 1 mg l-1 
(Eisma, 1993). 

3.5 Flocculation by organisms 

Various types of organisms present in natural waters often cause flocculation of suspended 
matter. For example, bacteria produce films of polysaccharides and other polymers (Riley, 
1963, 1970; Avnimelech, et al., 1982). These films are yellow or brownish and amorphous, 
and closely resemble the organic matter usually found in flocs. In fresh water, flocculation 
occurs at low ionic strength ([Ca2+] ≈ 5 × 10-4 M), when natural polymers usually are present. 
In addition, large flocs are also formed by organisms producing pellets consisting of 
suspended particles clogged together. The pellets are feces which have passed the digestive 
system of the organism, or pseudofeces which were rejected and enveloped in mucus on the 
gills. The settling velocities of both types of pellets are considerably larger than those of the 
constituent suspended particles (Eisma, 1993). 

Bacteria are known to grow very fast on the surfaces of suspended particles (e.g., Johnson et 
al., 1986), and flocculation during diatom blooms have been observed (Kranck and Milligan, 
1988; Riebesell 1991a, b). Large flocs up to 5 cm in diameter can form, and result in the 
settling of diatoms. The flocculation taking place during a diatom bloom has been modeled by 
Jackson (1990), who found that fluid shear, algal concentration and the size and stickiness of 
the algae were important parameters. Experiments by Kranck (1984) have shown that the 
flocculation and settling velocity of mineral particles are greatly enhanced when the surfaces 
of the particles are covered with organic matter. 

3.6 Floc structure and floc types 

Direct observations of natural, undisturbed flocs are diffucult to obtain, and most observations 
have been performed on floc fragments by light microscope or scanning electron microscopy 
(SEM). The following floc types have been found (Eisma, 1993): 

• Loose, apparently unstructured mixtures of organic matter and mineral particles. 
These include biogenic particles (diatom frustules/frustule fragments and biogenic 
carbonate). Occurrence: rivers, coastal and shelf waters. 

• More or less layered, dense mixtures of organic matter, mineral particles and biogenic 
particles. More densely packed than the former type. Occurrence: rivers, coastal and 
shelf waters. 

• Densely packed, layered mineral particles (clays?) with no visible admixture of 
organic matter. Occurrence: estuaries and coastal waters. 

• Fluffy flocs of organic matter with mineral and biogenic particles. Occurrence: deep 
ocean. 
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• Long (> 10 cm) chains of organic matter, with mineral and biogenic particles. 
Occurrence: coastal and surface ocean waters. 

• Stringers, i.e., long threads (> 10 cm), usually with a large floc at the lower end and 
small flocs or particles attached to the thread. Occurrence: near-shore, estuarine and 
shelf waters. 

• Flocs consisting almost exclusively of cocoliths or diatoms. 

• Larvacean houses with attached particles. Occurrence: ocean waters. 

• Flocs consisting mainly or entirely of individual mineral grains touching each other 
(edge-to-face and face-to-face contact). No visible organic matter. Occurrence: 
freshwater lakes, coastal waters near glacial outflows. 

• Fecal aggregates and pellets. Occurrence: coastal, shelf and ocean waters. 

Laboratory experiments performed with natural muds have suggested that floc structures are 
ordered, and that ”orders” of aggregation can be distinguished (Krone, 1963). Zero-order 
aggregates were defined as minerals sticking together in a cluster with a uniform porosity. 
First-order aggregates were formed by flocculation of zero-order aggregates, second-order 
aggregates resulted from flocculation of first-order aggregates etc. Up to sixth-order 
aggregates were found (Krone, 1963). With increasing aggregate order the floc density 
decreased from 1.16–1.27 g cm-3 to 1.056–1.079 g cm-3. A similar order of floc formation 
(with four orders) has been postulated for suspensions of colloids and hydroxide flocs by 
Firth and Hunter (1976) and François and van Haute (1985). 

Plate-shaped minerals (clay minerals) and other minerals with marked edges, for example 
calcium carbonate particles precipitated in lakes (Kelts and Hsü, 1978), often show edge-to-
edge and edge-to-face contacts that can form a firm structure following flocculation. Starting 
with particles 1 µm in size or smaller, units 10–20 µm in size can be formed. These units can 
flocculate further into floc structures up to 200 µm in size (McDowell and O’Connor, 1977). 
After settling, flocs of this type form a cell-like sediment structure. With continued sediment 
deposition, the cell-like structure collapses into a consolidated mud sediment. 

3.7 Floc density 

Natural flocs consist of mineral particles, organic matter and enclosed water, and the floc 
density is determined by the density of the constituent compounds and their relative 
proportions in the flocs. The content of organic matter can vary from less than 1% to more 
than 90% of the total floc weight. The amount of water is usually anknown, but the average 
content can be estimated with a Coulter counter (Eisma, 1993). Densities for some major 
constituent compounds of flocs are given in Table 3.1. 

Table 3.1.  Densities of some major constituent compounds of flocs. 

Compound Density 
(g cm-3) 

Quartz 2.65 
Feldspars 2.5–2.8 
Clays ~ 2.3–3.3 
Calcium carbonate 2.7 
Opal frustules ~ 1.8 
Organic matter 
(carbohydrates, humic and fulvic acids, fatty acids) 

~ 1.3 
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Several studies have shown that the density of flocs decreases with increasing floc size, an 
obvious effect of the inclusion of organic matter and/or water. The differential density (∆ p = 
density difference between flocs and water) can be calculated according to the equation: 

∆ p = ρf − ρw = A × df
-m  (3.5) 

where ρf is the floc density, ρw is the density of water and df is the floc diameter. A and m are 
empirical constants (Eisma, 1993).  

3.8 Floc breakup 

Two principally different mechanisms can be responsible for the disintegration of flocs: 1) 
breakup or splitting of flocs into smaller aggregates, and 2) surface erosion of flocs particle 
by particle. Floc breakup and erosion can occur in laminar as well as in turbulent flow 
(Pandya and Spielman, 1982). Surface erosion of flocs is normally controlled by surface shear 
(Parker et al., 1972). Floc breakup directly influences floc size, and thus also particle settling 
velocities and particle deposition (see Sections 4.1–4.3). 

Organic coatings are common on suspended particles and flocs in natural waters, and coatings 
of organic polymers increase the floc strength. Thus, floc breakup due to turbulent shear, 
which is related to the floc strength, is reduced by the presence of organic polymers on 
particle surfaces (Eisma, 1993). Floc breakup can also be caused by collision of flocs, and a 
general formula for the rate of change of a particle size distribution with time has been given 
by Burban et al. (1989). 

In addition to floc breakup, particle by particle surface erosion caused by turbulent drag may 
result in a reduced floc size (Parker et al., 1972). This surface erosion of flocs is proportional 
to the floc surface area, the surface shear stress and to the properties of the fluid and the floc. 
The maximum floc size appears to be close to 1 mm. 

If it is assumed that floc breakup is insignificant (i.e., only flocculation occurs), the median 
floc size is proportional to the square of the particle concentration. This is related to the fact 
that particle collisions increase with concentration (Eisma, 1993). In situ, field measurements 
in estuaries support this conclusion, where larger floc sizes are found in estuarine bottom 
waters with higher suspended particle concentrations (Eisma et al., 1991). It has been 
estimated that at a flow velocity of 0.5 cm s-1 at one tenth of the water depth from the bottom, 
floc size would be in the range 600–800 µm (van Leussen, 1988). This estimate is in good 
agreement with the maximum floc size measured in situ in the Ems, Rhine, Schelde and 
Gironde estuaries (Eisma et al., 1991). 

Organic polymers acting as bridges between particles within an aggregate tend to increase the 
strength of the aggregate. Thus, aggregate/floc strength is related to the particle surface area 
covered with adsorbed polymers (Healy and La Mer, 1962). Flocs held together by organic 
polymers tend to be stronger than those held together by van der Waals or electrostatic forces 
only. This was demonstrated by experiments showing that clay – Fe3+ flocs in a strong jet 
stream broke down to the size range 100–200 µm, while flocs held together by organic 
polymers remained in sizes up to 600 µm (Kitchener, 1972). 
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4 Settling and deposition of particulate matter 

4.1 Particle settling velocity 

The larger particle aggregates resulting from flocculation may be expected to settle faster than 
the smaller original constituent particles, i.e., the settling velocity should increase as a 
function of the floc diameter. However, in cases where the flocs have a high content of 
organic matter and/or water, the floc density is often lower compared to that of the original 
constituent particles. Thus, the settling velocity of flocs may in fact be reduced compared to 
that of the original particles. 

The fall velocity (u) of particles and aggregates as a function of particle/aggregate density, 
size and shape can be predicted by using Stokes’ law: 

u = 1/18[g(ρp - ρf)d2/η]  (4.1) 

where g is the acceleration due to the force of gravity, ρp is the particle density, ρf is the 
density of the fluid, d is the particle diameter and η is the viscosity of the fluid. However, 
Stokes’ law is only applicable for slowly falling (Reynolds number Re < 0.5), impermeable 
spheres. For other shapes and higher Reynolds numbers, empirically determined correction 
factors have been used (e.g., Lerman, 1979). Several studies have suggested that aggregates 
fall more quickly than predicted by Stokes’ law (summarized in Hawley, 1982). According to 
Chase (1977, 1979), aggregate settling rates are underestimated by up to an order of 
magnitude by Stokes’ law. This appears to be due to a reduction of the viscous drag, possibly 
caused by interactions between surface coatings on particles and dissolved electrolytes and/or 
organic matter in the water. Since this is a surface effect, the difference between observed fall 
velocities and those predicted by Stokes’ law is most pronounced for small particles, where 
the surface to volume ratio is largest. 

Hawley (1982) reexamined the results obtained by Chase (1977, 1979), and presented 
empirical formulas for predicting the settling velocities of lacustrine as well as oceanic 
aggregates. For lacustrine aggregates, Hawley (1982) identified four populations (numbered 
1–4 in Fig. 4.1 a), for which the fall velocities are predicted by the following equations: 

u1 = 1.483 d0.389  (4.2) 

u2 = 9.133 d0.693  (4.3) 

u3 = 12.44 d0.691  (4.4) 

u4 = 2.456 d0.385  (4.5) 

where the fall velocity u is in mm s-1 and the particle diameter d is in mm. The bulk of the 
particles is contained in population 1. Thus, for most purposes, equation (4.2) is probably 
sufficient. For studies of aggregation rates, however, at least populations 1 and 2 should be 
used. The factors differentiating the four populations are unknown, but may depend on a 
combination of aggregate shape, composition, packing density and surface coatings. Effects 
related to aggregate shape may be significant, but are relatively independent of particle size 
(Lerman et al., 1974). However, compared to a sphere, effects of the particle shape do not 
increase the settling velocity by more than approximately a factor of 2 (Hawley, 1982). For 
oceanic particles, only two populations were identified, with, in general, lower settling rates 
compared to the lacustrine particles (Fig. 4.1 b). 
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Figure 4.1.  a) Settling velocities for the four observed populations of lacustrine particles 
(1–4), with means (solid lines) and standard deviations (dashed lines).  
b) Settling velocities for the two observed populations of marine particles (A 
and B), with means (solid lines) and standard deviations (dashed lines). 
Adapted from Hawley (1982). 

In addition to the particle diameter, particle settling velocities (u) are also related to the 
suspended particle concentration (C) according to: 

u = k Cm  (4.6) 

where k and m are constants mainly depending on turbulence and the type of particles (Eisma, 
1993).  

During settling, the concentration distribution of suspended particles differs from the initial 
distribution (Mehta, 1989). At low suspended matter concentrations (< 1 g l-1), a log – linear 
distribution with depth is found, with a marked concentration decrease at the surface caused 
by differential settling (Fig. 4.2). At higher initial suspended matter concentrations 
(> 5.5 g l-1), three layers develop: 1) a surface layer with a log – linear concentration gradient 
vs. depth, 2) a middle layer with a constant suspended matter concentration, and 3) a bottom 
layer with a high concentration of suspended matter (Fig. 4.2). In this situation, the interface 
between layers 1 and 2 gradually moves downward, and the interface between layers 2 and 3 
marks the beginning of retarded settling. 
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Figure 4.2.  Concentration distributions of suspended particles in a settling column at 

different times for Tampa Bay mud. A) Initial suspended matter concentration 
C0 = 1 g l-1. B) Initial suspended matter concentration C0 = 5.5 g l-1. Adapted 
from Eisma (1993). 

The measurements shown in Fig. 4.2 were performed in quiet, non-flowing water. In flowing 
water, flocculation and/or floc breakup induced by turbulence will result in differential 
settling velocities. In such a case, the decrease in suspended matter concentration will deviate 
from the exponential decrease shown in Fig. 4.2, and the concentration decrease will also be 
much slower (Mehta, 1989). 

4.2 Settling of particulate matter in stratified water columns 

Density gradients are present in the water column in most aquatic environments, at least 
during part of the year. The plane where the sharpest density gradient (pycnocline) is 
observed usually coincides with the sharpest gradient in temperature (thermocline), salinity 
(halocline) or suspended matter concentration (lutocline). Streams and rivers are usually too 
well mixed to show a thermocline and/or halocline, but a more or less vertical or oblique 
lutocline may sometimes be present at the confluence of two rivers with different suspended 
matter concentrations. In cold climates where lakes and ponds are ice-covered during the 
winter, any stratification occurring beneath the ice can be expected to be very stable and to 
prevail until ice breakup. During the ice-free summer period, the presence or absence of 
stratification will primarily be controlled by the intensity of wind mixing of the water column. 

In a stratified water column, the settling of particulate matter may be retarded at the 
pycnocline (e.g., Lerman, 1979). Larger, single particles or compact flocs may still settle 
through the pycnocline without being retarded, while flocculated aggregates are temporarily 
retarded. A sinking floc that encounters an interface at a layer with a density higher than the 
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floc would be stopped by buoyancy at this interface. For example, this implies that flocs with 
a bulk density of 1.02 g cm-3 settling in fresh water (corresponding to a differential density ∆p 
of 0.02 g cm-3) would be retarded at the interface of an underlying saline water with a density 
of 1.02 g cm-3, the mean density of seawater. However, mining waste leachates rarely reach 
salinities (and densities) approaching those of seawater. When density differences between 
two water masses are caused by salinity differences, diffusion of salt through the interface 
zone and into the interparticle space of the floc containing fresh water can raise the bulk 
density of the floc, causing it to sink. (Lerman, 1979). The time required for diffusion to 
increase the salt concentration within the floc can be estimated as t = L2/D, where L is the floc 
length and D is the molecular diffusion coefficient for dissolved ions. For floc lengths L 
between 0.1 and 1 mm and diffusion coefficients between 10-5 and 10-6 cm2 s-1, the time t is 
102–103 seconds. This is in good agreement with the experimentally observed time for 
retardation of flocs at a halocline (minutes to tens of minutes, Lerman, 1979). 

However, buoyancy is not the main mechanism responsible for the turbidity maxima that can 
be observed at pycnoclines. Instead, the retardation of settling particulate matter at 
pycnoclines is to a large extent caused by the reduction of eddy turbulence which occurs at 
density gradients. The relation between the stabilizing effect of the density gradient and the 
destabilizing effect of the turbulence is given by the Richardson’s number Ri: 

Ri = [(g/ρ)(dρ/dy)]/[(du/dy)2]  (4.7) 

where g is the gravitational acceleration, ρ is the density of water, u is the turbulent mean 
horizontal velocity and y is the vertical distance coordinate. (du/dy)2 denotes the upward 
transfer of momentum and (g/ρ)(dρ/dy) is the Brunt-Väisälä stability frequency (Lerman, 
1979; Eisma, 1993). For Ri > 0, the stratification is stable, for Ri = 0 the stability is neutral 
(no stratification) and for Ri < 0 the stratification is unstable. On the basis of Ri (the gradient 
Richardson’s number), other forms of Ri have been formulated. For example, the layer 
Richardson’s number (RiL) includes the thickness of the intermediate layer. For those 
suspended particles that can be assumed to have the same momentum transfer as water 
(Eisma, 1993), no particles are transferred across the pycnocline for values of RiL > 0.32. 
Thus, the settling of suspended particulate matter may be retarded as long as a stable density 
gradient with a value of RiL > 0.32 exists in the water column. 

4.3 Particle deposition 

In turbulent flow, particles are deposited when the mean flow velocity (i.e., turbulence) drops 
below a critical level. In situ observations have shown that suspended flocs usually start to 
settle out at flow velocities of 10–15 cm s-1. Larger suspended sand grains approximately 500 
µm in size settle out at considerably higher flow velocities of about 100 cm s-1 (Eisma, 1993). 
However, within turbulent eddies, small particles can remain in suspension indefinitely 
(Wood and Jenkins, 1973). One possible explanation may be that most suspended particles 
are flocculated, and thus can be broken apart into smaller particles that continue to remain in 
suspension.  

Hjulström (1935) constructed a diagram relating the particle size to critical mean flow 
velocities. This diagram also shows flow regions where suspended load/bed load transport 
and settling occur (Fig. 4.3).  
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Figure 4.3.  Relation between grain diameter, current velocity 1 m above the bottom (U100) 

and the suspended concentration at 1 m above the bottom relative to that at 
2 cm. Adapted from Eisma (1993). 

After settling, the entrapment of flocs at the sediment surface to some extent depends on the 
roughness of lake and stream beds. In turbulent flow, settling flocs have to settle through a 
turbulent near-bottom layer before they reach the viscous sublayer where the velocity gradient 
is roughly constant. At a rough bottom, the entrapment of flocs in this sublayer is irregular 
due to breakup and reentrainment of flocs into the main flow. However, as soon as enough 
flocs have been deposited and the bottom roughness is reduced, the thickness of the usually 
0.5–1 mm thick sublayer is increased two to five times (Gust, 1976), and entrapment of flocs 
is enhanced. In cases of very rough lake and stream beds (for example gravel or coarse sand), 
flocs may be entrapped between grains where the viscous sublayer is thicker. Thus, the 
entrapment of settling particulate matter on lake and stream beds is a complicated process, 
determined by flow characteristics, bottom roughness, suspended matter concentration, 
particle settling rates and floc strength. The mechanisms of particle entrapment in the viscous 
sublayer have been discussed by e.g., Einstein and Krone (1962), McCave (1970), McCave 
and Swift (1976) and Hunt (1986). 
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5 Natural attenuation in mining-affected waters 
Numerous studies describe how high concentrations of dissolved heavy metals in acid mine 
drainage (AMD) are removed by natural attenuation processes. These processes include 
precipitation, sorption, flocculation and settling of particles. The mixing zones downstream of 
tributary inflows affected by acid mine drainage provide conditions for much of the reactive 
chemistry of metals (Bencala et al., 1987; Filipek et al., 1987; McKnight and Bencala, 1990; 
Davis et al., 1991; Schemel et al., 2000). Precipitation and coprecipitation are considered in 
Chapman et al. (1983), Paulson and Balistrieri (1999), and Lee et al. (2002). Sorption 
processes in waters affected by mining are discussed in Chapman et al. (1983), Webster et al. 
(1998), Paulson and Balistrieri (1999), Paulson (2001), Lee et al. (2002), Tonkin et al. (2002), 
Achterberg et al. (2003), and Gundersen and Steinnes (2003). Hudson-Edwards (2003) 
reviewed research on sources, mineralogy, chemistry and fate of heavy metal-bearing 
particles in mining-affected river systems. In the following Sections 5.1 and 5.2, studies that 
consider various aspects of natural attenuation in mining-affected environments are 
summarized. 

5.1 Mine waste sites 

Arkansas River, Colorado, USA – Kimball and Wetherbee (1989) studied the most important 
physical and chemical processes as the acidic, metal-rich California Gulch enters the 
Arkansas River. Two transects were sampled downstream of the mouth of the California 
Gulch. Sulphate was assumed to be conservative in this system. Thus, the dilution effect for 
the various elements could be estimated by comparing their concentration change with the 
concentration changes of sulphate. The dilution factor for Fe suggested that Fe was lost from 
the stream with respect to sulphate, probably a result of adsorption onto colloid surfaces. 
Manganese, on the other hand, was all in the dissolved phase (< 0.1 µm) along the transects. 
Cadmium and Zn were present in both dissolved and colloidal phases. The low concentration 
of Cu made it difficult to ascertain a conservative or a reactive behaviour; however, Cu was 
adsorbed onto the colloidal phase. The occurrence and transport of colloids in the Arkansas 
River, receiving acid mine drainage, was further studied by Kimball et al. (1995). Iron was 
found to dominate the colloidal fraction. Colloidal Fe occurred throughout the study reach at 
all times during the year, not only during surges of water from mining areas. The colloidal 
concentrations of As, Cd, Cu, Mn, Pb and Zn were also substantial. The colloidal load 
decreased by one half in the first 50 km downstream of the mining inflows due to 
sedimentation of aggregated colloids to the stream bed. Colloidal Fe loads were much greater 
during high discharge than during low discharge. Spring runoff thus causes a source of metal 
year after year. During high discharge, the mainstream load downstream of tributaries was 
greater than the sum of the upstream load plus the tributary load. This difference was likely 
the result of resuspension of colloids along the mainstream channel. Simple mass calculations 
showed that much more Fe is transported away during spring runoff than is deposited during 
low discharge. The mines and streambeds throughout the area, and not only the sampled 
tributaries, thus appear to be important Fe sources.  

Bersbo, Sweden – The solid/solution Fe(II)/Fe(III) distribution is dependent on the photo-
induced reduction of Fe(III) oxyhydroxides. Thus, surface coatings of redox-sensitive com-
pounds, related to this diurnal dissolution/precipitation cycle, would have both qualitative and 
quantitative implications for the distribution of trace metals in surface waters (Karlsson et al., 
1995). Coatings of hydrous oxides and humic substances would also alter the agglomeration 
behaviour of the colloidal fraction due to the altered influence of general hydrochemical para-
meters, such as pH and ionic strength (Liang and Morgan, 1990; Amal et al., 1992; Ledin et 
al., 1993). Karlsson et al. (1995) studied the impact of diurnal Fe(II)/Fe(III) cycling on the 
distribution and sedimentation of trace metals in the mine-waste polluted Lake Gruvsjön at 
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the abandoned Bersbo Cu mine. Copper and Zn were present in colloidal forms up to 20% of 
their total concentrations in the lake water, while colloidal Cd made up 50% of its total 
concentration. The solid/solution distribution of the trace elements was independent of light. 

Himmelfahrt Fundgrube and Königstein, Germany – The colloid chemistry of acid rock 
drainage from the abandoned Himmelfahrt Fundgrube Zn-Pb-Ag mine was studied by Zänker 
et al. (2002). A colloid concentration of ≥1 g l-1 was found. The metal constituents of the 
colloidal particles were Fe, Pb and As. The large fraction of colloidal As was interpreted as 
arsenate bound to the colloid particles by surface complexation. The colloid particles 
appeared to be an intermediate stage in the formation of a long-term precipitate. During the 
transformation into the more aggregated precipitate, the arsenate seemed to be incorporated 
into the interior of the Fe hydroxysulphate crystal structure. In Zänker et al. (2003) a study of 
the behaviour of colloids in mine waters during the flooding of the abandoned Königstein 
uranium mine is reported. The flooding of the mine can be regarded as the dilution of acidic 
pore waters and acid rock drainage with an oxic, near-neutral groundwater. Significant 
amounts of Fe(II) and Al colloids are formed due to the resulting O2 ingress and pH increase. 
The scavenging of U(VI) by Fe(III) particles and colloid coagulation plus aggregate 
sedimentation was shown to significantly immobilize the U(VI) in waters during the 
transition phase of flooding. The access of oxygen to the flood water was simulated in a 
laboratory experiment. Although the oxidation of the Fe2+ by air led to a steep rise of the 
concentration of colloids/aggregated colloids, the content of colloid-borne U at first 
decreased. This was attributable to a decreased pH caused by the oxidation of Fe2+ and the 
hydrolysis of Fe3+. Subsequently, the degassing of CO2 led to a pH increase, which made 
nearly 100% of the U filterable (colloid-borne). Other trace elements such as Cu, Pb and the 
rare earth elements behaved similarly to U. A significant immobilizing influence of the 
colloids on the trace elements could be stated for the flood water under study because the 
electrostatic stabilization of the colloids was weak (zeta potential only –7.5 mV) and the 
colloids tended to aggregate and settle (Zänker et al., 2003). 

Kristineberg, Sweden – In a laboratory experiment, Jönsson et al. (2003a) studied the 
oxidation and precipitation of Fe in acid mine drainage from the Kristineberg Zn – Cu mine 
site in northern Sweden. Similar Fe(III) phases were found to precipitate at 10°C and 25°C, 
with a more rapid precipitation at 25°C. At pH 7, mainly lepidocrocite (γ-FeOOH) was 
precipitated, while at pH 5.5, a mixture of schwertmannite, goethite, ferrihydrite and 
lepidochrosite was formed. Studies of adsorption of Cd, Cu, Pb and Zn onto the precipitated 
Fe phases was also performed (Jönsson and Lövgren, 2000, 2001; Jönsson et al., 2003b). 
Adsorption of Cu(II) on schwertmannite started at a pH of about 3, and was complete 
between pH 5 and 6. Compared with Cu(II), the adsorption edge of Cd(II) was shifted 
approximately two pH-units towards higher pH. The experiment also showed that Cu(II) had 
a slightly higher affinity for schwertmannite than for goethite (α-FeOOH), while the 
adsorption of Cd(II) was similar on both phases. The effect of natural organic matter (NOM) 
on the adsorption of Cu(II) onto schwertmannite and goethite has also been studied at the 
Kristineberg site (Jönsson et al., 2003c). The NOM solution investigated was a bog water 
([NOM] = 12.4 mg l-1), where the NOM concentration was further increased by a freezing-out 
technique. Natural organic matter caused enhanced adsorption of Cu(II) at moderately low pH 
on goethite, while there was no effect of NOM in the case of schwertmannite. It was also 
found that the presence of Cu(II) resulted in a decreased adsorption of NOM to goethite at 
weakly acidic pH, and increased adsorption at high pH. 

Sjöblom et al. (2003) performed a laboratory experiment that simulated the attenuation 
processes expected to occur in the recipient of treated acid mine drainage from the 
Kristineberg site. Artificial waters were used to simulate how Fe at the mg l-1-level influenced 
the partitioning of As, Cu, Pb and Zn between the dissolved (< 0.2 µm) and particulate (> 0.2 
and > 1.2 µm) phases. Under the experimental conditions, As, Cu and Pb were efficiently and 
rapidly scavenged by particulate Fe oxyhydroxides in the absence of humic acids. Within < 1 
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h to < 24 h, 35–99% of the trace metals were removed from the dissolved phase. In general, 
scavenging of As, Cu and Pb was more efficient when the Fe oxyhydroxides were formed in 
the presence of these trace metals. This indicates that coprecipitation may have been an 
important scavenging mechanism. The experiment also suggested that the efficiency of a 
treatment system based on scavenging by Fe oxyhydroxides is likely to be influenced by a 
number of environmental factors. For example, the presence of humic acid had a negative 
impact on the amount and size of the Fe oxyhydroxides formed. Humic acid also had a 
negative influence on the amount of trace metals adsorbed and/or coprecipitated with the Fe 
oxyhydroxides. In another experiment, minor amounts of ferrous Fe were added to stream 
water to simulate groundwater input of Fe and precipitation of Fe oxyhydroxides in the 
recipient (Sjöblom and Håkansson, 2003). A comparison with field data from the recipient 
showed that Fe oxyhydroxides formed in the experiment appeared to be less efficient as a 
scavenger of As, Cu and Pb than those encountered along the stream. Cadmium and Zn were 
mainly found in the dissolved fraction (< 0.2 µm), both in the experiment and in the field. The 
presence of dissolved organic matter in the stream water appeared to have reduced the 
precipitation of added ferrous Fe significantly. 

Forsberg (2002) examined the size distribution of metal species in Vormbäcken, the recipient 
of treated AMD from the Kristineberg site. Membrane filters (8.0 µm, 3.0 µm, 1.2 µm, 0.6 
µm, 0.4 µm, 0.2 µm) and cross flow ultrafiltration (1 kDalton) were used to isolate different 
size fractions of the particulate phase and the colloidal fraction (1 kDalton – 0.2 µm). 
Diffusive gradient in thin film (DGT, Davison et al., 2000) was also used to study the 
distribution of truly dissolved species. Iron was present mainly in colloidal and particulate 
phases. A distribution towards larger size fractions was observed downstream of the 
Kristineberg site. However, no conclusions could be drawn regarding flocculation of Fe, since 
a significant contribution of Fe from the surrounding catchment was evident. The behaviour 
of Al was similar to that of Fe, while a major part of the Mn occurred in the truly dissolved 
phase (< 1 kDalton). Manganese is therefore less likely to be an important scavenger of trace 
metals in the recipient. Cadmium, Co, Ni and Zn mainly occurred in the truly dissolved phase, 
and flocculation of colloidal forms of these metals should therefore be of little significance. In 
contrast, As, Cu and Pb to a large extent were found in the colloidal fraction (30–65% of the 
total concentration), and are likely to be affected by flocculation. 

Widerlund et al. (2004) simulated flocculation processes in a flooded tailings impoundment at 
the Kristineberg site. A laboratory experiment was performed where a fresh water was mixed 
with Ca-rich water from a flooded tailings impoundment at the Kristineberg site (dissolved Ca 
= 380–740 mg l-1). Flocs consisting primarily of organic matter and Fe oxyhydroxides were 
formed in all mixing bottles that contained fresh water. This flocculation occurred at 
dissolved Ca concentrations ≥ 100 mg l-1. The results implied that the relative contribution 
from flocculated particulate matter (1.7–3.4 mg flocs l-1 of stream water) to natural 
sedimentation in tailings ponds would be significant only when the streamwater transport of 
suspended matter into ponds is low (< 10–15 mg l-1). Experimental data indicated that metal 
sorption onto the settling flocs was relatively moderate (Cu: 1.8–3.5 µg l-1; Zn: 15–29 µg l-1).  

Libiola, Italy – Dinelli et al. (2001) have discussed the stream sediment composition in a 
stream near the Libiola Fe-Cu mine. Rapid flocculation of amorphous Fe phases occurred as 
acid water (pH < 3) mixed with normal surface water (pH 8). Several trace metals, e.g., Cu, 
Zn, Co, Sc, Y, La, and Ce, were trapped by these Fe phases. The contribution of colloids to 
the sediments was found to be high, up to 89% at a sampling site near the confluence of 
acidic, metal-rich water with a near-neutral water. Dinelli and Tateo (2002) used water 
chemistry and sediment composition to investigate metal mobility in the same area. The 
degree of attenuation was found to depend on the mixing ratio between acid and normal 
waters and on the rate of the mixing process. Slow mixing and a low ratio allowed a 
progressive evolution of the streamwater composition with a sequential precipitation of near-
equilibrium phases. Each of these phases concentrated only the phase-forming elements, 
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suggesting that adsorption processes did not strongly influence trace metal mobility. When 
mixing was rapid, on the other hand, a rapid flocculation of mixed precipitates containing Fe, 
Al and trace elements occurred. In this case, adsorption might be more important. 

Little Cottonwood Creek, Utah, USA – Using tracer injection and synoptic sampling, Kimball 
et al. (2001) quantified the major sources of mine drainage to Little Cottonwood Creek, Utah. 
By mass balance calculations, they could also estimate the extent and location of natural 
attenuation. Most of the Fe in the stream water was colloidal, since pH was relatively high 
(> 8.0). This colloidal Fe was generally lost to the streambed during transport. Manganese and 
Zn were also lost from the dissolved phase, but since there was no corresponding increase in 
the colloidal phase, these metals must have been lost directly to the streambed. In a similar 
study, Kimball et al. (2002) estimated the metal attenuation in Cement Creek, Colorado. 
Despite the low pH in the stream water, almost half the Zn load was lost through attenuation 
along the study reach. Zinc was removed downstream of high-pH inflows. Much of the Fe in 
Cement Creek was transported as colloidal particles. After aggregation, the colloids can be 
trapped by algae in the biofilm covering the cobbles of the streambed, or can settle in pools. 

Peru Creek, Colorado, USA – Sullivan and Drever (2001) studied the geochemistry of 
suspended particles in the Peru Creek, which is affected by mine drainage. They found that 
although Fe oxyhydroxysulphates dominated among the suspended particles in the mine 
drainage, they were extremely rare in the Peru Creek. In the creek, aluminosilicate minerals 
with Fe and Al oxyhydroxides were dominant. There was also an increased concentration of 
aggregates in the creek downstream of the influx of the mine drainage. Most of the 
aluminosilicate minerals would have negative surface charges at the pH-values found in the 
mixing zone. On the other hand, Fe oxyhydroxide particles from the mine drainage would 
have positive surface charges. The Fe-rich particles or precipitates may thus act as an 
electrostatic “glue” to enhance aggregation with aluminosilicates in the creek. 

Silverton, Colorado, USA – The metal behaviour in mixing zones of acidic, metal-rich water 
and near-neutral pH water is discussed in Schemel et al. (2000). Mixing of an acidic tributary 
with the near-neutral Animas River increased pH and resulted in the transformation of Al and 
some Fe into colloids. These colloids were effective in sorbing Cu, Pb, and a small fraction of 
the Zn. The adsorption of Zn appeared to be limited by pH and the concentrations of colloidal 
Al and Fe. Only small losses of colloids were noticed, for example as coatings on rock 
aggregates in shallow pools. Thus, colloidal particles and sorbed metals can be transported 
long distances downstream. However, data indicated that some settled or entrapped colloidal 
metals could be remobilized during high discharge.  

St. Kevin Gulch, Colorado, USA – Ranville et al. (1989) investigated the properties of 
flocculated bed material in the St. Kevin Gulch, a stream contaminated by acid mine drainage. 
Iron was the dominant element in the St. Kevin Gulch flocs, which also contained minor 
amounts of Al, Zn and Mn, and trace amounts of Pb, Cu and Cd. The acidic St. Kevin Gulch 
(pH < 4) has a tributary, Shingle Mill Gulch, with a considerably higher pH (6.5). The 
Shingle Mill Gulch flocs had a much lower Fe concentration, but a higher content of Al, Mn 
and Zn than the St. Kevin Gulch flocs. The higher trace-metal content may reflect increased 
efficiency of metal scavenging at a higher pH. The electrophoretic stability of the St. Kevin 
Gulch floc was near zero, implying a near-zero surface charge, despite an ambient stream pH 
well below the expected ZPC for Fe oxyhydroxides. This may be the result of anion 
adsorption, for example sulphate or organic matter. The formation of the flocs from the 
colloids is consistent with the near-zero charge. Smith et al. (1989) performed metal-
partitioning experiments with unfiltered stream waters and floc/stream water mixtures 
collected from the St. Kevin Gulch. The pH was varied between ambient (about 3.5) and 6 by 
the addition of NaHCO3. The time period for rapid-step sorption reactions to reach 
completion was estimated to two hours. It was concluded that the flocculated Fe 
oxyhydroxides were not an effective sink for trace metals at the ambient pH. Floc/water metal 
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partitioning increased as the pH increased, but dissolved concentrations of several metals 
were still significant at pH 6. 

5.2 Estuarine waters 

Processes occurring in estuaries of rivers affected by acid mine drainage are discussed in 
Johnson (1986), Featherstone and O’Grady (1997) and Braungardt et al. (2003). In the King 
River estuary (Tasmania), dissolved Fe and Cu were found to exhibit nonconservative 
behaviour with salinity. The removal mechanism appeared to be dependent on the rapid pH 
increase and the formation of amorphous Fe flocs. A significant proportion of dissolved Cu 
was being removed from solution through adsorption onto the Fe flocs. Mixing experiments 
confirmed the behaviour of dissolved Fe and Cu. Manganese flocs are also known to be 
efficient scavengers of trace metals. In the King River estuary, however, Mn behaved 
conservatively, and was therefore unlikely to be important in the removal of Cu.  

Fernández Caliani et al. (1997) concluded that the Huelva estuary (Spain) acts as a storage 
basin for pollutants from the mining area of the Iberian Pyrite Belt transported by the rivers 
Tinto and Odiel. The estuarine mixing in the Huelva leads to an accelerated deposition of clay 
particles. However, considering the small specific surface areas and the relatively low cation 
exchange capacities of kaolinite and illite, adsorption onto amorphous components, e.g., 
amorphous Fe oxyhydroxides, appears to be a more important removal process for metals. 
The Huelva estuary was also studied by Braungardt et al. (2003). They found that pH-
dependent biogeochemical processes governed the distribution of dissolved metals. Rapid 
removal of metals from solution occurred mainly at the high-pH, high-salinity end of the 
estuary, unlike in most estuaries, where co-removal of metals with flocculating colloids 
occurs in the early stages of mixing. Suspended particulate matter from Rio Tinto has been 
shown to carry an overall positive charge, which became negative at higher pH and salinity 
values (Achterberg et al., 2003). Consequently, no scavenging of metals by particles occurred 
in the low-salinity zone. Thermodynamic speciation calculations indicated that solid Fe and 
Al phases could form at salinities > 30. Thus, other metals from the water column may be 
removed upon flocculation and sinking. Dissolved Pb was removed in the low pH, low-
salinity zone due to its particle-reactive nature. 
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6 Engineering aspects of passive natural 
attenuation systems 

Within the MiMi programme, it is proposed that natural attenuation may be utilised as a final 
polishing step in an integrated system of remediation measures implemented at a mine site 
(MiMi, 2001). Since the overall objective of the MiMi programme is to contribute to a 
solution of the environmental concerns of mining waste on a long-term basis, focus is put on 
passive systems which require a minimum of maintenance. Such a system may be part of a 
natural drainage system (streams, lakes and wetlands), or may consist of constructed ponds 
and/or wetlands. The following two sections contain a summary of the key factors controlling 
natural attenuation of metals (Section 6.1), and a brief discussion of engineering aspects that 
should be considered when natural attenuation systems are planned and designed (Section 
6.2). 

6.1 Key factors controlling natural attenuation of metals 

Chemical factors 

Chemical composition of AMD – Secondary precipitates consisting of Fe, Al and Mn 
oxyhydroxides acting as sorbents will form when AMD is neutralized by mixing with waters 
of higher pH and alkalinity. The concentrations and relative proportions of dissolved Fe, Al 
and Mn in AMD to a large extent determine the amount and dominant type of sorbent that 
will precipitate. In a leachate with a dissolved Fe concentration of 677 mg l-1 (dissolved Fe + 
Al + Mn = 729 mg l-1), about 1500 mg of precipitate was formed per litre of water at pH 7 
(Lee et al., 2002). Sorption of trace metals generally coincides with precipitation of the most 
abundant sorbent, a probable indication that sorption, at least to some extent, is caused by 
coprecipitation (Lee et al. 2002). In addition to oxyhydroxides, calcite and gypsum may 
precipitate from mining waste leachates and form suspended particles. Sorption of trace 
metals into calcite through coprecipitation appears to be common (e.g., Rimstidt et al., 1998). 

Chemical composition of suspended particulate matter – Suspended particulate matter in 
general is a mixture of particles composed of: 

• Detrital (primary minerogenic) material (silicates, carbonates and primary ore 
minerals from ore/ore concentrates and waste rocks) 

• Secondary precipitates (mainly Fe, Al and Mn oxyhydroxides, calcite and gypsum) 

• Organic matter (living biota, dead organic matter (detritus) and humic substances) 

Secondary precipitates and organic matter may be efficient sorbents for metals (e.g., Stumm, 
1992). However, several secondary precipitates are also sensitive to changes in redox, and 
may decompose/dissolve in oxic (organic matter) or anoxic environments (Fe and Mn 
oxyhydroxides). The chemical composition of suspended particles may influence the settling 
of particulate matter in lakes and ponds. For example, the presence of organic matter in 
natural suspensions may enhance the flocculation and settling velocity of minerogenic 
particles (Sections 3.4 and 3.5). 

Dissolved oxygen – Oxic waters are required for the formation and persistence of redox-
sensitive sorbents (Fe and Mn oxyhydroxides). 

pH – Two important pH-effects can be noted regarding the natural attenuation of metals in 
AMD. 1) The formation of secondary Fe, Al and Mn precipitates occurs over different pH 
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ranges, with schwertmannite and ferrihydrite forming at pH values below and above 4, 
respectively. Aluminium and Mn compounds form at pH values of about 5 and 8, respectively 
(e.g., Lee et al., 2002). 2) For hydrous ferric oxides, the pH-dependent sequence of sorption 
edges in general is Pb > Cu > Zn ≈ Cd > Co. The following pH values for 50% sorption were 
found by Lee et al. (2002); Pb: 3.1–4.3, Cu: 4.6–6.1, Zn: 5.6–7.5, Cd: 5.5–7.7, Co: 5.9–7.9. 
This pH dependence of sorption occurred not only because of changes in the sorption 
coefficients of the trace metals, but also because the formation and composition of the sorbent 
was controlled by the pH, the chemical composition of the water and the solubilities of the 
oxyhydroxide – sulphate complexes of Fe, Al and Mn. 

Salinity – Colloids are characterized by their flocculation at increasing salinity (van Olphen, 
1963). The mixing of a saline mining waste leachate and a natural fresh water thus may cause 
flocculation of colloidal matter carried by the fresh water, for example humic substances. 
Among the dissolved main elements in mining waste leachates, Ca2+ ions are most effective in 
coagulating colloidal humic matter, both in terms of the Ca2+ concentration required and the 
amount of humic matter flocculated (Eckert and Sholkovitz, 1976). 

Organic matter – Organic matter in natural waters is often expressed as total organic carbon 
(TOC), a collective term for dissolved, colloidal and particulate organic carbon. Literature 
data suggest that the effects of organic matter on flocculation processes may be quite variable. 
For example, Ali et al. (1984) found that salt flocculation was retarded by organic matter, 
possibly due to the stabilization of flocs by organic polymers present on particle surfaces 
(Figs. 3.3 and 3.4). On the other hand, particle attachment may be enhanced if organic 
polymers form bridges between particles (Section 3.4). It is also well known that organisms 
present in natural waters can cause flocculation of suspended matter (Section 3.5). 

Studies of metal sorption have also indicated variable effects of organic matter. A laboratory 
study indicated that natural organic matter caused enhanced adsorption of Cu(II) on goethite 
at a moderately low pH, while there was no effect on Cu(II) adsorption on schwertmannite 
(Jönsson et al., 2003c). In contrast, Sjöblom et al. (2003) found that humic acid had a negative 
influence on the amount of trace metals adsorbed and/or coprecipitated with Fe 
oxyhydroxides.  

Physical factors 

Temperature – An important effect of cold temperatures is that the reaction rate of many 
chemical and biological reactions decreases. This temperature effect is usually described by 
the Arrhenius equation: 

ln(k1/k2) = Ea/2.3(T1 – T2)/RT1T2  (6.1) 

where k1 and k2 are reaction rates at temperatures T1 and T2, Ea is the activation energy of the 
reaction and R is the gas constant. Equation (6.1) indicates that if the temperature decreases 
from T1 to T2, the reaction rate also will decrease in a non-linear manner. Although 
temperature effects in general are complex under field conditions, several studies confirm that 
Eq. (6.1) is a valid approximation for chemical and microbiological oxidation rates (e.g., 
Dawson and Morin, 1996). In a laboratory experiment (pH = 5.5), Jönsson et al. (2003a) 
found that the oxidation and precipitation of Fe from AMD was completed within 100–120 
minutes at T = 25°C, while at T = 10°C the reaction was still proceeding after more than 150 
minutes. 

Water discharge – In cold climates with seasonal snow covers, large seasonal variations in 
streamwater discharge can be expected. These discharge variations, in turn, can have 
profound influences on streamwater transport and concentrations of dissolved substances, the 
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latter through dilution and wash-out effects. In addition, streamwater concentrations of 
suspended particulate matter (SPM) are often positively correlated to the water discharge 
according to an equation of the type: 

SPM = A × QB (6.2) 

where A and B are empirical constants and Q is the streamwater discharge (e.g., Morehead et 
al., 2003). Streamwater discharge will also affect the residence time of water in lakes and 
constructed ponds. 

Replacement time and residence time – For lakes and ponds receiving most of their water 
from streamflow, the replacement time for water (τw) can be calculated as: 

τw = V/Qi (6.3) 

where V is the water volume in the lake/pond and Qi is the streamwater inflow. The 
replacement time of a dissolved substance in the lake/pond (τr) is defined as: 

τr = M/(Ci Qi) (6.4) 

where M is the total mass of the dissolved substance in the lake/pond, Ci is the dissolved 
concentration of this substance in inflowing stream water and Qi is the rate of streamwater 
inflow. If the lake/pond is at a steady state with respect to water and the dissolved substance 
of interest, τw and τr can be viewed as residence times as well as replacement times. 

Relative residence time (Stumm and Morgan, 1981) is an additional concept which gives an 
indication of the type of behaviour to be expected for a given substance. The relative 
residence time (τrel) is calculated as: 

τrel = τr/τw  (6.5) 

A relative residence time of 1 indicates that the substance does not react chemically in a lake, 
and simply accompanies water as it passes through a lake. If τrel is less than 1, the substance 
tends to be removed via sorption and sedimentation in a lake, a behaviour found for particle-
reactive substances. If τrel is greater than 1, the substance tends to be trapped in a lake while 
the water transporting the substance into the lake discharges from the lake. This behaviour is 
found for elements that are cycled within lakes, that is, they are precipitated/sorbed and settle 
to the lake bed where they redissolve, which is followed by a new cycle of 
sorption/settling/redissolution. This type of behaviour is characteristic of elements involved in 
biological processes. 

Stratification of water columns – A stable density stratification of the water column of a lake 
or a constructed pond may influence the natural attenuation sequence in different ways. The 
presence of a pycnocline would tend to reduce the settling of suspended particulate matter in 
lakes/ponds (Section 4.2), which would result in a rather inefficient entrapment of metal-
enriched particulate matter. In relatively deep lakes/ponds, a stable density stratification 
would also reduce the wind mixing of the water column, possibly resulting in anoxic bottom 
water conditions, at least during part of the year (e.g., Wetzel, 2001). Anoxic bottom water 
conditions would, in turn, result in a redissolution of redox-sensitive sorbents such as Fe and 
Mn oxyhydroxides at the sediment – water interface. Metals sorbed to Fe and Mn 
oxyhydroxides would thus be released back into the water column in dissolved forms. 
However, under stable anoxic bottom water conditions, these mobilized metals may 
subsequently be reattenuated in precipitating metal sulphides. Thus, the residence time for 
water in anoxic hypolimnia may be an important physical factor for the retention of metals in 
passive natural attenuation systems. 
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Suspended particulate matter – Two important physical factors can be noted regarding 
suspended particulate matter in natural attenuation systems: 1) the size distribution of the 
suspended particles and 2) the suspended matter concentration. Particle size distributions in 
natural waters normally span a size range of several orders of magnitude. The differential 
settling of particles occurring in such a system will enhance the number of particle collisions 
and thus also the rate of flocculation (Section 3.1). This implies that larger, suspended detrital 
particles present in a natural attenuation system should be capable of enhancing flocculation 
through differential settling, which is the dominant collision mechanism for larger particles. 
Particle settling velocities are also related to the suspended matter concentration (equation 
(4.6)), and increase with increasing suspended concentrations (Section 4.1). 

Biological factors 

Primary production and biological uptake of metals – Several studies have indicated that 
biogenic particulate matter appears to be a major carrier of trace metals in natural waters 
(e. g., Landing and Feely, 1981; Sigg, 1987). The association of metals to organic matter may 
be caused by metal sorption to algal surfaces (Xue et al., 1988) as well as active biological 
uptake of metals into living biota. It has been proposed that the Redfield model for the 
biological control of nitrogen and phosphorus could be extended to several bioreactive trace 
elements, among them Cu and Zn (Morel and Hudson, 1985; Sigg, 1985). Thus, trace metals 
would be assimilated by biota in stoichiometric proportions relative to C, N and P, and the 
removal of dissolved metals from surface waters should vary with the mean primary 
production. A tentative estimate of the biological sorption and/or active uptake of metals in 
phytoplankton (BMe ) thus can be obtained from the equation: 

BMe (mol m-2 y-1) = PP (mol C m-2 y-1) × Me/C  (6.6) 

where PP represents the primary production of phytoplankton in the euphotic zone and Me/C 
is the metal : organic C mole ratio of this organic matter. As a first approximation, BMe can be 
estimated by using primary production data and Me/C ratios from the literature. Primary 
production in lakes is relatively well known, and ranges from < 10 to > 500 g C m-2 y-1 
depending on whether the lake is oligotrophic or eutrophic (e.g., Wetzel, 2001). In contrast, 
data for trace metal : C ratios are less well known, and some natural variability in these ratios 
can also be expected. For biota of Lake Constance, Sigg (1985) tentatively proposed Cu/C 
and Zn/C mole ratios of about 7 × 10-5 and 5 × 10-4, respectively. Using these Me/C ratios, 
estimates of the biological sorption and/or active uptake of Cu and Zn in oligotrophic, 
mesotrophic and eutrophic lakes are presented in Table 6.1. For comparison, the annual 
transport of these metals in a stream with a water discharge of 200 l s-1 and dissolved Cu and 
Zn concentrations of 10 and 100 µg l-1, respectively, would be 63 kg y-1 of Cu and 630 kg y-1 
of Zn. 

Table 6.1.  Potential biological uptake of Cu and Zn in lakes of different trophic status. 

Trophic 
status 

Prim. prod. 
(g C m-2 y-1) 

Cu/C 
(mole ratio) 

Zn/C 
(mole ratio) 

Cu uptake 
(kg ha-1 y-1) 

Zn uptake 
(kg ha-1 y-1) 

Oligotrophic < 10–100 7 × 10-5 5 × 10-4 < 0.037–0.37 < 0.27–2.7 
Mesotrophic 100–300 7 × 10-5 5 × 10-4 0.37–1.1 2.7–8.2 
Eutrophic 300– > 500 7 × 10-5 5 × 10-4 1.1– > 1.8 8.2– > 14 
Cu/C and Zn/C represent metal/C ratios in plankton (Sigg, 1985). 
The uptake of Cu and Zn is calculated using equation (6.6). 

 

The data in Table 6.1 suggest that biological sorption and/or active uptake of Cu and Zn 
potentially may be significant (> 10% of the hypothetical transport of these metals in a minor 
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stream) if the lake size exceeds tens to hundreds of hectares (oligotrophic – mesotrophic 
lakes). However, in oxic waters, plankton-associated metals to a large extent are likely to be 
remineralized in the water column or in the surface sediment (e.g., Landing and Feely, 1981; 
Widerlund, 1996). Thus, permanent burial and attenuation of plankton-associated metals in 
sediments may be relatively minor. 

6.2 Engineering aspects 

A remediation programme implemented at a mine site should be planned and designed with 
the aim of achieving optimal conditions for natural attenuation processes. Some of the 
experiences gained at various mine sites are described in the references summarized in Table 
6.2, although engineering aspects may not be specifically addressed in these references. 

Table 6.2.  Summary of references describing effects of natural attenuation processes 
observed at mine sites. 

Natural attenuation process References 
Particle formation: Includes chemical precipitation of secondary 
minerals and primary production of phytoplankton. 

Schemel et al. (2000) 
Dinelli and Tateo (2002) 
Lee et al. (2002) 
Jönsson et al. (2003a) 

  
Sorption: Any process capable of removing metals in solution into 
particulate matter. Includes adsorption, coprecipitation and active 
biological uptake into living biota. 

Kimball and Wetherbee 
(1989) 
Ranville et al. (1989) 
Smith et al. (1989) 
Schemel et al. (2000) 
Jönsson and Lövgren (2000, 
2001) 
Dinelli et al. (2001) 
Lee et al. (2002) 
Jönsson et al. (2003b, 
2003c) 
Sjöblom et al. (2003) 
Sjöblom and Håkansson 
(2003) 

  
Flocculation: Aggregation of colloids and small particles into larger 
particle aggregates (flocs). 

Dinelli et al. (2001) 
Sullivan and Drever (2001) 
Forsberg (2002) 
Widerlund et al. (2004) 

  
Sedimentation: Settling of particulate matter (flocs and/or individual 
particles) to stream and lake beds. 

Kimball et al. (1995) 
Schemel et al. (2000) 
Kimball et al. (2001, 2002) 
Widerlund et al. (2004) 

 

Below follows a brief discussion of the possibilities to enhance the efficiency of the 
subprocesses particle formation – sorption of contaminants – flocculation – sedimentation 
involved in the attenuation of metals in mining waste leachates. 
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Particle formation 

Formation of secondary precipitates acting as metal sorbents (Fe, Al and Mn oxyhydroxides) 
can be achieved by mixing AMD with natural waters of higher pH and alkalinity (Section 6.1; 
Lee et al., 2002). This mixing should take place under oxic conditions, for example in 
streams, to ensure an efficient oxidation and formation of Fe and Mn precipitates. 
Approximate pH values required for precipitation and theoretical estimates of the maximum 
amount of precipitates that may form are given in Table 6.3. 

Table 6.3.  Theoretical estimates of maximum amount of Fe, Al and Mn oxyhydroxides 
precipitating from AMD. 

 Fe Al Mn 
Approximate pH required for precipitation 3–5 ~ 5 ~ 8 
    
Amount of precipitate formed per 100 mg l-1 of 
dissolved Fe, Al and Mn in AMD (mg l-1) 

159* 289* 160* 

*Amount of precipitate formed if the following species are assumed to precipitate: FeOOH, 
Al(OH)3 and MnOOH. 
 

To maximize the precipitation of secondary Fe and Al phases, a pH of ≥ 5 is required after 
mixing. Considering that dissolved Mn concentrations in AMD in general are considerably 
lower than those of Fe and the insignificant precipitation of Mn oxyhydroxides at pH < 7 
(Table 6.3), Mn oxyhydroxides should play a relatively minor role as a scavenger of trace 
metals in mining-affected waters. 

To increase the amount of dissolved Fe(II) entering a natural attenuation system (and thus the 
potential for formation of Fe precipitates), diversion of groundwater into oxic surface waters 
may be considered where possible (e.g., where minor, localised groundwater outflows occur). 
However, this measure may be possible only when the alkalinity of the receiving water is 
sufficient to neutralize the acidity produced by Fe precipitation. Furthermore, possible 
clogging of the drainage system (streams, ditches and shallow ponds) by secondary 
precipitates should be considered. This implies that active measures to enhance the formation 
of secondary precipitates may be feasible only in systems with low to moderately high 
dissolved Fe and Al concentrations. 

Sorption of contaminants 

A natural attenuation system should be designed so that secondary precipitates are formed in 
the presence of the trace metals to be sorbed. This will increase the possibilities for 
coprecipitation of trace metals into the precipitating sorbents (e.g., Lee et al., 2002; Sjöblom 
et al., 2003). 

The degree of metal attenuation may depend on the mixing ratio between AMD and natural 
waters, as well as on the rate of mixing. Slow mixing and a low AMD : natural water ratio 
may allow a progressive evolution of the streamwater composition, with a sequential 
formation of near-equilibrium precipitates concentrating only phase-forming elements (Fe and 
Al). If mixing occurs rapidly at a higher AMD : natural water ratio, a rapid formation of 
mixed precipitates containing Fe, Al and trace metals may occur, resulting in a more efficient 
attenuation of trace metals (Dinelli and Tateo, 2002). 

To maximize pH-dependent sorption of trace metals onto suspended particles, pH in the 
mixed AMD – natural water should reach the sorption edges for the trace metals of interest 
(e.g., Jönsson and Lövgren, 2001; Jönsson et al., 2003b, 2003c).  
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In general, pH-dependent adsorption is a fairly rapid process with a time scale in the order of 
hours, i. e., considerably shorter than the time scale for flocculation, which may exceed tens 
of days (e.g., Vezina and Cornett, 1990). Thus, although adsorption and flocculation 
processes may be initiated simultaneously when AMD is mixed with a natural water, 
adsorption can be expected to occur before the total surface area of suspended particles is 
significantly reduced due to flocculation. 

Flocculation 

Oxidation of Fe at low pH and flocculation of colloids into larger particles are relatively slow 
processes. Thus, the residence time for water and particulate matter in lakes/ponds should 
exceed tens of days to allow oxidation/flocculation and formation of larger, settling particle 
aggregates to occur. In general, flocculation of suspended particulate matter is facilitated by 
(cf. Sections 3.1–3.5): 

• High concentrations of suspended particulate matter spanning a large size range 
resulting in differential settling. 

• The presence of natural organic matter enhancing particle attachment (although salt 
flocculation of colloids may be counteracted by organic matter). 

• Increasing salinity (in particular dissolved Ca2+) resulting in flocculation of colloids. 

Thus, to enhance the attenuation of metals, the following engineering aspects may be 
considered at mine waste sites: 

• Stream water with high concentrations of suspended particulate matter may be 
diverted into lakes/ponds containing mixed AMD – natural waters. 

• Acid mine drainage with high dissolved Ca2+ concentrations can be mixed with 
natural fresh waters with high concentrations of dissolved/colloidal/particulate 
organic matter. 

However, it should be pointed out that the effects of organic matter on the attenuation of 
metals appear not to be fully resolved, and contradictory results have been reported regarding 
sorption of metals in the presence of natural organic matter (e.g., Jönsson et al., 2003c; 
Sjöblom et al., 2003). 

Sedimentation 

Based on the summary of factors controlling the settling and deposition of particulate matter 
presented in Sections 3.5 and 4.1–4.3, the following engineering aspects regarding 
sedimentation of particulate matter may be pointed out: 

• Settling of particulate matter increases if the suspended particles partly are composed 
of organic matter (Section 3.5) and with increasing suspended matter concentration 
(equation (4.6)). Thus, settling of particulate matter may be enhanced if stream water 
with high concentrations of suspended, organic particulate matter is diverted into 
lakes/ponds. 

• Particle settling rates should be predicted using empirical formulas (equations (4.2–
4.5)) rather than Stokes’ law (equation (4.1)), which may underestimate the settling 
rates by up to an order of magnitude. 

• Constructed settling ponds should be designed so that the residence time for particles 
exceeds the time for settling predicted by appropriate formulas. Settling of particulate 
matter can be promoted if inlet and outlet structures are constructed as full length 
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inlet and outlet weirs or multiple pipe inlet/outlet systems. Such systems tend to 
spread the flow evenly across a pond, which reduces the risk for ”streaming” and 
short-circuiting of the flow. Construction of various types of meandering systems can 
also be considered. 

• Stable density stratifications should be avoided in the water columns of basins where 
settling of particulate matter is intended to occur. Density stratifications can be 
expected to reduce the attenuation of metals if the settling of particulate matter is 
retarded, and if anoxic bottom water conditions develop. The latter would facilitate 
reductive dissolution of redox-sensitive metal sorbents (Fe and Mn oxyhydroxides), 
resulting in early diagenetic remobilization of trace metals (e.g., Sakata, 1985). In 
cold climates where lakes and ponds are ice covered during the winter, particularly 
stable density stratifications can be expected beneath the ice. 

Resuspension of settled particles should also be considered, and lakes and ponds intended as 
settling basins should be deep enough to minimize the risk for resuspension. For lakes, a 
diagram has been developed where the effective fetch is used for prediction of water depths 
where resuspension may occur (Håkansson, 1981). A laboratory study of resuspension of 
pyrrhotite tailings showed that the rate of sulphide oxidation increased with the degree of 
turbulence-induced mixing of the water column (Yanful et al., 2000). This stresses the 
importance of avoiding resuspension of sediments where sulphide-rich tailings may occur. 
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Twenty years from today the mining industry in Sweden is still strong and flourishing, using 

technologies that are internationally competitive and environmentally acceptable. The 

environmental standards are set high, since most of the ore deposits and mining activities are 

situated in sparsely populated areas with a very sensitive nature of high ecological and 

recreational value. Applying economic methods for processing and reuse of waste products, the 

release of heavy metals from waste deposits is kept low, the impact on the environment is small 

and restricted to the close vicinity of the mining areas. Methods used for waste disposal and 

remediation are efficient, robust and reliable so that, when any remediation is completed, a 

deposit can be left without the need for supervision or maintenance.

The MiMi programme has made it possible to predict the extent of environmental impact and 

has provided tools and methods to control and design processes and waste treatment systems 

already from investigation of the mineralogical and chemical composition of the ore and the wall 

rocks, and the local hydrology and topography. Furthermore, it is possible to design 

cost-efficient treatment systems for existing deposits of mining waste. 
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