
Research paper

Long-term durability and leaching performance of bioash-GGBFS stabilized 
contaminated soil under cyclic aging, percolation, and diffusion

Sepideh Gholizadeh Khasevani * , Ivan Carabante , Jurate Kumpiene , Lale Andreas
Waste Science and Technology, Department of Civil, Environmental and Natural Resources Engineering, Luleå University of Technology, 97187, Luleå, Sweden.

A R T I C L E  I N F O

Keywords:
Bioash–GGBFS binder
Stabilization/solidification
Metal immobilization
Freeze–thaw
Column percolation
Diffusion leaching

A B S T R A C T

Conventional validation of low-carbon stabilization binders often relies on short curing periods and batch 
leaching tests, which do not adequately capture long-term durability or transport-controlled contaminant 
release. In this study, a bioash–GGBFS binder was evaluated for stabilization/solidification of metal- 
contaminated soil from Näsudden, Sweden, using an integrated program of extended curing, wet–dry and 
freeze–thaw cycling, and standardized percolation and diffusion leaching tests. The treated mixture (50% soil, 
35% bioash, and 15% GGBFS) developed unconfined compressive strength in the MPa range and maintained high 
strength after durability exposure, with 1635 ± 308 kPa after wet–dry cycling and 2047 ± 100 kPa after 
freeze–thaw cycling. Percolation testing at L/S = 10 showed strong reductions in leaching compared with un
treated soil, including 96% for As, 98% for Cd, 90% for Pb, 92% for Zn, 88% for Ni, and 65% for Cu. Diffusion 
testing confirmed low release for most elements, while Cu showed the highest cumulative release and mobility, 
indicating an element-specific limitation. Overall, the results demonstrate that the bioash–GGBFS binder can 
provide both durable mechanical performance and sustained immobilization of most priority contaminants 
under transport-relevant conditions. The findings support its potential as a low-carbon alternative for stabili
zation and reuse of contaminated soils, although additional measures may be needed where Cu governs 
compliance

1. Introduction

Soil contamination with toxic elements remains one of the most 
persistent environmental challenges worldwide, with serious implica
tions for human health, ecosystems, and land productivity. A key chal
lenge in remediation is to ensure not only short-term contaminant 
immobilization, but also long-term stability under realistic exposure 
conditions. This is particularly important when treated contaminated 
soils are intended for reuse in construction applications, where both 
mechanical integrity and contaminant release must remain controlled 
over time [1–3].

The Näsudden peninsula in Skelleftehamn, northern Sweden, rep
resents a legacy site affected by long-term industrial emissions. The area 
has been heavily impacted by historical atmospheric emissions from the 
nearby Rönnskär smelter, one of Sweden’s largest point sources of metal 
pollution. Elevated concentrations of arsenic, lead, copper, mercury, 
zinc, and other trace elements occur mainly in the organic-rich surface 
layer, with the highest contaminant levels found within the upper few 
centimeters of soil. Vegetation and surface water in the area show clear 

signs of contamination, and arsenic has also been detected in 
groundwater.

The municipality of Skellefteå plans to redevelop Näsudden for in
dustrial use and to construct a noise barrier using contaminated soil after 
treatment. This study was initiated to evaluate stabilization/solidifica
tion (S/S) with bioash as a sustainable remediation method that enables 
on-site reuse of the contaminated soil instead of transport to landfill. The 
long-term goal is to ensure that the treated material meets environ
mental quality criteria and mechanical stability requirements for safe 
use in construction works such as the planned noise barrier [4]. 
Chemical analyses of soil from the site have shown that contaminant 
concentrations exceed Swedish Environmental Protection Agency 
guideline values for land use by a wide margin, with concentrations up 
to 403 mg kg− 1 As, 806 mg kg− 1 Pb, 398 mg kg− 1 Zn, and 526 mg kg− 1 

Cu. Bioavailability tests have further confirmed that As, Zn, Pb, Cu, and 
Cd are only weakly bound to the soil matrix [5], making them suscep
tible to leaching into groundwater or uptake by plants and soil organ
isms. These findings underline the need for a treatment approach that is 
effective, durable, and environmentally sustainable.
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Stabilization/solidification (S/S) is widely used for metal- 
contaminated soils because it immobilizes contaminants within a 
binder matrix while improving strength and handling properties [6,7]. 
Portland cement is the most common binder, but its use has important 
limitations. Cement production is carbon-intensive, and highly alkaline 
cementitious pore solutions may increase the mobility of some ampho
teric metals and oxyanion-forming elements [8,9]. In addition, cemen
ted matrices may degrade over time due to carbonation, moisture 
cycling, and freeze–thaw exposure, which can affect both mechanical 
performance and leaching behavior [10]. These concerns have increased 
interest in low-carbon binders derived from industrial by-products and 
biomass residues.

Recent studies have shown that waste-derived and slag-based 
binders can improve both mechanical performance and contaminant 
immobilization in polluted soils. Ash-based materials, including paper 
sludge ash and other alkaline industrial residues, have been reported to 
reduce Pb mobility while providing strength development comparable 
to conventional cement-based stabilization [11]. Slag-based materials 
also show potential as low-carbon reactive precursors because they can 
contribute to alkali activation, matrix densification, and metal retention, 
although their leaching behavior remains strongly dependent on pH, 
slag composition, and curing conditions [12]. In contaminated soils, 
combined solid-waste and cementitious binder systems can improve 
strength and reduce element release. However, Cu and Ni may remain 
mobile under alkaline, organic-rich conditions because of soluble 
hydroxo-complex formation and dissolved organic carbon (DOC)-asso
ciated complexation [13].

Ground granulated blast furnace slag (GGBFS) is widely used in soil 
S/S because of its latent hydraulic reactivity and its ability to form 
poorly crystalline calcium–silicate–hydrate and cal
cium–aluminosilicate–hydrate type products under alkaline activation 
[14–16]. These hydration products can densify the stabilized matrix, 
reduce transport pathways, and support contaminant retention through 
precipitation, sorption, and physical encapsulation. Slag-containing 
binders have repeatedly been reported to achieve MPa-range strength 
and strong leaching control for many divalent metals, and review studies 
indicate that GGBFS-based binders can provide leaching control com
parable to Portland cement in many cases [8,17,18]. In geotechnical 
practice, lime–GGBFS blends are also recognized as established stabili
zation systems, with documented strength gains relative to lime-only 
treatment [19].

Wood ash is a by-product of biomass combustion and is commonly 
rich in CaO and alkali oxides, giving it a strongly alkaline character and 
potential use in soil stabilization and remediation [5,20,21]. Wood ash 
has been shown to influence the geotechnical properties of fine-grained 
soils, with studies reporting improved strength and reduced plasticity 
when wood ash is added to clayey soils [22,23]. Biomass fly ash can also 
participate in binder formation under alkaline activation, indicating that 
ash-rich materials may contribute to load-bearing hydration products 
when appropriately combined with reactive precursors [24–26]. How
ever, many wood ashes contain relatively low amounts of reactive 
amorphous aluminosilicate phases and substantial crystalline content, 
resulting in limited pozzolanic reactivity when used alone [27–29]. 
Therefore, wood ash is often more effective in blended binder systems 
where it supplies alkalinity and Ca-rich phases while another material, 
such as GGBFS, provides the main cementitious reactivity [5,30–32].

The combination of bioash and GGBFS is therefore attractive for 
contaminated soil S/S. Bioash can provide alkalinity, Ca-bearing phases, 
and pH buffering, while GGBFS can supply latent hydraulic reactivity 
and contribute to the formation of cementitious hydration products. 
Together, these materials may support contaminant immobilization 
through pH control, precipitation, sorption, physical encapsulation, 
matrix densification, and reduced hydraulic connectivity. Slag-derived 
binders have also been shown to provide mechanical strength and 
reduce heavy-metal leaching in civil engineering and soil remediation 
applications, although their long-term chemical stability depends 

strongly on binder chemistry, curing conditions, carbonation reactions, 
and contaminant type [33,34].

Despite the promising performance of cement-based, ash-based, and 
slag-based binders, important knowledge gaps remain. Many previous 
studies mainly evaluate short curing periods, unconfined compressive 
strength, batch leaching, or a single performance indicator [35–38]. 
These tests are useful for initial screening, but they do not fully deter
mine whether a low-carbon stabilized material can maintain both me
chanical integrity and contaminant retention under cyclic 
environmental exposure and transport-controlled leaching. This 
distinction is important because strength development, durability, and 
leaching control are not necessarily coupled. Wet–dry and freeze–thaw 
cycles can change pore structure, moisture distribution, crack develop
ment, and porewater chemistry, while advective percolation and 
diffusion-controlled release may produce different contaminant release 
patterns from single-contact batch tests [38–40].

To address this gap, the present study evaluates the long-term per
formance of the optimized bioash–GGBFS binder applied to the 
Näsudden contaminated soil using a mixture containing 50% soil, 35% 
bioash, and 15% GGBFS. In our previous study on the Näsudden 
contaminated soil [5] a series of bioash–GGBFS binder combinations 
were systematically evaluated for strength development and 
trace-element immobilization. Among the tested formulations, the 
mixture containing 35% bioash and 15% GGBFS provided the most 
balanced overall performance, achieving approximately 1.4 MPa UCS at 
56 days while substantially reducing leaching of key contaminants 
relative to untreated soil and cement-based binders tested on the same 
material. The experimental program combines extended curing with 
durability cycling, including wet–dry and freeze–thaw exposure, and 
quantifies contaminant release using both column percolation and 
monolithic diffusion tests [41–43]. The novelty of this work lies in 
assessing a site-specific low-carbon bioash–GGBFS stabilized contami
nated soil through an integrated framework that couples mechanical 
durability with advective and diffusion-controlled contaminant release. 
By comparing strength retention, cyclic aging response, percolation 
behavior, and diffusion-controlled release, this study extends previous 
cement-based and ash/slag stabilization research and provides a more 
realistic basis for evaluating the reuse potential of treated contaminated 
soil in earthwork applications. The study also identifies element-specific 
limitations, particularly where Cu mobility may govern environmental 
compliance.

2. Materials and methods

2.1. Materials

Soil used in this study was collected from the Näsudden remediation 
site in Skellefteå, northern Sweden, located north of the Boliden smelter. 
The contaminated soil had a sandy–silt texture [5]. The organic matter 
content, expressed as volatile solids (VS), was 4.9%. The initial pH of the 
untreated soil was 5.6. The total carbonate content (as CaCO₃) was lower 
than 3.5%. Major oxide composition (Table S1) indicates a 
silicate-dominated matrix with relatively low CaO in the soil compared 
with the binders, providing important context for binder reactivity and 
pH buffering during stabilization/solidification. Decades of smelter 
emissions have resulted in widespread contamination with arsenic, lead, 
copper, and zinc, primarily concentrated in the organic-rich topsoil 
(0–0.1 m) and decreasing with depth into the mineral layer (0.1–0.4 m).

The bioash used in this study was supplied by Skellefteå Kraft and 
originated from combustion of forest-based biomass consisting of 
approximately 30% bark and 70% wood shavings, using grate com
bustion at 800–900◦C. To remove any absorbed moisture and prevent 
premature hydration/carbonation, it was dried at 40◦C for two to four 
days on arrival and then stored in sealed containers to maintain a dry 
state until use. Particle-size characterization of this bioash type showed 
D10 = 18.8 µm, D50 = 139 µm, and D90 = 532 µm, with a particle-size- 
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derived specific surface area of 131.9 m²/kg [20].Ground granulated 
blast furnace slag used in this study was Merit, supplied by Swecem AB, 
Oxelösund, Sweden [44]. Merit has a median particle size, D50, of 
approximately 10 µm, a Blaine fineness of 480 ± 40 m²/kg, density of 
2.8–3.0 g/cm³, bulk density of 0.9–1.1 g/cm³, and glass content of 
97–99%. The major oxide composition of the soil, bioash, and GGBFS is 
reported in Table S1.

Bioash and GGBFS were selected as readily available industrial by- 
products that may reduce the carbon intensity of conventional 
cement-based stabilization/solidification while promoting circular 
resource use. Bioash supplies alkalinity and Ca-rich phases, whereas 
GGBFS provides latent hydraulic reactivity. In combination, they may 
form Ca–Si–Al-bearing reaction products that support strength devel
opment and contaminant retention. The Näsudden soil was used as a 
field-derived contaminated matrix to assess binder performance under 
realistic soil composition and contaminant loads.

2.2. Sample preparation

The binder formulation used in the present study was selected based 
on a previous optimization study performed on the same Näsudden 
contaminated soil [5]. A design-of-experiments approach was used to 
define the formulation range. Bioash was tested between 10 and 35 wt% 
because lower bioash contents provided limited mechanical improve
ment, whereas contents above 35 wt% reduced workability and pro
duced diminishing strength benefits due to excessive binder volume. For 
GGBFS, preliminary screening at 2, 6, and 10 wt% showed limited 
improvement at the lower dosages. Therefore, the main GGBFS range 
was set to 5–15 wt% to cover both lower and higher slag additions while 
maintaining workable mixtures.

Within these ranges, five representative bioash formulations were 
evaluated for compaction behavior, UCS development, and multi- 
element leaching: 35:5, 35:15, 10:15, 10:5, and 22.5:10 [5]. The 35% 
bioash:15% GGBFS formulation provided the most balanced perfor
mance, achieving the highest UCS and the strongest overall reduction in 
leaching for several priority contaminants. Therefore, the present study 
used this optimized formulation to evaluate long-term durability, cyclic 
aging response, column percolation, and monolithic diffusion behavior.

Compaction characteristics were measured using a low-energy (Light 
Proctor) procedure based on the SS-EN 13286-2 methodology. This 
energy level was chosen to reflect the expected field conditions for low- 
load earthworks (e.g., noise barrier embankments), where compaction 
effort is generally lower than for road-based construction and modified 
(high-energy) Proctor compaction would be less representative. Tests 
were carried out at a nominal compaction energy of ~500 kJ/m³ using a 
cylindrical mold (50 mm internal diameter, 100 mm height; 196 cm³). A 
2.099 kg rammer and a 0.30 m drop height were used. Each specimen 
was built in three lifts and compacted with 5, 5, and 6 blows, respec
tively (16 blows total), yielding an applied energy of 503 kJ/m³. For 
each mix design, multiple initial water contents were evaluated to 
establish the compaction relationship (dry density versus water content) 
and to determine the optimum moisture content (OMC) and maximum 
dry density (MDD). MDD and OMC of the treated mixture were 1.69 g 
cm⁻³ and 23%, respectively. Soil, bioash, and GGBFS were weighed on a 
dry-mass basis and dry-blended until visually homogeneous. The mix 
design was 50% soil, 35% bioash, and 15% GGBFS (w/w, dry basis). 
Immediately after compaction, specimens were placed in airtight con
tainers to minimize moisture loss and carbonation. An open vessel 
containing 50 mL of water was placed inside container, without direct 
contact with the specimens, to maintain a humid curing environment. 
Curing was conducted at room temperature, 20 ± 2◦C. Relative hu
midity inside the containers was not continuously monitored or actively 
controlled using a humidity chamber; therefore, the curing condition is 
described as sealed humid curing.

All specimens were first cured for 56 days as the baseline curing 
period before durability exposure and leaching evaluation. Additional 

curing ages of 76 and 116 days were selected to match the total elapsed 
time of the durability tests: specimens subjected to 10 wet–dry cycles 
required 20 additional days after the initial 56-day curing period (56 +
20 = 76 days), while specimens subjected to 30 freeze–thaw cycles 
required 60 additional days (56 + 60 = 116 days). These corresponding 
reference ages were included to distinguish the effects of continued 
curing from the effects of cyclic durability exposure. Unless otherwise 
stated, all tests were performed in triplicate (n = 3).

2.3. Test methods

2.3.1. Scanning electron microscopy and EDS analysis
The morphology and microstructure of the bioash, GGBFS, and sta

bilized mixture containing 50 % soil:35%bioash:15% GGBFS after 56 
days of curing were examined using a JEOL JSM-IT300 scanning elec
tron microscope equipped with energy-dispersive X-ray spectroscopy 
(SEM–EDS). Images were recorded at magnifications ranging from 500×
to 4000×. EDS area spectra and elemental maps were collected from 
representative regions of the stabilized mixture to evaluate the spatial 
distribution and relative abundance of the major elements, including O, 
Ca, Si, Al, Mg, K, and Fe.

2.3.2. X-ray diffraction analysis
The mineralogical composition of the soil, bioash, GGBFS, and sta

bilized samples was examined using a PANalytical Empyrean X-ray 
diffractometer (Malvern Panalytical, UK) with Cu Kα radiation. The XRD 
patterns were collected over a 2θ range of 5◦–90◦.

2.3.3. Solid material analysis
The untreated soil and binder components were analyzed for total 

solids (TS) and loss on ignition (LOI) following Swedish Standard SS 
28113 [43]. Total concentrations of trace elements and major oxides in 
the soil and binders were determined by ICP-AES following aqua regia 
digestion.

2.3.4. Chemical analysis
Leachates from all tests were filtered through 0.45 µm membrane 

filters. pH (EN ISO 10523:2012) and electrical conductivity (EC; EN 
27888:1993) were measured immediately after filtration. Dissolved 
organic carbon (DOC) was determined using a Shimadzu DOC-V CSH in 
accordance with EN 1484:1997. Dissolved element concentrations were 
measured by ICP-AES in accordance with EN ISO 11885:2009. Samples 
for DOC and ICP-AES analysis were stored at 4◦C until analysis.

2.3.5. Strength testing
Unconfined compressive strength (UCS) was measured in accordance 

with Swedish Standard SS 27128 under displacement control at a con
stant axial rate of 1 mm min⁻¹ (1% axial strain min⁻¹) until failure. 
Specimens were tested in the as-molded condition with parallel end 
surfaces and maintained under sealed humid curing at 20 ± 2◦C until 
the target ages of 56, 76, and 116 days. Three specimens were tested at 
each curing age (n = 3), and the results are reported as mean ± SD.

2.3.6. Wet–dry cycling test
Specimens were first cured for 56 days and then divided into two 

groups: one subjected to wet–dry cycling and one maintained as an 
uncycled reference. The procedure followed ASTM D559 [44]. Each 
cycle consisted of 24 h immersion in water at 20 ± 3◦C followed by 24 h 
drying at room temperature. A total of 10 cycles were applied over 20 
days. Therefore, specimens exposed to wet–dry cycling were tested after 
a total elapsed time of 76 days. The corresponding reference specimens 
were stored sealed at room temperature for the same additional 20 days 
and were also tested at 76 days. This design allowed direct comparison 
between cyclic exposure and time-matched curing alone.
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2.3.7. Freeze–thaw cycling test
Specimens were first cured for 56 days and then divided into two 

groups: one subjected to freeze–thaw cycling and one maintained as an 
uncycled reference. The procedure followed the general framework of 
ASTM D560 [45]. A total of 30 cycles were applied over 60 days, with 
each cycle consisting of freezing at − 23◦C for 24 h followed by thawing 
at room temperature (~21◦C) for 24 h. Therefore, specimens exposed to 
freeze–thaw cycling were tested after a total elapsed time of 116 days. 
The corresponding reference specimens were stored sealed at room 
temperature for the same additional 60 days and were also tested at 116 
days. This design allowed the effect of freeze–thaw exposure to be 
distinguished from continued curing over the same period.

2.3.8. Column percolation test
Column leaching tests were conducted following CEN/TS 

14405:2004 to simulate water infiltration through untreated and treated 
soils and to evaluate contaminant release under controlled flow condi
tions. For the treated material, the freshly prepared 50%soil:35%bio
ash:15%GGBFS mixture was used without prior curing to assess early- 
stage leaching behavior under near-field conditions immediately after 
mixing, when the material may still be exposed to infiltrating water 
before full hardening or placement protection. After mixing at the target 
water content, the material was placed into the column in small in
crements and gently compacted to obtain a uniform packing and avoid 
formation of preferential flow paths. The packing procedure was kept 
consistent among replicates to minimize variability in bulk density and 
hydraulic behavior. The packed columns were then saturated with 
deionized water for three days prior to percolation to establish hydraulic 
continuity and reduce air entrapment. Downflow percolation was sub
sequently initiated, and eluates were collected at the prescribed liquid- 
to-solid ratios.

2.3.9. Monolithic diffusion test
Diffusion tests were conducted in accordance with NEN 7345 to 

evaluate element release and leaching mechanisms. For monolithic 
diffusion testing, specimens were sealed-cured under humid conditions 
at 20 ± 2◦C for 56 days before testing to ensure sufficient binder hy
dration and strength development. After curing, the material was pre
pared as cylindrical monoliths measuring 50 mm in diameter and 50 mm 
in height and placed in plastic molds/tubes of the same dimensions. 
Each monolith was submerged in a bottle containing 0.8 L of deionized 
water and monitored over 64 days, with complete renewal of the 
leachant at each sampling interval. All eluate samples were filtered 
through 0.45 µm membrane filters before chemical analysis. Cumulative 
release per unit surface area (mg m− ²) was calculated by summing the 
mass of each element released at each renewal interval and normalizing 
by the exposed surface area of the monolith:

Ex(tn) =

∑n
i=1

Cx,iVi

A , where Cx,iis concentration (mgL− 1), Viis eluate 
volume (L), and Ais the exposed surface area (m²). The cumulative 
release after 64 days is reported as ε64 = Ex(t64).

Effective diffusion coefficients (De, m2/s) were derived from the 
diffusion-controlled region assuming: 

Ex(t) = 2C0

̅̅̅̅̅̅̅̅
De t
π

√

⇒De =

(
k

2C0

)2

π 

where kis the slope of Ex(t)plotted against 
̅̅
t

√
, and C0(mg m− ³) is the 

source term calculated as: 

C0 = Cavail × ρd 

with Cavail(mg kg− 1) obtained from the availability test and ρd(kg m− ³) 
the dry bulk density of the monolith. Multiplying mg kg− 1 by kg m− 3 

gives mg m− 3.

2.3.10. Availability leaching test
The availability test was conducted following NEN 7371:2004 to 

evaluate the potential release of inorganic components from the 
mixture. The test simulates worst-case leaching by sequentially exposing 
the material to neutral (pH 7) and acidic (pH 4) conditions, using two 
consecutive extraction steps with a liquid-to-solid ratio of 50 L/kg each 
(total L/S = 100 L/kg). Samples were dried below 40◦C and ground to at 
least 95% passing 125 µm. For each step, 16 g of sample was suspended 
in demineralized water, stirred to maintain homogeneity, and the pH 
adjusted as required. Extractions lasted 3 h, after which the eluates were 
filtered through 0.45 µm membranes and collected for chemical anal
ysis. This approach provides an estimate of the maximum leachable 
fraction under varying environmental conditions.

2.4. Regulatory comparison framework based on WAC (2003/33/EC) 
and Swedish EPA soil guideline values (SL/LSL)

The results were interpreted against method-compatible regulatory 
frameworks without implying that landfill disposal is the intended 
endpoint for the stabilized material. Cumulative releases from the CEN/ 
TS 14405 column test at L/S = 10 were compared with the waste- 
acceptance criteria (WAC) for inert and non-hazardous landfills speci
fied in Council Decision 2003/33/EC and its Swedish implementation, 
NFS 2004:10. These criteria are defined for eluate-based measurements 
and therefore provide a conservative regulatory context for the column- 
leaching results.

In parallel, total concentrations in soil are related to the Swedish 
Environmental Protection Agency’s generic guideline values for 
contaminated soil – SL (sensitive land use) and LSL (less-sensitive land 
use) to contextualize bulk composition.

3. Results and discussion

3.1. Total content of trace elements and major oxides in contaminated 
soil and binders

Table 1 summarizes TS, VS, TOC, and selected trace-element con
centrations in the contaminated soil and binder materials, together with 
the Swedish soil guideline values used for context. The soil concentra
tions of As (403 mg kg⁻¹), Cu (526 mg kg⁻¹), and Pb (806 mg kg⁻¹) 
exceeded the values for both sensitive and less-sensitive land use. GGBFS 
contained low concentrations of the investigated trace elements, 
whereas bioash contained higher concentrations of some elements, 
including As (14 mg kg⁻¹), Cu (120 mg kg⁻¹), and Zn (740 mg kg⁻¹). The 
major-oxide data (Table S1) show that both binders were rich in CaO 
(33–35%) and contained SiO₂ (24–34%) and Al₂O₃ (6–13%). This 
composition is consistent with their potential to support alkaline acti
vation and the development of Ca–Si–Al-bearing reaction products, 
although the specific phases cannot be established from bulk composi
tion alone.

3.2. Unconfined compressive Strength (UCS)

Fig. 1 shows the unconfined compressive strength (UCS) of the sta
bilized soil after 56, 76, and 116 days of curing, as well as after wet–dry 
and freeze–thaw cycling. The cumulative exposure time after 10 wet–
dry cycles was 20 days and after 30 freeze–thaw cycles was 60 days. UCS 
increased from 1430 ± 110 kPa at 56 days to 2185 ± 240 kPa at 76 days, 
indicating continued binder reactions beyond early curing. This increase 
is consistent with ongoing hydraulic and pozzolanic reactions in the 
alkaline, Ca-rich bioash–GGBFS system and with the progressive 
development of cementitious reaction products that improve interpar
ticle bonding. The SEM–EDS observations at 56 days, described in 
Section 3.6, provide supporting evidence for a Ca–Si–Al-rich reaction- 
product matrix, although the exact hydrate phases cannot be identi
fied conclusively.
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At 116 days, UCS slightly decreased to 2062±339 kPa. This suggests 
that strength development was largely plateaued and that the small 
reduction likely reflects normal variability and/or minor microstruc
tural changes during long-term curing (e.g., moisture redistribution or 
limited microcracking) rather than a loss of cementitious bonding. 
Exposure to environmental stresses produces different effects. After ten 
wet–dry cycles, UCS decreased to 1635±308 kPa, about 25% lower than 
the 76-day reference. In addition to UCS retention, available specimen 
records were used to evaluate dimensional and mass stability after cyclic 
durability exposure. After 10 wet–dry cycles, the specimens showed no 
measurable change in height or diameter, and mass loss was very 
limited, with an average of 0.063 ± 0.063%. This indicates negligible 
bulk shrinkage, swelling, or surface material loss under the tested 
wet–dry conditions. Therefore, the reduction in UCS is more likely 
related to internal moisture-induced changes, pore-scale weakening, or 
possible microcracking that was not captured by the bulk mass and 
dimensional measurements. Despite this reduction, the strength 
remained well above the 350 kPa threshold generally considered 
acceptable for stabilized soils for low-load field applications such as 
embankment fills [48,49]. In contrast, specimens subjected to 30 
freeze–thaw cycles retained high strength (2047±100 kPa), showing 
only a 1% reduction relative to the 116-day reference. The minimal 
Freeze-Thaw-related strength loss indicates that the matrix resisted 
freezing damage, likely because pore refinement and reduced perme
ability limited water uptake/saturation and thereby reduced 
ice-pressure development during cycling. Even after repeated freezing 
and thawing, UCS values remained higher than those of the 56-day 
cured samples, confirming strong resistance under cold-climate condi
tions. After freeze–thaw cycling, the specimen diameter remained un
changed at 5.0 cm, while the height decreased from 10.0 cm to 9.95 cm. 
This corresponds to a linear height change of − 0.5% and an estimated 
volumetric change of − 0.5%, assuming constant diameter. The average 

mass loss after freeze–thaw cycling was 1.95 ± 0.17%. These results 
suggest that freeze–thaw cycling caused limited physical deterioration, 
possibly through minor surface loss, edge abrasion, or 
compaction-related dimensional change, but did not substantially 
compromise the load-bearing capacity of the stabilized matrix.

Overall, the UCS results show that the bioash–GGBFS binder pro
vided robust mechanical performance under both curing and cyclic 
durability conditions. Wet–dry cycling caused a moderate reduction in 
UCS despite negligible bulk mass and dimensional change, whereas 
freeze–thaw cycling caused measurable but limited mass and height 
changes while maintaining high compressive strength. These findings 
indicate that mechanical degradation and physical deterioration in
dicators do not necessarily evolve in the same way and should be 
evaluated together when assessing long-term durability.

3.3. Batch leaching after curing and wet–dry cycling

Table S2 summarizes the leachate chemistry (pH, EC, and DOC) for 
the 76-day reference specimens and those subjected to 10 wet–dry 
(W–D) cycles. After 76 days of curing, the eluates were strongly alkaline 
(pH = 12.2 ± 0.06), with elevated electrical conductivity (EC = 4.14 ±
0.19 mS cm− 1) and measurable organic carbon (DOC = 38.73 ± 4.74 mg 
L− 1). These conditions are consistent with dissolution of alkaline and Ca- 
bearing phases during hydration and slag activation, producing a pore 
solution dominated by hydroxide alkalinity and dissolved major cations. 
After 10 W–D cycles, alkalinity and ionic strength remained similar (pH 
= 12.1 ± 0.027; EC = 3.95 ± 0.13 mS cm− 1), while organic carbon 
increased to 50.55 ± 3.90 mg L− 1, indicating enhanced release of dis
solved organic matter during cycling.

Leaching concentrations are presented on a logarithmic scale in 
Fig. 2 to compare untreated soil with stabilized samples after 76 days of 
curing and following 10 W–D cycles; raw values are provided in 

Table 1 
TS and VS (%), TOC (%), and trace element concentrations (mg kg− 1) in contaminated soil, GGBFS, bioash, used for stabilization.

Sample TS VS TOC As Cd Cu Ni Cr Pb Zn

Sensitive land use (SL) ​ ​ ​ 10 0.7 80 40 80 50 250
Less sensitive land use (LSL) ​ ​ ​ 25 2.5 200 120 150 180 500
Hazardous waste [46,47] ​ ​ ​ 1 000 1000 2 500 1000 10 000 2 500 2 500
Contaminated soil 85.6 4.9 3.06 403 5.4 526 23 32 806 398
GGBFS 100 0 0.2 <2 <0.5 1 2 39 <2 <2
Bioash 100 0 <0.1 14 11.2 120 35 39 47 740

Fig. 1. Unconfined compressive strength (UCS, kPa) of stabilized soil mixtures with 35%bioash:15%GGBFS binder formulation after 56, 76,116 days and wet–dry, 
freeze–thaw cycling. Values are reported as mean ± SD (n = 3).
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Table S3. The untreated soil showed relatively high leaching for several 
elements, particularly As, Cu, Zn, and Pb. After W–D cycling, the overall 
leaching pattern remained broadly similar to the 76-day reference, 
indicating that cyclic moisture exposure did not compromise chemical 
stability for most elements.

Although the bioash–GGBFS binder produced a mechanically stable 
and strongly alkaline matrix, Cu represented the principal element- 
specific limitation of the binder system, and Ni also showed increased 
mobility under some conditions. This indicates that their release was 
governed mainly by porewater chemistry rather than by bulk mechan
ical degradation [50,51].

Under alkaline conditions, Cu and Ni may initially be retained 
through hydroxide precipitation. However, at the high pH generated by 
the bioash–GGBFS binder, these hydroxide phases may partly redissolve 
through the formation of soluble hydroxo-complexes, including Cu 
(OH)₃⁻, Cu(OH)₄²⁻, and analogous Ni species. These dissolved complexes 
can remain mobile in porewater. Consequently, the same alkaline con
ditions that promote immobilization of Pb, Zn, and Cd through precip
itation and sorption may increase the mobility of Cu and, to a lesser 
extent, Ni.

DOC provides an additional and potentially important transport 
pathway. The Näsudden soil contains organic matter, and strongly 
alkaline porewater can promote the dissolution and deprotonation of 
carboxylic and phenolic functional groups. The deprotonation of car
boxylic groups can be represented as: 

R − − COOH⇌R − − COO− + H+ (1) 

The resulting negatively charged organic ligands can form soluble 
metal–organic complexes, as illustrated for Cu: 

Cu2++2R − − COO− ⇌Cu(R − − COO)2(aq) (2) 

Analogous complexation may also occur for Ni. These dissolved 
Cu–DOC and Ni–DOC complexes can remain in solution and pass 
through the 0.45 µm filter, increasing measured leaching concentra
tions. This mechanism is particularly relevant for Cu because of its 
strong affinity for organic ligands. The increased DOC concentration 
observed after wet–dry cycling therefore provides a plausible explana
tion for the enhanced Cu release, and partly for Ni release, despite the 
continued mechanical integrity of the stabilized matrix.

Where Cu governs environmental compliance, the primary binder 
may need to be combined with a targeted sorbent. Fe- or Al-based 
oxyhydroxides may provide additional sorption or co-precipitation 
sites, whereas activated carbon or biochar may reduce the mobility of 
DOC-associated Cu complexes. These options should be evaluated 

without assuming that they will be equally effective under all soil and 
porewater conditions.

In contrast, several elements remained effectively controlled by the 
binder system. The sustained reduction in As leaching despite highly 
alkaline conditions indicates that retention is not governed by pH alone, 
but likely reflects a combination of association with Ca-bearing reaction 
products, surface interactions with hydration phases, and entrapment 
within the evolving cementitious matrix [51]. For strongly cationic 
metals such as Zn and Cd, immobilization is consistent with alkaline 
solubility control (hydroxide/carbonate pathways) together with 
retention by hydration products, explaining why Wet-Dry cycling 
caused only minor changes in leaching for these elements.

Statistical comparisons were performed using Welch’s t-test (two- 
sided, n = 3) with Benjamini–Hochberg correction (pFDR). Compared 
with untreated soil, curing to 76 days significantly reduced As and Cd 
(pFDR < 0.05): As decreased from 0.94 ± 0.046 mg kg− 1 to 0.21 ± 0.08 
mg kg− 1 (pFDR = 4.54×10⁻³), and Cd decreased from 0.037 ± 0.006 mg 
kg− 1 to near detection (0.0005 mg kg− 1) (pFDR = 3.61×10⁻²). In 
contrast, changes in Co, Cr, Cu, Ni, and Pb were not statistically sig
nificant after correction (pFDR ≥ 0.05), indicating that differences 
relative to untreated soil were small and/or variable at n = 3.

After 10 Wet-Dry cycles, leaching of As remained significantly lower 
than untreated, reaching 0.27 ± 0.28 mg kg− 1 (pFDR = 4.28×10⁻⁴). Zn 
also decreased significantly from 3.45 ± 0.33 mg kg− 1 to 0.022 ± 0.004 
mg kg− 1 (pFDR = 4.99×10⁻³), and Cd remained near detection (0.005 
mg kg− 1) with a significant reduction relative to untreated (pFDR =
1.37×10⁻²). In contrast, Cu and Ni increased significantly compared 
with untreated soil (Cu: 0.80 ± 0.006 → 4.5 ± 0.0008 mg kg− 1, pFDR =
3.63×10⁻⁶; Ni: 0.05 ± 0.01 → 0.18 ± 0.001 mg kg− 1, pFDR =
3.28×10⁻³), consistent with enhanced mobility controlled by alkaline 
speciation and DOC-associated complexation. Pb showed a lower mean 
after treatment, but the difference was not statistically significant (pFDR 
= 0.090).

Overall, wet–dry cycling caused only minor changes in the release of 
most elements and did not compromise the retention of As, Cd, and Zn. 
Although UCS decreased by approximately 25% relative to the 76-day 
reference, contaminant release did not increase proportionally, indi
cating that mechanical weakening and element-specific chemical 
retention were partly decoupled. Cu and Ni remained the principal 
chemical limitations under the tested conditions.

3.4. Batch leaching after curing and freeze–thaw cycling

Table S4 summarizes the eluate chemistry of the 116-day reference 

Fig. 2. Trace-element concentrations measured by the batch leaching test for untreated soil and soil stabilized with 35% bioash :15% GGBFS after 76 days of curing 
and after 10 wet–dry cycles. Values are mean ± SD (n = 3). Statistical markers show comparisons with untreated soil using two-sided Welch’s t-tests with Benja
mini–Hochberg correction: * pFDR < 0.05, ** pFDR < 0.01, *** pFDR < 0.001, and ns, not significant.

S.G. Khasevani et al.                                                                                                                                                                                                                           Results in Engineering 32 (2026) 111767 

6 



and the material exposed to 30 freeze–thaw cycles. The eluates 
remained strongly alkaline, with pH increasing from 11.50 ± 0.01 to 
11.97 ± 0.025 and EC from 2.24 ± 0.03 to 3.50 ± 0.13 mS cm⁻¹, while 
DOC decreased from 83.37 ± 5.14 to 60.76 ± 10.52 mg L⁻¹. These 
changes indicate that binder alkalinity persisted during cycling and that 
fewer dissolved organic ligands were available to promote 
complexation-driven transport.

Fig. 3 compares EN 12457-2 batch-leaching concentrations for un
treated soil, the 116-day reference, and the freeze–thaw-cycled material. 
After 116 days, As, Pb, and Zn decreased by 44%, 94%, and 99%, 
respectively, relative to untreated soil, and the differences were statis
tically significant (pFDR < 0.05). In contrast, Cu and Ni increased 
significantly, consistent with the element-specific influence of alkaline 
porewater chemistry and complexation discussed in Section 3.3.

After 30 freeze–thaw cycles, As, Pb, Zn, and Cd remained signifi
cantly lower than in untreated soil. Cu and Ni remained significantly 
higher, although Cu decreased by approximately 22% relative to the 
116-day reference. The overall pattern therefore suggests that freeze
–thaw exposure did not cause a general loss of chemical retention, while 
Cu and Ni remained sensitive to solution chemistry.

Pb increased from 0.026 ± 0.009 mg kg⁻¹ in the 116-day reference to 
0.121 ± 0.018 mg kg⁻¹ after freeze–thaw cycling, but the absolute 
concentration remained low. This change may reflect redistribution of 
porewater, altered accessibility of sorption sites, or small changes in 
carbonate equilibria and transport pathways rather than bulk binder 
failure.

3.4.1. Relationship between UCS degradation and contaminant release
Mechanical and environmental responses were not directly propor

tional. Wet–dry cycling reduced UCS by approximately 25% relative to 
the 76-day reference, whereas freeze–thaw cycling caused only a minor 
change relative to the 116-day reference. Neither response produced a 
uniform increase in contaminant release, indicating that mechanical 
durability and environmental performance were partly decoupled.

UCS reflects the load-bearing integrity of the soil–binder matrix, 
whereas contaminant release also depends on porewater pH, DOC, 
carbonate equilibria, solubility, aqueous complexation, and transport 
conditions. Consequently, strength alone is not sufficient predictor of 
environmental performance. The persistence of Cu and, to a lesser 
extent, Ni mobility despite MPa-range strength illustrates this distinc
tion and supports the combined use of mechanical, leaching, and 
porewater-chemistry measurements.

3.5. XRD analyses

Fig. 4 presents the XRD patterns of the raw materials (bioash, GGBFS, 
and soil) and the stabilized mixture (50% soil:35% bioash:15% GGBFS) 
after curing (56, 76, and 116 days) and after durability cycling (10 
wet–dry cycles and 30 freeze–thaw cycles). The untreated soil is domi
nated by sharp crystalline reflections, with a prominent peak at 2θ ≈
26.6◦ and additional reflections at ≈20.8◦, 36.5◦, 50.1◦, and 59.9◦, 
consistent with quartz (SiO₂), together with smaller peaks attributable to 
common aluminosilicate minerals typical of natural soils. In contrast, 
the GGBFS pattern is characterized mainly by a broad diffuse halo in the 
2θ =20–35◦ range, reflecting its predominantly amorphous glassy 
structure. The bioash exhibits distinct crystalline peaks associated with 
Ca-bearing phases and carbonation products, including carbonate- 
related reflections (e.g., calcite, typically near 2θ ≈ 29.4◦) [4,52].

For the stabilized mixtures, the diffractograms remained strongly 
influenced by the soil mineral background, particularly quartz. No major 
new crystalline phases were detected with curing or durability cycling. 
This observation is consistent with the presence of poorly crystalline or 
gel-like binding products, such as C–S–H- or C–(A)–S–H-type phases, 
which may contribute mainly to diffuse background intensity rather 
than distinct reflections [52]. XRD alone, however, cannot confirm the 
identity or abundance of these phases.

The SEM–EDS results presented in Section 3.6 provide complemen
tary evidence for the formation of a Ca–Si–Al-rich reaction-product 
matrix, but neither XRD nor SEM–EDS alone permits definitive identi
fication of the individual poorly crystalline hydrates. Minor differences 
between curing stages are consistent with gradual binder reaction and 
evolution of Ca-bearing phases, including possible carbonation-related 
products.

Importantly, the patterns obtained after durability cycling closely 
match those of the corresponding cured references. The 76-day sample 
and the specimen subjected to 10 wet–dry cycles display nearly identical 
phase assemblages, indicating that wet–dry cycling did not induce 
detectable mineralogical transformation. Any subtle increase in 
carbonate-related features is consistent with limited additional carbon
ation during repeated wetting and drying. Similarly, the 116-day cured 
sample and the specimen subjected to 30 freeze–thaw cycles show very 
similar patterns, suggesting that freeze–thaw exposure did not alter the 
phase assemblage in a way detectable by XRD. Overall, the XRD results 
support that the stabilized matrix remains mineralogically stable during 
both wet–dry and freeze–thaw cycling, and that the observed changes in 
mechanical performance are more likely governed by physical effects (e. 
g., microcracking and moisture redistribution) rather than substantial 
changes in crystalline reaction products.

Fig. 3. Trace-element concentrations measured by the batch leaching test for untreated soil and soil stabilized with 35% bioash:15% GGBFS after 116 days of curing 
and after 30 freeze–thaw cycles. Values are mean ± SD (n = 3). Statistical markers show comparisons with untreated soil using two-sided Welch’s t-tests with 
Benjamini–Hochberg correction: * pFDR < 0.05, ** pFDR < 0.01, *** pFDR < 0.001, and ns, not significant.
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3.6. SEM–EDS microstructural characterization

Fig. 5 presents representative SEM micrographs of the raw bioash, 
raw GGBFS, and the stabilized mixture after 56 days of curing. The 
bioash showed irregular, porous, angular, and agglomerated particles, 
whereas GGBFS was dominated by angular particles with comparatively 
smooth fracture surfaces. In the stabilized mixture, larger residual par
ticles were embedded within a finer, rough-textured matrix. At 4000×
magnification, a comparatively smooth residual particle was partly 
coated and surrounded by fine products, an observation consistent with 
the development of an interfacial reaction-product-rich matrix. The 

coexistence of coated and relatively smooth residual particles also sug
gests that reaction remained incomplete after 56 days.

The EDS layered map showed broadly overlapping distributions of O, 
Ca, Si, and Al, together with Mg, within the analyzed region. The cor
responding area spectrum contained 53.49 wt% O, 22.90 wt% Ca, 10.64 
wt% Si, 4.23 wt% Al, 3.49 wt% Mg, 2.86 wt% K, and 2.40 wt% Fe. The 
Ca–Si–Al-rich composition of the fine matrix is consistent with the 
development of calcium-rich aluminosilicate reaction products, poten
tially including C–S–H- and C–(A)–S–H-type phases commonly associ
ated with activated GGBFS-containing binders. The observed coatings 
and interparticle products may contribute to particle bonding, physical 

Fig. 4. X-ray diffraction patterns of GGBFS, bioash, untreated soil, and the stabilized mixture after 56, 76, and 116 days of curing and after 10 wet–dry or 30 
freeze–thaw cycles.

Fig. 5. SEM–EDS characterization of the binder materials and the stabilized mixture after 56 days of curing: (a) raw bioash; (b) GGBFS; (c) stabilized mixture at 
500×; (d) stabilized mixture at 4000×; (e) EDS layered map of a representative region of the stabilized mixture; and (f) corresponding EDS area spectrum.
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encapsulation, and reduced connectivity of transport pathways, 
providing a plausible microstructural basis for the measured strength 
and low release of several contaminants.

These observations should nevertheless be interpreted as supporting 
rather than definitive phase evidence. Area EDS integrates signals from 
residual slag, bioash-derived phases, soil minerals, and newly formed 
reaction products, and it cannot unambiguously distinguish C–S–H from 
C–(A)–S–H or other Ca–Si–Al-bearing phases. Moreover, the investi
gated contaminants were not clearly resolved in the EDS spectrum or 
elemental maps. The SEM–EDS results therefore support the formation 
of a Ca–Si–Al-rich cementitious reaction matrix but do not directly 
demonstrate structural incorporation of As, Pb, Cu, Zn, Cd, or Ni. 
Contaminant retention is consequently interpreted as potentially 
resulting from a combination of solubility control, sorption, physical 
encapsulation, and association with binder-derived reaction products.

3.7. Column percolation leaching behavior

The treated mixture maintained a strong alkaline pH (12.13 ± 0.02 
to 12.05 ± 0.04) across all L/S ratios, whereas the untreated soil 
remained near neutral (6.5 ± 0.13 to 6.2 ± 0.03). This contrast indicates 
that the binder system provides substantial alkalinity buffering through 
dissolution of Ca-bearing phases and sustained slag activation, while the 
native soil exhibits limited buffering capacity and therefore stabilizes 
near neutral pH. EC was highest at low L/S (13.06 ± 0.19 mS cm⁻¹ at L/S 
= 0.1) and declined to 4.16 ± 1.48 mS cm⁻¹ at L/S = 10, consistent with 
flushing and dilution of readily soluble salts. Although decreasing EC 
alone does not prove immobilization, the concurrent reduction in trace- 
element release (Table S6/Fig. 6), indicates depletion of the readily 
mobile fraction and progressive stabilization within the solid matrix. 
DOC release was elevated at low L/S (78 ± 12.03 mg L− 1) but dropped 
to <8.1 ± 0.8 mg L− 1 at L/S ≥ 2, whereas the untreated soil released less 
initially but remained >20.97 ± 3.3 mg L− 1 at higher L/S. This suggests 
that treatment reduced longer-term mobilization of dissolved organic 
matter, which is relevant because DOC can enhance transport of 
complexation-sensitive metals (notably Cu and Ni).

Fig. 6 shows cumulative trace-element release over increasing L/S 
ratios, and Table 2 summarizes the mobilized amounts at L/S = 10. 
Relative to untreated soil, treatment reduced As from 3.56 to 0.14 mg 
kg⁻¹, Cd from 0.061 to 0.001 mg kg⁻¹, Ni from 1.32 to 0.16 mg kg⁻¹, and 
Zn from 7.20 to 0.60 mg kg⁻¹. The treated values for the reported ele
ments were within the inert or non-hazardous landfill WAC used for 
regulatory context, except where indicated in Table 2.

The element-specific reductions are consistent with alkaline solubi
lity control and retention by binder-derived reaction products for Zn, Cd, 
and Pb, while As retention may involve interactions with Ca- and Al- 
bearing phases and physical entrapment. Cu and Ni remained 

comparatively more mobile, consistent with solution-phase complexa
tion described in Section 3.3. These interpretations are supported by, but 
not directly proven by, the leachate chemistry and SEM–EDS 
observations.

The column test complements the batch test by representing advec
tive percolation and progressive depletion over increasing L/S. It 
therefore provides transport-relevant evidence for the relative release 
behavior of untreated and freshly mixed treated materials, but it should 
not be interpreted as a direct prediction of field service life.

3.8. Diffusion-controlled leaching

Fig. 7 presents cumulative release per unit surface area during the 
64-day NEN 7345 monolithic diffusion test. Table 3 summarizes the 
availability concentration, cumulative release after 64 days, effective 
diffusion coefficient, pDₑ, and mobility classification for each element.

Release was strongly element specific. Cu showed the highest cu
mulative release (90.1 mg m⁻²) and mobility, consistent with the 
solution-complexation mechanisms discussed in Section 3.3. As showed 
the second-highest cumulative release, Ni and Pb were intermediate, Zn 
was lower, and Cd, Co, and Cr showed the lowest release under the 
investigated conditions.

For all elements, cumulative release increased most rapidly at early 
times and then progressively flattened, a pattern consistent with initial 
washout of readily soluble or weakly retained fractions followed by 
diffusion-limited transport through the monolithic matrix. The strongly 
alkaline eluate conditions may have supported retention of several 
cationic metals but did not prevent Cu mobility.

The column percolation and monolithic diffusion tests represent 
different material-development stages and transport mechanisms and 
should therefore be interpreted as complementary rather than directly 
comparable. The column test used freshly mixed material to represent 
early-stage advective release, whereas the diffusion test used 56-day 
cured monoliths to evaluate release from a hardened matrix. The re
sults are also expressed on different bases: cumulative release per dry 
mass for the column test and per exposed surface area for the diffusion 
test. Direct comparison of absolute values is therefore inappropriate, 
although both tests identified low release for most elements and 
comparatively high Cu mobility.

3.9. Comparison with cement-based binders and previous studies

The performance of the bioash–GGBFS binder was compared with 
cement-based, ash-based, slag-based and alkali-activated stabilization 
systems reported in previous studies. Cement–fly ash systems have been 
used for mixed contaminated soils containing Cd, Cu, Pb, Ni, Zn and 
organic contaminants. For example, Portland cement–pulverized fuel 

Fig. 6. Cumulative release of As, Cd, Cr, Cu, Ni, Pb, Zn, and Co during the CEN/TS 14405:2004 column percolation test for (a) untreated soil and (b) soil treated with 
35% bioash and 15% GGBFS, as a function of cumulative liquid-to-solid ratio (L/S = 0.1–10 L kg⁻¹).
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ash binders with 5–20% total dosage have been shown to achieve 28-day 
UCS values sufficient for controlled utilization, with the minimum 

dosage for reaching a 440 kPa UCS threshold estimated at approximately 
9% under suitable water/solid conditions [36]. In comparison, the 
present bioash–GGBFS system achieved higher UCS values, reaching 
1430 ± 110 kPa at 56 days and 2185 ± 240 kPa at 76 days, while 
avoiding direct Portland cement addition.

Lime–GGBS systems have also been evaluated for contaminated soils. 
In a process-envelope study, hydrated lime–GGBS binder with a 1:4 ratio 
was applied at 5, 10 and 20% dosages to soil contaminated with heavy 
metals and petroleum hydrocarbons. The study showed that acceptable 
performance depends strongly on binder dosage, water content, leach
ability, durability and intended end use [8]. The present study used a 
higher total binder dosage, but this should be interpreted in the context 
of a highly contaminated, organic-rich field soil and a reuse scenario 
where treated soil is intended to become part of a noise-barrier struc
ture. Unlike many earlier studies, the present work also combines UCS 
retention, wet–dry cycling, freeze–thaw cycling, column percolation and 

Table 2 
Cumulative amounts of As, Cd, Cr, Cu, Ni, Pb, and Zn mobilized at L/S = 10 during the CEN/TS 14405:2004 column percolation test from untreated soil (C₀) and freshly 
mixed soil treated with 35% bioash and 15% GGBFS (Cₜ). The values are compared with the WAC for inert and non-hazardous landfills in Council Decision 2003/33/EC 
and NFS 2004:10 and with the landfill-cover comparison values in [49]. Reduction factors, Benjamini–Hochberg-adjusted p-values, and significance classifications are 
reported. Values are mean ± SD (n = 3).

Element Inert WAC 
(mg kg⁻⁻¹)

Non-hazardous WAC 
(mg kg⁻⁻¹)

Landfill-cover value 
[49] (mg kg⁻⁻¹)

Untreated C₀₀ (mg 
kg⁻⁻¹)

Treated Cₜt (mg 
kg⁻⁻¹)

Reduction C₀₀/ 
Cₜt

pFDR Significance

As 0.5 2 0.4 3.56 0.14 25.4 3.43 ×
10⁻²

*

Cd 0.04 1 0.007 0.061 0.001 61.0 3.64 ×
10⁻³

**

Cr 0.5 10 0.3 0.020 0.010 2.0 5.76 ×
10⁻²

ns

Cu 2 50 0.6 2.82 0.98 2.88 1.66 ×
10⁻²

*

Ni 0.4 10 0.6 1.32 0.16 8.25 8.64 ×
10⁻²

ns

Pb 0.5 10 0.3 0.93 0.09 10.3 7.52 ×
10⁻⁵

***

Zn 4 50 3 7.20 0.60 12.0 3.29 ×
10⁻³

**

Note: C₀ and Cₜ denote cumulative release from untreated and treated soil, respectively, at L/S = 10. Statistical comparisons used two-sided Welch’s t-tests with 
Benjamini–Hochberg correction:

* pFDR < 0.05.
** pFDR < 0.01.
*** pFDR < 0.001, and ns, not significant.

Fig. 7. Cumulative release per unit surface area, Eₓ(t) (mg m⁻²), from soil stabilized with 35% bioash and 15% GGBFS during the 64-day NEN 7345 monolithic 
diffusion test.

Table 3 
Availability concentration (Cavail), cumulative release after 64 days (ε₆₄), effec
tive diffusion coefficient (Dₑ), pDₑ, and mobility classification for As, Co, Cr, Cu, 
Ni, Pb, Zn, and Cd in the stabilized mixture.

Element Cavail (mg kg⁻⁻¹) ε₆₆₄₄ (mg m⁻⁻²) Dₑe (m² s⁻⁻¹) pDₑe Mobility

As 15.23 37.29 3.05E-13 12.46 Average
Co 0.91 1.37 1.46E-13 12.48 Low
Cr 0.62 1.27 3.39E-13 12.47 Average
Cu 0.3 90.1 1.05E-08 7.99 High
Ni 3.96 7.74 3.32E-13 12.48 Average
Pb 0.48 6.48 3.96E-11 10.40 High
Zn 68.12 4.16 4.74E-16 15.32 Low
Cd 0.05 0.21 2.65E-12 11.58 Average
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monolithic diffusion testing.
Recent alkali-activated slag systems generally show higher strength 

when chemical activation is applied. For example, Ca(OH)₂ and Na₂CO₃- 
activated slag with natural zeolite achieved 4449 kPa after 28 days and 
reduced Pb, Cr and Cd leachability by 95%, 92% and 98%, respectively 
[53]. This performance is higher than the UCS obtained in the present 
study, but it relied on chemical activators and was tested on prepared 
contaminated clayey sand. By contrast, the present bioash–GGBFS 
binder uses bioash as the alkaline component and was evaluated on real 
field-contaminated soil containing several contaminants, including As, 
Pb, Cu, Zn, Cd, Ni, Co and Cr.

Red mud–blast furnace slag geopolymer systems have also shown 
strong potential and, in some cases, better immobilization performance 
than cement. A recent study using red mud and blast furnace slag for Cd- 
, Pb-, Cu- and Zn-contaminated soils showed that increasing geopolymer 
content and curing age improved UCS and suppressed heavy-metal 
leaching. However, the leaching behavior was strongly pH-dependent, 
and Cd, Pb and Zn leaching increased under strongly alkaline condi
tions [54]. This is consistent with the present results, where Cu and 
partly Ni remained mobile despite high UCS. Therefore, the comparison 
confirms that mechanical improvement and contaminant immobiliza
tion are not always directly coupled in alkali-activated or slag-rich 
systems.

Overall, comparison with published cement-based and alkali- 
activated systems indicates that the bioash–GGBFS formulation ach
ieved MPa-range strength and effective retention of several contami
nants without direct Portland cement addition, while also being 
evaluated using cyclic durability and transport-controlled leaching tests. 
Direct ranking across studies is not appropriate because soil properties, 
contaminants, binder dosages, activators, curing regimes, and leaching 
methods differ. The principal limitations of the present formulation are 
the high binder dosage and the persistent mobility of Cu and, under 
some conditions, Ni.

3.10. Practical implementation, scalability, and climate implications

3.10.1. Field scalability
The 35% bioash:15% GGBFS formulation should be regarded as a 

performance-oriented mixture developed for the highly contaminated 
Näsudden soil and the intended low-load reuse application, rather than 
as a universal binder dosage. Because the mixture contains 50% binder 
by dry mass, approximately one unit of binder is required for each unit 
of contaminated soil. This substantially increases the total dry mass and 
volume of material that must be transported, mixed, handled, placed, 
and compacted. The actual increase in volume will depend on the bulk 
densities of the soil and binders, moisture content, and the degree of 
field compaction.

The increased material volume may be a significant limitation where 
the treated soil must be returned to a fixed excavation volume. For the 
proposed noise-barrier application, however, this limitation is less 
restrictive because the additional material can be incorporated directly 
into the engineered structure. The formulation may therefore be more 
suitable for embankments, noise barriers, landscaping fills, and other 
applications in which an increase in material volume can be 
accommodated.

Field implementation would require controlled ex situ mixing to 
achieve homogeneous distribution of bioash and GGBFS. Moisture 
content should be adjusted close to the optimum moisture content 
before placement, and the treated material should be placed in succes
sive lifts with appropriate compaction control. Quality-control proced
ures should verify binder dosage, moisture content, density, mixing 
uniformity, and lift thickness because insufficient mixing or compaction 
may create preferential flow paths and locally reduce both mechanical 
and environmental performance.

The laboratory results demonstrate the technical potential of the 
formulation, but field-scale validation is still required. Variations in 

material composition, moisture distribution, mixing efficiency, weather 
exposure, and compaction energy may produce greater performance 
variability than observed under laboratory conditions. Regional avail
ability of bioash and GGBFS is also important because long transport 
distances could reduce both the environmental and economic advan
tages of the treatment.

A detailed cost assessment was not conducted in the present study. 
Nevertheless, on-site treatment may avoid several costs associated with 
excavation-based remediation, including contaminated-soil transport, 
landfill fees, clean-soil import, and construction using replacement 
material. These potential savings must be balanced against the relatively 
high binder requirement and the costs of mixing, moisture adjustment, 
placement, compaction, and quality control.

3.10.2. Climate-impact assessment
A screening-level greenhouse-gas inventory was conducted for three 

remediation scenarios using project-specific material quantities and 
transport distances. The excavation-based scenario represented the 
transport of one tonne of contaminated soil over 140 km to the Umeå 
landfill, landfill disposal, transport of clean replacement soil over 100 
km, production and transport of the 5% cement required for the 
replacement-soil barrier, and diesel consumption by site machinery. The 
on-site bioash–cement scenario was calculated for one tonne of treated 
mixture containing 0.60 t soil, 0.35 t bioash, and 0.05 t cement. The on- 
site bioash–GGBFS scenario was calculated for one tonne of treated 
mixture containing 0.50 t soil, 0.35 t bioash, and 0.15 t GGBFS. For the 
on-site scenarios, the system boundary included binder production, 
transport of bioash and cement or GGBFS, and diesel consumption 
associated with mixing, placement, and compaction. Bioash was 
assigned no upstream production burden under a cut-off assumption 
because it was treated as a residual product of biomass combustion, 
while its transport over 16 km was included.

The climate impacts were calculated by multiplying the quantity of 
each material or activity by its corresponding emission factor and 
summing the individual contributions. Cement and GGBFS production 
factors of 819 and 50.7 kg CO₂-eq t⁻¹, respectively, were obtained from 
the Cementa/Heidelberg Sweden cement EPD and the Swecem Merit 
GGBFS EPD. The generic factors used for truck transport, diesel con
sumption, and landfill disposal were 0.09752 kg CO₂-eq t⁻¹ km⁻¹, 2.69 kg 
CO₂-eq L⁻¹, and 70 kg CO₂-eq t⁻¹, respectively, following the screening 
inventory used in the previous assessment [4]. Machinery fuel con
sumption was assumed to be 0.7 L diesel per tonne of material.

Based on these assumptions, the excavation-based scenario resulted 
in 140.6 kg CO₂-eq per tonne of contaminated soil managed. The main 
contributions were landfill disposal, cement production, transport of 
contaminated and replacement soils, cement transport, and machinery 
use. The on-site bioash–cement scenario resulted in 47.8 kg CO₂-eq per 
tonne of treated mixture, of which cement production was the dominant 
contribution. The on-site bioash–GGBFS scenario resulted in 23.2 kg 
CO₂-eq per tonne of treated mixture, with the main contributions arising 
from GGBFS production and its transport over approximately 899 km. 
Among the two on-site alternatives, the bioash–GGBFS formulation 
therefore showed the lower screening-level climate impact, primarily 
because the production emission factor for GGBFS was substantially 
lower than that of Portland cement.

The assessment is intended to indicate the relative importance of 
binder choice, transport, disposal, and on-site reuse and should be 
regarded as a screening-level comparison rather than a complete ISO- 
compliant life-cycle assessment as shown in Table 4.

4. Limitations and future work

• Single soil and single binder dosage: The study focused on one 
contaminated soil (Näsudden) and one optimized binder formulation 
(35% bioash–15% GGBFS). Performance may differ for soils with 
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different mineralogy, organic matter, salinity, or contaminant pro
files; broader validation across sites is needed.

• Laboratory curing and cycling conditions do not capture the full 
variability of field exposure, including non-uniform moisture, 
loading, cracking, carbonation, and seasonal temperature histories. 
In addition, Cu and, under some conditions, Ni remained mobile 
because of element-specific porewater chemistry. Future work 
should therefore:

• evaluate the binder across multiple soils spanning a wider range of 
pH buffering capacity, organic carbon, and contaminant mixtures;

• investigate longer-term and combined aging pathways (cyclic car
bonation–wetting, extended freeze–thaw seasons);

• test targeted co-amendments (e.g., Fe/Al oxides or LDH) to improve 
immobilization of Cu/Ni and reduce DOC-driven mobilization; and

• validate performance through pilot/field trials, including monitoring 
of strength, cracking, porewater chemistry, and leaching under real 
climate exposure.

5. Conclusions

This study evaluated the long-term durability and transport- 
controlled leaching performance of a low-carbon bioash–GGBFS 
binder for stabilizing multi-element contaminated soil from the 
Näsudden site. The optimized mixture containing 50% contaminated 
soil, 35% bioash, and 15% GGBFS developed MPa-range strength, 
increasing from 1430 ± 110 kPa at 56 days to 2185 ± 240 kPa at 76 
days. Wet–dry cycling reduced UCS by approximately 25%, but the 
strength remained well above the commonly used 350 kPa threshold for 
low-load applications. Freeze–thaw cycling caused only minor strength 
loss, indicating good mechanical resistance under cold-climate 
exposure.

The binder effectively reduced the release of several priority con
taminants, particularly As, Cd, Pb, and Zn. However, Cu remained the 
main limitation of the system, and Ni also showed some mobility under 
specific conditions. The persistent mobility of Cu is attributed mainly to 
high-pH hydroxo-complex formation and DOC-associated complexation, 
indicating that contaminant release is controlled not only by matrix 
strength but also by element-specific porewater chemistry.

From an engineering perspective, the bioash–GGBFS binder is 
promising for low-load reuse applications such as noise barriers and 
embankment fills, especially where on-site treatment can avoid exca
vation, landfill disposal, and clean soil replacement. However, the 
relatively high binder dosage increases treated-material volume and 
requires controlled field mixing, moisture adjustment, placement, and 
compaction.

Overall, the bioash–GGBFS system provides a technically promising 
low-carbon stabilization approach with good mechanical durability and 
effective immobilization of several contaminants. Future optimization 
should focus on improving Cu immobilization by incorporating targeted 
amendments such as Fe/Al oxyhydroxides, zero-valent iron, Mg–Al 
layered double hydroxides, activated carbon, or biochar, followed by 
field-scale validation to confirm performance under practical site 
conditions.
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